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FOREWORD

"Perhaps the only constant feature of science is that of change" as quoted from Professor C.N.
Reiley. This is, of course, applicable to the field of analytical chemistry. Indeed, during the last ten
years, there have been substantial advances in the instrumental techniques and methodologies
applied to the analysis of soils.
Some techniques which, few years ago, were in their incipient phase, have now become of much
greater significance, largely because of the application of Fourier Transform concepts and the
widespread use of microprocessor control systems.
In a system as complex as soil that contains so many diverse constituents, concepts such as fractals
and chaos are of utmost significance in achieving a better understanding of the existing variability.
This symposium on "Modern Physico-Chemical Techniques in Soil Chemistry", therefore will
bring to our attention the state-of-the-art in this area and the wealth of information on analytical
instrumentation and methodology now available for the analysis of soils, not only of their organic
and inorganic components but also their global structure, both at the atomic and molecular levels.

February 1994

Nicola Senesi Convener
Lenom J. Cajuste CO'Convener
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Advanced Infrared Techniques (FTIR, DRIFT, and ATR)
Applied to Organic and Inorganic Soil Materials
Alessandro Piccolo. Dipartimento di Scienze Chimico-Agrarie, Universita di
Napoli "Federico II", 80055 Portici, Italy.
INTRODUCTION
Infrared spectroscopy has become one of the most important
analytical methods on account of the wealth of information that
it provides and because of its versatility. The introduction of
Fourier Transform techniques and the widespread use of computers
have made a significant contribution to the development of new
investigation techniques, so that the field of application of IR
spectroscopy now extends far beyond classical chemical analysis.
Nevertheless, physical-chemical studies of the inorganic and
organic soil components have benefitted from the application of
infrared spectroscopy even at the earlier stages whe,n only
dispersion ratio IR instruments were commercially available.
Infrared spectroscopy in the range of 4000-250 wavenumbers
represented an established tool widely used by clay scientists
for the study of the mineral framework and of molecules adsorbed
on its surface (1) . Also the domain below 250 cm"1, the far
infrared spectral range, had been receiving attention, though
relatively less than the mid infrared region, in researches
dealing with clay minerals and zeolites (2) . Concomitantly,
pioneer work had been conducted in the application of infrared
spectroscopy to the soil organic components such as humic and
fulvic acids and the early results were comprehensively reviewed
(3, 4) .
Though the advent of Fourier Transform infrared spectroscopy
(FTIR) has opened larger frontiers to the application of related
techniques such as Diffuse Reflectance Infrared Fourier Transform
(DRIFT) and Attenuated Total Reflectance (ATR) and others,
relatively few studies on soil components have employed the new
available techniques. This paper has the objective of stirring
the interest of soil scientists by briefly illustrating the
principle of these IR spectroscopies and reviewing the existing
literature.
FTIR
The Fourier transform techniques are based on the principle
of the Michelson interferometer (5) . In this instrument an input
collimated beam of light is divided into two paths by a
beamsplitter. The length of one of these paths is constant while
the other may be varied by translating a mirror. The two beams
are recombined at the same beamsplitter, so that on the average •
half the beam returns to the source and the other half passes to
a detector, usually after passing through an absorbing sample.
The effect of the moving mirror is to introduce a path
difference, between the two beams on recombination at the
beamsplitter, so that the interference between these beams
occurs.
For a monochromatic source and a mirror moving at constant
velocity, the signal measured at the detector (the interferogram)
is sinusoidal. For a polychromatic source, the interferogram is
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the resultant of the sinusoidal signals of the individual
wavelengths emitted by the source (Fig.lA). The interferogram is
related to the spectrum through its Fourier transform (FT) and
the
FT
of
the
interferogram of Fig.lA
is shown in Fig.IB.
There are several
advantages to measuring
infrared
spectra
interferometrically (6) :
1. the multiplex (or
Fellgett)
advantage,
which is derived from the
fact that radiation at
all wavelengths reaches
the
d e t e c t o r
simultaneously throughout
the
measurement.
All
other
factors
being
equal, this advantage
allows spectra of the
(A)
Typical
infrared
signal-to-noise Figure 1.
same
(SNR)
to
be interferogram, (B) Transform of (A).
ratio
measured M times faster
on a Fourier spectrometer than on a traditional monochromator,
where M is the number of resolution elements in the spectrum. For
equal measurement times, the SNR of spectra measured on a Fourier
spectrometer is VM times greater. The consequence is that FTIR
instruments measure IR spectra of the same quality as spectra
obtained with grating spectrometers in about one thousandth of
the time; 2. the optical throughput ( or Jacquinot) advantage:
for spectra measured at the same resolution, the product of the
solid angle and the area of the beam at any focus-that is the
throughput, is greater for an interferometer than for a
monochromator. The sensitivity advantage for spectra measured in
equal times is between a factor of 10 and 100; 3. the extreme
high wavenumber precision. This lies in the method of sampling.
In fact,for interferograms to be transformed into spectra, they
must be digitized. In modern FTIR spectrometers, this is achieved
by sampling at equal intervals of optical path difference using
the sinusoidal interferogram from a helium-neon laser beam that
is passed through a different region of the beamsplitter of the
interferometer. The IR interferogram is generally digitized once
per wavelength of the laser interferogram; 4. the good SNR and
high wavenumber precision of FTIR spectra allows an easy spectra
manipulation in the computer.
The commercial availability of FTIR spectrometry in recent
years and the described advantages of this technique over the
former grating IR spectrometers, have prompted a number of
studies in the field of clay minerals and soil organic matter.
An important subject has been the application of FTIR to the
mechanistic investigation of the adsorption of organic molecules
on clay minerals. Bowen et al. (7) have studied the adsorption
interaction between the highly polar organophosphonate dimethyl
methylphosphonate (DMPP) and a standard montmorillonite. By
following the adsorption of DMPP onto the clay by FTIR spectra
at different exposure times, these authors proved that the
hydrogen-bonded water, held in the interlamellar spaces of
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montmorillonite, was lost during the adsorption process. A
computer manipulation allowed to obtain the difference spectrum
of the DMPP-clay complex that confirmed the displacement of water
by the adsorbed DMPP. FTIR spectroscopy showed that DMPP was
again displaced from the clay when the complex was exposed to
liquid water thereby indicating that the sorption interaction is
polar in nature rather than resulting from some nonspecific
hydrophobic interaction and is likely to be a direct ion-dipole
coordination with the exchangeable divalent cations rather than
by a water of hydration sphere.
Several works were published on the intercalation of clay
minerals with a variety of compounds due to the environmental and
industrial importance of the properties change of clay minerals
when exogenous molecules enter the interlamellar space.
Intercalation of kaolinite with highly polar organic molecules
such as amides and sulphoxides (8, 9) was studied by means of
FTIR and so was the intercalation of kaolinite with fatty acids
(10) and with potassium acetate (11) , while FTIR was also applied
to study intercalation of smectites with methyl salicylate (12).
FTIR was successfully employed to ^establish that a .racemic
and enantiomeric cobalt (III) chelate, L Co(diNOsar) J 2*r (diNOsar=
1, 8-dinitro-3, 6, 10, 13, 16, 19-hexaazabicyclo. 16,6,6 ]eicosan) adsorbed on a montmorillonite, was sorbed with its
three-fold symmetry axis in parallel with the layer surface (13).
Hinedi et al. (14) studied the sorption of benzene on Cumontmorillonite by FTIR. Infrared spectra were essential to
assess that, under anhydrous conditions, chemisorption of benzene
in the interlamellar region of Cu-montmorillonite led to the
formation of a dark red surface complex that exhibited a
vibrational spectrum similar to that of poly-p-phenylene,
whereas, when the benzene sorption reaction was carried out under
high relative humidity conditions, polymerization of benzene did
not occur.
A careful study of the hydroxyl-stretching bands of high SNR
FTIR spectra of a number of 1:1 clay minerals such as kaolinites
and dickites allowed to determine that the degree of disorder of
the clays was related to geological environment from which they
were sampled (15). In particular, this work has shown that the
interlayer hydrogen bonding is weaker in dickite than in
kaolinite and that the frequency of the u, stretching band of the
inner-surface hydroxyls increases sequentially from well-ordered
kaolinite
through
the
disordered structure to
well-ordered
dickites.
Other FTIR works have
also
approached
the
problem of determining
the fine structure of
dickite
clay minerals
(16, 17) .
Fourier
transform
infrared spectroscopy has
been also applied 'to
characterize the organic
component
of
soils.
Piccolo
et
al.
(18)
reported FTIR spectra of
soil
huraic
substances
Figure 2. (A) original spectrum, (B)
Fourier deconvolved spectrum, (C)
second derivative of (A).
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obtained from soil by dilute acidic solutions of dipolar aprotic
solvents. Direct and difference FTIR spectra evidentiated that
the humic fractions extracted with such a mild extracting
solution were more aliphatic and protein rich than the humic
components extracted with traditional solutions. These results
were more evident than those obtained by applying grating IR
spectrometry (19), and were confirmed by C-NMR spectroscopy
(20) .
The higher signal-to-noise ratio and improved frequency
accuracy of the FTIR over dispersive instruments that only allow

Figure 3.FT-IR spectra of separated manure samples during 147-d
of composting process
broad, ill-defined bands, have led (21) to apply two techniques
which substantially increase the information attainable from
poorly resolved spectra: 1. Fourier deconvolution and, 2. second
derivative spectroscopy. Figure 2 shows original FTIR spectrum,
Fourier deconvolved spectrum, and the smoothed second derivative
of the original spectrum, for a humic acid from a municipal

liOl

Figure 4. FT-IR of humic acids
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waste,. These resolution enhancement procedures allow a more
refined interpretation of FTIR spectra. The results, confirmed
13
by
C-NMR
spectra,
showed the presence of
a considerable amount
of
protein
and/or
protein decomposition
products in the form of
polypeptides
and/or
other secondary transamides that would have
been hardly detectable
in
dispersive
IR
spectra.
FTIR spectra were
useful to follow the
change of the organic
fraction
composition
during
the
various
jam
ism
3m
sum
am
sao
IOOO
fm
stages
of
the
Wivtnuma», i m ' '
composting process of
cattle
manure
for Figure 5. FT-IR spectra of fulvic
a g r i c u l t u r a l acids,
applications
(22).
During the process the
level of carbohydrates decreased whereas levels of alkyl C,
aromatic C, and carboxyl groups increased (Fig.-3). Changes in
FTIR absorbance ratios of several distinct peaks were linearly
and significantly correlated with various parameters of compost
maturity.
FTIR spectroscopy coupled to 13C-NMR spectroscopy was applied
to investigate in a mineral soil the effect of long term, extreme
different managements (fallow, single crop, crop rotation,
grassland) on the organic matter of humic and fulvic acids and
especially on their carbohydrates and protein content (23) . The
substantial similarities of the humic substances (Fig. 4 and 5) ,
despite twofold differences in the organic C content of the soil
plots, indicated no major effect of the management on their
chemistry but, most likely, a physical stabilization through
interaction with the soil inorganic matrix.

DRIFT
DRIFT spectrometry has several advantages over absorption
spectrometry for characterizing species adsorbed on powdered
adsorbents (24, 25) . First loose powders can be sampled without
the need for pressing them into pellets. Thus DRIFT spectra do
not show the energy loss at high wavenumbers caused by
scattering, which is characteristics of transmittance spectra of
pressed pellets of silica or alumina. Second, it has been shown
(24) that for bulk samples mixed with nonadsorbing powder such
as KBr, the percentage absorption is greater in DRIFT spectra
than if the same amount of sample was pressed into a transparent
disk of the same diameter. Furthermore, if the sample is
deposited into a transparent disk as a thin layer on the surface
of the powdered KBr, the band intensity may be up to four times
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greater than if the components were mixed in bulk. In comparison
with disc spectra, those from DRIFT do not appear to give total
absorption of highly intense bands, or produce sloping baselines
due to particle size effects. However, they do not show
distortion of strong bands (particularly at low frequencies)
because of surface reflection as sample concentrations approach
100% (26) . For this reason, sample grinding and a degree of
dilution with a halide powder is often an advantage in DRIFT work
(25, 27) .
The DRIFT spectrometry is mainly concerned with radiation
emerging from a non-mirror surface after it has undergone
absorption, refraction, reflection, and scattering in the bulk
material and is referred to as "volume reflectance" (28) . The
DRIFT spectra result from a combination of "volume" and
specularly reflected components. It is subject to a nonlinear
scaling of intensity that reduces the intensity of strongly
absorbing bands in comparison with weak bands. Thus, low
intensity bands appear to be enhanced in DRIFT spectra. The
specularly reflected component becomes increasingly significant
at high sample concentrations, and for large particles (29, 30)
particularly for clay minerals. In such cases, the refractive
index changes considerably across the width of the absorption
bands (31),leading to profile distortion somewhat similar to the
Christiansen effect in transmission spectra, and in extreme cases
to inverted or "reststrahlen" bands in DRIFT spectra of unpressed
samples (31).
The optical configuration of a diffuse reflectometer is
shown in Figure 6 (25). The beam from a modified Nernst lower
source is collimated using a 450 off-axis paraboloidal mirror and
passed through a Michelson interferometer. The collimated exit
beam is then reflected by
two plane mirrors to a 90O
jf
1
off-axis
paraboloidal
F >
mirror which focuses the
beam onto the powdered
sample held in a small cup
\
at
one
focus
of
an
ellipsoidal mirror.
The
diffusely
reflected
\ f
1
radiation is collected by
the ellipsoidal mirror and
5
1/
then
focused
onto
the
CflllifflltM
detector that is normally,
•urn if»*
a mercury cadmium telluride
pIII
InrirHrametff
(MCT) detector.
\
I
DRIFT spectrometry has
been used in a qualitative Figure 6. Optical diagram of the
manner for a wide variety diffuse reflectometer.
of samples (32) . However,
DRIFT may be described as semiquantitative at best if the
characteristics of the sample and dilution matrix adhere to
certain criteria (33, 25) . These criteria originate from the
assumptions made in the derivation of the Kubelka-Munk (K-M)
equation that relates sample concentration and scattered
radiation intensity, much in the same manner as the Beer •'s law
of transmittance spectroscopy. For an "infinitely thick" layer,
the K-M equation is written as :
•
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f(Roo) = (l-Roo)2/2Roo= k/s

(1)

where Roo is the absolute reflectance of the layer, s is a
scattering coefficient, and k is the molar absorption
coefficient. In practice a perfect diffuse reflection standard
has not been found and Roo may be replaced by Roo' , where
Roo'= Roo'(sample)/Rco'(standard)
Roo1(sample) represents the single-beam reflectance spectrum of
the sample and Roo' (standard) is the single beam reflectance
spectrum of a nonabsorbing standard, with which the sample is
mixed, exhibiting high diffuse reflectance throughout the
wavelength infrared region such as KBr. The K-M theory predicts
a linear relationship between the molar absorption coefficient,
k, and the peak value of f(Roo) for each band provided s remains
constant. Since s is dependent on particle size and range, these
parameters should be made as consistent as possible if
quantitative data are needed. With a nonabsorbing dilution
matrix, k is related to the absorption of the sample alpne. In
this case, k is related to the absorptivity, a, and the molar
concentration, c, by
k= 2.303 a c
Thus, the equation (1) becomes:
f(Roo)=

(l-Roo)2/2Roo= c/k'

where k'=s/2.303 a. Therefore, diffuse reflectance spectra of
samples dispersed in finely powdered KBr might be expected to be
quite
similar
to
the
absorbance spectra of the same
samples prepared as a KBr disk
as it is shown in Figure 7 for
cholic acid. It has been shown
(32)
that
quantitative
description of DRIFT spectra
using absorbing matrices will
be very difficult unless the
samples are prepared in an
exceptionally
reproducible
manner. Qualitative analysis
of
such
systems can be
performed,
but
great
differences in the spectrum
can appear as a consequence of
different methods of sample
preparation.
DRIFT spectrometry has
been early applied to obtain
analytical
information
on
inorganic materials (34) such Figure 7.(A)Kubelka-Munk of neat
as
copper
sulphate
and Cholic acid,(B)Absorbance of
kaolinite. It was shown (Fig. p r e s s e d KBr-cholic acid (lOOmg8) that if a small amount of 5mg) , (C) Absorbance of pressed
kaolinite is ground in a Wig- KBr-cholic acid (lOOmg-lmg).
L-Bug and then either mixed or

Jtr 1 ^
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ground with a nonabsorbing matrix like KBr, the spectrum can
alter with the length of time for which the clay is ground. The
grinding
process
is
apparently
affecting
the
layer
structure
of
the
Kaolinite that becomes less
ordered.These results were
further confirmed by other
authors (35) who found that
IR hydroxyl peaks change
irreversibly when kaolinite
powder
is
pressed
into
pellets due either to optical
or chemical effects. These
alterations are not found in
DRIFT spectra indicating that
diffuse reflectance methods
improve analytical precision
and chances of understanding
the role of hydroxyls in
kaolinite structure.
Figure 8.Effect of grinding time
The
reactions
of (a: l,b:6, c:10, d:15 min) on DRIFT
phosphate sorbed on aluminum spectrum of kaolinite.
and iron hydroxides were
studied with the use of direct and difference DRIFT spectra (36,
37). It was found that moisture content influenced the reaction
of non-crystalline hydroxides of aluminum and iron and phosphates
of calcium and magnesium. In typical arable land, the reaction
product of soils and fertilizers are difficult to identify by Xray diffraction, possibly due to the noncrystalline nature of the
product or to the small content of the product in soils.
Conversely, the combination of DRIFT and difference DRIFT
spectrometry is a much more useful method.
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Figure 9. DRIFT spectra of
0,1,3,10,24 h of incubation.
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Diffuse reflectance spectrometry has been successfully
applied to study the ammonia bonding with various crystalline
salts (38) . In fact, ammonia volatilization following soil
surface application of urea or inorganic NH4 salts can be reduced
by additions of CaCl2, MgCl2, or MgS04 salts. DRIFT spectrometry
has demonstrated that, for systems containing limited quantities
of water, the CaCl2 or MgCl2 salts act as proton donors to NH3,
forming stable MH2OOH-H4N-Cl2 (M=Ca or Mg) compounds. Moreover, the
ability of a metal cation to act as a proton donor appears to be
diminished when the cation-anion bond increases in strength,
i.e., when the covalent character of the bond increases.
In a study where the synthesis of goethite was achieved at
pH=13, 40OC, and at various incubation times (39), DRIFT
spectrometry was successful to show that goethite crystallization
proceeded with concomitant loss of water from proto-ferryhydrite.
Figure 9 depicts that during the different incubation times (0,
1, 3, 10, 24 h) , goethite crystals are gradually formed and
revealed by increases
in the infrared absorption at 3155, 891,
795, and 640 cm"1, whereas, simultaneously, the initial
pricipitates
liberate
the
incorporated molecular» water
characterized by infrared absorptions at 3400 and 1630 cm"1.
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Figure 10. DRIFT spectra (3800-3500 cm"1) of natural (SHCa-1
and reduced charge hectorites.
The need to investigate photochemical and photophysical
processes on alumino-silicate clays has led to synthesize
reduced-charge hectorictes free of structural iron that
interferes in spectroscopical studies (40). Charge reduction in
smectites was induced by heat treatment with the proper
exchangeable cation and DRIFT spectrometry was applied to follow
the phenomenon (41) . Diffuse reflectance spectra (Fig. 10)
indicated that repetitive insertion of Mg at 250OC, progressively
induced the loss of structural Li from the hectorite and shifted
the Si-0 stretching band to a position similar to that in talc.
The relative intensities of the OH and SiO stretching bands in
DRIFT spectra suggested that some of the hydroxyl groups in
hectorite were lost, possibly by deprotonation.
In a repetition of a study to interpret a particular
sorption interaction mechanism between an organophosphonate and

n

montmorillonite, it was found (42) that the use of DRIFT instead
of FTIR did not change the mechanistic conclusions on the
sorption interactions. However, diffuse reflectance contributed
additional information on the surface of the samples such as the
presence of unadsorbed organic compounds.
DRIFT spectrometry was applied to investigate alterations
in different soil clay-sized fractions obtained with different
sonication energies (43). No obvious differences were observed
in spectra of coarse and medium clay-size fraction after
sonication with different energies of soils from intensively
managed agricultural fields.
Conversely, the sonication
treatments affected the medium
clay-sized
materials
from
pasture and forest soils. The
most
dramatic
changes,
including peak shifts and
amplitude
differences,
occurred in the region between
1100 and 1300 cm-1, indicative
of silica minerals (Fig. 11).
Since it was reputed unlikely
that sonication altered the
clay
minerals
themselves,
i iQQ
i e DO
i ' on
innn
7 on
changes in the spectra were
WavenumöEr ( c m " )
attributed to alteration of Figure 11. DRIFT spectra of
the organic matter associated medium clay-sized-soil fractions
with organo-mineral complexes. after
different
sonication
Practical result of this work energies,
was to recommend a sonication
energy not above 3-5 kJ for 10 g of soil in order to limit
artifacts in particle-size yields.
In a thorough study (44) , pure
clay
minerals
and
other
soil
inorganic
components
were first
analyzed by DRIFT spectrometry (as a
neat sample and as 3% in KBr) and
compared with infrared spectra in
pressed pellets, and, then, the DRIFT
results were used to detect those
inorganic materials in the spectra of
all
soils.
This
approach
was
particularly
successful
to
evidentiate that DRIFT spectrometry
is superior to the pellet technique
to show the presence of inorganic
materials
(quartz,
kaolinite,
smectite, illite, gibbsite) in soils.
As an example, the neat DRIFT spectra
of powdered calcite (Fig. 12) was
useful to evaluate the content of
calcite in a desert loam soil (Fig.
13). The relatively strong carbonate
band near 2500 cm'1 appeared entirely Figure
12.
Powdered
consistent with the calcite analysis calcite. a: neat DRIFT,
of the soil (16% of CaCOj) . In soils b:3%
in
KBr DRIFT,
with mixed layers of kaolin-smectite c:0.3% in KBr disc,
minerals, DRIFT was particularly
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advantageous because of the reduction in overlap of the lattice
OH stretching bands with that of water, frequently associated
with the KBr of the disk matrix. That was especially true for
neat DRIFT, but also applies
to diluted DRIFT. The DRIFT
method
gives
a
better
representation of the hydroxyl
stretching mode band shapes,
thus
leading
to improved
characterization
of
the
minerals in soils. The authors
(44) also pointed out that
though the DRIFT technique has
the advantage to allow an
increased
sample
concentration, for most soils,
high sample concentrations
lead to severe distortion of
the DRIFT spectra (neat and
i-nnn
i_fl
KBr diluted) in some frequency
w»»inuawfi
regions
(25, 29, 30) . A
consequence was the appearance
of "band inversion" of the Figure 13. IR spectrum of a
intense silicate stretching calcite-rich desert loam. a:neat
fundamental mode near 1080cm'1. DRIFT,b:3% in KBr DRIFT,c:0.3%
The DRIFT spectra of soils in KBr disc,
containing substantial amount
of quartz or silicate
clay
minerals such as kaolinite, illite, smectite, exhibited "inverted
bands" with broad negative peaks near 1090-1100 cm"1 due to
specular reflectance.
DRIFT spectrometry was used to characterize humic and fulvic
acids from a peat (45) and to compare with spectra of the same
material obtained with transmission FTIR using KBr pellets. The
DRIFT spectra showed
similar resolution
to
KBr
pellet
transmission
spectra. Elimination
of interference due
to water bands was
easy with DRIFT and
possible changes in
the spectra due to
modification of Hbonding
and
ionization
of
carboxylate groups
in the KBr pellet
was avoided. The use
of DRIFT spectra of
humic
substances
4aoo 3oaa 3sna SBDD eaaa laoa ISDO IEDD saa <GO
(Fig.
14)
in
MWtMMKfl
comparison
with Figure 14. DRIFT spectra of a humic (A)
those
of
some and a fulvic (B) acid,
reference phenolic
compounds suggested that phenolic OH groups in fulvic acids are
more H-bonded than those in humic acids and that either
.
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intramolecular H-bonding between COOH and phenolic OH is not
significant in humic substances or alkyl COOH groups contribute
considerably in the 1720 cm"' band. DRIFT spectra of Na- and
Cu(II)-humates
(Fig.
15)
revealed
a
higher
peak
resolution than other studies
(46) that have attempted with
dispersive IR instruments to
study the degree of covalency
of metal-carboxylate bonds in
metal-humate
complexes,
thereby
indicating
better
research potentialities for
this
aspect
with
DRIFT
technique.
Another work confirmed
the
advantages
of
DRIFT
spectrometry of soil humic and
fulvic acids and extended the
application
to
humic
substances from composts of
different organic materials Figure IS. DRIFT spectra of (a)
(47).
The
DRIFT
spectra Na-humate and (b) Cu-humate.
indicated that this technique
may be useful to fingerprint
organic matter acquired from various sources. Spectra obtained
at various concentrations of humic acid suggesxed that DRIFT
cannot be used to estimate concentrations of organic matter in
a given mixture. Relative concentrations of functional' groups,
however, were found to be fairly constant regardless of sample
concentration. Thus, changes in the relative concentration of
functional groups can be measured during the humification
orocess.
ATR
The Attenuated Total Reflectance is an infrared technique
known since several years especially in the industrial analysis
of polymers. The essential characteristics of ATR is to allow the
surface sampling of films, liquids, tissues, resins, and solids
deposited on a IR transparent crystal. The ATR technique is an
internal reflection method. The decisive processes take place at
the boundary between an optically dense and an optically less
dense material
(48). The
latter material generally are
IR transparent crystals with a
high refractive index. The
common employed crystals are:
KRS-5 (Thallium iodide and
bromide)for the analysis of
thick
polymeric
films,
Germaniun for the analysis of
rubbers, and Zinc selenide for
the
analysis
of
viscous
\
substances,
organic
and
^\f
aqueous solutions (48) . The
w
7/
investigation is made under
condition
of
total
//
Figure 16. Optical diagram of a
ATR sampling device.

/~1
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reflectance, i.e., the angle of incidence is greater than the
critical angle for total reflection. This causes the generation
of a standing wave in the optically denser material, with the
amplitude function extending
normal
to the reflecting
surface. In the optically
sample
rarer material there is a
\
nonpropagating electromagnetic
field, the amplitude of which
decays exponentially with the
distance from the boundary. It
is possible to detect this
surface wave experimentally.
If the optical less dense
\ \ ri\ \ r i f e ^
material
absorbs
at
a
particular wavelength, this
sample
wavelength will be attenuated
accordingly in the reflected
radiation. This is referred to Figure 17. Interaction between
as
Attenuated
Total IR radiation and sample in ATR.
Reflectance (48).
What occurs in practice in ATR spectrometry is shown in
Figure 16. The incident wave is directed inside the selected
crystal that allow the infrared wave to be reflected all along
the crystal length. The signal obtained at the end of the crystal
is usually 20-50% of that of the incident wave. While the wave
travels inside the crystal, it also reflects beyond the crystal
surface (Fig. 17) with a delay that varies from 2 to 20 p. for
each reflection. If a sample is deposited on the crystal, ATR
spectrometry is capable to provide spectral information on the
sample surface. The total optical path is given by the number of
reflections whereas the real penetration depth inside the sample
is represented by the single reflection that is about 2 ji.
In general the thickness of the sample layer investigated
(penetration depth) is defined by the amplitude decrease of the
infrared wave in the optically rarer material to the fraction 1/e
of its initial level.

^7

< \ '1

V

27rn1/(sin28-

{n2/n:)''

It can be seen that the depth of penetration dp is proportional
to the wavelength \ and also depends on the angle of incidence
8 of the infrared wave and the refractive indices of the crystal
Tiy and the sample n2. Increasing the angle of incidence and also
the refractive index of the crystal results in a reduction in the
depth of penetration. The detection power of the ATR technique
is increased by employing a trapeizodal crystal which allows
multiple reflections. The number of reflections N is determined
by the ratio of the length of crystal 1 to its thickness t and
by the angle of incidence 8:
N=

cot 8

With the aid of equation
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(2) , the penetration depths

obtainable with ATR spectrometry using various crystal materials
and angles of incidence can be calculated (Table 1).
Table 1. Calculated penetration depths dp for the investigation
of fluorinated polyethylene samples by ATR spectrometry and
associated refractive indices of crystal materials and samples
(49) .
Crystal
material

Refractive
Index
n,

Angle of
Incidence
6

dp (/^m)
PTFE a
PE
n2=1.35
n2=1.49a

KRS-5

2.37

450

1.60

2.07

60O

1.03

1.13

450

0.64

0.66

Ge

4.0

a. These data presumably apply to a wavelength of 589 nm.
The data shown in Table 1 reveal that, by varying the
crystal material and the incidence angle of the infrared wave,
the penetration depth for the infrared analysis of two
fluorinated polyethylene samples was from 0.6 to 2.1 fim.
The study of the orientation of aminoacids on the surfaces
of clay minerals have imposed the use of ATR even with grating
IR spectrometers (50, 51). By applying polarized infrared ATR,
Raupach et al. (52) examined the orientation of lysine on the
vermiculite surface. In a successive work, the transition moment
directions of two more aminoacids, ornithine and 6-aminohexanoic
acid, on surface complexes with vermiculite were also followed
by polarized ATR spectrometry (53) . These early works have proved
that the ATR techniques a reliable method for determining the
molecular orientation of organic cations at clay surfaces
especially when used in conjunction with X-ray diffraction
results. With the help of band resolution programs available at
the time and least squares program, the authors were able to
employ ATR to study molecular orientation with an estimated error
of about 5%. ATR results showed that ornithine lay almost flat
on the clay surface, except for a C-N bond projecting towards,
and hydrogen bonded to, the surface. While ornithine appeared to
form two adjacent layers in the interlayer surface, 6aminohexanoic acid formed only one layer.
Other studies have also applied the polarized ATR technique
for deducing the orientation on the surface of phyllosilicates,
of molecules used for surface area measurements such as
cetylpiridinium cations (54) and paraquat (55). More recently
both DRIFT and polarized ATR techniques were applied with a FTIR
spectrometer to study the molecular conformation of ethylene
glycol monoethyl ether (EGME) adsorbed on the surface of Camontmorillonite (56) . From ATR spectra of perpendicular and
parallel polarization (Fig. 18) of EGME-Ca-montmorillonite
complexes as well as from DRIFT spectra of the complexes, the
authors were able to collect many information such as the
predominant conformation of the adsorbed EGME, the orientation
of the molecule and its coverage of the clay surface.
While the DRIFT technique has received the described little
attention for the study of soil organic components, ATR
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spectrometry has been applied only by Patterson et al. (57).
Even in this study ATR was used only as a complementary technique
in an articulated work aimed to obtain metal complexation
kinetics of fulvic acids. They reported ATR spectra of two fulvic

Figure 18. ATR spectra of EGME-Ca-montmorillonite complex for
(a) pependicular and (b) parallel polarization without
subtraction (3A e 3B) and with subtraction (3C) of the clay
spectrum.
acids (Fig. 19) and those of a sodium and a aluminum humate (Fig.
20) . The ATR spectra of the two fulvic acids did not differ
substantially from other fulvic acid IR spectra reported in
literature whereas the comparison of the sodium and aluminum1
humate allow to notice the intensity increase
of the 1580 cm"
band and the splitting of the 1370 cm"1 band in the aluminum
humate spectrum. The band split was attributed to an increased1
field effects resulting in lower simmetry for the 1370 cm"
carboxylate stretching. No particular advantage over the DRIFT
technique is brought by the application of ATR on humic
substances investigation unless the latter IR technique is not
properly used which is the determination of IR spectra of
surfaces (e.g., humic substances present on the surfaces of soil
aggregates).
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Figure 20. ATR spectra of Aldrich humic acids and Al3+
humates.
CONCLUSIONS
The potential of Fourier Transform Infrared Spectroscopy in
terms of velocity of spectra acquisition, sensitivity, and band
resolutions has allowed to make available IR techniques capable
to enhance knowledge of the chemical nature of the surface of
soil species or of an inhomogeneous soil sample. The technique
of diffuse reflectance (DRIFT) is applied for the analysis of
powdered or granular humic and clay samples as well as whole
soils. DRIFT may also be promising to investigate the reactivity
of granular catalysts in soils. The technique of attenuated total
reflectance (ATR), for the investigations of the surface layers
of IR absorbing soil materials, despite the few existing
attempts, still awaits a systematic application in soil studies.
An interesting example of ATR application could be the
possibility of easily obtaining spectra of dissolved humic

18

substances in aqueous solutions using special ATR sampling
devices. This information could be valuable in the study of the
role of humic substances chemical nature in the transport
processes in soils. Furthermore, the modern Fourier transform IR
instruments permit the use of other techniques such as
Photoacoustic Spectrometry (PAS) and IR Microscopy that have
been successfully applied in other fields of investigations such
as sub-surface layers of polymeric samples or the chemistry of
shales and coals. These techniques appear also very promising for
the study of soil polymeric components and their aggregation
forms (58-65) . However, a treatment of these topics as well as
those of the special applications of reflectance techniques would
exceed the subject of this paper.
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Abstract
Nuclear magnetic resonance spectroscopy has only been recendy realized as a valuable
method for the characterization of soil organic matter and soil humification processes. Since new
developments in NMR were made which allowed for better sensitivity and resolution of complex
materials found in soils, many papers dealing with initial applications have appeared in the
literature. Since those early applications spanning the 1970's and 1980's, a general hiatus has
limited widespread new developments for the field of soil science and the technique became routine
in its application. Some recent new applications involving isotope labeling combined with both 13C
and 15N NMR threaten to rekindle interest in nuclear magnetic resonance as the premier technique
for modem soil science research. This article reviews these recent developments.
Introduction
Nuclear magnetic resonance (NMR), a spectroscopic technique originally suited for the
structural analysis of molecules in solution, was not a method employed extensively for the
analysis of humic materials in soils until about the late 1970's. Two major instrumental
developments led to the greatly expanded use of this structural tool for analysis of soil components
-the advent of Fourier transform methods of data acquisition and the ability to examine solid
samples. The former development opened the door for improved sensitivity needed for the analysis
of complex macromolecular organic materials in soils and the relatively insensitive inorganic
nuclei. The latter development allowed for the examination of soil components, the predominant
components, which could not be dissolved in appropriate solvents. With the advent of these two
new capabilities, some significant strides were made in the characterization of humic substances
and other inorganic substances in soils by NMR.
Actually the first application of NMR for study of humic substances in soil was made by
Neyroud and Schnitzer1 using continuous wave NMR spectroscopy. Later, Gonzalez-Vila et al.2
were the first to apply Fourier transform NMR for the analysis of dissolved humic substances
extracted from soil. The advent of solid-state NMR, in particular 13C NMR, immediately opened
the door for numerous investigators to examine solid soil samples direcdy.3,4 From this point on
NMR spectroscopy became one of the most widely used techniques for analysis of soil organic
matter. The ability to examine other nuclei in the solid-state also led to a large amount of research
activity directed towards soil inorganic constituents. Most of the research on NMR of soil
constituents conducted between this early discovery phase and 1987 has been extensively reviewed
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in a book by Wilson.5 The purpose of this review paper is to focus on the advances made since in
the application of NMR spectroscopy to the study of soil.
The review is intended to highlight the major advances in understanding soil components
by use of both solution and solid-state NMR. Obviously, the technique has been applied in a
routine sense in many more studies than can be described here. What we hope to convey to readers
of this review are the most recent innovative applications which have or will make a significant
impact on soil science.
Recent applications of

13

C NMR

13
C NMR is a technique well suited for the examination of complex structures such as
would be present in soil organic matter. Although details of the presence of specific compounds is
not possible with NMR, it does provide a measure of the average distribution of the various types
of carbons and this information is sometimes more valuable as average information than as a
exhaustive list of individual compounds. Figure 1 shows a typical 13C NMR spectrum for humic
acid from a histosol (Minnesota peat). The various peaks in the spectrum can usually be assigned
to specific carbon functional groups, but some overlap of resonance asssignments can be
observed. This is due mostly to the fact that there is a large variety of different environments for
carbon functional groups in materials so complex as humic substances. It is only when one type of
structure (i.e., polysaccharides, lignin, etc.) is predominant that we observe well defined signals
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Figure 1. A typical 13C NMR spectrum of humic acid from a Minnesota peat showing the various
assignments for the peaks.
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Table I. Chemical shift assignments for various spectral regions in
spectra.
Chemical shift region
0-45 ppm
40-60 ppm
50-58 ppm
60-95 ppm
95-110 ppm
100-140 ppm
140-160 ppm
160-180 ppm
180-220 ppm

,3

C NMR

Assignment
paraffinic structures (C, CH, CH2, CH3)
aliphatic C-N
methoxyl
alkyl-O (carbohydrates, alcohols)
acetal and ketal carbon (carbohydrates)
aryl-H and aryl-C carbons
aryl-O and aryl-N carbons
carboxyl and amide carbon
aldehyde and ketone carbons

which can be assigned to the carbons of these specific structures. Nonetheless, we can integrate
various regions of most spectra and assign specific types of functionalized carbons to those regions
in a quantitative manner for the most part. Thus, direct measures of the contents of carboxyl,
aromatic and aliphatic carbons can often be made by integration of specific regions, taking into
account any possible overlap of the regions. Table I lists various regions of a typical 13C NMR
spectrum with associated assignments which can be made. These assignments are usually made on
the basis of known chemical shifts of various functionalized carbons in pure standards.
Solution NMR
Although solution-state 13 C NMR has revealed much regarding the chemical structural
composition of humic substances and dissolved organic matter5, the advent of more sophisticated
software, pulse sequences, probes in recent years have not been exploited much in the field of soil
science. Most of the novel applications have strictly relied on conventional one-dimensional
spectroscopy. Two-dimensional NMR methods have become the mainstay of the chemical
research field, especially for the structural elucidation of complex soluble biopolymers. The
complexity of humic substances along with other inherent physical properties such as limited
solubility and the presence of paramagnetics have been in part responsible for the slow application
of two-dimensional NMR to this area of research. The accessability of instrumentation has also
limited the application of two-dimensional NMR techniques. In addition, the type of information
that is gained from a two-dimensional experiment may not always be necessary to obtain specific
structural information. Sometimes increased sensitivity can be provided by NMR specific isotope
labeling which also leads to simplification of the NMR spectral data and is site specific enough to
extract valuable structural information such as the binding of pollutants to humic substances.6-9
One-dimensional 1 3 C NMR Spectral Techniques- As mentioned above onedimensional 13 C NMR can provide very valuable information concerning the structure of humic
substances. Progress beyond the standard one pulse experiments such as broad-band decoupled
and inverse-gated 13 C NMR spectroscopy to multiple pulse 13 C NMR spectroscopy provides a
means of determining carbon substitution as well as resolution and sensitivity enhancement The
use of spin-echo experiments which are commonly known as J-resolved multiplicity-sorting (J-
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SEFT), spin-echo Fourier transform j(SEFT), attached proton test (APT), and gated spin-echo
(GASPE) have provided resolution enhancement and carbon multiplicity information concerning
humic substances.10-11 When polarization transfer is combined with the spin-echo experiment the
resulting pulse sequence known as DEPT (distortionless polarization transfer spectroscopy) can
provide up to four times the signal-to-noise of the previously discussed spin-echo experiments. In
addition since the spin magnetization from the DEPT experiment is that of the attached protons the
delay between scans is reduced and the spectrum can be obtained in a much shorter period of time.
The utility of the DEPT experiment has been demonstrated in the study of both soil and aquatic
humic acids.10"14
Buddrus and coworkers13 have also shown that quantative information concerning carbon
types can be calculated using the results from DEPT spectra in combination with quarternary-only
spectra (QUAT) and comparing them to the complete spectrum obtained using a normal spin echo
experiment. The results from the DEPT spectra represent the carbons bearing one, two and three
carbons while the QUAT spectra are used to identify carbons without any attached protons. The
integrals of the signals originating from the DEPT spectra are summed with those from the QUAT
spectra. The summation of these integral should be equal to the integral of the signals found in the
spin-echo experiment. Quantitation of DEPT and QUAT spectra provides a means of determining
ratios of the functional groups found in humic acids.
The importance of these studies is that a detailed quantitative accounting of 13 C NMR
spectral regions can be made. They discovered that for aquatic humic substances dominated by
aliphatic signals approximately 78% of the carbons are quaternary carbons, a surprising finding.
They concluded that most of the aromatic signals in these aquatic humic substances were derived
from lignin and that the alkyl-0 region normally attributed to carbohydrate carbons is in fact
dominated by lignin-derived carbons. Unfortunately, the NMR spectra shown by Buddrus et al. 13
show practically no resemblance to similar spectra of lignin.15
13

C-Iabeling studies- In addition to spin-echo experiments such as DEPT, spectral
editing and sensitvity enhancements can also be achieved by combining site specific 13C-labeling
with standard 13 C NMR experiments such as 13C inverse-gated spectroscopy. This approach is
probably one of the more novel and exciting new areas of soil science where NMR is expected to
have a major impact. In the case of humic substances two types of labeling experiments have been
carried out. The first involves a known functional group derivatization to quantify specific types
of carbons found in humic substances, the derivatization being carried out by chemical reactions
with 13C-labeled reactants.16"21 For example, methylation with 13C-labeled diazomethane or
methyl iodide has been used to distinguish between and quantify hydroxyl functionalities in humic
acids. The second labeling methodology involves the use of 13C-labeled reactants to follow the
course of a complex reaction or association such as the interaction of pollutants with humic acids.6"
9,22,23 The first structural evidence for the type of interaction of pollutants with humic substances
was provided using 13 C and 15N site specific labeling in combination with 13 C and 15N NMR,
respectively.
The most recent results of experiments which were designed to examine the 13C labeling
of phenolic pollutants and their interaction with humic acids will be reviewed briefly. A similar
study with 15 N labeled aniline was carried out by Thorn et al.6 The interaction of pollutants with
soil organic matter has long been an area of research that relied heavily on data that contained either
very limited or no structural information. Therefore, the study of reaction mechanisms concerning
these processes was only speculative even in terms of the type of interaction whether it be covalent
or noncovalent. Covalent binding interactions were thought to form through enzymatic oxidative
coupling of phenolic pollutants to soil organic matter. If indeed this is true, and it has since been
shown to be the case, all the carbons in the phenolic ring will reflect the resulting alteration in
structure due to the formation of a new bond as a change in the 13C chemical shift.
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13

C-labeled 2,4-dichlorophenol containing 100% 13 C at either the C-2 and C-6 or C-l
positions was enzymatically bound with horseradish peroxidase to three humic acids derived from
different depositional environments.7-9 A similar set of experiments was also carried out with
phenol itself which was labeled with 100% 13 C at the C-l position.8 Prior to the binding
experiment the 13C-labeled phenols were examined by 13 C inverse-gated NMR and it was found
that the spectra only contained signals from the enriched carbons. Following the enzymatic
binding reactions, the isolated humic acids were dissolved in 0.5 M NaOD and the resulting 13 C
inverse-gated NMR spectra revealed a dispersion of 13C chemical shifts. Once such spectrum, C2,-6 13C-labeled 2,4-dichlorophenol enzymatically bound to a Minnesota peat humic acid is shown
in Figure 2. The complexity of the spectrum suggested that some of the signals may have resulted
from the natural abundance carbons of the humic acid. Upon further examination however, it was
clear that signals due to the aliphatic functional groups of the humic acid were not present, thus
confirming that the spectrum was the result of the 13C-labeled carbons of the covalently bound 2,4dichlorophenol. The fact that the signals are broad in this high resolution (125 MHz NMR)
spectrum is indicative of the numerous electronic environments that surround each type of binding
interaction. The spectrum was tentatively assigned by regions to specific types of binding
interactions (i.e. carbon-carbon, carbon-oxygen, etc.). Carbon-carbon bonds formed at the C-4
and C-6 carbons of the 2,4-dichlorophenol to aromatic and aliphatic carbons of the humic acid
were thought to be the preferred bonding interactions based on the intensity of signals that were
tentatively assigned to these types of covalent bonds.
,3
C-labeling in combination with 13C NMR has also provided some very valuable insight
into the non-covalent bonding association of pollutants with humic acids. The weak non-covalent
bonding of pollutants to humic acids serves as a means of transport and subsequent release of
pollutants into fresh water and uncontaminated soils. It is critical to understand the mechanism of
the binding reaction to predict the movement of such pollutants and to develop mitigation
strategies. Until very recently, the information that has been obtained for the association of
phenols with humic acids primarily consisted of concentration measurements obtained indirectly
from column effluents. 13 C NMR has now been used to directly examine the associative
interaction of C-l 13C-phenol with an Armadale humic acid using spin-relaxation measurements.8
It was found that the experimentally determined spin-lattice relaxation time, Ti_ of the C-l R e labeled carbon of phenol reflects the amount of phenol that is associated with the humic acid. The
Ti values for pure phenol are 35 sec. and progressively decrease with addition of the Armadale
humic acid. After 1.3 mg of Armadale humic acid is added to a solution containing 2 mg of C-l
13
C-labeled phenol the Ti is approximately 1.7 seconds which approaches that of the humic acid
carbons. A linear relationship exists between the amount of associated phenol and the
concentration of the added humic acid. In addition the relationship between the experimentally
obtained Ti and the concentration of added humic acid was used to obtain a fractal dimension for
the humic acid reaction surface. The calculated fractal dimension of 1.2 suggests an open single
dimension geometry for the reaction surface.
Solid-state

13

C NMR

The great flurry of activity that emerged in the 1980's as the result of the development of
solid-state 13 C NMR for use in soil science led to some important findings concerning soil organic
matter. Probably the most important of these is the discovery that soil humic materials and organic
matter in general contain significant quantities of aliphatic macromolecular structures which are not
cabohydrates, proteins and low-molecular weight waxes. These components, termed
polymethylenic or paraffinic structures, form an important part of soil organic matter from many
locales. There seems to be great variation in the relative amounts of such structures from differing
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Figure 2. High resolution 13 C NMR spectrum of C-2 and C-6 labeled 2,4-dichlorophenol
enzymatically bound to a Minnesota Peat humic acid. The large number of peaks for what should
be a simple spectrum of only two doublets for the labeled phenol is indicative of covalent bonding
of the phenol to the humic acid.7
soils. Poorly-drained soils and histosols appear to have more paraffinic cabons in their NMR
spectra than highly oxidized soils from arrid climates, suggesting that conditions favoring the
growth of aquatic microorganisms enhances paraffinic structures possibly originating from these
microorganisms.
The second important discovery concerning soil humic substances made prior to 1987 was
that phenolic carbons are not as dominant structural features of these materials as previously
thought. NMR signals for such phenolic structures are generally minor or nonexistent in all except
the least humified soils such as histosols. This finding has major implications regarding the origin
of humic substances and the mechanisms by which they form from plant precursors such as lignin.
Finally, another important finding evolving from the application of solid-state 13C NMR to
soils and soil profiles is that biochemically labile substances such as carbohydrates are a transitory
part of soil organic matter in that they are quickly degraded in the upper soil zones and are
themselves not important components of humified organic matter.
The great part of work related to the characterization of soil organic matter by solid-state
l3
C NMR was done prior to 1987 and most of this literature is reviewed by Wilson.5 Since these
earlier works, the technique has been applied by numerous individuals to examine the nature of soil
carbon from various locales and to investigate the reliability of the technique for quantifying the
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various forms of carbon in soil organic matter. A few limited studies have been conducted to
investigate further the major findings discussed above. Perhaps the most important of these
involved use of a new technique which was discussed above in solution NMR studies- use of 13C
labels to trace soil decomposition processes.
Establishing quantitative measurements-Solid-state 13 C NMR spectra are obtained
by use of a special pulse sequence involving a technique called cross polarization and magic angle
spinning(CPMAS) to shorten the time interval between pulses, high power decoupling to remove
the broadening effect of strong C-H dipolar coupling in solids, and magic angle spinning to
primarily remove broadening caused by chemical shift anisotropy. The CP can induce distortions
brought about by competetive processes of signal intensification by magnetization transfer between
ïH's and 13C's and loss of signal due to loss of lH magnetization caused by spin-lattice relaxation
in the rotating frame. The former process builds signal intensity while the latter dimininshes it.
Both processes are affected by the presence of paramagnetic materials as would be found in soil
and mineral-rich humic isolates from soil. If all carbons are affected equally, then a total loss of
signal intensity is observed, but if a spectrum is obtained, the relative areas of the peaks will
quantitatively represent the types of structures present in a quantitative way. If the different carbons
are affected in a differential manner, then the spectra will not quantitatively represent the structures
in the soil organic matter. Wilson5 presented arguments that most sedimentary organic matter
behaves in a quantitative fashion with regard to NMR, but with soil samples one must exercise care
to assume quantitative signals. The effect caused by paramagnetic Fe 3+ in soils can be removed by
treatment with dithionite.24'25
Because measurements of spin dynamics for soil organic matter made on whole soils where
the signal is very weak due to dilution are problematic (the carbon contents of less than 10% pose
serious detectability problems), few measurements have been made of the quantitative nature of
solid-state 13 C NMR in soils. One can determine the spin dynamics of humic extracts25 and
establish the fact that spectra of these materials are quantitative, but spectra of whole soils cannot
be globally validated as quantitative at this time. Recently Friind and Liidemann26-27 have
examined the behavior of soil humic substances in CPMAS experiments at two spectrometer field
strengths' in solution. They concluded from studies of the spin dynamics and quantitative solution
spectra, that quantitative CPMAS 13 C NMR spectra are possible if attention is given to proper
experimental conditions. Baldock et al.28 measured the spin dynamics of various density separated
fractions of soil which had been ammended with 13C-labeled glucose to incorporate into the
biomass. They concluded that the major problems with obtaining quantitative spectra appeared to
be in clay fractions where the organic matter was more closely associated with the inorganic clays.
They also found that appropriate corrections could be made to make the data more quantitative if
spin dynamics of the system were known. Of course in this study of Baldock et al. 28 the 13 Cenriched carbon originated from recently synthesized materials and not from aged carbon
associated with the soil for longer periods of time. Thus, one might argue that the relaxation
measurements did not represent the refractory soil carbon. Recent measurements of the spin
dynamics in density-separated fractions of whole soil indicates that the technique is not quantitative
for fractions containing significant amounts of Fe. 29 Thus, when one uses solid-state 13C NMR to
study whole soil and density fractions from soil, one must consider investing a significant amount
of spectrometer time (weeks) to establish the experimental parameters which will lead to
quantitative signals if at all.
One must even be careful in the preparation of humic extracts for NMR studies. Hatcher
and Wilson30 showed that even a small amount of water in fulvic acids can significantly affect the
spectral characteristics. This is due to the fact that the added water induces added molecular
mobility to the humic substances, especially fulvic acids, and this added mobility affects the spin
dynamics in CPMAS spectra, degrading the ability to obtain quantitative 13 C NMR signals. The
effect is most pronounced for carboxyl carbons, presumably because they associate with water
more strongly.
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Use in studies of soil profiles- Perhaps the most sought out application for solidstate 13C NMR has been in the examination of soil profiles. Earlier studies focused on histosols31"
33
because the carbon contents allowed high sensitivities and quantitative signals. More recently,
several individuals have focused attention on soil profiles in forest soils. 33-35 Downcore changes
in 13 C NMR spectra reflect similar changes noted in similar studies of histosols33 diminution of
signals related to biopolymers such as lignin and polysaccharides, and enrichment of signals from
paraffinic carbons36'37 which appear to be the most refractory forms of soil carbon.38 The spectra
of a typical soil profile are shown in Figure 3. One can clearly observe the enrichment of paraffinic
carbons (0-50 ppm) with depth in the profile.
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Figure 3. Solid-state 13 C NMR spectra of whole soil samples from various horizons of a soil
profile developed in a forest composed mostly of European Beech (from Kögel-Knabner et al.,
1989).57
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The origin of these paraffinic structures is an important focus of ongoing investigations.
Kögel-Knabner et al. 37 recently showed that the paraffinic signals become more highly crosslinked
with increasing soil depth by dipolar dephasing NMR studies. This technique is one which allows
estimation of the amounts of nonprotonated, molecularly mobile, and methyl carbons in samples.5
Combined chemical, pyrolytic and 13C NMR spectral studies of forest soil profiles indicate that the
paraffinic carbons do not originate from cuticles from leaves and they do not appear related to
highly aliphatic biopolymers found associated with higher plant cuticles39 and algal residues.40,41
It is clear from these studies that the paraffinic carbons are associated with the most refractory soil
carbon, because they persist with increased depth in soil profiles where the soil carbon is most
extensively degraded or humified.
From studies of soil carbon fractionated into various size fractions, Oades et al. 42 and
Baldock et al. 43 demonstrated rather conclusively that the refractory paraffinic structures were
concentrated in the smallest size fraction representing the most biologically degraded form of soil
carbon. Figure 4 shows the dependence of spectral characteristics on size fractions from an
Australian soil. The paraffinic strucures (0-50 ppm) are most likely derived from microbial
degradative processes, but it is still unclear whether they originate from refractory plant
biopolymers which have been preserved or they originate from the bacterial or microbial biomass.
Undoubtedly this will be the focus of future research.

Chemical Shift
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Figure 4. Solid-state 13C NMR spectra of various density fractions from an Australia soil (from
Baldock et al., 1992)43.
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Structural studies of humic substances- Solid-state 13 C NMR has played a major
role in past studies of the chemical structure of humic sbstances isolated from soil as mentioned
above. Recent studies have focused on the examination of humic substances from various
environments to establish variabilities which might be indicative of structure and structural
evolution.43"47 Also, combined use of NMR with other analytical methods such as analytical
pyrolysis, chemical degradative methods, and solution NMR studies has proved valuable in
elucidating structural components. However, the complexity of humic substances has precluded all
but inferred structures based on these combined studies.
Humic acids from soils of widely varying type show spectra with features varying from
mostly aliphatic to mostly aromatic. Some humic acids are nearly entirely aromatic in structure,
showing spectra with signals for only aromatic (130ppm), carboxyl (175ppm), and carbonyl
(200ppm) carbons. Using dipolar dephasing to estimate the average degree of aromatic ring
substitution, Hatcher et a l 4 5 calculated some structures for these humic acids from highly oxidized
volcanic ash soils and paleosols. The importance of these studies relates to the ability to use the
quantitative information generated from the NMR spectra in combination with other chemical
characterization methods to construct three dimensional models of these humic acids by computer
assisted techniques.48
The pressing question regarding the aromatic structures in these oxidized humic acids
relates to the mode by which they originate from plant precursors. From studies of humic acids and
whole soil in forest ecosystems by the combined use of l 3 C NMR and CuO chemical
degradation/gas chromatography, Kögel-Knabner et al. 49 showed that aromatic structures in
surface layers were enriched in lignin-derived phenolic carbons and that increasing decomposition
in the soil profile significantly decreased the phenolic carbon content Inbar et al. 50 also showed a
similar transformation in 13C NMR studies of the decomposition in composts, while deMontigny
et al. 35 showed the similar loss of phenolic carbon in lignin of woods degraded in a forested
ecosystem of northern Vancouver Island. One possible explanation for such changes includes
destruction of the aromatic rings by soil fungi.51 However, the aromatic structures do not diminish
in relative concentration with increasing soil depth or increasing degradation, and this implies that
the aromatic structures are retained from the original lignin in some altered form or derived from
additional structures added to the soil by microorganisms.
The latter explanation is relatively straightforward as soil microorganisms are known to
synthesize aromatic compounds. The former explanation is a bit more complex in that it requires
transformation of very specific oxygen substituted aromatic structures in lignin to
benzenecarboxylic acids with little or no directly attached oxygens. Wang and Huang 52 showed
that pyrogallol, a trihydric phenol, could be easily transformed abiotically in the presence of
manganese oxides, a soil component, to structures showing 13 C NMR spectra very similar to
oxidized humic acids where the phenolic carbon contents were significantly reduced and carboxyl
contents increased. In this study, increased amounts of aliphatic carbons and the presence of
aromatic carbons not substituted by oxygen suggests extreme chemical modification of the aromatic
ring with possible ring-opening.Thus one may conclude that oxidative processes, no doubt
partially abiotic, could oxidize lignin-like aromatic ring systems and remove oxygenated
substituents while preserving aromatic character and increasing the aliphatic content DeMontigny
et al. 35 observed a similar increase in aliphatic structures in degraded wood, suggesting that ring
opening plays a role in the modification of the lignin structures.
In less oxidized soils including those from forested regions, the aromatic structures are less
dominant than in the oxidized soils. The greater proportion of aliphatic components is manifested
in intense signals for paraffinic carbons and alkyl-0 carbons as would be found in carbohydrates
and lignin side-chains. The aromatic region is usually characterized by a peak for aromatic carbons
showing fine structure with a specific shoulder or peak at 150ppm representing phenolic carbons.
Combined with a peak at 55ppm for methoxyl carbons, this is an indication of the presence of
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lignin or altered lignin residues. This information is consistent with analytical pyrolysis data which
show the presence of lignin residues in humic substances.53
Recently, Schuiten et al. 54 - 55 have proposed a new model for humic substances in soil
based partly on 13 C NMR data but mostly on pyrolysis studies. This model proposes that the core
structure of humic acids is akylaromatic and alkylpolyaromatic. The lack of oxygen functionality
and the fact that pyrolysis data for highly oxygenated humic acids may be biased in favor of more
volatile alkylaromatics dictates that the model needs extreme revision or is simply incorrect. The
recent studies of Saiz-Jimenez et al. 56 and Hatcher and Clifford46 appear to refute the original
model presented by Schuiten et al. 54 The 13C NMR data appears to be in accord with the model
presented by Schuiten et al. 54 , however, NMR does not represent carbon structures with specific
molecular-level detail. It only provides average information with a sometimes added benefit of
added fine structure.
Perhaps the most sought after question since 1986 has been the search for the origin of the
paraffinic structures in humic substances. The model of Schuiten et al. 54 answers this by
proposing that they are part of an alkylaromatic core. Unfortunately, there are some serious
misgivings about the Schuiten model. The 13C NMR and pyrolysis studies conducted by KögelKnabner and Hatcher57 and Kögel-Knabner et al. 58 suggest that the paraffinic structures in whole
forest soils originate from cross-linking of cutin and/or suberin biopolymers during humification.
These could then be incorporated into various humic isolates by degradative processes. It is clear
that future characterization of the origin and formation of paraffinic structures in humic substances
will have to rely heavily on a combined spectroscopic and chemical approach using pyrolysis or
chemical degradative reactions.
13
C labeling studies- At natural abundance levels of approximately 1.1% of all
carbons, 13C is a relatively dilute nucleus. If one enriches samples with 13 C in organic structures
by growing biomass on 13C-enriched CO2 or feeding 13C-labeled biomass precursors to
organisms, then a significant gain in signal strength and sensitivity is realized. Probably the most
exciting new research in the area of soil science involves the use of 13 C enrichment techniques
combined with 13C NMR, as described above in solution NMR studies, to examine the structure
and reactivity of soil organic matter. Few such studies have been made with solid-state 13 C NMR
as the detection technique.
Baldock et al. 59,28 incubated soil with 13C-labeled glucose stimulate uptake of the label by
microorganisms. The 13 C NMR spectra of the soil incubated with the labeled glucose exhibited
signal intensification primarily in the aliphatic region, implying that the microorganisms were using
the labeled glucose carbon as a food source and synthesizing new soil biomass whose NMR
signals were primarily in the paraffinic region of the spectrum. The enhancement in signal due to
the enriched biomass allowed for determination of spin dynamics.28 In another previous study of
the degradation of algal biomass enriched with 13C (the algae were grown on 13C-enriched CO2),
Zelibor et al. 40 showed that the most refractory carbon during degradation was that of paraffinic
structures. Thus, in both studies, the changes in the solid-state 13C NMR spectra as a function of
increased degradation showed that the macromolecular paraffinic structural components of
microbial residues are refractory components likely to be preserved and incorporated in
sedimentary organic matter.
Recent applications of

15

N NMR

The nature of nitrogen in soil organic matter is still a subject of much controversy.
Although the content of total nitrogen in soils is in the most cases less than 2 %, its importance as
nutrient for soil microbial and plant growth and its role in mineral cycling are without question
important issues.With wet chemical techniques only 30-60 % of the total nitrogen in soils have
been identified mainly as amino acids and amino sugars.60
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The application of 13C-NMR in soil science problems turned out to be a powerful
alternative to more traditional analytical techniques. 15 N NMR has been mostly ignored. The
reason for this fact may be that nitrogen NMR spectroscopy of soil samples poses particular
problems which are not encountered in 13C and lH NMR. 14 N, the most abundant nitrogen
isotope in chemical compounds will not yield any high resolution spectra because of its large
quadrupole moment. The low natural abundance of 0.37 % of the 15 N isotope and the low and
negative magnetogyric ratio leads to the fact that the sensitivity of a 15 N NMR experiment in
unenriched samples is approximately a factor of 50 lower than in 13 C NMR. Benzing-Purdie et
al. 61 obtained the first 15N NMR spectra of humic material incubated with 15N enriched Na15NC<3
at 25°C and 67 % moisture. Preston et al. 62 report 15 N solution NMR spectra of a polymer of pbenzoquinone/NHiCl at 95 % 15N enrichment.
Figure 5 shows a typical 15N spectrum (obtained in solid-state by the CPMAS technique)
of composted plant material obtained from a compost of 15N-enriched wheat (Tritium sativum)
incubated at 25°C, 60 % of water-holding capacity for 631 days.63 Assignments of 15N signals to
chemical compounds is given in Table II. The positions of these bands were measured relative to
nitromethane (CH3NO2) as Oppm.65 Consistent with other microbial degradation experiments of
15
N enriched plant material 66 and studies of the incorporation of inorganic 15 N-enriched
compounds in degrading plant material67'68-69 and 15 N labeled glycine in peat70, this spectrum
shows that amides, especially secondary amides i.e. probably peptide nitrogen in proteinaceous
material, contribute approximately 80 to 90 % of the total signal intensity.
Further, less intense signals are seen in the region of primary aliphatic amines (-325 to -350
ppm), NH2 or NR2 derivatives (-285 to -325 ppm) and a shoulder in the region which can be
assigned to indole or pyrrole like compounds (-145 to -220 ppm).
The chemical shift of unsubstituted pyrroles in solid state 15N CPMAS spectra is -235 ppm
and may be obscured by the broad amide resonance. The signals between 25 and -25 ppm and
-350 and -375 ppm can be assigned to inorganic nitrate and ammonia and are probably the result
of ammonification and nitrification processes during decomposting. The signals denoted by
asterices are spinning sidebands of the amide signal.
Table II. Assignments for the various chemical shifts in
Chemical shift region
25 to -25 ppm
-25 to -90 ppm
-90 to-145 ppm
-145 to-220 ppm

15

N NMR spectra.

Assignment
nitrate and nitrite/second order sidebands
oximes, imines, phenazine.pyridines, nitriles
first order sidebands of amides/ N-7 of purines
indoles, imidazones, uric acid, nucleotides,
substituted pyrroles
amides, lactams, carbamates, pyrroles
NH in guanidines
primary and secondary amines not a to
carbonyl
terminal a amino acid groups and a free amino
sugars
ammonium ion
first order sideband for amides

-220 to -285 ppm
-285 to -300 ppm
-300 to -325 ppm
-325 to -350 ppm
-350 to -375 ppm
-375 to -430 ppm
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Figure 5. Solid-state 15N NMR spectra of 15N-labeled wheat compost incubated for 631 days at
25° C and moisture content equal to 60% of water-holding capacity (from Knicker, 1993).63
15

N solution NMR

In solution NMR, the spin lattice relaxation TIN of small molecules can vary from seconds
to hours.64 Thus this contributes to even higher sensitivity problems when one considers the need
to wait 4-5 TIN between pulses. In a recent study of therelaxationbehavior of nitrogen containing
organic material in NaOH-extracts of plant composts with an incubation time up to 541 days,
Knicker63 showed that the extracted compounds behave in the same way that biomacromolecules
do. At a resonance frequency of 30.4 MHz the TIN'S range from 1 to 3 s. Thus, for such short
relaxation times, it may be feasible to examine 15N solution NMR spectra of 15N-enriched humic
material.
NMR spectra of organic material are normally strongly influenced by proton coupling. The
splitting caused by such coupling can be eliminated by broadband decoupling. This leads to the
nuclear overhauser enhancement (NOE) which magnifies the signals dependent on the
magnetogyric ratio and the spin-lattice relaxation mechanism.71 The 15 N nucleus with its a large
and negative magnetogyric ratio has a negative nuclear overhauser enhancement which is equal to 1
+ T|, where r\ is the Nuclear overhauser enhancement factor. The maximum signal enhancement
obtained from proton decoupled nitrogen is approximately -4, provided that spin lattice relaxation
occurs completely through a dipolar spin-lattice relaxation mechanism and within the extreme
narrowing limits of fast molecular motion. Otherwise a range of NOE factors from 0 to - 4.93 may
be observed. While a NOE factor between 0 and -2.0 decreases the signal intensity. A NOE factor
of -1.0 eliminates the resonance entirely.
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A study of the NOE in 15N-enriched plant composts show for secondary and primary
amides in organic material an enhancement factor of approximately -2.5 (at 30.4 MHz). The band
at -306 ppm assigned to NH2 groups in amino acids, citrulline or uric acid and nucleoside
derivatives shows a enhancement factors of approximately -3.5.
Because the application of proton broad band decoupling in 15 N solution NMR causes
quantification problems the inverse-gated decouping technique often is used, and with this
technique no enhancement is observed. In another attempt to circumvent the problem of
nonquantitative signals, the INEPT pulse sequence is used, and this serves both as a sensitivity
enhancement and a subspectral editing technique. The theoretical maximum enhancement of 15N
obtained through this polarization transfer technique is approximately 10. 72 Because only
protonated nuclei can be seen, this technique allows us to distinguish between protonated and non
protonated nitrogen. A limitation of polarization transfer is that 15N nuclei attached to protons
which are undergoing rapid exchange will not be polarized.
Using this pulse sequence to estimate the nature of derivatization of Suwannee River fulvic
acid with 15N enriched hydroxylamine and to learn more about the carbonyl functionality of fulvic
acid, Thorn et al. 16 obtained signals for the primary products as oximes. Further signals of
secondary products arising from Beckmann rearrangements of the initial oxime derivatives were
identified as nitriles, secondary amides and lactams. The bands assigned to hydroxamic acid result
from a reaction of esters with NH2OH and are evidence for the presence of esters in the fulvic acid.
In a continuing study20, these experiments were applied to five fulvic and humic samples.
In addition the DEPT pulse sequence was used. This technique allows a further discrimination
between singly and douply protonated nuclei. They found that all five samples react in the same
way. Reaction products of hydroxylamine with esters were seen. Other resonances discovered
were attributable to the tautomeric forms of the nitrosophenol and monooxime derivatives of
quinones. Thus, this study provides indirect evidence for the presence of quinones in humic
material and also suggests the possible presence of cyclic ketones and ketones a to quaternary
carbons.
In another study, ammonia fixation of 15N-labeled ammoniumhydroxide with Suwannee
River fulvic acid, MHS peat and leonardite humic acid were examined by 15N solution NMR with
the application of INEPT and DEPT pulse sequences.23 Similiar reaction of ammonia with all three
samples is reported. Most of the nitrogen incorporated seems to be in the form of indole and
pyrrole followed by pyridine, pyrazine amide and arninohydroquinone nitrogen. The authors also
suggest a possible reaction mechanism for how the resulting identified heterocyclic compounds can
be formed. They further claimed that these results need to be substantiated through further work
with model compounds and experiments with the reaction conditions, i.e., to what extent do
phenols undergo oxidation to quinones and react with ammonia.
No pyridine, phenazine and imine-like structures can be identified by 15N solution NMR in
a recent study designed to learn more about the degradation products of 15N-enriched decomposted
plant material incubated up to 248 days.73 The narrow lineshape in 15N-solution NMR provides a
clear discrimination between pyrrole and amide signals and quantification of pyrrole and indole
derivatives is possible. No increase in signal intensity was observed in the region of pyrrole or
aniline derivatives. Only an increase of the amide signal intensity was observed over the course of
composting. This trend has also been observed in solid-state 15 N NMR studies of other
composts 63 - 66 and can most probably be explained by the fact that aromatic rings are not
significantly changed during the degradation process and that proteinaceous substances dominate
the pool of nitrogenous compounds throughout the degradative process.
15
N solution NMR spectra of 15N-enriched fungal material isolated from the composts
were measured with broadband decoupling, inverse gated decoupling and DEPT pulse
sequences.63 A comparison of these spectra shows a high degree of similarity with the 15N NMR
spectra of whole compost discussed above, which leads the authors to the conclusion that during
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microbial degradation of plant material nitrogen seems to be stabilized mostly in biogenic
secondary amides.
Grinwalla et al. 22 examined the reaction of Suwannee River fulvic acids with chloramine
15
using N solution NMR. They report that while chloramine itself may not form nitrogen
containing moieties with Suwannee River fulvic acid under the conditions examined the
chlorination coproduct ammonia most certainly does. They explain " that the assertion that
chloramine is a safe replacement to chlorine in the treatment of potable water supplies should be
tempered, at least until the toxicity of aminated and chlorinated humic products are examined."
Solid State

15

N NMR

In 13 C NMR extensive studies have shown that 13 C CPMAS NMR spectra of most soils
can be analyzed quantitatively26- 27and we can extend these results to imply that 15N spectra are
also quantitative. Quantification problems arise from incomplete relaxation of the spins during the
experiment and from incomplete polarization transfer because of the isolation of protons from
carbon or nitrogen atoms. One of the first studies to estimate relaxation behavior and cross
polarization kinetics on 15N-enriched plant material composts and humic acids in soil organic
matter was carried out by Almendros et al.66 While in undegraded plant material proton spin lattice
relaxation times (Tin) vary from 0.2 to 2 sec, much shorter Tin's are observed in degraded
compost and humic material. In a subsequent study, Tin was measured as a function of the degree
of hurnification.With higher humification degree the TJH decreases to values lower than 55 ms. 74
In geochemical samples, cross polarization of different soil nitrogen components does not occur at
the same rate. To obtain quantitative data Almendros et al. 66 and Knicker et al. 74 made systematic
measurements on 15N-enriched plant material, plant composts and humic extracts. They showed,
that for all signals, with the exeption of theresonancesof nitrate and ammonium, quantitative data
can be obtained within a contact time of 0.7 to 1 ms.
Because in heterocyclic aromatic compounds the protons are not in direct proximity to
nitrogen, these substances may not be observed quantitatively in 15N CPMAS spectra. In contrast,
with adequate precautions to prevent the NOE and saturation effects, solution 15N NMR spectra
can be integrated over the various chemical shift ranges and interpreted quantitatively. Comparison
of the signals from the 15 N solution NMR spectra of the soluble fraction of 15N-enriched plant
composts with the CPMAS 15N NMR spectra of the same sample as a solid indicates that the two
techniques yield similar data with experimental error.73-74
All of the abovementioned 15N-CPMAS studies involving 15N-enriched plant materials
incubated in the laboratory were initiated to learn more about the stabilization and reaction of
nitrogen in soil and to obtain more information regarding the nature of unknown nitrogen in
soil.75-76 While a major fraction of the native soil organic matter is several hundred to several
thousand years old, laboratory produced material has only been incubated for at most 2 years.
Because of the low sensitivity of the 15N isotope in NMR experiments, it was generally thought
that this technique could only be applied to 15N-enriched samples. 77 After the systematic
optimization of all important spectral parameters, it was possible to obtain natural abundance 15N
CPMAS NMR spectra of several native soils and soil fractions with a reasonable signal/noise ratio
using an accumulation of approximately one million transients.74-78 All of the spectra show
comparable features to the 15N -enriched compost material. They were dominated (80 % of the
relative signal intensity) by the amide resonance followed by smaller signals for primary aliphatic
amines, NH2 groups and a shoulder in the area of possible indoles and pyrroles. No signals are
observed in the area of pyridine and phenazine resonances. With this data, the authors conclude
that, in these samples and considering the low signal/noise ratio, the broad lineshape of the
resonances and the shoulder in the region of pyrroles, heterocyclic aromatic N could not contribute
more than 10 % of the total nitrogen signal intensity.
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Knicker et al. 67 investigated the nonhydrozable residue after 6N HC1 treatment of ^relabeled composted plant material with 15N CPMAS NMR. Dominant signals are in the area of
amide and primary aliphatic amines, and no phenazine or pyridine resonances are observed. Thus
this leads to the conclusion that, in these samples, amide structures must exist which are perhaps
protected from the 6N HC1 hydrolysis because of steric inhibition, incorporation into acid insoluble
non-heteroaromatic polymers, or adsorption. In another similar 15N NMR study, Derenne et al. 79
obtained similar conclusions supporting the evidence for non hydrolysable amide structures in
refractory fractions of the algae Scenedesmus quadricauda. The 15 N CPMAS NMR spectra
showed a major peak around -260 ppm for amides followed by a peak around -195 ppm for
substituted pyrroles and a shoulder at -235 ppm for unsubstituted pyrroles of the insoluble residue.
The authors suggest, that the amides are protected by association with long polymethylenic chains
within a macromolecular network.
The 15N NMR spectra of labeled algal residues and composted soil material subjected to
chemical and biological degradation clearly indicate the presence of refractory amide nitrogen. It is
likely that such nitrogen survives in soil for extended periods of time and is the soil nitrogen that
has been referred to as unknown nitrogen in past studies simply because it could not be released by
acid hydrolysis. This finding is likely to have a tremendous impact on our understanding of
nitrogen fertility and stabilization in soil.
Recent applications of 1H NMR
Although !H NMR is probably the most widely used NMR technique in chemical
applications, it has only been used sparingly in studies of soil organic matter. Much of the literature
in which this technique is used was published prior to 1987 and is well covered in the review by
Wilson. 5 Use of *H NMR is mostly limited to solutions, and it is thus necessary to dissolve
humic substances in aqueous solutions. Of course, one must reduce the amount of 'H's from
solvent molecules by use of deuterated water, but it is often difficult to reduce these background
signals to negligible amounts. Wilson5 described the application of water suppression techniques
which have been necessary to obtain lH NMR spectra of humic isolates from soil. In the case of
solid-state 'H NMR of whole soils and humic substances, the development of a new technique
called CRAMPS (combined rotation and multiple pulse spectroscopy) has not received the attention
it has in the field of coal science, primarily because of the lack of resolution. Thus, recent
applications of either solution or solids 'H NMR has been very limited in soil science since
Wilson's5 review.
Solution *H NMR studies
Some of the first NMR spectroscopic applications in soil science involved the use of *H
NMR for the examination of soluble humic substances.5 The information obtained from 'H NMR
spectra of humic and fulvic acids dissolved in alkaline or neutral aqueous solutions has been quite
useful in characterizing the aromatic and aliphatic structures of these complex materials. In as much
as humic materials are inherently complex, the spectra show only broad signals with some fine
structure which can be related to specific methyl, methylene, methine, and aromatic/olefinic
hydrogens. Because 13C NMR spectroscopy contains inherently more structural information for
humic substances, the use of 'H NMR has been limited since much of the work conducted prior to
1987. This is unfortunate considering the details observable in lH NMR spectra of humic and
fulvic acids published recently by Thorn et al.11 and Malcolm47.
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Solid-state ^I NMR studies
The strong dipolar coupling of ^ ' s to each other in solid samples provides a formidable
decoupling challenge which has only been recently met by use of a special line narrowing method
called CRAMPS. For coal samples, this method is capable of resolving aromatic from aliphatic
l
Ws, albeit with significant spectral overlap. Add the dispersion caused by the increased variety
of spectrally different ^ ' s , and the spectra cannot be interpreted easily. Frye et al. 80 published
the first, and to our knowledge the only, CRAMPS spectra of humic substances. The complexity
of the technique and the limited information provided for humic materials and soil organic matter
have made it of rather limited use.
Concluding Remarks
Nuclear magnetic resonance has become one of the most powerful analytical tools for the
characterization of soil organic matter. The quantitative representation of different types of
structures for 13 C, 1H, and 15N atoms within the macromolecular framework of soil organic matter
allows one to obtain average structural information that is not possible with other techniques which
are by-and-large destructive and nonquantitative. Much of the initial work on applications of new
NMR techniques such as the CPMAS techniques or spectral editing occurred prior to the excellent
overview by Wilson.5 Since this time, NMR spectroscopy has not progressed as rapidly as one
might have thought, probably because many of the initial discoveries have been made and the next
phase of study would involve grinding out detailed spectroscopic information on substances which
have poorly resolved spectra at best. The next phase of research would undoubtedly bring other
techniques to bear on shedding more light on some of the initial discoveries. In this regard, the
work of Kögel-Knabner and associates and Baldock and associates stand out as ones specifically
designed to dogedly pursue knowledge concerning the origin of paraffinic structures in soils.
Even M. Schnitzer and associates appear to have adopted NMR as a primary investigative
technique combined with pyrolysis/field ionization methods to seek an understanding of the
structure of humic acids.
Perhaps the most exciting new applications of modern NMR spectroscopy are focused in
two areas use of 15N and 13C-enrichments to trace the reactivity of soil carbon with regard to
degradation and interaction with pollutants. Using labels by incorporating them into plant materials
subjected to degradation or into pollutants which are interacted with humic materials will chart a
new course in NMR spectroscopy in soil science of the future. In the case of 15N NMR studies
using labels, a new understanding of the reactivity of soil nitrogen may have been uncovered,
because the long thought of scapegoat for lack of knowledge regarding forms of soil nitrogenheterocyclic nitrogen, may be nonexistent. One can now explain recalcitrant nitrogen simply as
recalcitrant protein nitrogen on the basis of the 15N NMR work of Knicker et al. 63 The labeling
studies of Baldock et al. 59 have directly demonstrated to us that paraffinic carbons in soil probably
originate from microbial biomass.
Finally, the use of 13 C and 15N-labeled pollutants and corresponding NMR spectroscopy
are emerging as techniques showing great potential in the examination of bonding and nonbonding
associations humic materials have with them. The ability to examine pollutant humic interactions in
soil will have a major impact on our assessment of the environmental survivability and transport of
such pollutants. It is now through the application of this technique of labeling and NMR that we
will eventually learn about the types of poUutant/humic bonding associations.
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ESR and Mossbauer Spectroscopy
Applied to Soil Matrices
M.V. Cheshire. Macaulay Land Use Research Institute, Craigiebuckler, Aberdeen
AB9 2QJ, U.K.
Electron spin resonance (ESR), otherwise known as Electron paramagnetic resonance (EPR)
spectroscopy, a technique which can detect and characterise species containing unpaired electrons,
has been used to investigate the presence of 0, N and S - centred free radicals directly in soil (1)
or in extracted fractions, particularly humic substances (2). Indeed, the stability of the radical to
acid or alkali is a characteristic of humic substances. There is a direct relationship between the
free radical content of humic acid and the degree of humification of peat (3,4). EPR spectroscopy
has also been used in the study of paramagnetic transition metals present as complexes in soil
organic matter and within the structures or on the surfaces of clay minerals.
EPR spectra are characterised primarily in terms of the g-value and hyperfine coupling constants
(A-values), although other factors such as linewidth and power saturation characteristics may also
be of use.
The g-value is dimensionless and is an inherent characteristic of the radical being investigated.
It is calculated from a knowledge of the spectrometer microwave frequency (v) and the magnetic
field strength (B) at which resonance occurs using the following relationship:
hu = gMeB
Where h is Plank's constant and m, the Bohr magneton. In the hypothetical case of an isolated,
spinning electron a g-value of 2.0023 would be observed. This is often referred to as the 'free
spin' value. In an atomic or molecular system additional interactions perturb the g-value away
from free spin. Humic substances have g values in the range 2.0032 - 2.0050 and this may be
compared with simple semiquinones, 2.0038 - 2.0048, heterocyclic N radicals, 2.0030, and
hetereocyclic S radicals, 2.0080 (5). In general, the g-value shifts which occur in free radicals
with O-centred and C-centred species are small. Because of the very limited g-value variation
observed in such species, they have limited usefulness in the identification of the nature of free
radicals in elements in the first row of the periodic table. In paramagnetic transition metal ions,
where the unpaired electron resides in d-orbitals, coupling between the electron spin and orbital
angular momenta occurs resulting in greater g-value variations.
Hyperfine splitting arises from the interaction of the electron magnetic moment with nuclear
magnetic moments. The number of hyperfine lines (n) depends on the nuclear spin quantum
number (I) of the interacting nuclear isotope and is defined by:
n = 21 + 1
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The magnitude of the splitting is described by the hyperfine coupling constant (A-value) and
depends on the electron spin density around the nucleus and the size of the nuclear magnetic
moment (JJ,,).
Where extensive delocalisation of the unpaired electron occurs, as may happen in aromatic or
conjugated «-systems, the propensity for a large number of hyperfine couplings to occur may be
great and multi-component spectra exhibiting complex hyperfine structure can result.
Unambiguous interpretation of such spectra requires computer simulation. Alternatively, multi
resonance techniques such as electron nuclear double resonance (ENDOR) or electron spin echo
modulation (6) spectroscopy may greatly simplify spectral analysis.
The radical content of a sample can be calculated by comparison with a standard of known spin
concentration by double integration of the first derivative spectrum. Humic acids have been
reported to possess radical contents in the range 5-10 x 10" spins g', while fulvic acids have a
slightly lower content of 1-2 x 10" spins g'. It has been calculated that under conditions of
maximum free radical content there is one unpaired electron per six molecules for molecules of
the order of 100,000 daltons (7).
Organic free radicals
Over a long period there have been differences in the results achieved by the examination of
humic substances by EPR by different researchers (8,9). Whilst the free radical signals of humic
substances, solid or solution, are commonly reported as a single unstructured peak with a g value
of around 2.0036, detection of the presence of hyperfine structures in alkali is rarely reported.
Riffaldi and Schnitzer (8) examining over 50 humic substances of widely differing origins were
unable to detect hyperfine splitting, and Senesi and Steelink (5) state that one of the most
characteristic features of humic substances is the lack of detailed hyperfine structure. The
observation of hyperfine structure depends on both the experimental conditions of analysis as well
as the history and origin of the material. One of the main reasons for the different results was
because different humic substances were studied by various groups with little cross referencing.
It has been generally supposed that the humified product will be very similar in different soils.
Notwithstanding this expectation of similarity when Atherton et al. (9) examined the alkaline
solution spectra of a large number of soils they found clear differences between them (Fig. 1).

Fig. 1 Spectral class- and soil pH
Class I
Class II
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With soils with pH >4.2 there was, with few exceptions, a radical signal with no hyperfine
splitting. In contrast, soils with pH <4.2 showed hyperfine splitting developed to a lesser or
greater degree.
Results for some soils which had pH >4.2 and did show the splitting could be explained on the
basis that there had been a change in pH even as long ago as 200 years when arable husbandry
replaced trees and humic substances had persisted from the earlier period (10). 14C studies of the
age of soil organic matter confirm the possibility of such persistence. The presence of hyperfine
structure may depend on the relatively simple composition of the humic substance and its
domination by a decomposition product such as modified lignin, plant tannins (11) or a fungal
product (12,13,14). A pH of 4.2 is probably the point at which a predominantly bacterial
population gives way to one which is predominantly fungal. Fungal melanins such as those
produced by Aspergillus niger or Marasmius androsaceus display spectra in alkali which show
hyperfine splitting, but usually with a greater complexity than that shown by humic substances
(15).
To achieve consistent qualitative results with humic acids of different sources a rigid
standardization of conditions has been found to be necessary involving aeration and subsequent
timing of recording of the spectrum to take into account an oxygen effect (9). The concentration
of the sample can also be critical (11). In addition to this, it is essential to avoid power saturation
which easily obliterates hyperfine splitting signals. This is possibly the most important cause of
failure to observe hyperfine structure. Fig. 2 illustrates the effect of increasing modulation
amplitude and power on the solution spectrum of a humic acid.
(b)

(a)

0.142 gauss
0.253 gauss
0.505 gauss
1.01 gauss

Fig. 2(a) Effects of Modulation, at 2 mW
(Cheshire & McPhail)

1.01 mW
5.05 mW
10.1 mW
20.1 mW

(b) Effects of Power, at 0.142 gauss

The need for particular conditions of analysis as well as the possibility of real differences
between soils may explain the discrepancies between different investigators.
Further analysis of humic acid solution spectra from soils and peats of pH >4.2, formerly thought
to have unstructured signals, using suitably low modulation amplitude and 2nd derivative spectra
shows very clearly that they, too, possess hyperfine structure (Fig. 3).
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Humic acid from soils of higher pH appear to contain a far lower proportion of radicals which
display hyperfine structure whereas the overall radical content is only slightly lower than the
humic acid from more acid soils. Linewidths of the 2nd derivative hyperfine components are
similar.

(mftr*w^i

^ttftW'

Class II soil humic acid x 100

Class I soil humic acid

Fig. 3 Solution spectra of humic acids (Cheshire & McPhail)
The consensus of opinion is that in humic substances the radical is located on oxygen and has
the characteristics of a semiquinone (7,16), although sulphur has also been implicated in soil
organic matter fractions extracted by organic solvents on the basis of a g value of 2.02 (17).
Free radical formation reactions have been interpreted in terms of a semi-quinone/quinone system
(1. 18) which may be depicted (19) as:

Evidence for semiquinone is provided by the effect of pH and Eh change and the similarity to
known quinones (20). Thus the signal obtained for the solution spectra of humic substances
increases with increase in pH (Fig. 4) and reduction (Fig. 5) and decreases on oxidation (Fig. 5)
(21,22,23). Oxygen increases the signal intensity of humic substances in alkaline solution (9,24),
but the relationship to the oxidation state of the substance is not clear. Oxidation or reduction of
the semiquinone system is considered to be a reversible process where the increased radical signal
produced as a result of the treatment of a humic substance by NaBH4 SnCl2 or N a ^ O ,
(dithionite) can be lowered by reoxidation by H202 for example (Fig. 5) (25).
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Fig. 5 Effects of oxidants and reductants on the free
radical content of fulvic acid at different pH.

The use of stronger oxidizing agents such as CuO/NaOH or heating humic acid over a range 250450° which increases the radical content (26,27,28) whilst of interest, may bear little relevance
to the original signal. Nevertheless, such highly oxidized forms of humic acid may occur naturally
through slow oxidation processes or by the effect of fire. Methylation of phenolic OH groups,
from which quinone groups would be generated considerably reduced the radical signal in humic
acid from a podzolic soil (27) whereas transformation of COOH groups to esters did not.
Methylation of some other soil humic acids increased the radical signal (8).
Irradiation of humic acid by visible and uv light increases the radical content, particularly in
solution (29,30) and this effect was less in oxygen. Photo irradiation of quinones has been shown
to generate free radicals (31). However, no direct relationship between free radical content and
quinone groups in humic substances has been observed (32).
Further evidence for the presence of at least two types of radical which differ in stability, one
of which is far more transitory than the other comes from studies on fulvic acid with various
oxidants (H202, Ag 2 0, NajO^, the more transient one was found to be easily oxidized and to be
unstable at high pH (21,25). With a sediment humic acid the radical signal (g = 2.0040 ±
0.0001) was destroyed by reaction with HgCl2, releasing elemental mercury and leaving a radical
with a significantly lower g value, 2.0034 ± .0002 (33).
More recent results suggest that with the advent of more powerful means of discrimination many
more radical species will be shown to be present. On the basis of changes in hyperfine splitting
signals in alkali with time, humic acid from the organic and eluviated horizons of a podzol wlere
shown to display at least five different radicals (15).
Reduction processes are probably more limited, the Eh of soil or peat generally lying between
0.8v and -0.4v. Chemical reduction causes disintegration of the humic acid molecule releasing
a range of phenolic substances and flavonoids (34). Methylation is required to stabilize these
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substances which otherwise rapidly react in air to form black polymers. As mentioned before,
methylation of humic substances can diminish the free radical signal and so it is not unexpected
that such reduction products display a much weaker EPR signal.
Hyperfine splitting has been interpreted in terms of particular structures. The three peak spectra
observed for fulvic acid (35) was interpreted as being the result of an oxygen-centred radical with
two adjacent equivalent hydrogen nuclei. In Haworths' humic acid four peak structure the
unpaired electron interacted with two non-equivalent H nuclei. These had splitting constants
(0.102 and 0.061 mT) not very dissimilar to two of the three non-equivalent protons observed by
Steelink (16), (0.28, 0.14, 0.07 mT), in an aquatic humic acid.
A resemblance of the humic acid signal to oxidation products based on the catechol structure has
been claimed (5). These are likely to be in fungal metabolites rather than structures derived from
lignin. Lignin and derived structures can show quite complex hyperfine signals (18) which are,
in general, too complex to account for those in soil.
The narrower line width obtained with fulvic acid than with humic acid in solution form can
possibly be related to molecular size. The uniform decrease in line width noted between pH 2 and
13 for fulvic acid (22,23) does not fit with the changes in molecular size as affected by
aggregation which occurs at pH 5-6, though this is the pH at which there is minimum spin
concentration. The proximity of other radical centres, such as transition metals, is known to cause
line broadening. It seems doubtful that metals can account for the differences in hyperfine
structure Howarth noted because of his pretreatment of the humic acids by refluxing with 6 M
HC1, which removed almost all the associated iron and other metal elements present (36).
The observation of hyperfine splitting can depend on the extent to which the electron is
delocalized. With some substances this may depend on the structural characteristics of the
molecule, the closeness of radical centres or the degree of substitution of a conjugated aromatic
system for example. Recently it has been suggested (37) that semiquinone radicals are only stable
under alkaline conditions and that in acid conditions the paramagnetic centres which exist are
related to conjugated bond systems involving % electrons.
Acid hydrolysis of isolated humic substances increases the concentration of the organic radical
in the residue (9,38). This is partly the result of the removal of carbohydrate, amino acids, phenol,
and aliphatic substances which have a low radical content, and iron, which may quench the
radical signal to some extent. Acid treatment, with 6 M HC1 for example, is capable of creating
melanoidin polymers of high molecular weight from the sugar and amino hydrolysis products
(36). For this reason a preliminary hydrolysis with hot water should be applied to remove much
of the carbohydrate (39), and this may avoid any confusion in attributing the source of the
radical. Melanoidins have also been found to contain stable organic free radicals (40,41) at similar
densities to those in humic substances and must be considered a possible source of some of the
naturally-occurring radicals.
Paramagnetic metal ion radicals
Electron paramagnetic resonance has been used to detect and characterize paramagnetic transition
cnetal ions of iron, copper, manganese, vanadium, chromium and molybdenum in soil
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components.
Copper
Divalent copper ion has a 3d9 outer shell electronic configuration and thus possesses a single,
unpaired electron usually in a d^.^ orbital. Resonance is anisotropic (i.e. varies with orientation
of the electronic orbital) and commonly occurring axial symmetry is designated as g„ (= gj) and
g l (= gx=gy) for signals arising when the field (B) is parallel and perpendicular to the principal
symmetry axis of the copper. Where low molecular weight complexes exist in fluid solution,
rapid tumbling may average out the anisotropic contribution resulting in a simplified isotropic
spectrum where the resonance is designated by g^.
Both common copper isotopes, 63Cu and "Cu, have nuclear spin (I)=3/2. Interaction with the
unpaired electron results in a splitting of the parallel and perpendicular components into 21+1 (=
4) hyperfine lines. The magnitude of the splitting being defined in terms of Awand A± (or AiJ0
for the isotropic case). A± is often small in relation to the spectral linewidth and thus the four
perpendicular resonances may not resolve.
When there is ligand bonding through nuclei with non-zero spin, such as HN (I = 1), further
splitting of the copper spectral components occurs giving rise to superhyperfine structure. Where
n magnetically equivalent ligands are present, each hyperfine line will be split into 2nl+l
superhyperfine components. These are often only resolved in the i. region of the spectrum.
Signals which can be related to copper are frequently seen in organic rich soils or isolated soil
fractions where interference from other elements such as iron or manganese has been lowered.
With a soil solution from a sewage-contaminated soil isolation of a copper spectrum was achieved
by subtraction of the signal from a manganese hexaqua complex using EPR software (Fig. 6).
Such manganese complexes commonly dominate soil solutions (42).
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Fig. 6 EPR spectra of
(a) a soil solution after ten-fold concentration
(b) solution of MnCl2
(c) difference spectrum, a-b
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Fig. 7 EPR spectrum of the copper complex of an acid boiled humic acid from a peat
Naturally occurring copper complexes in soil may differ from those created by the addition of
copper. It should be borne in mind that the process of isolation and preparation might cause
redistribution of elements and rearrangement of complexes.
Fractionation of an arable Countesswells series soil to obtain organic fractions (43) gave a humic
acid which, after acid treatment to enhance the signal, gave structure in the g l region of the
spectrum which resembled that of copper porphyrin. A similar spectrum was obtained from the
humic acid of a peat (44) and gives g and A values very similar to those obtained for a synthetic
complex formed by the addition of copper to a peat (45) (Fig. 7).
All these humic acids had been subjected to acid treatment by boiling with 6M HC1 or washing
with 1M HC1. The copper that remains in them is very strongly held and probably unavailable
to plants. It is also only a small proportion of the copper initially associated with the humic acid
(46). With such strong hydrolysis conditions it is justifiable to query whether synthesis of the
complex has occurred during the preparation. This may be so, but a cold acetone extract of a
raised bog peat displayed a Cu-spectrum showing 11 peaks corresponding to N superhyperfine
structure in the perpendicular region (46) and Cu signals with similar parameters (47) have been
reported in the humic acid from a Brazilian soil purified by cation exchanger resin, suggesting
that the complex does occur naturally.
Less strongly held copper in humic acid is associated more with oxygen ligands. Most complex
sites for unamended soil humic acids involve only oxygen. Boyd et al. (48) used N ligands to
react with his humic acid complexes allowing him to deduce from the change in g„ values that
oxygen groups had been displaced by the N ligand and hence that the copper was originally
complexed by oxygen-containing ligands. Similarly fulvic acid from unamended soils usually has
spectral parameters corresponding to Cu coordination by oxygen (43,44,47,49).
However, in some studies spectra have been interpreted as showing a minor involvement of N
ligands. For example, Senesi and Calerdoni (50) suggest that a complex with one nitrogen ligand
and three oxygen ligands is present in a Paleosol humic acid. Superhyperfine coupling as
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probably attributable to N in fulvic acids is reported from soils which have enhanced copper
levels as a result of sewage sludge disposal (51). But as the authors stress, care must be taken
in interpretation because any deviation from axial symmetry invalidates the interpretation of the
relationship between the g,, and A„ which is used as a diagnostic.
Direct evidence for nitrogen involvement could come from superhyperfine splittings, if these are
sufficiently well resolved. In most instances in samples without Cu enrichment they are not.
In a study of fulvic acid copper complex spectra (52) where copper had been added, solution
spectra showed g„ and A u values corresponding to a major site with 4 oxygen, together with
minor amounts of species with 1 or 2 nitrogen ligands. Treatment with a cation exchange resin
appeared to remove the IN species complex whereas when the resin treated solution was dried,
the 2N species was not observed. These effects were attributed to either a lack of resolution or
a rearrangement of ligands, which seems very unlikely. Dependence of interpretation of spectra
on A u and g„ values thus appears to be rather unsatisfactory. A reliable indication of the form
of nitrogen involvement depends on obtaining superhyperfine splitting in the g± region even
where copper has been enhanced.
Fulvic acid has been used as a model for dissolved organic matter in streams, lakes and the soil
solution. However, the polysaccharide component of the fulvic acid fraction, which binds metals
predominantly through oxygen ligands, most closely resembles the organic matter of the
complexes seen in the soil solution (42), supporting NMR data indicating that the model is
inappropriate (53).
Vanadium
Organic matter fractions isolated from soil (43) or peat (44) contain vanadium in oxovanadium
(IV) (V02+) complexes. These give rise to anisotropic spectra characteristic of axial symmetry
in which the perpendicular and parallel features are split into eight hyperfine components (I(v) =
7/2).
In the fulvic acid fraction of an arable soil, computer simulation of the spectra gave spin
Hamilionian parameters with average values of g,, 1.965 A„ 9.6 mT (43). These correspond to
values part way between VO2* in an oxygen environment and a nitrogen one. Addition of V0 2 t
to humic acid from the same arable soil fractionation displayed parameters consistent with the
V0 2+ group being held in an oxygen environment (54). McBride (55) observed that a small
proportion of the VO2* added to a fulvic acid displayed an 8 line isotropic solution spectrum
indicative of a 4N quadridentate complex. Usually, however, VO2* spectra parameiers indicate
complexes involving only oxygen (56,44) particularly where the vanadium has been added
(56,57,58). The parameters are consistent with a structure in which V0 2+ is coordinated to 4
oxygen ligand atoms lying in an equitorial plane.
VO2* in sludge amended soil humic acids was held in less covalent weaker ligand fields than
those in bog and peat humic substances (59).
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Mn2* ions produce sextet structures as a result of the interaction of unpaired electrons with 55Mn
nuclei (I = 5/2). A sextet signal from Mn2* dominates the soil solution (42).
The concensus of opinion is that in most instances the hydrated Mn ion Mn2*(H20)6 is bound to
humic and fulvic acids electrostatically by H bonding in octahedrally disposed ligands in outer
sphere complexes (69,56,61,62,43). An A value of 8.75 mT was obtained for a fulvic acid
manganese complex indicating an 86% degree of tonicity (44).

300
350
400
Magnetic Field mT
Fig. 8 (i) EPR spectrum of a fulvic acid
Forsyth fraction D from an arable soil
(ii) Simulated spectrum assuming an
environment of axial symetry

300
350
Magnetic Field mT

Fig. 9 EPR spectrum of a fulvic acid Forsyth
fraction C from an arable soil showing a
Mn(TJ) complex and an organic free radical

Molybdenum
Natural levels of molybdenum are too low to enable EPR signals to be detected from this element
but synthetic complexes have been formed with humic acid (57,63) and a soil polysaccharide.
With the humic acid, using ^Mo, (I = 5/2) the spectra have been interpreted as evidence of
Mo(V) and Mo(ITJ) (63). Stable molybdenum complexes of valency(IH) have not previously been
observed in natural systems.
Iron
EPR spectra usually arise from iron(m). The electronic energy levels are generally anisotropic
relative to the applied magnetic field. A summary of the range of g-values observed for the
principal types of spectrum from polycrystalline iron(III) is given in Fig. 10 where E represents
the rhombic components of the zero-field splitting tensors and D, the splitting of the energy levels
in zero-field. Sharp peaks are observed only if the electron experiences a discrete magnetic field.
Dipolar interactions with unpaired electrons on nearby paramagnetic ions lead to spectral
broadening.
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Fig. 10 A diagrammatic representation of typical EPR signals observed for Fe(in) in different
environments
EPR signals commonly observed in humic substances generated by iron components (43,44,47,64)
are:
g - 2.0 A broad signal which generally arises from species with a number of Fe1* ions in close
proximity. This signal was easily removed by hydrazine reduction (64). In conjunction with
Mössbauer studies it was suggested that iron was held in octahedral co-ordination on external
surfaces of humic and fulvic acid molecules.
g - 4.3 Fe3* in sites with high rhombic character. According to Griffith (65) Fe3* in octahedral
or tetrahedral; co-ordination shows resonance at g = 4.27 if it is distorted from cubic symmetry.
This is the iron signal most often seen in natural samples, in organic complexes (e.g. EDTA) and
in many inorganic systems such as clay minerals. In contrast to the resonance at g = 2 that
reported at 4.1 in a fulvic acid was resistent to treatment with chemical complexing agents and
to reduction (64) and was considered to arise from tetrahedrally or octahedrally co-ordinated Fe3*.
g = 5.9 This signal is of minor occurrence. It has been seen in sludge amended soil (59) landfill
compost (66) and a salt marsh humic acid (67) and corresponds to high spin Fe3* in a strong
crystal field with axial symetry, such as 4 nitrogen atoms in a planer configuration, as would be
found in a porphyrin structure. It was observed in the litter layer of a podzol (68) only after
treatment with 0.5M acetic acid suggesting that the iron had replaced mg in chlorophyll residues.
g = 8.5

Linked with g - 4.3.

Metals and the free radical signal
The addition of transition metals to humic substances result in a damping of the free radical
signal, (69) e.g. Fe (70). Various metals have different effects in the order Mn > Cu > Co > Al
> Ca = O (71). Zn, however, enhances the signal.
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Metals undergo reduction in the presence of humic substances particularly under acid conditions
as indicated in the following table of reduction potentials (72).
half reaction
v o 2 -» V0 2+
Hg2+^Hg°
Fe3* -> Fe2+
Humic acid
Fulvic acid
H* - » i/2H2

E°(V) at pH O
1.00
0.85
0.77
0.7
0.5
0.0

Wilson and Weber (72) argue that there is no direct relationship between the reaction of fulvic
acid with vanadium and the free radical content: the free radical signal does not decrease during
reduction of V(V) to V(IV) (VO2*) and published semiquinone contents would only be equivalent
to 10% of the element reduction.
EPR has been applied directly to soil horizons dominated by organic matter such as peats
(4,73,74) and litter layers under various tree species (75,76). An organic free radical is present
but usually signals from iron dominate the spectra at g = 4.3 and -2 and there are also signals
which can be attributed to manganese as Mn(H20) 2+ in an outer sphere complex.
Mössbauer Spectroscopy
Mössbauer effects in natural systems specifically relate to iron. Mössbauer spectroscopy is able
to distinguish between high spin Fell and Felll without interference from any other element and
it also provides information on the chemical nature of groups bound to the iron. The principal
parameters that can be obtained from a Mössbauer spectrum are (a) the isomer shift, 6 which is
a measure of the electron density at the nucleus of the absorber atom relative to a reference atom
and is dependent on the valence and coordination of Fe, (b) the quadrupole coupling constant,
A, and (c) the magnetic field, B (B^, effective magnetic field at the nucleus).
Quadrupole splitting is a measure of the principal component of the electric field gradient at the
iron nucleus and is made up of components from the electronic environment of the iron atoms
and from charges on surrounding atoms, i.e. by valence electrons and ligands.
Soil organic substances
Mössbauer spectroscopy coupled with electron paramagnetic resonance spectroscopy has been
used to elucidate the forms of iron associated with humic substances and soil extracts
(64,77,78,79,80,81).
The doublet spectra of iron humates have been interpreted as those of high spin ferric complexes
with polynuclear structure (82,83). Computer fitting of similar data (77) indicated the presence
of an additional doublet showing that the iron occurs in more than one environment.
Spectral data for an inceptisol were interpreted in terms of three Felll sites (64). One with EPR
resonance at g - 2, easily removed by reduction, was considered to be from Fe3* in octahedral
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coordination and one at g 4.1, stable to reduction, to tetrahedrally or octahedrally coordinated
Fe* The spectra obtained were rather weak with composite peaks and show the difficulties in
working with materials containing low natural levels of iron.
None of this data could be construed to show conclusively that iron was held in organic
combination in extracted humic substances because of the possibility of contamination with coextracted minerals and the ease of formation of finely particulate iron oxides and hydroxy
compounds. Dickson et al. (84) concluded that the Mossbauer spectra arose from inorganic
compounds within the humic acid of a calcareous soil and from hydrated ferrous ions associated
with the fulvic acid because the parameters obtained could equally well fit those of a number of
iron containing minerals such as poorly ordered iron oxides. Thus similar results have been
interpreted in terms of mononuclear complexes (64,85) complexes of cluster Fe 3 0 (82) and iron
hydroxy polymers (84).
Experiments involving the addition of "Fe to organic matter samples increased the sensitivity of
the method without having unnaturally high concentrations of iron present and also allowed
discrimination of contributions from coextracted mineral iron forms. Spectra of 57Fe fulvic acid
mixtures showed three components, two doublets and a sextet (13,^5.4-5.9D corresponding to
paramagnetic Fe(m), Fe(II) and magnetically dilute complexes, respectively (86). At 4.2k spectra
showed strong magnetic hyperfine structures with B^ - 47T typical of poorly chrystalline iron
oxides (86,87).

(a) Fe:FA ratio 1:100, pH 3.0

-•, r*>

(b) Fe:FA ratio 1:100, pH 7.0
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(c) Fe:FA ratio 1:5, pH 3.0
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(d) Fe:FA ratio 1:5, pH 7.0
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Fig. 11 Mossbauer spectra at 4.25k of iron fulvic acid solutions
At low temperature, iron oxide species show magnetic ordering whereas non-magneücally dilute
complexes would continue to produce doublet spectra. Goodman et al (86) therefore concluded
that most of the added iron was present as oxides. A small proportion of the iron is present in
non-magnetically dilute complexes which are thought to be organic complexes (87).
Mossbauer has been used to confirm the results of chemical analyses of iron-humic acid mixtures
which show reversible reduction of the iron from ferric to ferrous forms as the pH of the
suspension is changed (77). At pH 3.0 iron is present only in the ferric form. When the pH was
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decreased below 2 the spectra changed and exhibited an assymetrical doublet with a large A
characteristic of high spin ferrous ion. With fulvic acid, iron starts to become reduced at higher
pH, and ones commonly occurring in natural systems (86).
pH decreasing
pH 5.0

pH increasing
0.5

::

c
IM

Velccity (mm s
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)

Fig. 12 Variation of Mossbauer spectra at 77K with pH for iron fulvic acid solution
Such a difference between humic and fulvic acids would be predicted from the difference
observed in reduction potentials (72).
Various iron oxides and oxyhydroxides can be identified by Mossbauer spectroscopy from their
Brf values provided they are pure and well-crystallised (88). This usually means mat soil must
be fractionated.
In the characterization of iron in silicate minerals it is usually not possible to assign individual
components of a Mossbauer spectra to specific mineral species. The oxidation state of iron can
be identified from the isomer shift which is much greater for Fe2+ than for Fe*. Since the isomer
shift increases with the covalency of the bonding of the iron and this is usually oxygen in silicate
minerals, it is sometimes possible to determine the number of atoms bound to the iron; whether
the sites are octahedral or tetrahedral (88).
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Abstract
The use of pyrolysis-gas chromatography/mass spectrometry for investigating the organic matter
in whole soils, peats, and its isolated fractions, is reviewed. Data indicate that pyrolysis is not a
useful technique for whole soil studies due to the complex thermal reactions induced by the presence
of mineral matter, which considerably biases the structure of pyrolysis products. However, the
technique provides considerable information on the chemical structure of pure biomacromolecules
as well as on ash-free, isolated humic fractions. The application of recently introduced derivatization
methods in pyrolysis sheds more light on the functionalities of humic fractions, traditionally absent
in conventional analyses, as they are protected from thermal decarboxylation.

Introduction
. Pyrolysis is the thermal degradation of materials in an inert atmosphere, as opposed to
combustion, which is the burning of materials in the presence of oxygen or air. Two types of
pyrolysis can be distinguished: applied, and analytical pyrolysis. The former is usually a large-scale
operation aiming at the production of selected pyrolysis products of interest to the industrial field.
Analytical pyrolysis is considered as a small-scale analytical thermal degradation method which
is very useful for the chemical characterization of materials from their pyrolysis products. This
technique usually involves an integrated pyrolysis-analysis system which is carefully controlled to
produce reproducible results and which uses small (ng-^g range) amounts of samples. Although the
pioneer study on analytical pyrolysis was the identification of the isoprene unit in rubber in 1862,
most analytical applications of pyrolysis took place 80-90 years later [1].
Davison et al. [2] reported the first account of pyrolysis-gas chromatography (py-gc), and
suggested that pattern recognition based upon characteristic chrornatograms could be used for
identification purposes. Application of py-gc to soil materials was pioneered by Nagar [3]. He
compared the chrornatograms obtained from soil humic acids with those of a lignin and a fungal
melanin, and concluded that all chrornatograms contained a number of common components.
Since Nagar's work, a considerable number of studies have been accomplished in soil chemistry
by using py-gc or the most complete system: pyrolysis-gas chromatography/mass spectrometry (pygc/ms). With this method the volatile compounds evolved by flash thermal heating of complex
macromolecular materials can be conveniently separated and positively identified from their mass
spectra. This paper reviews the most significant contributions and discusses the scope and limitations
of py-gc and py-gc/ms analyses.
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Pyrolysis of whole soils and peats
The complex composition of soil organic matter makes it a potentially interesting material for
pyrolysis analysis. If, in addition, the extraction and separation of humic substances, the most
characteristic organic fraction of soils, is troublesome and time-consuming, it can easily be
understood that in the seventies direct analysis of soils was considered a promising technique full
of possibilities [4]. As far as is known, the first application of py-gc/ms to soils was done by
Simmonds et al. [5], who used the technique as a candidate experiment for the biological exploration
of Mars and pyrolysed a Californian desert soil containing 0.34 % C, as an example, from which
pyrolysis products from biomacromolecules were recognized (e.g. furans from carbohydrates, and
nitriles, pyrroles, pyrazine, pyridine, indole from proteins). The purpose of the experiment was to
perform an organic analysis of Martian soil with particular emphasis on the recognition of liferelated organic compounds [6]. The pyrolysis pattern of this desert soil was very different from those
obtained from forest or agricultural soils, in which a considerable proportion of lignin pyrolysis
products were usually found [7].
Based on the facility for recognizing marker compounds in organic materials,' py-gc was
considered an inexpensive technique for discriminating between types of humus of direct relevance
to agricultural practice [8]. A humification index was found to have a marked correlation with some
soil properties and climatic variables [9]. These correlations were done on the basis of a few
identified pyrolysis products, usually volatile, low molecular weight compounds such as furans,
pyrroles, and phenols, now considered as non-characteristic products of macromolecules which, to
some extent, limit the value of py-gc. Indeed, the presence of salts [10], minerals, and clays, etc.,
considerably influences the pyrolytic behaviour of organic materials, which biases the pyrolysis data.
Today, py-gc seems to be no longer applicable to the characterization of soil types from an
agricultural or taxonomie point of view, and is being replaced by py-field ionization-ms [11].
In recent years, attention was drawn to the potential of pyrolysis as a diagnostic technique for
evaluating soil contamination. De Leeuw et al. [12] employed flash evaporation/py-gc/ms as a fast
screening procedure for anthropogenic materials in environmental samples. Thus, a polluted soil
from Northwestern Netherlands, upon pyrolysis at 510 °C, revealed the presence of a suite of
anthropogenic compounds; the co-occurrence of cyanides, sulphur and unsubstituted polycyclic
aromatic hydrocarbons (PAH) suggested that the soil was polluted by compounds generated as byproducts in a coal gasification plant, which was previously located near the sampling site. In
addition, the presence of styrenes and phenyl esters pointed to a more recent type of pollution:
polystyrenes. Solvent extraction of the soil and subsequent gc/ms analysis permitted the
discrimination between evaporation (present in both extract and pyrolysate) and pyrolysis (present
only in the pyrolysate) products. Therefore, whereas PAH were evaporation products, cyanide and
styrene derivatives were pyrolysis products. Cyanides were suggested to be pyrolysis products from
more complex Prussian blue, produced during HCN fixation from the coal-produced gas.
The evaporation of organic compounds in inorganic and organic matrices was also proved in flash
thermal desorption of oil shales (358 °C), which yields a hydrocarbon mixture in some cases
chromatographically identical to that obtained by solvent extraction [13]. This flash thermal
desorption/gc is sufficiently rapid and reproducible to permit its use as a method for diagnosis of
petroleum-polluted soils.
Tao et al. [14] investigated the organic pollutants in agricultural soils from Tianjin area, China.
In the solvent extracts, alkanes, fatty acids, phthalate esters, PAH, chlorinated pesticides, triterpanes
and steranes were identified. It was concluded that the organic pollutants in soils from Tianjin have
an anthropogenic origin, and probably come from application of sludge and municipal refuse (made
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up mainly of household garbage and coal ash from heating systems) to soil. Considerable amounts
of lindane and DDT isomers were found in soils treated with sewage and sludge, as compared to
control soil and soils irrigated with clean water. The same soils were subjected to
evaporation/pyrolysis (unpublished data). The pyrolysates of these polluted Chinese soils yield series
of alkanes, alkenes, alkylbenzenes, alkyltoluenes, alkylnaphthalenes, and alkylbenzonitriles as major
compounds, and a few more heterocyclic compounds (furans, pyrroles, pyridines). No fatty acids,
chlorinated pesticides or triterpanes were identified. This can be interpreted as that solvent extraction
permitted concentration and identification of relatively small amounts of compounds present in soils
which are not evident in the minute amount of soil used for pyrolysis. Furthermore, as fatty acids
are decarboxylated under the pyrolysis procedure, only alkanes and alkenes can be identified.
Pyrolysis, therefore, is a biased technique which provides fast but incomplete information on the
organic matter of soils without extraction. A further example of this can be found in the pyrolysis
of an Alfisol fertilized/irrigated for 3 months a year for a period of 3 years with waste waters from
olive oil mills (a total of 1830 1/m2, equivalent to 77 k dry matter/m2). Table 1 indicates the major
series of compounds identified.
Table 1
Major series of compounds obtained in the pyrolysis of an Alfisol
Series
n- Alkanes
n- Alkenes
Fatty acids1
Alkylbenzenes
Alkyltoluenes
Alkylfurans
Alkylpyrroles
Alkylpyridines
Alkylindoles
Alkylquinolines
Benzenecarboxylic acids2
Methoxybenzenes2
Dimethoxybenzenes2

Conventional py

Py/methylation

Cg-C^g
Cg'C^s

Q-CM

Cl6> Ci8 : i, C 1 8

Q)"Cig
vervu
C0-C 3
C0-C 3
C0-C 4
CjrCs
C 0 -C 2
-

CITGJJ

(VC-28
Co"C2o
Q>~Ci7
CQ-C3

C 0 -C 5
C 0 -C 3
C 0 -C 5
CQ-C 2
C l t Cj
C,, Cj
C,, C2

'As free or methyl esters in conventional py and as methyl ester in py/methylation
C!, C2 indicate number of carboxyl groups in benzenecarboxylic acids or number of carbons in the
side chain of methoxybenzenes

2

Figure 1 a, b shows the TIC chromatograms obtained from both conventional and
pyrolysis/methylation from the soil which are remarkably different. Tables 2 and 3 indicate the
compounds identified. In conventional pyrolysis, alkanes, alkenes, alkylbenzenes, alkyltoluenes, and
benzonitriles were common and relatively important compounds. Also, series of alkylfurans,
alkylpyrroles, alkylpyridines, alkylindoles and a few benzenamide and quinoline derivatives were
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Figure 1. TIC chromatograms of an Alfisol. A: Conventional pyrolysis. B:
Pyrolysis/methylation. Peak numbers refer to Tables 2 and 3.
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Table 2
Pyrolysis products from the conventional pyrolysis of an Alfisol
Peak Compound

Peak Compound

1
2
3
4
5.
6
7
8
9
10
11
12
13
14

15
16
17
18
19
20
21
22
23
24
25
26
27
28

Benzenenitrile
Dimethylpyridine
o-Cresol
/>-Cresol
Methylethenylbenzenamide
Benzeneacetonitrile
Pentylbenzene
Methylpropylpyridine
Benzenepropanenitrile
Quinoline
Methylpurine
Indole
Methylquinoline
n-Tetradecane

Methylquinoline
/i-Pentadec-1-ene
/i-Pentadecane
Ti-Nonylbenzene
n-Hexadecane
n-Decylbenzene
n-Heptadec-1-ene
n-Heptadecane
Prist-1-ene
n-Octadecane
n-Hexadecanenitrile
rc-Hexadecanoic acid
rt-Octadecenoic acid methyl ester
n-Tricosane

Table 3
Pyrolysis products from the pyrolytic methylation of an Alfisol
Peak Compound

Peak Compound

1
2
3
4
5
6
7
8

11

9
10

Aminodimethylphenol
4-Methyl-1,2-dimethoxybenzene
Methylindole
4-Etheny 1-1,2-dimethoxybenzene
Dimethylindole
Methylquinoline
N,N-Dimcthy\-1,4-benzenediamine
Benzenedicarboxylic acid
dimethyl ester
Trimethylindole
3,4-Dimethoxybenzoic acid
methyl ester

12
13
14
15
16
17
18
19

69

3,4-Dimethoxybenzeneacetic
acid methyl ester
n-Tetradecanoic acid methyl ester
3,4,5-Trihydroxybenzoic acid
methyl ester + diketodipyrrole
Methyltetradecanoic acid
methyl ester
n-Hexadecenoic acid methyl ester
rc-Hexadecanoic acid methyl ester
/i-Octadecenoic acid methyl ester
n-Octadecanoic acid methyl ester
/i-Eicosenoic acid methyl ester

identified. Phenol, cresol, benzofurans, and a few fatty acids, free or methylated were also present.
The identification of prist-1-ene, diketodipyrrole and /i-hexadecanenitrile is notable. Prist-1-ene is
a pyrolysis product of tocopherol, diketodipyrrole of hydroxyproline, and the nitrile could be a
pyrolysis product of the reaction between palmitic acid and some nitrogen derivatives, which are
abundant in the soil. However, when the same soil was investigated by pyrolysis/methylation, a
recently-introduced method in pyrolysis studies in which the carboxyl and hydroxyl groups are
protected, the pyrolysis product pattern was extremely different. In fact, the major compounds
obtained were fatty acid methyl esters and relatively minor amounts of methylated benzenecarboxylic
and phenolic acids. From these data it is clear that pyrolysis of whole soils yields a pattern of
thermally altered compounds which in many cases are very different from the original ones. To
illustrate this, Table 4 shows the relative abundance of alkanes, alkylbenzenes and fatty acids in the
scan range 1300-2300. This range reveals the presence of Ci3-C18 alkanes, C6-Cu alkylbenzenes and
C10-C15 fatty acids, among others. Conventional pyrolysis increases the relative abundance of alkanes
and alkylbenzenes with respect to pyrolysis/methylation, which increases the fatty acids (as methyl
esters), and suggests that in conventional pyrolysis alkanes and alkylbenzenes series are
overestimated. Also, it was recently stated that pyrolysis of sodium salts of 12-hydroxy-octadecanoic
acid generates homologous series of alkan-7-ones and alken-7-ones with unsaturation in the wposition as major compounds. It was notable that benzene, toluene and other alkylbenzenes (e.g. 1phenylalkanes, 2-alkyltoluenes) were pyrolysis products formed by cyclisation and aromatisation of
a linear chain, which indicates that if an alkyl moiety contains at least one functional group,
alkylbenzenes can be formed via cyclisation and aromatisation reactions during pyrolysis [15].
Hydroxyfatty acids were identified in the ethanol-soluble fraction of soil humic acids [16, 17], and
their presence could support the formation of alkylbenzenes in soils and humic acid pyrolyses.

Table 4
Relative abundance (in %) of series of compounds in the scan range 1300-2300
alkanes
Conventional py
Py/Methylation

alkylbenzenes

20.6
3.1

10.6
3.4

fatty acids
0.3
15.5

Under pyrolytic methylation, the identification of oleic acid and other fatty acids conforms to the
expected, as waste waters from olive oil mills contain important amounts of such fatty acids, clearly
indicating that conventional pyrolysis of whole soils induces thermal decomposition of carboxylcontaining compounds which biases the real composition of organic compounds in soils.
Pyrolysis has also been applied to the study of peat profiles. Boon et al. [18] observed that the
deposit originally formed by ericaceous plants increased in humification from the bottom of the
deposit to a point half-way to the surface. The increase in humification was denoted by increases in
lignin and decreases in carbohydrate pyrolysis products. Less humified sphagnaceous residues which
characterize the upper parts of the deposit were correlated with an abrupt change in climate and
environment. This was represented by an increase in carbohydrates and by decreasing of lignins. The
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authors concluded that the technique can provide clues on the plant polymers and their fossil residues
in peats. In a subsequent paper, van Smeerdijk and Boon [19] studied a peat sample from a raised
bog, and selected the leaves of sub fossil Sphagnum mosses and the rootlets from Ericaceae heathers,
both the main contributors to this type of peat, by micromanipulation. It was found that the rootlets
of Ericaceae are an important source of aliphatic hydrocarbons, saturated and unsaturated
methylketones, 2,4-diketones, long-chain alcohols, fatty acids, sterols and a number of triterpenoids.
The main conclusion from the application of py-gc/ms to soils and peats is that the technique is
very valuable when used at the molecular level for investigating organic components in organic soils
or plant debris, however due to analytical limitations in both the pyrolysis and chromatographic
systems and to unwanted reactions, its value as a technique for discrimination or classification in
soils is very restricted, if not useless.
Pyrolysis of plant materials
The higher potential of analytical pyrolysis is provided in the analysis of complex
biomacromolecules, refractory to conventional chemical analyses, from which the technique is able
to give considerable structural information.
Pyrolysis-gc/ms studies of cellulose [20], chitin [21], proteins [22], lignins [23], and aliphatic
biopolymers [24] have been reported and discussed in literature, and these data have been
exhaustively used in the investigation of the pyrolysis behaviour of more complex materials, such
as laminated microbial ecosystems or microbial mats from lakes [25], sediment-buried woods [26],
and'fungal degraded lignins [27] and wood [28]. Also this basic information is of the utmost
importance for resolving the complex pyrolysates of humic substances.
An example of the possibilities of the technique is shown in Figure 2. This presents the gas
chromatograms of the pyrolysates of a sound spruce lignin, and the same after degradation by the
white-rot fungus Coriolus versicolor. Table 5 lists the compounds identified. The distribution pattern
of the pyrolysis products encountered in the lignin degraded by the fungus is very different from the
pattern observed in the sound lignin. Major components in the biodegraded lignin are guaiacol,
acetoguaiacone, methyl vanillate and vanilloyl methyl ketone. Other important compounds were
ethenylguaiacol, vanillin, propioguaiacone and vanillic acid. The total absence of coniferaldehyde
and fra/tf-coniferyl alcohol and the presence of vanilloyl methyl ketone and vanillic acid among the
pyrolysis products of the fungal degraded lignin is good evidence for the oxidation of the C3-alkyl
chain at the C a and CB positions [27]. This type of process has been documented in the
decomposition of wood in soil (humification process) to yield humic substances [29].
Py-gc/ms was also used to characterize softwood, hardwood and grass lignins as.well as the
corresponding synthetic dehydropolymers (or synthetic lignins). The method permitted differentiation
of the three type of lignins. Softwood lignins yielded exclusively guaiacyl derivatives,
coniferylaldehyde and coniferyl alcohol being major compounds. Hardwood lignins gave rise to
guaiacyl and syringyl derivatives, among which syringaldehyde, coniferyl alcohol and sinapyl alcohol
were the most prominent compounds. Grass lignins yielded p-vinylphenol as the major compound.
In addition, other guaiacyl and syringyl pyrolysis products were identified. The results indicated that
guaiacyl and syringyl compounds are unique pyrolysis products of lignins and woods, and because
of the relavitely high resistance these pyrolysis products were considered as characteristic biomarkers
for terrestrial plant input [23].
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Figure 2. Gas chromatograms of lignin pyrolysates. A: Sound spruce lignin. B: Biodegraded
lignin. Peak numbers refer to Table 5.
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Table 5
Pyrolysis products of lignins
Peak Compound

Peak

Compound

1
2
3
4
5
6
7
8
9
10
11
12
13
14
15

16
17
18
19
20
21
22
23
24
25
26
27
28
29
30

Acetoguaiacone
Unknown
Dichlorodimethoxybenzene
Methyl vanillate
Guaiacylpropanone
Guaiacyl derivative (C3H5O)
Propioguaiacone
Vanilloyl methyl ketone
Vanillic acid
Homovanillic acid
m-Coniferyl alcohol
Coniferaldehyde
Dihydroferulic acid
fra/u-Coniferyl alcohol
Dialkyl phthalate

Phenol
o-Cresol
p-Cresol
Guaiacol
Methylmethoxyphenol
Methylguaiacol
D ihydroxy benzene
Ethylguaiacol
Vinylguaiacol
Eugenol
Propylguaiacol
Vanillin
dj-Isoeugenol
Homovanillin
fra/u-Isoeugenol

Pyrolysis of humic substances
The first work in which gc/ms was applied to the analysis of soil fulvic and humic acid
pyroly sates was that of Wershaw and Bohner [30]. They identified 31 volatile and relatively low
molecular weight compounds, some of them assigned.to the carbohydrate moiety. Simple aromatic
compounds (e.g. benzene, toluene, phenol, cresol, indene and naphthalenes) were related to simple
or fused aromatic rings, to which aliphatic hydrocarbons were attached.
Martin [31] also studied fulvic and humic acids by py-gc. Twenty two low molecular weight
compounds were identified, mainly aliphatic hydrocarbons and a few furan derivatives and
aromatics. The furan derivatives were assigned to polysaccharides which disappeared in the
pyrolysates of the acid-hydrolysed humic samples.
To arrive at the current basic information used in pyrolysis studies today, fundamental works were
done in the late seventies by pyrolysing soil polysaccharides, proteins, lignins, fulvic and humic
acids [32, 33], in which more than 150 pyrolysis products were properly identified from their mass
spectra and related to the parent biomacromolecule which they came from. Due to the use of packed
columns and other analytical limitations, at that time, the potential of the technique for providing
structural information was not fully developed, however, some of thefindingsof these works were
further corroborated by modern instrumentation [7].
Considerable efforts have been made over the last decade to understand the chemical nature of
humic substances in terms of evolved pyrolysis products. A critical appraisal of the concepts,
theories and pyrolysis developments of humic substances from the fifties to the nineties has recently
been published [34]. A comprehensive study of different soil humic'fractions was reported by Saiz-
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Jimenez and de Leeuw [35] in which up to 322 compounds were identified in the pyrolysates. These
compounds were related to the original material in most cases. A survey was done on the main
groups of compounds identified in soil polysaccharides and in the different humic fractions. More
specific studies on soil polysaccharides, fulvic acids and polymaleic acid aiming at establishing the
structural relationship between them were also accomplished [36]. In the light of the data produced
it was concluded that the major pyrolysis products encountered in humic fraction pyrolysates were
also observed in lignins and polysaccharides, and that no evidence of a condensed ligninpolysaccharide structure was apparent. Taking into account the pyrolysis products, there is no need
to assume that humic substances are generated by condensation reactions of lipids, carbohydrates,
amino acids, etc. On the contrary, mixtures of more or less biodegraded macromolecules and low
molecular weight compounds explain the pyrolysis data very well [35]. It was also stated that the
different chemical compositions of the humic fractions were probably determined by the solubility
of the individual components (e.g. polyphenols substances such as lignins dissolve in alkali but
precipitate on acidification; most polysaccharides'remain in aqueous solution; lipids do not dissolve
in water but do in ethanol; lipoproteins, glycolipids, glycoproteins, etc. will end up in almost any
fraction, etc.).
Detailed studies on the most resistant part of humic acids (hydrolysed or persulphate oxidized
residues) revealed that aliphatic biopolymers, similar to those encountered in plant cuticles, could
be part of this humic moiety [37, 38]. Figure 3 shows the pyrolysis-gas chromatogram of the
resistant moiety of a Typic Xerochrept humic acid composed of triplets of «-alkanes, n-alk-1-enes
and a,w-alkadienes, which were suggested to be characteristic of polyethylene polymers [24, 39].
Recently, Schuiten et al. [40], found alkylbenzenes, -naphthalenes and -phenanthrenes as major
compounds in pyrolysates of Canadian soil humic acids. However, these compounds are apparently
minor in European soil humic acids [37, 38]. Schuiten et al. [40] proposed that the alkylaromatic
compounds found in the pyrolysates of humic acids represent building blocks which are released
during low-temperature thermal degradation from an alkylaromatic structural network.
Whilst for Schuiten et al. [40] the alkylaromatics are significant structures in humic acids, for de
Leeuw and Hatcher [41] this structural model is incorrect and misleading. These authors considered
that the data discussed by Schuiten et al. are highly biased and not at all representative of the humic
acids analysed. They support such inferences on the basis that the pyrolysis products only represent
a minor part of the whole matrix, and that no oxygen-containing products are identified amongst the
pyrolysis products of the humic acids. Furthermore, the pyrolysis data do not conform to previous
NMR data, which clearly reveal a great deal of carboxyl groups in the humic acids studied.
In a subsequent paper, Schuiten and Schnitzer [42] reported a more complete version of the
previous basic skeleton [40], in which oxygen, hydrogen, and nitrogen atoms have been inserted.
Oxygen was included as carboxyls, phenolic and alcoholic hydroxyls, carboxylic ester and ethers,
and nitrogen in heterocyclic structures and nitriles. However, the model proposed by Schuiten and
Schnitzer [42] is still questionable, as most of the building blocks represented are not natural
compounds, but compounds transformed through secondary thermal reactions, (e.g. furans, nitriles,
N-heterocyclic structures, etc.) or, in other words, a model can not be proposed on the basis of
drastically altered thermal compounds, but on the original ones.
According to previously discussed investigations, Table 6 shows the plant components identified
(as evaporation or pyrolysis products) in soil humic substances. From this Table it is obvious that
only recognizable microbial and plant materials with a well established origin have been identified.
This is a consequence of the direct incorporation of biomacromolecules into soils. In fact, certain
types of biomacromolecules (uronic acids, proteins, tannins, lignins, melanins, etc.) or their slightly
microbially modified degradation products, have similar solubility behaviour and, therefore, are
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B

Figure 3. A: Pyrolysis gas chromatogram of a Typic Xerochrept humic acid after persulphate
oxidation and hexane extraction. Curie temperature 770 "C [38]. B: Pyrolysis gas
chromatogram of polyethylene. Pyroprobe temperature 700 'C, as per Wampler and Levy [39].
C17 indicates n-heptadecane in the homologous series of hydrocarbons.

Table 6
Major classes of compounds and biomacromolecules identified in soil humic substances
Class of compounds

Possible origin

References

Aliphatic hydrocarbons
Alkanes
Alkanols

Microbial/plant/pollutant
Microbial/plant/pollutant

33-38
16, 17

Aliphatic acids
Fatty acids
Hydroxy fatty acids
Dicarboxylic acids

Microbial/plant/pollutant
Microbial/plant/pollutant
Microbial/plant/pollutant

16,38
16, 17
16,43

Alkylaromatics
Alkylbenzenes
Alkylnaphthalenes
Alkylphenols
Dialkyl phthalates

Pollutant/artifact
Pollutant/artifact
Microbial/plant
Pollutant

33,
33,
33,
35,

Aromatic hydrocarbons
PAH

Pollutant

38, 40, 43

Aromatic acids
Benzenecarboxylic acids
Phenolic acids

Microbial/plant
Microbial/plant

46,47
46,47

Other hydrocarbons
Tocopherols
Chlorophylls
Terpenoids
Steroids

Microbial/plant
Microbial/plant
Microbial/plant
Microbial/plant

38
38
35,38
38

Biomacromolecules
Waxes
Polysaccharides
Proteins
Lignins
Aliphatic macromolecules1

Plant
Microbial/plant
Microbial/plant
Plant
Microbial/plant

48
33,36
35
33, 35-38
7, 37, 38

1

35, 38, 40
35, 38, 40
36-38
44, 45

Highly aliphatic polymers with long alkyl chains (sporopollenin, algaenan, cutan and
suberan)
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incorporated into humic extracts. These materials comprise a major portion of the humic substances
found in many soils [43]. Accordingly, in the light of current knowledge, the bulk of the humic
molecule can be considered as a mixture of every class of plant and microbial materials potentially
preserved in the environment and to which pollutants can be adsorbed. Most of them can be
identified as such or as their pyrolysis products.
Limitations of pyrolysis studies
Analytical pyrolysis, widely used over the last decade, can cause drastic modification of the
original building blocks which may lead to incorrect conclusions on structure. In fact, the most
biased tendency has been to consider pyrolysis products as building blocks of the macromolecule in
the same way as the reaction products were in oxidative degradation, many years ago.
In recent years it has been considered that analytical pyrolysis can provide important clues for
understanding the chemical structure of complex macromolecules [7, 24], however it appears that
there is a need to correctly scrutinize the information generated by this technique regarding humic
substances, as in some cases misleading inferences have been made. This can be exemplified in the
pyrolysis of some well-known biomacromolecules such as polysaccharides, proteins, lignins, etc.
Pyrolysis of plant and soil polysaccharides [10, 20, 35, 36] results in complex pyrolysates
containing a wide variety of volatile, relatively low molecular weight compounds and some other
compounds, mostly anhydrosugars. Several classes of compounds have been identified in cellulose
pyrolysates. They are represented by carbonyl compounds, mainly aldehydes and ketones of different
chain length, acids, furans, pyranones, anhydrosugars and phenols, which include phenol, cresol,
benzenediol, hydroxybenzaldehyde and dihydroxyacetophenone [20]. Therefore, a wide range of
pyrolysis products, many of them originated from secondary reactions, is formed from the original
glucopyranose units.
Pyrolysis of proteins presents even more complex pyrolysates than those encountered in
polysaccharides. In this case the range of pyrolysis products is increased as the variety of building
units or amino acids is also increased. As opposed to polysaccharide studies, protein or peptide
pyrolysis exhibits a high number of unknown compounds, some of which have recently been
identified [22, 25, 49].
Relatively low molecular weight pyrolysis products from individual amino acids have been
identified in pyrolysates. Boon [25] identified side chain portions of the main peptide backbone
which are specific to individual amino acids, such as indole and methylindole (from tryptophan),
toluene, ethylbenzene and benzonitrile (phenylalanine), phenol and cresol (tyrosine), 2-methylbutanal
(isoleucine), 3-methylbutanal (leucine), 2-methylpropanal (valine) and methanethiol (methionine).
Complex series of pyrolysis products have also been identified in pyrolysates of proteins [22],
namely alkylpyrrolediones and -pyrrolidinediones. They are cyclisation products of the aliphatic
amino acids alanine, leucine, isoleucine, and valine, all of which appear combined in groups of two
in the proteins.
Lignin is perhaps one of the best biomacromolecules to study by pyrolysis. Several papers
investigated its pyrolysis products in detail together with their significance as biomarkers [23, 27].
Also, parallel studies on natural and synthetic lignins were carried out [27]. Briefly, pyrolysis of
lignins yields a variety of products derived from p-coumaryl, coniferyl or syringyl alcohol units,
depending on the type of lignin. Although these precursor phenols can be found in the pyrolysate,
thus representing primary pyrolysis products [23,27], many other compounds represent intermediate
steps in thermal degradation. Therefore, from the most simple compounds, such as phenol, guaiacol
and 2,6-dimethoxyphenol, in which the propenyl side chain was split off, to the most complex
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precursor units, the above-mentioned alcohols, a range of compounds with thermally modified
functionalities, can be identified in lignin pyrolysates. However, low molecular weight compounds
resulting from extensive thermal degradation are also found in the pyrolysates (e.g. methane, carbon
dioxide, acetone, acetic acid, benzene, toluene, styrene, phenol, cresol, etc.).
It has been demonstrated that in general the structures of pyrolysis products from polysaccharides,
proteins, and lignins are very different from those of parent units, and no characteristic pyrolysis
products can be considered to be true building blocks, apart from the peculiar case of precursor
alcohols in lignins. The examples considered clearly illustrate the complexity of pyrolysates obtained
from macromolecules with many different units. This complexity is even higher in humic substances,
and therefore it is suggested that pyrolysis presents inconsistencies for chemical studies.
Interpretation of the chemical nature of complex biomacromolecules in the light of information
provided by pyrolysis products is, at least, hazardous.
On the other hand, one of the most intriguing facts in humus chemistry is the finding of
benzenecarboxylic acids in fulvic and humic acids upon chemical oxidations [44, 45], and in fulvic
acids by column fractionation [50], which were not further apparent in other degradative methods,
including pyrolysis. The presence of carboxyls groups was, however, evidenced by NMR [51, 52],
and, therefore, data obtained from analytical pyrolysis [32-38] do not conform to NMR data as far
as functional groups are concerned.
In pyrolysates of fulvic and humic acids, no carboxylic groups are found other than those of a few
fatty acids (mainly the C16 and C18 members), and rarely benzoic and vanillic acid [36]. The fatty
acids are mostly believed to be evaporation (and not pyrolysis) products, as they can be extracted
by organic solvents or chromatographically resolved at low temperature pyrolysis [38]. These fatty
acids cannot account for the high carboxylic carbon resonances observed in NMR studies. In a few
cases these acids were identified in the pyrolysate as methyl esters, which was attributed to
methylation produced by the methanol used to suspend the sample and to apply it on the wire [36].
It was suspected that conventional chromatographic conditions do not evidence the carboxylcontaining pyrolysis products. This was proved in a previous paper [53] where solvent extraction
vs analytical pyrolysis was applied to environmental samples. In fact, a complex mixture, in which
fatty and dicarboxylic acids were the most abundant compounds, was resolved by solvent extraction,
subsequent methylation and gc/ms analysis, but a completely different pattern was obtained upon
pyrolysis for the same samples, as the series of alkanes and alkenes predominated. It was suggested
that carboxylic acids decarboxylated upon pyrolysis, yielding the corresponding alkanes and alkenes,
which is the reason why structural units containing carboxyl groups are missing.
Possible solutions to pyrolysis studies
In an attempt to overcome some of the problems envisaged in pyrolysis, attention was recently
drawn to the method proposed by Challinor [54], which consists of simultaneous pyrolysis and
derivatization with tetramethylammonium hydroxide (TMAH).
Mulder et al. [55] applied the method to the study of phenolic acids, whether free or in complex
biological matrices. Whilst pyrolysis resulted in decarboxylation of the acid in /7-coumaric acid,
pyrolysis/methylation prevented decarboxylation by protecting carboxyl groups. Also, protection of
the hydroxyl group was accomplished. It was concluded that TMAH treatment of different plant
materials (e.g. sporopoUenin, MWL lignins) containing phenolic acids produced methylation of
aliphatic carboxylic, phenolic hydroxyl, and aryl hydroxyl groups. Treatment of ^-coumaric acid
originated a double-methylated product which stabilized the structure of this compound. It was also
suggested that a quantitative conversion to methylated compounds was produced as no evidence of
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non-methylated phenolic acids was found.
De Leeuw and Baas [56], however, stated that in pyrolysis/methylation one has to discriminate
between pyrolysis products sensu stricto and products resulting from bond breaking induced by
chemical reagents at elevated temperatures. This was supported, for instance, in the
pyrolysis/methylation of a tomato cutin sample. The major compounds were dimethoxymethyl esters
and monohydroxy-monomethoxymethyl esters. Products with mid-chain and/or terminal double
bonds were minor compounds. The virtual absence of these latter compounds, which were the
dominant products generated by conventional pyrolysis and the abundant presence of methoxy and
hydroxy compounds, showed that pyrolysis did not occur, or only to a minor extent. De Leeuw and
Baas' opinion is that most of the products obtained can be explained by assuming a hydrolysis
reaction followed by quantitative methylation of the fatty acid moieties.
In the light of the previous data, pyrolysis/methylation seems a candidate technique of potential
interest to be applied to the study of the structure of humic substances. In a first attempt to apply
pyrolysis/methylation to the chemical characterization of humic fractions, Saiz-Jimenez et al. [46]
investigated an aquatic fulvic acid and compared the data with those obtained by conventional
pyrolysis. Similar classes and range of compounds were obtained in both cases, however, whilst in
conventional pyrolysis free fatty acids in the range of C10-C18 were identified, in
pyrolysis/methylation the range was Cg-C18, but as their methyl ester. The most significant fact was
the identification of furancarboxylic acids, benzenecarboxylic acids, and aliphatic dicarboxylic acids
as their respective methyl esters in the methylated pyrolysate (Table 7).
In this aquatic fulvic acid the most characteristic signature was the abundance of lignin-derived
phenols, amongst which the p-coumaryl, guaiacyl and syringyl series were distinguished. The
identification of derivatives from the three lignin units agrees with the nature of the lignin
synthesized by the autochthonous vegetation, grasses and gramineous being the dominant plants. The
presence of 3,4,5-trimethoxybenzoic acid and benzenecarboxylic acids was interesting as they
represent final steps in the oxidation of side chains in lignin units through microbial degradation.
Benzenecarboxylic acids and their methyl and methoxy derivatives have been identified in terrestrial
fulvic acids by using non-destructive methods [50], and their presence in the aquatic fulvic acid is
not surprising as this fulvic acid mostly originates from run-off of soil materials after a heavy
rainfall period [57].
When pyrolysis/methylation was applied to fulvic acids from a meadow soil, Typic Xerochrept,
and a podzol soil, Haplaquord, extended series of fatty acids (from C4-C30), dicarboxylic acids (C6C26) and benzoic, benzenedicarboxylic and benzenetricarboxylic acids, were obtained. It is worth
noting that phenolic and benzenecarboxylic acids constituted a significant part of the aromatic
pyrolysis products in podzol fulvic acid, but on the contrary, a low number of lignin phenols were
identified in this fulvic acid. The reverse was true for the meadow fulvic acid. It was speculated that
lignins have to some extent completed their microbial oxidation before accumulating in the \
horizon of the podzol soil, whilst the fulvic acid isolated from the A horizon of a meadow soil
contains lignin units in different decomposition stages, from which the basic C6-C3 unit can still be
traced [47]. Similar series of fatty acids, dicarboxylic acids and benzenecarboxylic acids were
observed in pyrolysates of humic acids [43].
It seems appropriate to briefly comment on the significance of the finding of benzenecarboxylic
acids in the light of the structural scheme proposed by Schnitzer and Khan [44]. The results indicated
that pyrolysis/methylation protects the carboxylic groups and also some hydroxyls groups
(methylation was not complete). These data basically agree with previous papers on
pyrolysis/methylation of plant constituents [46, 47], but the extent to which evolved compounds
represent pyrolysis products or hydrolysis and subsequent methylation products is still unknown. The
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Table 7
Pyrolysis products of aquatic and terrestrial fulvic acids

Series

Conventional Py
range

Py/methylation
range

c 6 - c34
C g ' C33

c8 -Ca,
c8 " Q7
c8 " Q Ó
c8 - C10

Aliphatic compounds
/i-Alkanes
n-Alk-1-enes
n-Fatty acids"
a,w-Dicarboxylic acidsb

C6 - Ci8
-

Aromatic compounds
Alky lindenes
Alkylbenzenes
Alkylnaphthalenes
Alkylphenols
Alky lmethoxyphenol s
Alkyldimethoxyphenols
Benzenecarboxylic acidsb'0,d
Phenolic acidsb'c'd
Dialkyl phthalates

C0 - C2
Co • C2o
C0 - C4

c 0 - c4
c 0 - c3
c 0 - c,

c,
c,

C2, c 4 , c.

Q> • Qi
C0 - c 5

c0 - c4
c 0 - c3
Co - C2
Cii C2, C3

c,
C2, C4, Cg

Heterocyclic compounds
Alkylfurans
Alkylbenzofurans
Alkylfurancarboxylic/dicarboxylic acids"
Alkylthiophenes

C0 - C3

Co - C2

c0 - c4

c0 - c 2
C 0 - C2

Co - C->

c0 - c3

* In conventional pyrolysis fatty acids are identified as free acids. In addition the series of C14-C18
is also found as methyl esters. These appeared in conventional pyrolysis because of the methylation
produced by methanol used to deposit fulvic acid on the wire.
b
As methyl esters
c
Range denotes number of carboxylic groups.
d
Benzoic acid and vanillic acid methyl esters are also identified in the soil fulvic acid due to the
process described in *
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question arises as to whether benzenecarboxylic acids are present as such in the humic matrix
(hydrogen-bonded structure suggested by Schnitzer and Khan [44]) and released by thermal
desorption/pyrolysis once the carboxylic groups have been protected, or are released upon hydrolysis
(a reaction suggested by de Leeuw and Baas [56] in pyrolytic methylation). In this respect it is worth
mentioning that Schnitzer and Neyroud [57] stated that fatty acids are esterified to hydroxyl groups
of phenolic acids. One could hypothesize that the identification of substantial amounts of aliphatic
carboxylic, benzenecarboxylic and phenolic acids, as compared with conventional pyrolysis, could
support this inference. Alternatively, in the case of a hydrogen-bonded structure, methylation and
thermal evaporation of released benzenecarboxylic acids will yield similar products. Therefore, no
conclusive information on the type of linkage of benzenecarboxylic acids, if any, can be discerned
at this stage from pyrolytic methylation.
In the past, benzenecarboxylic and aliphatic dicarboxylic acids recovered upon oxidative
degradations were considered to be the result of oxidative reactions on aromatic nuclei highly
substituted by crosslinking aliphatic side chains [4], and the benzenecarboxylic acids were considered
as useful guides to the chemical structure of the original humic acids [44]. Subsequently, Schnitzer
[45] hypothesized that benzenecarboxylic and phenolic acids recovered as degradation products of
fulvic and humic acids could have originated from more complex aromatic structures or could have
occurred in the initial humic materials in essentially the same forms in which they were isolated. The
isolation of such compounds from fulvic acid by nondegradative methods [50], and the data reported
herein, support the latter statement.
Pyrolysis/methylation corroborates the presence of benzenecarboxylic, phenolic, fatty and aliphatic
dicarboxylic acids in the humic fractions, which become apparent in pyrolysis following protection
of carboxylic and phenolic groups and would represent pristine structural units, as no formation of
such products as artifacts, under thermal treatment, is expected. However, preliminary results of
pyrolysis/methylation of standard phenolic and benzenecarboxylic acids demonstrated that some
decarboxylation is produced in the process, which represents a minimal loss of information vs
information gained. This emphasizes, however, that basic research on the method is needed.
By comparing the data obtained by pyrolysis/methylation vs conventional pyrolysis both in whole
soils and in humic fractions, it is demonstrated that pyrolysis, as traditionally performed, is biased
by the thermal degradation of functional groups into macromolecules, mainly carboxylic acids, thus
concealing useful information on the chemical nature of humic substances and the biodegradation
processes of organic matter leading to building blocks. Therefore, statements formulated on the basis
of conventional pyrolysis products miss an important part of the molecular components (see Figure
1 and Table 4), which considerably reduces the validity of recently proposed models [40, 42].
Concluding comments
Finding new data by analytical pyrolysis of humic substances could mistakenly lead to the
conclusion that the technique is able to solve structural uncertainities or be the panacea for structural
studies. Although pyrolysis has considerable potential for determining the chemical nature of
relatively simple polymers (e.g. polystyrene), or alternatively being used as an evaporation method
for analysis of some compounds present in complex matrices, its application to macromolecules
should be undertaken with care. This technique is a double-edged sword as it can lead to errors if
not accompanied by cautious study of the thermal behaviour of the structural units, as cyclisation
and aromatisation from aliphatic precursors have been reported.
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Electron Microscopy Techniques Applied to Soil Organic
Matter and Soil Structure Studies
Y. Chen. Department of Soil and Water Sciences, Faculty of Agriculture,
The Hebrew University of Jerusalem, P.O.B. 12, Rehovot 76100, Israel.
Abstract. Effective techniques have been devised in many fields for dealing with the
microscopy of porous materials. These range from double-casting techniques for replicating
both the grain and pore structure of rocks and soils, to the method of conjugate surface
analysis. Quantification techniques range from the straight-forward application of particle
size analyzers with high contrast images, to the much more sophisticated methods of
computer-controlled video image analysis. It is hoped that researchers in the various fields
which deal with porous structures will benefit by learning what has been effective in quite
different disciplines than their own and thereby advance their understanding of their own
areas. Achievements already obtained by these methods and their relevance to spil science
are reviewed.
1. Introduction. Modern soil micromorphology is in the process of a slow transformation
from a predominantly descriptive specialization in soil science toward an analytical one.
Both chemical and morphological quantitative data are being acquired, mainly on materials
in thin sections. The light microscope is still the first and principal instrument for acquiring
data, followed by various types of electron microscopes (Bisdom et al., 1990).
Since soil micromorphology is becoming more and more involved in studies on soils
as a porous medium in relation to their physical properties, the need to produce quantitative
data usually from very heterogeneous soil materials is rapidly growing. Sample selection,
sample preparation as well as high-tech instrumentation and computation capability are
involved in modern micromorphology.
The last two decades have seen publication of a large number of review books and
summary articles in the field of microcharacterization of soils. A partial list of these
includes books edited by: Rutherford (1973); Holt et al. (1974); Smart and Tovey (1981,
1982); Bullock and Murphy (1983); Bisdom and Ducloux (1983); Douglas (1990). In
addition, many review articles have been published (e.g. Gibbon, 1984; Whalley, 1985;
Bisdom et al., 1990; Tovey et al., 1992).
Of special value is the detailed description of laboratory techniques for handling soil
samples: drying, impregnation, thinning, fracturing, sectioning. Moisture is an essential
factor determining soil structure, as well as that of many other porous materials. When
water is removed, it is likely that undesired alteration of their structure will result.
Literally, a large number of methods have been proposed for dealing with this problem,
including the examination of extremely rapidly frozen samples on a frozen state at a cooling
stage. Depending on the particular sample being examined, it may be possible to avoid that
instrumental extreme and the potential for artefacts inherent even in that technique (Gibbon,
1984). Smart and Tovey's (1981) broad review of the methods that have been proposed
covers essentially most of the suggested alternatives for sample preparation. Therefore,
only some of them, specifically those of importance to soil and soil constituents structure
studies, will be described.
The aim of this paper is: (i) to provide a brief review concerning existing techniques
that are, or could be, of interest to soil micromorphological studies; (ii) to discuss methods
of major importance for soil structure studies by scanning electron microscopy (SEM) and
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transmission electron microscopy (TEM or HRTEM - high resolution TEM); (iii) to review
major observations made using quick freezing and freeze-drying techniques on the structure
and macromolecular shape of humic substances, soil pores affected by various exchangeable
cations, soil crusts and soil aggregates.
2. Micro techniques used in soil micromorphology. Available techniques for soil
micromorphology have been recently reviewed by Bisdom et al. (1990). Most techniques
that can be used by soil micromorphologists are indicated in Fig. 1. Much work still
remains to be done in these fields, especially because many techniques are still in an
experimental stage.

CHEMICAL and
MICROCHEMICAL

MORPHOLOGICAL
and IMAGING

NMfl, ESR

LM. LI, IA

UM

EDXRA, WDXRA
XRD, XFS, PIXE
SR-XRF

CT. MRG. EDXRA.
WDXRA

TEM. SEM.STEM
HVEM, Al
AES.ESCA(XPS)
UPS
SIMI
SIMS. LAMMA

Fig. 1. Analytical and imaging technique arranged according to measured electromagnetic
radiation, electrons and ions (after Bisdom et al., 1990).
When sample preparation and selection procedures have been done, a variety of
techniques, instruments and machines can be chosen to study solid matter. Traditionally,

thin sections, as well as unhardened peds, aggregates, minerals, plant fragments, etc., have
been studied using the light and electron microscopes.
Bisdom et al. (1990) summarized these methods and instruments in Fig. 1 and the
following Tables 1 and 2. The instruments listed are only a few of the technical
possibilities. Techniques or methods have been subdivided into chemical-microchemical
(Fig. 1 and Table 1) and morphological-imaging (Fig. 1 and Table 2).

Table 1. Chemical and microchemical techniques (after Bisdom et al., 1990).
NMR
IS
US
EDXRA
XFS
SR-XRF
AES
ESCA
SIMS

Nuclear Magnetic Resonance
Infrared Spectroscopy
Ultraviolet Spectroscopy
Energy Dispersive X-Ray
Analysis
X-ray Fluorescence
Spectroscopy
Synchrotron Radiation X-Ray Fluorescence
Auger Electron Spectrosocpy
Electron Spectroscopy for
Chemical Analysis
Secondary Ion Mass
Spectroscopy

ESR
RS
XRD
WDXRA
PIXE
UPS
GA
XPS
LAMMA

Electron Spin Resonance
Raman Spectroscopy
X-Ray Diffraction
Wavelength Dispersive
X-Ray Analysis
Particle Induced X-ray
Emission
Ultraviolet Photoelectron Spectroscopy
Gamma Analysis
X-ray Photoelectron Spectroscopy
Laser Microprobe Mass
Analysis

Table 2. Morphological and imaging techniques (after Bisdom et al., 1990).
MR]
LM
IA
CT
EDXRA
TEM
STEM
AI
SIMI

Magnetic Resonance Imaging
Light Microscopy
Image Analysis
Computed Tomography
Energy Dispersive X-ray
Analysis
Transmission Electron
Microscopy
Scanning Transmission
Electron Microscopy
Auger Imaging
Secondary Ion Mass Imaging

IM
LI
UV
MRG
WDXRA
SEM
HVEM
GI

Infrared Microscopy
Laser Imaging
Ultraviolet Microscopy
Microradiography
Wavelength Dispersive
X-ray Analysis
Scanning Electron
Microscopy
High Voltage Electron
Microscopy
Gamma Imaging

The set-up of Fig. 1 is according to wavelength, with radio waves the longest and
ions the shortest. Overlap between radio, microwave, infrared, etc. is indicated by inclined
boundary-lines. The listed techniques are arranged according to electromagnetic radiation
(radio, microwave, infrared, visible light, ultraviolet, X-rays and gamma rays), electrons and
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ions. These are energies emitted from the samples and not the primary ones used for
excitation. If the latter were the case, a different arrangement of techniques would have
been shown in Fig. 1.
Several techniques could not be accommodated in Fig. 1, e.g. acoustic microscopy,
sonography and scanning tunnelling microscopy.
Sound waves, in contrast to
electromagnetic radiation, electrons and ions require an intervening medium for their
transmission, whereas the others can pass through a vacuum. Acoustic microscopy and
sonography are based on sound waves, whereas scanning tunnelling microscopy measures
equipotential surfaces. All three techniques are used for morphology and not for chemical
studies. None have yet been tested by micromorphologists.
As stated above, we shall focus in this paper on SEM and TEM studies due to their
important contribution to the investigated issues.
3. Preparation of soil samples for electron microscopy. Electron microscopical studies
on soil constituents require drying of moist soils, suspensions of minerals or solutions of
humic substances. Removal of moisture is the most critical step in the preparation of
samples since some of the drying procedures result in structural changes. Maintenance of
the original molecular shape which pertains in solutions is of course desired, although at
present unattainable. However, the use of proper concentrations of the humic substance or
dispersed clay material in solution (or suspension) and the application of improved drying
techniques significantly assist in avoiding artefacts (Chen et al., 1976; Chen and Schnitzer,
1989). The various techniques that are frequently used for removing moisture from humic
substances and other soil materials, are discussed.
3.1. Air-Drying. The simplest method of water removal is to dry the sample under
ambient conditions or at constant relative humidity (humidity-drying). Soils and clays show
considerable shrinkage when dried in this way (Gillot, 1969). In electron micrographs, it
is not uncommon for the structure of air-dried samples to appear much denser than that of
freeze-dried or frozen samples. The actual orientation of mineral particles may also be
different (Erol et al., 1976; Chen et al., 1976) which can be seen by careful comparison
of micrographs of frozen clays with micrographs of similar areas after air-drying.
For materials such as soils, it has been suggested that the water should be replaced
by a volatile liquid which has a lower surface tension (e.g. ethanol or acetone). While this
procedure has been found to diminish shrinkage in soils, it may result in possible damage
due to fluid migration, ion interaction and dielectric constant effects (Gillot, 1973). This
applies specifically to molecules of flexible conformation such as those of humic substances
(Chen et al., 1989).
At the present time, the most promising method of minimizing dimensional changes
in swelling and shrinking materials resulting from drying are freeze-drying and criticalpoint-drying (Gillot, 1973; Tovey and Yan, 1973). Since critical-point-drying also involves
the impregnation of the samples with organic liquids which are not desirable in microscopy
of soil constituents such as clay minerals and humic substances, this method will not be
discussed.
3.2. Freeze-Drying. Shrinkage and distortion of the sample by surface tension
forces are minimized by freeze-drying because ice is removed by sublimation. No meniscus
should form in pores and capillary spaces. One of the first applications of freeze-drying
to clays was described by Call (1953) whereas the first application to humic substances was
described by Flaig and Beutelspacher (1954). This method, however, is not a panacea and
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has inherent limitations which may be circumvented with varying degrees of success if the
principles of the freezing mechanisms are understood and taken into account (Koehler,
1968).
In the first place, it should be recalled that there is a 9 percent increase in specific
volume when water in bulk is converted into bulk ice. This conversion may well apply to
water held in relatively large void spaces. Nevertheless, samples which have been freezedried or critical-point-dried usually closely maintain their original volume but differ
considerably from air-dried samples that often shrink (Erol et al., 1976).
The initial step of freeze-drying is to freeze the sample. Slow cooling and freezing
results in the formation of ice crystals in the sample. The ice crystals grown in salt
solutions are composed of fresh water so that on freezing there is an increase in
concentration of parts of the solution which remain unfrozen. Water movement resulting
from concentration gradient may disturb the original structure of the macromolecules of the
humic substances. Small ice crystals may have less effect on structure than large ones since
they may be more readily accommodated in existing interstitial spaces.
The most effective method of preventing structure damage from formation of ice
crystals is to convert the pore water to ice glass. This phase is accompanied by a smaller
volume increase than accompanies conversion of water to ice and the possible damage is
thus reduced. In general, solidification in the glassy state is favored by at least three
factors: rapid cooling, high viscosity in the liquid near the freezing point; and depression
of the freezing point by addition of the appropriate solutes. Ice glass is claimed to be
formed when a very rapid cooling to temperatures less than -120°C is employed at a rate
of 10°C degrees per second. If the sample is plunged into liquid freon or isopentane, the
sample is frozen much more rapidly than when direct immersion in liquid nitrogen is
employed, because no enveloping layer of gas forms. When such a layer is formed the gas
acts as an insulating layer (Gillot, 1973; Tovey and Yan, 1973).
Rapid freezing followed by freeze-drying has been shown to be an effective methods
for drying of samples for structural electron microscopy studies of clays by Erol et al.
(1976) who compared various rates of freezing. Chen et al. (1976) employed the same
basic procedure on humic substances and clays using rapid freezing by freon.
High viscosity, the second variable favorable to vitrification has been exploited in
the protection of living cells from cryoinjury. However, since it is usually achieved by the
addition of solvents other than water, it is not desirable for structural studies involving the
colloidal fractions of soils.
In freeze-drying the rate of sublimation of ice depends upon the vapor pressure of
ice at the sample surface and the partial pressure of water vapor above the surface. Moor
et al. (1961) have suggested that the temperature of ice which would have a vapor pressure
equal to that of the experimental vacuum. In the common freeze-drying instruments, the
sample is usually cooled during freeze-drying to about -80°C to -100°C. The use of a cold
stage apparatus is essential to avoid thawing of the ice.
Measurements performed on clays clearly show the advantages of freeze-drying after
rapid freezing (Tovey and Yan, 1973; Erol et al., 1976). On freeze-dried and critical-pointdried specimens of clays, the following linear shrinkage was measured: <0.5% for kaolin
and montmorillonite (160-270% and 1000-1300% moisture content (m.c), respectively).
Oven-dried kaolin samples (160% m.c.) had a shrinkage of 24% while air-drying resulted
in a shrinkage of 29%. Although this type of measurement cannot be employed on
solutions of humic substances, it has been recently recognized that freeze-drying rather than
air-drying should be employed. The large differences observed in electron micrographs of
humic substances due to different sample preparation techniques have been discussed and
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elaborated by Chen and Schnitzer (1989) and will be only briefly discussed here.
4. TEM and SEM studies on soil humic substances. Chen and Schnitzer (1989) have
shown in their detailed review that studies on humic substances using air-drying led to a
number of artefacts. We shall therefore describe major findings obtained on structure of
humic macromolecules by means of SEM and TEM using quick freezing and freeze-drying
techniques only.
Using electron microscopy and various physico-chemical measurements, researchers
have identified conformational changes in macromolecules of humic substances (Cameron
et al., 1972; Chen and Schnitzer, 1976; Ghosh and Schnitzer, 1980). Humic substance
concentration, pH and ionic strength of the solution, were suspected to be the major
parameters affecting these changes. The contribution of electron microscopy studies to the
evaluation of these effects and to the development of a structural concept for humic
substance will be briefly described.
It should be noted at this point that the importance of the rate of freezing prior to
the freeze-drying stage is of importance that cannot be over-emphasized (Erol et al., 1976).
These investigators studied structures of Na-montmorillonite by scanning electron
microscopy. At a fast freezing rate, the particles were distinct and a prominent particle
orientation was observed. However, when a slow freezing rate was employed, the change
in structure was marked. The particle orientation was lost by deformation of the thin
particles into thick plates. A medium rate of freezing resulted in smaller deformations.
No detailed study on the effect of varying freezing rates of humic substances appears
to have been carried out but it can probably be assumed that these materials would exhibit
at least the same degree of sensitivity to the cooling technique and therefore only rapid
freezing should be employed. A slightly different procedure was employed by Tan (1985)
in which humic acid samples were frozen slowly at 0°C then dried at room temperature
over CaCl2. This also resulted in structure deformations showing that slow freezing is not
desirable.
4.1. Effect of pH. Chen and Schnitzer (1976) and Chen et al. (1976) studied the
effect of gradual changes in pH on the shape and particle arrangement of a humic acid and
a fulvic acid. These investigators employed the technique of rapid freezing in freon and
freeze-drying while the samples are maintained at -80°C to -100°C. The results were
compared to those obtained from air-drying and are presented in Figs. 22.1 and 22.2, in a
review by Chen and Schnitzer (1989).
Fulvic acid obtained by drying a solution at pH 2, consists of macromolecules that
formed aggregates exhibiting the shape of elongated fibers and bundles of fibers. The
fibers are either linear or curved, ranging in length up to 6000-7000 nm and from 120 to
400 nm in thickness. For a sample obtained by drying a solution at pH 4, the fibers tended
to become thinner and the bundles of fibers became more prominent. While the length of
the fibers remained unchanged, their thickness was reduced to between 120 and 200 nm.
When the sample was obtained by drying a solution at pH 6, the fibers diminished in
number and thickness and a greater proportion of the fulvic acid occurred in bundles of
closely knit fibers. When the sample was obtained by drying a solution at pH 7, a fine
network of tightly-meshed fibers with parallel orientation has been observed. Drying of a
solution of fulvic acid that was originally adjusted to pH 8 or higher resulted in an
amorphous, featureless, sheet-like structure.
The effect of pH on the structure of humic acid is similar to that on the fulvic acid
structure (Chen and Schnitzer, 1976; Chen and Schnitzer, 1989).
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When air-drying was employed to fulvic acid samples in solutions at pH 2, 6 and
10 (Fig. 22.2, Chen and Schnitzer, 1989), condensed thick layers were observed with no
observable morphological differences between pH levels. This observation clearly shows
that prominent structural features such as those produced by changes in pH, which have
also been documented by other physico-chemical methods (e.g. Ghosh and Schnitzer, 1980),
could easily be masked by improper sample preparation techniques.
A number of later publications (e.g. Chen et al., 1978; Ghosh and Schnitzer, 1982;
Stevenson and Schnitzer, 1982; Stevenson and Schnitzer, 1984; Tan, 1985) have confirmed
that the most common structure found in humic substances obtained by drying solutions at
neutral to acid pH values is that of fibers or bundles of fibers. It should be noted that the
terms "fibers" and "bundles of fibers" are being used to describe the appearance of the
humic substances preparations in the electron microscope and these probably differ form
the original structure in solution due to aggregation.
4.2. Effect of increasing electrolyte concentration. Although electrolyte
concentration has long been recognized as a major solution property affecting molecular
size and shape of charged macromolecules, very little attention has been directed to this
aspect in electron microscopy of humic substances.
Effects of increasing concentrations of neutral salts in solutions of fulvic acid and
humic acid on the appearance of dried samples were studied by Ghosh and Schnitzer
(1982). Their micrographs indicate increases in fiber thicknesses and gradual decreases in
particle orientation as the salt concentration in solution increases. These effects are similar
to those observed when decreasing the pH from neutrality to the moderately acidic region.
These observations suggest that both the hydrogen ion and the salt concentration affect the
dissociation and conformation of humic acid and fulvic acid molecules in a similar manner,
although probably to a different extent. These effects were thoroughly reviewed by Hayes
and Swift (1978).
4.3. Effect of increasing concentrations of humic substances. The effect of
varying the concentrations of humic substances in solution at the time of freezing and
drying on the size and shape of macromolecules of humic substances was studied by
Stevenson and Schnitzer (1982). Single drops of 100 mg/1 aqueous fulvic acid or humic
acid solutions at pH values of 3.5, 7.0 and 10.0 were spread uniformly on stirps of freshly
cleaved mica to form replica samples. The solution-bearing strips were tilted and then
rapidly frozen in freon. Tilting the strip prior to freezing permitted the surface film to run
towards the lower edge of the mica and form a concentration gradient. The sequential
examination, using a TEM, of replicas from the dilute areas of fulvic acid deposition
through areas of higher concentrations revealed various morphological forms (Fig. 22.3,
Chen and Schnitzer, 1989). The smallest individual particles that appeared in the dilute
areas were circular with diameters ranging from 9-27 run. These particles were practically
spheroidals. The spheroids also tended to coalesce and form roundly-shaped aggregates or
linear, chain-like structures. At higher concentrations, the spheroids and chain-like
structures form fiber-like shapes similar to those reported earlier (Chen and Schnitzer, 1976;
Chen et al., 1976). The width of the fibers (or filaments) ranged from 20-100 nm. At
higher concentrations, parallel arrays of filaments showed the tendency to coalesce to sheetlike shapes. Replicas of humic acid preparations exhibited similar features. The spheroids
observed at low concentrations were larger and ranged in diameter from 12-50 nm.
Aggregates, chain-like, fibrous and sheet-like structures were observed. To summarize,
Stevenson and Schnitzer (1982) showed that with increasing concentrations of fulvic acid
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and humic acid, spheroids coalesce into aggregates of spheroids, then into chain-like
structures followed by fibers and flattened sheets.
The fact that Stevenson and Schnitzer (1982) failed to observe pH effects on the
morphological structure, in contrast to earlier observations by Chen and co-workers (1976),
merits further comments. The major difference between these investigations was the use
of 100-fold higher concentration by the latter, dictated by the use of SEM rather than TEM.
It is evident that molecular size, ionic strength, concentration of the humic substance and
pH strongly affect the particle size and shape observed in the electron microscope. Since
the concentration effect is very marked, this parameter should be maintained at a constant
level when other effects are studied. It is therefore concluded that the observations by Chen
et al. (1976), Chen and Schnitzer (1976), and Tan (1985) which were made at a constant
concentration without sample tilting are valid.
4.4. The structure of humic aubstances. The fibers observed by electron
microscopy may be bundles of hydrogen bonded elongated humic molecules. Several tens
(possibly 50-100) of associated macromolecules can form a fiber 500-1000A thick, as are
often observed in electron micrographs. When changes occur in one or more of the
solution parameters mentioned above, the chain-like fiber may disperse into single
molecules, coagulate into sheet-like material, form an elongated coil or shrink to a
condensed coil or to a spheroidal particle. Air-drying which allows the charged sites to
remain solvated in water until dryness is almost achieved, results in shrinking and the
formation of condensed spheroids. Therefore, an air-dried sample in which the charged
sites do not necessarily face the outside of the particle, does not' dissolve readily. In
contrast, freeze-dried samples maintain to a certain extent their extended structure where
most of the charged sites are solvated and face the solvent. These samples redissolve much
more readily.
Based on SEM and TEM observations and on surface pressure and viscosity
measurements, Ghosh and Schnitzer (1980) suggested the somewhat speculative model for
the molecular conformation of humic substances as summarized in the following discussion.
The overall conclusion of Ghosh and Schnitzer (1980) is that the macromolecular
conformations of humic acid and fulvic acid vary with changes in the solution properties.
A spherocolloidal structure does exist when sample concentrations are high or the pH of
the medium is very low, or when appreciable amounts of neutral electrolytes are present.
Basically, the molecules are flexible linear colloids at low sample concentrations provided
hydrogen ion and neutral salt concentrations are not too high. When any of these
conditions are changed, the macromolecules assume random coiled conformation.
5. Application of electron microscopy to structure studies of clay quasi-crystals.
Electron microscopy such as SEM, TEM or HRTEM has been frequently applied to studies
on clay structure. Although clay quasi-crystals are an essential component of soil structure,
studies on them differ in scope and methodology from those on soils. Instrumentation used
usually includes HRTEM. Therefore, only a few demonstrative papers will be discussed.
These studies focus on structure modification due to weathering and transformations of clay
minerals (Eggleton and Busek, 1980; Vali et al., 1991; Singh and Gilkes, 1992; .
High resolution imaging by transmission electgron microscopy has revealed a
mechanism for the weathering of intermediate microcline in a humid, temperate climate
(Eggleton and Busek, 1980). Dissolution of the feldspar begins at the boundary of twinned
and untwinned domains and produces circular holes which enlarge to form negative crystals.
Amorphous, ring-shaped structures develop, about 25A in diameter, within the larger holes.
These rings, in turn, crystallize to an arcuate phase having a 10-A basal spacing and then
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to crinkled sheets of illite or dehydrated montmorillonite. The 10-A layer silicate showed
an irregular stacking sequence, including 10-, 20-, and 30-A sequences. Included
plagioclase crystals showed a similar mechanism of weathering and, moreover, are more
intensely weathered.
In a study on alternation of kaolinite and other materials, Singh and Gilkes (1992)
found that parallel-oriented and exceptionally long (>10 um) tubes of halloysite occur in
the pallid zone of a deeply-weathered lateritic profile on granite in southwest Australia.
Transmission electron microscopy and selected-area electron diffraction of ultrathin sections
showed that kaolinite plates within pseudomorphs of mica crystals had fractured at irregular
intervals along the a crystallographic axis to produce laths elongated along the b axis. The
laths near the edges of the pseudomorphs were less constrained by the pseudomorph and
had rolled to produce halloysite tubes. The tubes varied in diameter and degree of
roundness. Some tubes were polyhedral rather than cylindrical in cross section. The length
and number of planar faces in a tube and the angle between faces varied, exhibiting no
consistent pattern. Tubes in dispersed clay samples showed two types of twinning. In the
first type, tubes and associated laths were joined together side by side. In the seconde type,
single tubes bifurcated into two individual tubes. It is proposed that the first type of
twinning occurred by folding of adjacent laths that remained joined together while the
second type occurred due to exfoliation of a thick lath folowed by folding of the exfoliated
lath fragments into tubes. Analytical electron microscopy showed that the chemical
compositions of halloysite tubes, laths, and kaolinite plates were similar with the average
cation exchange capacity of single tubes being small (4.5 meq/100 g) but higher than values
for laths (2.8 meq/100 g) and plates (1.9 meq/100 g) (Singh and Gilkes, 1992).
These studies, that are detailed and carefully performed elaborate the platey or tubelike character of clay tactoids (quasi-crystals). However, information related to soil
structure or micropore dimensions is most successfully elaborated using SEM studies
employed to soil samples that were exposed to various physical or chemical processes.
These issues will be discussed in the following sections.
6. SEM observations on soil aggregation. The main binding agent in water-stable
aggregates of surface soils is organic matter (Tisdall and Oades, 1982). Field experiments
have shown that organic amendments such as sewage sludge improved the structural
stability of soils on which they were applied (e.g., Pagliai et al., 1981; Kladivko and
Nelson, 1979). SEM was used to confirm that a reduction of crust formation caused by
strong rain occurred when pig slurry was applied to a silty clay soil. The decrease of the
crusting process is explained by an increased aggregate stability (Pagliai et al., 1983).
To elucidate the stabilization of the organo-mineral associations required for stable
structure in soils, a study on the effect of specific organic macromolecules and polymers
(humic acids, polysaccharides) on clay microstructure using SEM was performed by Vicente
and Robert (1981) and Robert and Schmit (1982). They found that polysaccharides are
much more effective than humic acids in promoting the formation of microstructure and
microporosity in clays.
Scanning electron microscopy was used by Metzger and Robert (1985) to study the
effects of the addition of water-extracted components from sewage sludge on the fabric of
kaolinite and montmorillonite saturated with Na or Ca. The SEM micrographs showed that
organic components of the sludge bind clay particles and promote microaggregation.
Possible binding mechanisms include bridge formation by organic fibers as well as coating
and envelopment of the clay particles by organic substances. Application of a drying and
wetting cycle to a Ca-montmorillonite/sludge mixture enhanced irreversible aggregation of
the material. The organo-mineral interactions observed for pure clays may shed light on
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the mechanisms involved in the stabilization of soil structure due to sludge disposal.
Studies on the in-situ distribution of the organic matter components and their
associations with the inorganic components contribute to our understanding of the role that
organic matter plays in influencing the chemical, physical and biological properties of soils.
As in-situ soil organic matter studies using soil thin sections and light microscopy
are effectively limited to organic particles greater than 2 um in size (Foster and Martin,
1981), studies of the submicrometer-sized organic matter depend upon the use of electron
microscopes. Significant progress in this area has been made using ultra-thin sections of
resin-impregnated soil and transmission electron microscopy (Foster and Rovira, 1976;
Foster and Martin, 1981; Foster et al., 1983). This technique has produced interesting
results in the study of the root-soil interface and enables the identification and localization
of a wide range of biochemicals as a submicroscopic level. The inherent difficulties of
making ultra-thin sections from soil specimens, however, makes it necessary to select areas
of soil fabrics which are relatively free from sand or silt grains (Foster and Martin, 1981).
Obviously, this imposes a major restriction on the use of this technique for many types of
soil fabrics.
The in-situ distribution and morphology of organic materials located on, or near,
structural surfaces within some soils was examined by Sullivan and Koppi (1987) on a
submicroscopic scale by comparing scanning electron microscope images of the same areas
of soil samples before and after low temperature ashing. Electron-translucent organic
matter coatings up to 0.5 um thick, and thinner, electron-opaque organic matter coatings
were found on structural surfaces within these soils. Oribatid faecal pellets in one of the
soils were found to contain aluminosilicate clay minerals. Fine-clay sized spheres of
biogenic opaline silica were found to be contained within the epidermis of a decaying root.
These studies show that the combined use of low temperature ashing and scanning electron
microscopy will be a valuable technique for in-situ investigations of submicroscopic organic
matter within soils.
7. SEM observations on soil crusts and their formation. Crust formation is an important
process, commonly observed on bare soil surfaces, because of its effects on infiltration,
erosion and seedling emergence. Crusts are formed through the impact of drops of water
from rain or sprinklers. Processes of crust formation have been extensively studied during
the last four decades.
Duley (1939) reported several structural disturbances and observed the rearrangement
of the fine particles around the larger ones, thus decreasing the porosity of the upper layer
of the soil. Lemos and Lutz (1957) found that particle deposition and compaction are
factors involved in crust formation. Mclntyre (1958a,b) described the process of crust
formation and observed that deposition of fine particles, washing-in (downward movement
of particles) and compaction are involved in it. Conversely, Bertrand and Sor (1962) and
Epstein and Grant (1973) pointed out that the downward movement of soil particles appears
to be a minor factor in crust formation. The latter researchers noted that the physical
compaction of the surface is mainly a result of the rain drops which strike the soil. Tackettt
and Pearson (1965) and Evans and Buol (1968) stated that clay orientation plays an
important role in the crusting phenomenon. Farres (1978) described the development of a
surface crust as a function of time and aggregate size.
Morin et al. (1981) explained that the sealing efficiency of the crust is achieved by
suction forces which result in the orientation of clay particles into a continuous dense skin.
The suction mechanism continuously builds up the crust out of the reservoir of suspended
clay particles thus maintaining integrity of the crust in spite of the removal of soil material
from the surface by erosion.
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Chen et al. (1980) investigated two types of crusts: structural and depositional. SEM
observations indicated three stages during the formation of structural crusts: (i) the initial
stage, in which the soil materials exhibit uniform distribution of particles; (ii) an
intermediate stage, at which coarse particles, stripped of the fine ones, constituted the
surface layer; and (iii) a final stage at which the coarse particles were washed away and a
surface seal in the form of a skin seal, about 0.1 mm thick, formed at the soil surface.
Research was conducted by Tarchitzky et al. (1984) aimed to investigate: (i) the
structure, formation and nature of soil crusts which develop as a result of raindrop impact
under controlled conditions of simulated rain, and (ii) the crust effect on infiltration rates.
SEM observations performed on sandy, sandy-loam and clayey soil-loam and clayey soil
samples show the crust to be composed of two layers: (i) a "skin", 0.1 mm thick, and (ii)
a layer, 2-3 mm thick, with a higher bulk density in which aggregates have been destroyed.
A "washing-in" zone described by earlier investigators could not be detected. The soil
beneath the crust maintained its original structure and particle orientation. The chemical
composition of the rain water was found to have a significant but not very large effect on
the infiltration rate vs. cumulative rain curve of the clayey soil material only; final
infiltration rate was about 20% lower when distilled water was applied compared to tap
water (electrical conductivity -0.6 mmho cm''). An increase of the bulk density from 1.351.48 g cm'3 in undisturbed soil to 1.74-1.88 g cm'3 in crusts was found. The amount of
eroded material increased gradually with increase of runoff and decrease of infiltration. At
steady state the erosion rates were 0.45, 1.25, and 0.76 g m"2 min"' in the sandy, sandy-loam
and clayey soil specimens, respectively. Percentages of clay and silt in the eroded material
were higher than in the bulk samples. Three stages to describe the -changes in nature and
effects of crusts during their formation were suggested: (i) the rate of infiltration decreases
to a point at which runoff beings (ii) the initiation of runoff until infiltration and runoff
rates become stabilized, and (iii) infiltration and runoff maintain steady rates.
It is noteworthy to mention that a number of morphological studies using SEM
followed the investigations conducted at the Hebrew University of Jerusalem by Chen et
al. (1980) and Tarchitzky et al. (1984). Among these Onofiek and Singer (1984), Gal et
al. (1984), Arshad and Mermut (1988) and Levy et al. (1988) and others elaborated
additional specific issues related to soil crusts, but length constrain prevents us to review
these papers here.
8. SEM observation on particles and pores structure affected by sorbed cations. Soil
permeability has been recognized as a factor of major importance in soil management. In
many cases, the exchangeable ion composition affects the hydraulic conductivity (HC) of
the soil; thus, increased Na content causes reduction in the HC. As a result of that, critical
values of the exchangeable sodium percentage (ESP) of the soil and the sodium adsorption
ratio (SAR) of the irrigation water were selected as general practical tools for the
characterization of sensitive soils and hazardous water. 'Also, extensive studies of the
effects of percolation of mixed NaCl-CaCl 2 solutions on soil HC, have been conducted in
the laboratory during the last four decades attempting to clarify the mechanisms of HC
reduction due to Na sorption.
Both field experience and laboratory experimentation indicate that at a certain ESP,
changes in soil structure occur, resulting in decreased HC. It appears that the effect of ESP
depends on soil mineralogy, texture, and percolating solution concentration.
The exact ESP at which this change becomes significant is still in some controversy.
Furthermore, the question of whether the cause for the change in HC is swelling, clay
migration, or both is still open.
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Chen and Banin (1975) designed in an investigation attempting to resolve some of
these questions by direct microscope observations of structural changes, induced in soils by
the percolation of mixed NaCl-CaCl2 solutions with SAR values in the range of 0 to 24, as
related to measured changes in the hydraulic conductivity of the soil.
Direct SEM observations by Chen and Banin (1975) indicated that reduction in the
HC of soils leached with mixed NaCl-CaCl2 solutions of low electrolyte concentrations
were related to fine particle dispersion and the formation of a more continuous network of
these particles at higher SAR values. This caused blockage of the larger pores in the soil
and reduced the rate of water flow by increasing the proportion of small size pores. The
changes in a sandy and in a clayey soil were quite similar. Dispersion of the fine particles
seemed to start at low SAR values (<8), but the formation of the network becomes apparent
only at SAR >16.
From the SEM observations made by Chen and Banin (1975) and the data mentioned
above, it seems that HC reduction at the low ESP range (0 to 20 percent) is mainly due to
dispersion of the fine particles (probably clay) and their rearrangement in situ. On the basis
of these direct observations of soil fabric in impeded soils, these investigators suggested that
movement of dispersed clay particles over long distances is not a necessary condition for
soil impediment. The modification of pore shape and the reduction of pore sizes in soils,
resulting from local rearrangement of the fine particles and of clay aggregates, is the
alternative explanation.
The effect of exchangeable K* on soil structure and permeability has been studied
by Chen et al. (1983). A loamy sand, a light clay and a heavy clay soil were leached with
solutions adjusted to potassium adsorption ratios (PAR) of 0.0, 0.72, 3.74 and oo.
Exchangeable K* percentage (EPP) and the HC were measured on the leached soils. SEM
observations on undisturbed soil samples were used to evaluate changes in soil structure and
pore size.
EPP values for the three soils ranged as follows: 0.8-1.3, 5.5-9.2, 16.0-21.0 and
58.0-76.0 for PAR's of 0.0, 0.72, 3.74 and oo, respectively. HC increased slightly (20%) up
to EPP values of about 20% for the loamy sand and heavy clay soil, while a decrease in
HC corresponding to afiy increase to EPP was observed for the light clay soil. This soil
was richer in illite and also exhibited higher affinity for K*. At the highest EPP values
(58.0-76.0) the HC of the three soils decreased to about 20% of the values measured for
the Ca2* saturated soils.
SEM observations were performed and Ca2* saturated soils compared with the K*
enriched ones. Ca2* treated loamy sand exhibited discrete clay aggregates located in the
spaces between sand particles or attached to them. K* enrichment resulted in the formation
of a dense network of clay microaggregates filling up the pore space. The microaggregate
structure of the two Ca2* clay soils changed to a dense layer composed of much smaller
particles following K* enrichment. Pores were mostly smaller than 10 um in the K* soil
compared to several tens of microns in the Ca2* form.
As in the former investigation on Na* affected soils, SEM observations and the fact
that clay content did not vary with depth, suggest that dispersion of clay microaggregates
and their rearrangement in situ were the major mechanisms involved in HC reduction, rather
than long-range clay migration and the formation of a clay enriched layer with impeded
drainage.
The studies described above were quantitative in their chemical and HC
determination, but the SEM studies related to aggregate and pore size distribution, although
very informative, remained qualitative due to technical limitations. Quantitative SEM
methods for analysis do exist and have been reviewed (e.g. Tovey and Sokolov, 1981;
Gibbon, 1984; Tovey et al., 1992). The readers are referred to these publications since
details of these methods are beyond the scope of this paper.
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Abstract. Synchrotrons are large machines which produce x-ray beams which are up to 9 orders
of magnitude more intense than conventional laboratory x-ray sources. Synchrotron x-rays are
emitted over a broad spectral range, they are high polarized and collimated, and have a pulsed time
structure. Compared to laboratory x-ray sources, the advantages of synchrotron x-ray sources
include: the ability to analyze smaller samples, shorter data collection times, better data quality,
higher spatial resolution, and access to techniques which are only possible using the high
brightness of a synchrotron x-ray source. Synchrotron-based techniques useful to soil and
environmental scientists include: x-ray diffraction and scattering, computed microtomography,
x-ray fluorescence spectroscopy, and x-ray absorption spectroscopy. Applications to soil
chemistry and mineralogy research include: spatially resolved quantification and chemical
speciation of metals in soil, various waste forms, and the rhizosphere of plant roots; identification
of soil minerals at low concentrations; and non-destructive imaging of soil microaggregates and
crusts.
Introduction. Synchrotron x-ray sources provide a number of new and powerful techniques with
applications in soil chemistry and mineralogy. The objectives of this paper are: (1) to explain what
synchrotrons are, and (2) to briefly review the synchrotron techniques with applications to soil
science.
Synchrotron X-ray Sources. Synchrotrons are large scientific instruments
which produce extremely high-intensity
x-ray beams. In a synchrotron, charged
particles, either electrons or positrons, are
forced into a near-circular path within an
evacuated, ring-shaped chamber by means
of powerful magnets (Winick, 1987).
Synchrotrons consist of a series of circular
arcs connected by straight segments (Fig.
1). Bending magnets at each of the
circular sections serve to redirect the
beam down the next straight section,
while radio-frequency cavities provide
energy to keep the particles moving at
Figure 1. A diagram of a synchrotron x-ray source.
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near the speed of light. When the charged particles pass through the bending magnets they
experience an acceleration, which causes them to emit radiation. When the particles are traveling
near the speed of light (relativistic speeds), they emit large amounts of radiation and almost all of
this radiation is emitted in the forward direction, that is, tangential to the trajectory of the
particles. Beam lines allow this intense x-radiation to pass into experimental stations which
contain the instrumentation for specific types of experiments. In the newest synchrotrons,
additional magnetic devices, called insertion devices because they are inserted into the straight
sections of the ring, cause the particle beam to wiggle or undulate as it passes through the device,
producing even more powerful x-ray beams than the bending magnets. The synchrotron and the
experimental stations are heavily shielded and strict safety procedures are enforced to prevent
human exposure to x-rays.
Synchrotrons are large instruments. The ring of the National Synchrotron Light Source (NSLS) at
Brookhaven National Laboratory is 170 meters in circumference. The ring of the Advanced
Photon Source, a new synchrotron x-ray source under construction at Argonne National
Laboratory near Chicago is 1,100 meters in circumference. Thus, synchrotrons tend to be national
facilities and researchers must travel to the synchrotron to take advantage of their unique
capabilities.
Properties of Synchrotron Radiation. Synchrotron radiation has a number of important
properties (Rivers, 1990): (1) it is extremely intense, (2) it has a broad spectral range, (3) it is
highly polarized, (4) it is naturally collimated, and (5) it has a pulsed time structure.
A conventional Cu sealed-tube x-ray source has a spectral brightness of about 2xl0 8 photons s_1
mrad2 (0.1% bandwidth)"1 for the Koc line (Kim, 1986). A bending magnet at the National
Synchrotron Light Source has a maximum brightness of 3xl0 13 photons s 1 mrad-2 (0.1%
bandwidth)1 (Rivers, 1990), about 5 orders of magnitude greater than a sealed tube source.
Wigglers and undulators are even more powerful, with undulators being the most powerful of all.
Undulators at the Advanced Photon Source will have a maximum
E APS undulator fundamental
10
brightness of lxlO18 photons s-'
APS undulator
• . . 3 harmonic
mrad2 (0.1% bandwidth)-1 (Rivers,
1990), more than a billion times
APS wiggler
brighter than a sealed tube source.
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Figure 2. Energy distribution of x-rays produced at the
NSLS and APS storage rings. (From Spanne et al. (1994),
with permission.)
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X-ray tubes are line sources, with
intense x-ray emissions occurring at
only a few well-defined energies
corresponding to the characteristic
emission for the Koc and K|3
transitions. Bending magnets and
wigglers are white light sources.
The exact energy spectrum varies
among synchrotrons, but third
generation sources such as the APS

will have usable x-ray intensity out to 100 keV (Fig. 2). X-ray emission from undulators peaks at
certain energies, but the energy of these peaks can be varied by changing the operating
characteristics of the undulator (Fig. 2). Monochromators are used to select the energy range of
interest. Scanning the monochromator makes a number of x-ray absorption spectroscopy
experiments possible.
The radiation from bending magnets and insertion devices is highly polarized in the plane of the
electron (or positron) orbit (Rivers, 1990). The polarization can be exploited to reduce the
scattered background and decrease the detection limit in x-ray fluorescence spectroscopy or it can
be used to design certain x-ray absorption spectroscopy experiments.
Synchrotron radiation is naturally collimated. Thus, the actual experimental apparatus may be
several 10's of meters from the x-ray source. At the National Synchrotron Light Source, the
vertical size of the electron beam in the storage ring is about 0.5 mm. The x-ray beam emanating
from this 0.5 mm electron beam is still only 4 mm high in an experimental station 20 m away
(Rivers, 1990). This high degree of collimation makes a number of microtechniques possible.
The electrons or positrons are not distributed evenly around the storage ring, but they are grouped
into a number of bunches. X-rays are produced only when a bunch of particles passes through the
bending magnet or insertion device. This pulsed time structure can be used for time-resolved
studies of reactions or processes on the milli- to microsecond time scale. Time resolved
experiments, however, are not yet routine.
In general, the advantages of synchrotron x-ray sources over conventional laboratory x-ray sources
include: the ability to analyze smaller samples, shorter data collection times, better data quality,
higher spatial resolution, and access to techniques that are only possible using the high brightness
of a synchrotron x-ray source.
Synchrotron Facilities. Synchrotron x-ray sources are operated at 39 laboratories in 15 countries
around the world (Winick and Williams, 1991). Whether or not a faculty is available for the type
of research conducted by soil scientists is determined by the type of instrumentation developed on
the beam lines, and on the user access policy. Soil scientists began using synchrotron-based
techniques about 4 years ago, but geoscientists have been synchrotron users for much longer and
have pioneered many applications to earth materials. Geoscientists in the U.S. have been active at
the National Synchrotron Light Source at Brookhaven National Laboratory, Upton, New York,
the Stanford Synchrotron Radiation Laboratory, Stanford, California, and the Cornell High Energy
Synchrotron Source, Ithaca, New York. Soil scientists have joined with the geosciences research
community to develop 2 beam lines at the Advanced Photon Source, a new synchrotron research
facility under construction at Argonne National Laboratory near Chicago, Illinois.
Synchrotron X-ray Techniques. Synchrotron X-ray techniques having important applications to
soil chemistry and mineralogy include: x-ray absorption spectroscopy, micro-x-ray fluorescence
spectroscopy, x-ray diffraction, and x-ray computed microtomography (Schulze and Smith, 1990).
It is anticipated that the availability of third generation synchrotron facilities, like the Advanced
Photon Source, will greatly enhance the sensitivity and spatial resolution of the techniques
discussed below, thus expanding the capabilities in soil chemistry and mineralogy.
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X-ray Absorption Spectroscopy (XAS): XAS is a powerful technique which can provide detailed
chemical and structural information about a specific absorbing element, whether it is a major
component of a bulk solid phase (both crystalline and noncrystalline), a trace component of the
bulk phase, or a surface sorbed component. For most elements of the periodic table XAS can
provide specific information on the local environment of an absorber, including coordination
number, and identity of and distances to, nearest and sometimes next nearest neighbor atoms.
Additionally, the energy of specific features around the absorption edge of an element often
provide information on the oxidation state, coordination geometry, and on transitions between
core levels and partially occupied or continuum levels in the excited state. Perhaps the most
attractive feature of XAS from the standpoint of soil chemistry and mineralogy is that for elements
with Z>20, XAS can be conducted on wet samples, suspensions, and solutions under ambient
conditions at absorber concentrations as low as 100 jxg g 1 . Elements with Z<19, however, must
usually be studied in a vacuum.
An X-ray absorption spectrum can
typically be divided into three
12
11
major energy regions (Fig. 3), all of
which have fundamentally different
18
physical origins. The first region is
e. to the immediate low energy side
(2-10 eV) of the main absorption
6.
.
feature or 'white line', and is
4.
commonly referred to as the pre•
edge region. Pre-edge absorption
2.
features, which are common for
mm-) XANES
pre-edge
EXAFS
first row transition metals, are a
result of transitions from a core
EMEROV <EW> X I » '
level (e.g., Is, 2s) to empty or
partially-filled,
bound
excited
Figure 3. Normalized x-ray aosorption spectrum for the
states,
primarily
the
nd
molecular
CuK edge of LajCuC^,, illustrating the pre-edge, XANES,
orbital state. The relative intensity
and EXAFS regions. Zero of the energy scale is with
of
the pre-edge feature is related to
respect to the CuK edge position at E = 8979 eV. (From
the
symmetry of the ligands around
Alp et al. (1990), with permission.)
the absorber. For many first row
transition metals, the pre-edge feature is intense when the metal coordination environment lacks an
inversion center such that d-p orbital mixing occurs, thereby providing allowed character to the
otherwise forbidden transition. Thus, the intensity and energy (central position) of the pre-edge
absorption resonances provide information on the site geometry of the absorber, which is
commonly related to the oxidation state. For example, Cr oxidation states can be deduced from
the presence or absence of a predominant pre-edge feature that is characteristic of Cr(VI), which
is tetrahedrally coordinated, but is absent for octahedrally coordinated Cr (III) compounds.
Furthermore, relative proportions of Cr(III) and Cr(VI) in a solid phase can be estimated by the
relative intensity of the pre-edge peak and continuum features (Bajt et al., 1993).
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The second energy region extends from just beyond the pre-edge to approximately 50 eV above
the absorption edge and is referred to as the x-ray absorption near edge structure (XANES), or as
the near edge x-ray absorption fine structure (NEXAFS). This energy region is usually
characterized by very intense resonance features which arise from multiple scattering of the
emitted photoelectrons from atoms surrounding the absorber. The location or energy of the
absorption edge is related to the oxidation state of the absorber, which increases with increasing
valence due to accompanying increases in the binding energy. In many instances the edge position
varies regularly with the oxidation state, such that semi-quantitative estimates of metals in different
oxidation states in mixed valence compounds can be derived (Bertsch et al., 1994). The multiple
scattering resonances to the high energy side of the main absorption feature are related to the
geometrical arrangement of the first and more distant neighboring atoms around the central
absorber. Although an incomplete understanding of the physical processes involved in the multiple
scattering region have hampered the ability to derive specific bonding information from a XANES
spectrum, comparisons between the 'fingerprint' region of spectra from known compounds and
unknown samples allow important qualitative information on bonding environments to be deduced.
Furthermore, applications of XANES spectroscopy utilizing a microprobe beam line, have
demonstrated the ability to obtain spatially resolved oxidation state information and qualitative
bonding information for Cr, Mn, U, and Ni on regions as small as 10 (im within contaminated soil
(Bertsch et al., 1994), a nuclear waste-form (Bajt et al., 1993), and the rhizosphere of wheat
(Triticum aestivum L.) (Schulze et al., 1993a, 1993b).
The third energy region extends from approximately 50 eV to as much as 1000 eV above the
absorption edge and is termed the extended x-ray absorption fine structure (EXAFS or XAFS).
This region represents low frequency oscillations that arise from constructive and destructive
interference patterns between the outgoing and the returning photoelectric wave that has been
backscattered from first and sometimes second shell neighboring atoms. The frequency of the
oscillations is related to the bond distance between the absorber and neighboring atoms, sometimes
extending out to several shells of ligands. The amplitude of these oscillations is related to both the
identity and number of atoms surrounding the central absorber. Because the physical processes
giving rise to the EXAFS oscillations are reasonably well understood and can be modeled using a
single-scattering, plane wave approximation, data analyses of an EXAFS spectrum can provide
specific bond distances, the identity, and coordination numbers of first and second shell ligands
surrounding the absorber. Numerous studies have demonstrated the usefulness of EXAFS for
providing structural information of noncrystalline components, and for specific chemical speciation
information on contaminants associated with sorptive phases including soils (Hayes et al., 1987;
Chisholm-Brause et al., 1990; Waychunas et al., 1993). These investigations have demonstrated
the ability to elucidate removal mechanisms, i.e., distinguishing adsorption from precipitation, and
provide specific microscopic information involved in the adsorption mechanism, i.e., distinguish
between inner- and outer-sphere surface association. Currently, we are developing microprobe
XAS capabilities that will facilitate spatially resolved chemical speciation of metals in soils and
various waste-forms.
X-ray Diffraction. Synchrotron x-ray sources provide a number of advantages for both single
crystal and powder diffraction. Powder diffraction is the technique most likely to be utilized by
soil scientists. There are three major advantages of synchrotron x-ray diffraction techniques: (1)
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roughly an order of magnitude better peak resolution compared to conventional X-ray sources, (2)
the possibility of exploiting anomalous scattering effects, and (3) the possibility of obtaining
diffraction patterns of small areas of samples such as soil thin sections.
Only a narrow energy range is selected from a broad continuum of radiation by the crystal
monochromators used for synchrotron powder diffraction, eliminating the problem of Koc12
broadening typical of conventional x-ray tubes. The well defined incident wavelength, along with
the highly collimated nature of the synchrotron x-rays, allow diffractometer designs which can
produce diffraction lines roughly an order of magnitude narrower, and with peak-to-background
ratios an order of magnitude better, than those obtained from a conventional laboratory
diffractometer (Cox, 1991). This facilitates the identification of trace mineral phases, particularly
if they are well crystallized and do not exhibit significant particle size broadening. It should be
emphasized that the increase in peak resolution will be significant only for phases for which peak
width is controlled by the diffractometer optics, not by particle size effects. Thus, the peak widths
of most soil clay minerals are not significantly reduced by using a synchrotron source.
Nevertheless, there are classes of problems for which this increased resolution will be
advantageous. Jones and Schulze (1994), for example, demonstrate the dramatic improvement in
the diffraction pattern of gibbsite in a sample of Hawaiian bauxite. The peaks in synchrotron
powder diffraction patterns are also much more symmetric than peaks obtained from conventional
diffractometers, thus allowing easier use of deconvolution programs and facilitating the application
of whole pattern fitting (Rietveld analysis). The study of the microstructure of swelling clays is
another application which can take advantage of the unique properties of synchrotron radiation.
The ability to vary the incident X-ray wavelength allows one to take advantage of anomalous
diffraction effects near the adsorption edges of elements such as Fe. Two diffraction patterns are
obtained, one using an incident wavelength below the absorption edge, the other using a
wavelength at the absorption edge of the element of interest. The change in scattering factor of
the element who's edge was crossed results in a change in the peak intensities of minerals
containing that element. Subtracting the two patterns results in the diffraction pattern of the
phases containing the element of interest. The advantage of this approach over differential
diffraction procedures which rely on selective dissolution of particular phases, is that exactly the
same sample is used for both patterns, allowing much better matching of peaks common to both
patterns. This approach should be useful for studying Fe and Mn containing minerals in soil clays.
Finally, the ability to focus the synchrotron beam into a spot only a few iim across should make it
possible to obtain diffraction patterns from very small samples, such as particular areas of a soil
thin section, or clay or iron oxide coatings on ped faces and root channels. Such microdiffraction
techniques have not yet been developed, but if they work as planned, they should provide
microscale mineralogical information to complement the bulk clay mineralogy information
normally obtained by traditional clay mineralogy techniques.
X-ray Computed Microtomography (CMT). X-ray computed tomography using conventional
x-ray tubes is commonly used for medical imaging, where it is referred to as CAT or CT scanning.
Conventional CT instruments have resolutions on the order of 1 to 2 mm2. Synchrotron x-ray
sources extend computed tomography to spatial resolutions as small as 1 urn2. An x-ray
tomographic image is obtained by collecting the line integral of the linear x-ray attenuation
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coefficient for a large number of rays which intersect the object of interest at various angles. In
the simplest case, in which a pencil beam of radiation is used, the object is translated through the
beam and the transmitted x-ray intensity is measured at each translation step. The object is then
rotated by a small amount, and the translation is repeated. The process of rotation and translation
is repeated until the object has been rotated 180°. Computer software is then used to reconstruct
an image of the interior structure of the object. In some cases, chemical information can also be
obtained by collecting two CMT images, one using an incident x-ray wavelength below, the other
using a wavelength above the absorption edge of the element of interest. The difference between
the two images is then the distribution of the element within the sample.
Samples can be imaged moist or dry, providing capabilities for examining moist soil
microaggregates and soil crusts, the dynamics of fluids in very fine soil pores, and root-soil
interactions. Initial work has attempted to image the distribution of water and immiscible organic
liquids, such as oil and gasoline, in very fine pores to better understand the environmental fate of
organic pollutants in soils (Spanne et al., 1994).
Synchrotron X-ray Fluorescence Spectroscopy (SXRF): Synchrotron X-ray fluorescence
spectroscopy is a rapid nondestructive technique for the quantitative determination of elements
(Z>20) in a wide variety of solid phases in the parts per million to parts per billion concentration
range. The high intensity, linear polarization, and natural collimation of synchrotron radiation
contribute to the high sensitivity and spatial resolution (< 10 urn) of SXRF. The X-26A beam line
at the National Synchrotron light source at Brookhaven National Laboratory is the only dedicated
hard X-ray microprobe beam line currently operating at a synchrotron facility. The experimental
set-up includes a computer controlled x, y, z, 9 micrometer stepping motor that can move the
stage mounted samples to appropriate locations within the beam. The system includes a
petrographic microscope with a TV camera attachment so that the location of the sample stage can
be properly adjusted from outside the experimental hutch via computer control. The technique is
particularly useful for trace element analysis in soils and geologic materials, particularly where
spatial resolution of intact samples or nondestructive analysis of minute samples is required. There
are numerous applications in soil chemistry and mineralogy, including micronutrient distribution in
the rhizosphere and micromorphological thin sections, and trace metal concentrations in Mn
nodules, secondary carbonate accumulations, various waste-forms, and phyllosilicates. Combining
both SXRF microprobe analysis and micro-XANES or micro-EXAFS on identical regions within
geologic material, soils, sediments, or within various waste-forms provide a very powerful
approach to the chemical speciation of trace elements or contaminants.
Acknowledgments. We thank C. B. Roth and C. T. Johnston for reviewing the manuscript. This
is Journal Article No. 14,066 of the Purdue Agricultural Research Station.
Literature Cited.
Alp, E. E., S. M. Mini, and M. Ramamathan. 1990. X-ray absorption spectroscopy: EXAFS and
XANES - A versatile tool to study the atomic and electronic structure of materials, p. 25-35.
In: D. G. Schulze and J. V. Smith (eds.) Synchrotron x-ray sources and new opportunities in
the soil and environmental sciences: workshop report. ANL/APS/TM-7, Argonne National
Laboratory, Argonne, IL.

106

Bajt, S., S. B. Clark, S. R. Sutton, M. L. Rivers, and J. V. Smith. 1993. Synchrotron X-ray
microprobe determination of Giromate content using X-ray absorption near-edge structure.
Anal. Chem. 65:1800-180
Bertsch, P.M., D. B. Hunter, S. R. Sutton, S. Bajt, and M. L. Rivers. 1994. In situ chemical
speciation of uranium in soils and sediments by micro X-ray absorption spectroscopy.
Environ. Sci. Technol. (in press).
Calas, C. G. E. Brown, G. A. Waychunas, and J. Petiau. 1987. X-ray absorption spectroscopic
studies of silicate glasses and minerals. Phys. Chem. Minerals 15: 19-29.
Chisholm-Brause, C. J., Hayes, K. F., A. L. Roe, G. E. Brown, G. A. Parks, and J. O. Leckie.
1990. Spectroscopic investigation of Pb(II) complexes at the 7-Al203/ water interface.
Geochim. Cosmochim. Acta. 54:1897-1909.
Cox, D. E. 1991. Powder diffraction, p. 155- 200. In G. S. Brown and D. E. Moncton (eds.)
Handbook on synchrotron radiation, vol. 3. Elsevier, New York.
Hayes, K. F., A. L. Roe, G. E. Brown, K. O. Hodgson, J. O. Leckie, and G. A. Parks. 1987. In
situ x-ray absorption study of surface complexes at oxide/water interfaces: Selenium
oxyanions on a-FeOOH. Science. 238:783-786.
Jones, R. C. and D. G. Schulze. 1994. A Hawaiian bauxite: A comparison between standard
laboratory XRD and synchrotron powder diffraction, (submitted for publication).
Kim, K.-J. Characteristics of synchrotron radiation. In: D. Vaughan (ed.) X-ray data booklet.
PUB-490 rev. Lawrence Berkeley Laboratory, Berkeley, CA.
Rivers, M. L. 1990. Characteristics of the Advanced Photon Source and comparison with
existing synchrotron facilities, p. 5-23. In: D. G. Schulze and J. V. Smith (eds.) Synchrotron
x-ray sources and new opportunities in the soil and environmental sciences: workshop report.
ANL/APS/TM-7, Argonne National Laboratory, Argonne, IL.
Schulze, D. G., and J. V. Smith. 1990. Synchrotron x-ray sources and new opportunities in the
soil and environmental sciences: workshop report. ANL/APS/TM-7, Argonne National
Laboratory, Argonne, IL.
Schulze, D. G., T. McCay-Buis, S. R. Sutton, and D. M. Huber. 1993a. Micro-XANES
spectroscopy of Mn-oxide precipitates around wheat roots infected with the take-all fungus
Gaeumannomyces graminis var. tritici. Abstracts - 10th Inter. Clay Conf., Adelaide,
Australia, 18-23 July, 1993. p. P-35.
Schulze, D. G., T. McCay-Buis, S. R. Sutton, and D. M. Huber. 1993b. Manganese oxidation
states in the rhizosphere of wheat roots infected with the take-all fungus, Gaeumannomyces
graminis var. tritici. Agronomy Abstracts, Amer. Soc. Agron. p. 346.
Spanne, P., K. W. Jones, L. D. Prunty, and S. H. Anderson. 1994. Potential applications of
synchrotron computed microtomography to soil science. In S. H. Anderson and J. W.
Hopmans (eds.) Tomography of soil-water-root processes. SSSA Spec. Publ. (in press),
Soil Sci. Soc. Amer., Madison, WI.
Waychunas, G. A., B. A. Rea, C. C. Fuller, and J. A. Davis. 1993. Surface chemistry of
ferrihydrite: Parti: EXAFS studies of the geometry of coprecipitated and adsorbed arsenate.
Geochim. Cosmochim. Acta 57:2251-2269.
Winick,H. 1987. Synchrotron radiation. Scientific Amer. 257(5):88-99.
Winick, H. and G. P. Williams. 1991. Overview of synchrotron radiation sources world-wide.
Synchrotron Radiation News, 4 (5): 23-26.

107

Applications of Scanning Force Microscopy to
Soil Minerals
Rajan K. Vempati and David L. Cocke. Chemistry (Gill Chair), PO 10022,
Lamar University, Beaumont TX 77710, USA.
Abstract.
Scanning force microscopy (SFM), also known as atomic force microscopy (AFM), is
making a valuable contribution in the fields of soils and environmental materials. This is due to the
fact that SFM provides: (1) the structural and surface information, and (2) three dimensional
information down to atomic resolutions. In addition, the surfaces are quantifiable which is
otherwise difficult with other microscopic techniques. In this paper we review the theory and
applications of this and other related techniques. Sample preparation techniques for powders and
large sample sizes are examined. The following SFM applications are illustrated: (1) surface
changes effected by chemical and thermal treatments of fly ash, (2) morphological changes induced
by the substitution of various metallic ions in goethite, (3) crystal growth studies, and (4) mode of
surface dissolution of mica by selected extractants. The use of surface roughness and fractal
parameters are examined in relation to mica weathering and out-gassing of rice husk, respectively.
Finally, recent advancements in SFM and valuable experimental hints are discussed.
Introduction.
With the recent development of surface analytical techniques it has become increasingly
clear that the surface and bulk properties of minerals are significantly different. The bulk
properties are a function of composition and atomic structure; whereas surface properties are a
function of composition, structure and morphology. Therefore, often times the bulk reactivities
and thermodynamic properties are not sufficient to explain the soil processes because surfaces play
a key role in dissolution, adsorption, precipitation and catalysis in soil environments. The
development of surface analytical techniques has lead to increased interest in this fascinating and
burgeoning field. There are several surface analytical tools that are available; such as, X-ray
photoelectron spectroscopy (XPS), Auger electron spectroscopy (AES), low energy electron
diffraction (LEED), secondary ion mass spectroscopy (SIMS), Rutherford backscattering (RBS),
surface analysis by laser ionization (SALI), ion scattering spectroscopy (ISS), etc., that are being
used in soil- and geo-chemical research to probe the surface chemical environment (Hochella
1990). With the development of scanning probe microscopy (SPM), which includes scanning
tunneling microscopy (STM) and scanning force microscopy (SFM), it is possible to image surface
micro- to nano-scale morphology and even image surface atoms or molecular orbital [1]. The
microtopology of minerals will be helpful in understanding the surface phenomena, e.g., growth
processes, dissolutions, adsorption of ions, and their role in heterocatalytic reactions in soils. In
addition, micro-kinetics of growth and dissolution of minerals surfaces can be monitored in real
time [2].
The only tool that was available to scan the surfaces (beyond the wavelength of light) prior
to the development of SPM was scanning electron microscopy (SEM). However, the latter
instrument lacks: (1) three dimensional imaging, and (2) the spatial resolutions needed to image
atomic steps, kinks, defect sites and microcracks. Table 1 provides information of different
microscopic techniques and their capabilities. The advantages of SPM over other imaging
techniques are that the surfaces can be quantified which are otherwise impossible or difficult.
Furthermore it is: (1) a laboratory tool (2) operable in air, liquid or vacuum, (3) provides threedimensional atomic resolutions, (4) needs minimal sample preparation, and (S) simple to operate.
Scanning tunneling microscopy (STM) was the first of the SPM invented by Binnig and
Rohrer in their IBM research laboratory in Zurich, Switzerland in 1981, which resulted in the first
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atomic resolution of silicon [2]. For their invention they shared the 1986 Nobel prize with Ernst
Ruska, who developed the electron microscope in 1930. The operation of the STM is as follows: a
tunneling sensor measures the current passing between the metal probe which is very close (5 to
10A) to a conductive sample. This results in electrons being transferred from the probe to the
surface even though the two materials are not in physical contact because of the quantum
mechanical tunneling effect. The tunneling current (I) is directly proportional to the applied voltage
(V) and exponentially proportional to the distance separating the tip and the sample.
I = aVe-N>05d
(1)
I = tunneling current
V = applied voltage
(> - barrier height which is a function of the tip and sample materials
representing the difference between the tunneling energy level and the
tip-sample system's maximum energy level
d = tip to sample gap
a, b, = constant
Equation 1 shows that for a small decrease in the tip to sample distance (d) will result in a
large increase in the tunneling current (I), assuming a constant applied voltage. STM requires that
the sample be an electric conductor, otherwise it has to be coated for the tunneling current to flow.
The invention of STM lead to the subsequent development of nanotechnology. In 1990 a group of
IBM researchers were able to move a single atom of Xe on a Nickel substrate to spell IBM, leading
to use of STM for nanolithography. This is done by applying relatively high voltages to the STM
tip while disabling the feedback circuitry. Hence, in the future it will be possible to build
structures of clays or clay minerals atom by atom.
Table 1. Comparison of Different Microscopes
Source

MFf

Optical
Laser Scan
Ion Beam
SEM
TEM
SFM
PTMt

10 3
10 4
105
10 6
10 8
109
10 9

Medium
Air, Liquid
Air
Vacuum
Vacuum
Vacuum
Air, Liquid, Vacuum
Air, Liquid

Image
2-D
2-D
2-D
2-D
2-D
3-D
3-D

Damage
None
Minimal
Severe
Some
Some
Minimal to None
Minimal to None

MF = magnification factor
t the lateral resolution of photon tunneling microscopy is low
Scanning force microscopy (SFM) is more popular in the soils and geological research
because insulating samples can be imaged. Binning got the idea of SFM while he was at Stanford
University on leave from IBM [3]. According to Binning the inspiration for the invention of SFM
came to him while he lay on the floor of his house. He saw similar STM topology on the ceiling
and wondered why current has to always be used to image surfaces. Why not force. He then
talked about his idea to Christoph Gerber of IBM and Calvin Quate of Standford University. They
made some calculations which showed that it is possible to image the surface atoms without
displacing them for their atomic sites because the spring constant of the cantilever is in the range of
0.1 to 1.0 Nnr1, much smaller than that of interatomic spring constant of 10 Nm 1 . This paved
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way for the introduction of first SFM in 1986, and since then considerable improvements have
been made. SFM differs from other surface techniques in that force instead of photons, electrons
or ions are used to image surfaces. Thus, both conducting and insulating materials are imaged.
Table 1 provides the various surface imaging techniques and their comparison.
Instrumentation.
SFM comprises of a soft cantilever spring, sensing detector, piezoelectric ceramics
(scanners), a feedback electronic circuit, and a computer for generating and presenting images.
The sample is rastered by the means of piezoelectric ceramics. Piezoelectric ceramics are those
materials that undergo physical distortion when an electric field is applied. For example, 0.1 A
volt 1 expansion coefficient will move 0.1 A with a 100 millivolt potential source. A laser light is
focused onto the tip of the cantilever that moves up and down depending on the topography of the
sample. These movements are captured onto a four section photodiode detector (Fig. 1). The
feedback circuit prevents the tip from touching or damaging the surface. The images can be
captured in contact, non-contact, lateral force modes and spectroscopy. Each of these modes have
advantages which will be discussed later.
Detector
LASER-

Feed back
loop
Sample —»•

Fig. 1. Schematic diagram of SFM force sensor.
To understand contact and non-contact SFM it is important to understand the
Force/Distance relationship. When the cantilever is brought close to the sample surface, it is
attracted to the surface because of van der Waals forces. When the cantilever comes very close to
the surface there is a repulsion force between the electron orbital on the surface of cantilever and
surface atoms. As the distance decreases, the repulsive forces neutralize the attractive sources, and
finally the repulsive forces dominate (Fig. 2). Surface contaminants effect the Force/Distance
curve by pulling the cantilever more strongly to the surface by the capillary attraction. Thus, the
attractive forces are much greater when contaminants are present. This effect is also seen when the
cantilever retracts from the surface. Thus the attractive forces are greater when the cantilever is
retracting from the surface compared to moving towards the sample. The cantilever, in case of
contact SFM, operates in the repulsive region, whereas, in case of non-contact SFM, it operates in
the attractive region. The advantage of operating the sample in the attractive region is that soft
sample surfaces are not deformed but compromises are made on the resolution.
Lateral force microscopy (LFM) works similar to that of variable force SFM except the
sideway forces on the probe are imaged. In case of SFM, the output signals of the upper and
lower halves of the four-section detectors are used; whereas, for the LFM the left and the right
sides of the photodetectors are used. In this mode the cantilever is twisted slightly. LFM shows
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DEFLECTION

Repulsive
Force

Oscillation After
Release From Surface

"<\

Distance

Fig.2 Typical cantilever defection showing the attractive and repulsive force regions (From
TopoMetrix Technical Bulletin).
changes in surface friction as well enhanced as contrast at the edges. This microscopy is also
referred to as a "Frictional Force Microscopy." The LFM and SFM can be imaged at the same scan
because the output from all four sections of a photodetector can be obtained simultaneously.
Lattice scale imaging of mica and clay (001) surfaces have been done using LFM [5,6]. In case of
spectroscopy, the 'z' ceramic is modulated and the sensor output is recorded. When modulating
over a hard surface the sensor output will have a large amplitude because of little surface
compliance. Whereas, on a soft surface the sensor output will have a low amplitude. This is
similar to flexing a plastic ruler on to a wooden table versus a piece of foam rubber. Without
seeing the material one can tell the difference just by feeling the vibrations of the ruler. This mode
can be used to study the sample compliance or hardness changes in the sample. We have examined
a graphitic fuel cell and differentiated the soft graphitic and relatively hard Pt electrodes areas .
i Laser

Photodetector

Cantilever

Fig. 3. Laser light sensor circuit showing a quadrant detector (From TopoMetrix Technical
Bulletin).
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Scanners for SFM
There are two common type of scanners used for SFM: (1) tripod scanner, and (2) tubular
scanner. The tripod scanner is used to scan large ranges, i.e., 75um down to lu,m, whereas the
tubular scanner is used to scan from 10 \im down to 10 A. Large samples; such as, glass
windows, aircraft wings, space shuttle windows, etc., can be imaged using a bench top scanner.
Probe tip geometry is critical to SFM imaging, since the image is a result of both sample
surface and probe shape. The probe geometry is defined by aspect ratio which is the ratio between
the length (L) and the diameter of the tip (d) (Fig. 4). A low aspect ratio will have a large surface
area that will interact with the contamination area, resulting in a strong attractive forces. Whereas,
a low aspect ratio will result in a low attractive forces this results in the tip coming in and out of the
contamination layer. While imaging large surface features, the aspect ratio is a critical component.
ASPECT RATIO U)«L/W

LOW ASPECT RATIO TIP

1 =

HIGH ASPECT RATIO TIP

SCAN DIRECTION
(A)

(B)

Fig. 4. Figure showing probe geometry relationship and tip aspect ratio comparison.
The cantilever tip is pyramidal shaped (about 4 urn) with an aspect ratio of 1:1 and this is
made by chemically etching SiNj. The cantilevers are designed to have a high resonant
frequencies in the order of 10 to 100 kHz. This reduces their sensitivity to external vibrations and
adequate stability for high resolution SFM. For many applications this tip is too dull and ill-suited
for imaging deep structures of sharp walls. Hence, thin probes with an aspect ratio of 10:1 and the
tip diameter of 20 nm or less were developed for this purpose. The tip with high aspect ratios are
often referred to as super tips. The super tip is grown by using an electron-beam assisted chemical
vapor deposition.
Vibration Isolation
Mechanical vibrations can cause fluctuation in the physical gap between the tip and the
sample. These vibrations result in the sensor output signal resulting in limited resolution. This is
particularly important when scanning for high resolution imaging. The acoustic noise is controlled
by enclosing the SFM stage. Some of the common methods that are used to isolate mechanical
vibrations are suspending the instrument using a bungee cord, an isolation table or magnetic
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levitation. Also, the stage is usually placed on a separate platform from the computer or any device
that generates vibrations.
Sample preparation is the most important part of SFM. Powdered samples are extremely
difficult to image because the sample could adhere on to the cantilever resulting in a poor image.
Also, too thick a sample will result in clustering of the crystals. In our laboratory we use three
different methods of sample preparation: (1) double-sticky tape, (2) air drying the water/methanol
suspension on a silica (100) wafer, and (3) embedding the sample in an epoxy glue. Based on our
experience the second method seems to work very well for powders because water wets the
surface better than methanol. For the bigger sample size embedding it in an epoxy glue works
well. One caveat about the sample preparation technique is that any preparation method should not
alter or destroy the surfaces because SFM is a surface technique.

Applications.
This section will focus on SFM applications from our laboratory. A variety of minerals
have been imaged at the micro- and nano-scale level using atomic force microscopy [2, 7-14],
Fluid cells have also been employed to study the precipitation [15] and adsorption of ions in real
time. Weisenhorn et al. [16] imaged, using a fluid cell, the adsorption of neutral molecules on
clinoptilolite in real time. Their study revealed that tert-butanol formed an ordered array; whereas,
the tert-butyl ammonium was observed as clusters. Furthermore, they were able to manipulate the
molecule on the surface.
The strength of SFM lies in image processing and data manipulation. This data can be
enhanced either in qualitative and/or quantitative forms. Some of the qualitative manipulations
include leveling, shading, smoothing, coloring, fast fourier transformation, three dimensional
display, etc. Quantitative manipulation include line profile, surface roughness, fractal analysis,
grain analysis, etc.
I.

Surface Changes Effected by the Chemical and Thermal Treatment of Fly Ash
Fly ash is a coal combustion byproduct from the thermal power stations. It is
predominantly composed of amorphous aluminosilicates, quartz, cristobalite, magnetite, and
mullite. Fly ash is composed primarily of two types of particles: (1) cenosphere (hollow spheres

Fig. 5.

SPM images of fly ash p a r t i c l e s : (a) cenospheres, and (b)
magnetic p a r t i c l e showing c r y s t a l l i t e s of magnetite.
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Fig. 6.

SFM images of: (a) ZK-19 crystals emerging from amorphous matrix,
(b) surfaces of ZK-19 crystals, and (c) layered cristobalite formed
from thermal transformation of fly ash.
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enclosing a solid sphere) (Fig. 5a), and (2) plerosphere (solid spheres). Inside the cenospheres are
the crystalline mullite particles. Fly ash particles are spherical because coal is rapidly quenched at
temperature of 1600°C, and to minimize the surface free energy the surface tension forces act
around the solid particles. Fly ash contains 5 to 15% Fe oxides in the form of magnetite particles
which are embedded in a glassy matrix (Fig. 5b). The energy dispersive X-ray analysis (EDAX)
indicated that the smaller rectangular crystallites are predominantly composed of Fe with minor
amount of Al and Si. Quartz was the other fly ash particle that was imaged by SFM.
The fly ash particles were treated with a strong base to modify their surfaces. Using SEM
and SFM, the crystal growth of zeolites ZK-19 were studied from the amorphous fly ash matrix.
The crystal growth from the amorphous matrix as observed in both SEM micrograph and that of
SFM image (obtained by 75 pirn scanner), is depicted in Figure 6a. The rod-shaped crystallites are
formed from the amorphous matrix. The SFM provided the three-dimensional information and
angles between their faces. The top ends of the crystallites were diamond shaped and the angles
between the crystal corners were ~128° and ~52°. Because of smaller dimensions of the crystal
apex, a 10 um scanner was used to obtain a magnified image of the crystal surfaces. This crystal
apex was found to be triangular in shape because only the half of the crystallites were observed
(Fig. 6b). These crystals were inclined at an angle of ~90° from each other. With the help of
scanning electron microscopy and SFM we were able to construct the crystal growth properties of
ZK-19 (Fig. 7). The fly ash sample was heated to an elevated temperature to understand the
transformation of fly ash. Upon heating fly ash to 1000°C the formation of layered cristobalite was
observed. The cristobalite, as seen from the figure, is being formed from the amorphous matrix.
The heights of the steps ranged from 34 to 68 nm with an average height of 50 am (Fig. 6c).

Lateral View

Fig. 7. Crystal dimensions and orientation of ZK-19.
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Fig. 8.

SFM images and l i n e profiles of: (a) goethite, and (b)
3.6 mole% Ti-goethite.

II. Morphological Changes Induced by the Substitution of Various Metallic ions
in Goethite Lattice Structure
This study was initiated to understand the fundamental properties of foreign ions in the
goethite structure. These ions were selected based on their ionic size, valency, preferred site
occupancy and periodic group. The SFM of the scanning force microscopy of the unsubstituted
goethite shows accicular crystals with some crystal twinning . For the goethite samples, particle
lengths ranged from 0.46 to 2.7 um and widths ranged from 0.39 to 0.69 um. The arch of the
unsubstituted particles were 20° along the b axis (see Fig. 8a). Since the particles were synthesized

116

at pHal3 we observed a few multidomanic particles. The formation of the multidomainic crystal is
attributable to the rapid particle growth; this unit does not have time to order, resulting in misstackings [17]. The nucleation of intergrowth in multidomainic goethite occurs along x [100] and
y [010] axes. Furthermore, the particles reach their highest dimension along the x axis, and to
some extent along the y axis. Finally, the growth occurs along the 'z' dimension. Also, smaller
goethite crystallites (with an average length of 0.39 urn and 0.20 fun width) were observed on the
surfaces of bigger crystallites.
For the 4 mole%, Ti4* substituted Fe oxides, the length and width of the particles ranged from 1 to
2.2 u.m and 0.5 to 0.9 fim; respectively, with the 'z' height of ~150 nm (Fig. 8b). No
multidomainic goethites were observed; however, the slope of the Ti-substituted Fe oxides was
<5% along the y axis. The accicular morphology of the particles were less prevalent in these
oxides. No amorphous particles were observed. In case of, 4 mole% Mn3+ substituted Fe oxides,
the average length and width of the samples were 1.2 nm and 0.350 ftm with an average 'z' height
of 72 nm. When the Mn content, was increased to 15 mole% the particles became tubular with the
length and width of 1.19 urn and 98 nm. Similar morphology was observed for Zn-substituted
goethite sample. It was difficult to measure the 'z' height for 15 mole% Mn samples. Also, the

Pig. 9.

SFM of Cr-substituted goethite showing the platy layers.
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Fig. 10. SFM images of: (a) nanophase goethite particles, and (b) nanophase
goethite and poorly-crystalline goethite.
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possible precipitation of jacobsite was observed on the surfaces of these oxides. For the 4 mole%
Cr3+ goethite samples, the length and width of the particles ranged from 0.89 to 1.5 um and 0.206
to 0.343 u,m, respectively, with a height of ~49 nm. On the 'b' axis, platy structures with
dimension ranging from 14 to 38 nm were observed (Fig. 9). This surface structural irregularity is
probably a result of Cr3+ slowing the nucleation process.
III.

Crystal Growth Studies
SFM is an excellent tool to understand the crystal growth properties [2, 15, 18, 19]. With
the advent of advanced instrumentation techniques it is possible to study nanophased materials
which have otherwise precluded instrument detection limit. Since SFM can be operable in liquids
it is possible to study the crystal formation and growth of minerals from supersaturated solutions
using the fluid cell or dissolution of minerals. At NASA-Johnson Space Center, Houston, TX
there is an interest to understand the fundamental properties of nanophase -hematite and -goethite
minerals. The nanophase hematite was synthesized by using 45 u,m silica gel with 6 nm pore size
and soaking it with a 1.8 N ferric nitrate solution. The excess of the solution was filtered, dried at
100°C for 24 h and heated to ~550°C for 60 to 80 h. The SFM analysis showed the particles to be
<100nm diameter with a height of <10nm. However, the transmission electron micrograph
showed that these aggregates contained spheres to be of 2 nm. Similarly, SFM was used to
monitor the growth of nanophase goethite. The nanophase goethite was synthesized by aging
ferric sulfate solution at room temperature. At 4.5 h of aging the solution, nanophase goethite with
a diameter of ~110 nm and height of <10 nm were observed. Also, spherical particles with larger
diameter of >500 nm was observed (Fig. 10a). However, Mössbauer and XRD data indicated the
presence of a single phase. Thus these spherical particles may be agglomerates of nanophase
goethite. However, there was no evidence of these aggregates growing in the silica gel pores.
Only a doublet was observed for this sample with quadrapole splitting (QS) of 0.62 mm sec 1 .
When the sample was aged to 14 h, Mössbauer spectroscopy Bhf of 35.6 T and a doublet with QS
of 0.62 mm sec 1 , indicating the presence of nanophase and poorly-crystalline goethites. The SFM
image of this sample showed an accicular morphology of goethite growing from an amorphous
matrix (see Fig. 10b). The advantages of SFM is amorphous hydrated samples can be studied
without subjecting the sample to beam damage or high vacuum. However, with the current sample
preparation technique it is difficult to image individual particles of amorphous oxides.
IV.

Weathering
The surfaces of minerals play a dominant role in adsorption, precipitation and dissolution
of ions. At the microscopic level, these processes are a function of high energy sites; such as,
steps, kinks, edges, defect outcrops, and microcracks [2, 20-24]. Thus it is possible to measure
macroscopic and/or microscopic dissolution effects using SFM. A thin muscovite sample was
treated with different solvents to understand the dissolution of mica. The extracting solutions used
were 1 N NaCl and 0.67 N tetraphenyl boron (NaBPh*) at 25°C and 0.3 M ammonium oxalate at
pH 3. The samples were treated for 1 week and three days, respectively. The untreated mica was
fairly.smooth with some channels, and the line profile of the channel indicated that they were
irregularly shaped and the steps inside the channels were not" smooth (Fig. 1 la). Upon treating
with NaBPh4 the channels became smoother indicating that the chemical attack was occurring
along the edge sites (Fig. lib). Whereas, for the ammonium-oxalate treated sample in addition to
the edge sites surface etch pits were observed (Fig. not shown). These pits were conical in shape
with the diameter of 0.60 mm and height of 23 nm. This showed that the protons were attaching
the mica particles along crystal imperfections and defects. This is also explained by using the
surface roughness parameters.
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Fig. 11. Line profiles of: (a) untreated mica, and (b) NaBPh4-treated mica.
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V.

Quantitative Measurements
A typical SFM image generates a large amount of data. A 200 point by 200 point scan
generates 40,000 data points, and these data points can be manipulated for surface enhancements
and quantitatively analyzed. The quantitative measurements that can be measured are surface
features or roughness and fractal behavior. The TopoMetrix 2.3A software provides these
measurements that can be made on lines or areas. The definition and discussion of surface
parameters are given in the appendix.
The SFM data can be manipulated to describe the surface roughness and observe the fractal
behavior of the minerals. Some of the surface roughness parameters that are discussed in
preceding paragraphs are given in Appendix-1. The surface roughness has been used to describe
engineering parameters. According to Mandelbrot [25], fractal can be defined as a shape made of
parts similar to the whole in some way. It is used in describing the irregular shapes such as
clouds, coastlines and surface terrain that have irregular features. The dimensions of the Euclidean
geometry are given in integers 0, 1,2, and 3 corresponding to dots, lines, planes and bodies.
However shapes that have non-Euclidean geometries have non integer values. Based on the fractal
dimensions (Fd) one can predict the corresponding shapes and surfaces texture (see Appendix for
the geometrical shape and values). The fractals dimensions have been used to correlate observable
phenomena; such as, cleanability, corrosion, adsorption, degassing, etc.
Rice husk
Rice husk is an agricultural waste product produced mostly in Asian countries. The annual
world rice production is 500 million tons of which only 10 to 20% is husk. The rice husk has both
low- and high-tech applications; such as, fuel substitute, activated charcoal, SiC whiskers, solar
cells, additives in cement and soil stabilization, electronic industries, etc. In our laboratory we are
studying the formation of pores on the rice husk surface upon pyrolysis. This study has
implications in using these materials as activated charcoal or fuel. This is because the porosity
influences diffusion resistance and the diffuse of gas for understanding the viable routes for the
effective pyrolysis of rice husk for thermal and mechanical/electrical applications. The rice husk
was heated at 200, 300, 400 and 500°C for 30 min. Figure 12 a and b shows surfaces of untreated
and pyrolyzed rice husk at 500°C for 30 minutes. The untreated rice husk contained some layered
and globular materials which were difficult to identify. Upon pyrolysis at different temperatures
the surface became smoother as evidenced by a significant decrease in surface roughness
parameters (Table 2). Also, the number of pores and their 'z'-level increased significantly. The
number of lakes (L„) and the 'z'-levels were measured using the lake filling fractal method. Fig.
12c provides the information on the 'z' level and the % bearing ratio (Tb). The fractal dimension
of the pores were in the range of 2.12 to 2.31 indicating that the pores were fairly rough (Fig.
12d). The shaded area in Fig 12d are the areas containing the 'z' height of 208 nm. Hence, SFM
can be used to quantify the surfaces which is otherwise not possible with other imaging
techniques.
Table 2. Surface parameters of rice husk pores.
Sample
Untreated
300°C
400°C
500°C

Ra
32
17
18
3

•Vms

38.5
23.0
23.0
6.0

Fd
2.30
2.12
2.26
2.31
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Ln
_
3
8
29

Z-level

Tb%

_
46
59
208

.
90
76
55

Fig. 12. SFM images of rice husk: (a) untreated, (b) pyrolyzed at 500°C, (c) selected Tb values of
500°C pyrolyzed rice husk (d) fractal value of the 500°C pyrolyzed rice husk.

122

Table 3: Selected surface quantitative parameters of mica.
Treatment

Ra

Untreated Mica
NaBPh4 Mica
Am-Ox Mica

15.1 (2.7)
14.1 (4.1)
12.7 (1.9)

Rp
31.4 (7.5)
24.2 (4.2)
34.1 (5.6)

Rpm
11.6 (3.5)
7.2 (2.4)
10.5 (2.5)

The standard deviation is given in parenthesis. The data were taken from nine different region.
Weathering studies
Since muscovite flake is fairly flat, any chemical treatment that effects surface should affect
the surface roughness. If this is the case, then surface parameters could provide some information
regarding the weathering. The Ra value for the pH 3 ammonium oxalate is the lowest because of
the high Zmean values resulting from the formation of edge pits on the surface (Table 3). This is
further substantiated by the highest Rp values for this sample. The R p m values for the NaBPh4treated muscovite is lowest because of the edge weathering resulting in a smoother channels and
also due to the dissolution of tiny islands found on the surface of the bigger mica sheets. We
believe, that similar experiments can be performed for single crystal flat minerals. However, one
should bear in mind that surface roughness should be compared with similar scanning dimensions.
Experimental Hints and Future Applications and Developments of SFM
Scanning force microscopy can be used to understand the reaction mechanisms at a solidsolution interface in real time [2, 8, 15]. This allows one to study dissolution, precipitation and
adsorption at the atomic scales. Most of the atomic scale imaging in the literature contain either a
perfectly ordered periodic structure or defects on a larger lateral scale. The lateral scale defects, at
atomic level, as seen in STM images are rarely seen. Ohnesorge and Binnig [26], using a force of
lO-io [sj in a repulsive mode, observed a kinked monoatomic stepline with true-atomic scale lateral
resolution for cleavage plane of calcite in water using contact SFM. But when a greater force was
used the monoatomic steps were washed away leaving a perfectly ordered surface. The cantilever
used for the above study was an ultralever probe which had an integral asymptotic conical tip with
a radius of <5 nm.
The other related probe techniques are:
Electrochemical Scanning Force Microscopy: This is used to study a wide range of surface
interfacial and electrochemical systems such as corrosion processes, electrochemical deposition,
ion transport and measurement of semiconductor properties such as surface capacitance and charge
carrier diffusion coefficient which is otherwise not possible with traditional methods [27]. Using a
sample in an electrochemical cells, it is possible to image before, during and after a reaction
process.
Scanning Photon Microscopy: This makes it possible to obtain higher resolution than conventional
light microscopy because the fiber optical probe is pulled to 20 to 50 nm and placed within a few
nanometers of the sample This has lead to commercialization of a near field scanning optical
microscope (NSOW). The visible light does not damage the samples and hence can be used to
image in air or water.
Scanning Thermal Microscopy The cantilever tip is made of a thermocouple material measures the
heat transfer in the sample when a heat probe is placed near the sample. This results in
determination of the sample tomography and possibly the areas of differing mineralogy. Also, the
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samples can be exposed to different wavelengths of light during analysis and changes in the
absorption can be measured due to changes in temperature.
Scanning Magnetic Microscopy: This allows for studying the magnetic field above the surfaces
when the probe tip is magnetized [28]. The magnetic field down to 25 nm resolution has been
reported to be mapped out. This may be used to study the magnetic components of the soils [29].
Electrostatic Force. Microscopy: In this case the response of electrically charged tip to electric
charges on a surface is measured. This has been used to study the electronic properties of a silicon
sample. This has resulted in mapping regions of negative and positive charges on the surfaces.
There are other microscopes, such as, scanning ion-conductance microscopy, scanning
acoustic microscopy, molecular dipstick microscopy, etc. But due to lack of space the reader is
referred to Pool [30]. With all these techniques the future looks very exciting to probe the surfaces
of soil minerals. Since no chemical information can be provided by SFM, it is likely that in future
the development of chemical specific probes or cantilever tip-surface atom interaction will help us
to gain this information.
Recently, two independent workers combined ultrafast laser optics and STM to probe
surface phenomena at the atomic scale and pico second time scale [3132]. This will result in
potentially making movies of the physical and chemical processes that occur at a few A per
femtosecond. In this process a laser pulse is used to generate an excited species, which is then
detected by the second pulse. Thus thousands of different pulse pairs are used to follow the
excited species over time. Ultrafast scanning probe microscopy can be used to study the
vibrational motion at the atomic scale, molecular charge transfer, surface rearrangement of electric
field and voltage wave fronts at metal-semiconductor interface [31]. In the near future, we will see
more of these applications in understanding the fundamental properties of soil minerals at the
atomic and molecular orbital level. Also, on a routine basis, probe the site specific adsorption sites
in soil minerals. All this will lead to increased knowledge of the processes occurring on soil
surfaces that will help us increase agricultural production and protect our soil environment.
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Appendix-1
SURFACE QUANTIFICATION USING SFM
Surface Roughness
SPM has greatly enhanced the capability of measuring surface macro- and microtopography down to the near atomic levels. This parameter provides a wealth of information about
the surface texture which result in an approximate classification of surfaces as level, wavy, smooth
or rough. In the preceding sections, we are defining some of the common engineering parameters.
Definitions of Selected Roughness Parameters
An arithmetic mean (Z) is defined as the sum of all height values (Z) divided by the number
of data points (N) in the profile. In the TopoMetrix algorithms for surface profile measurements of
this type N is 20, which takes into account the 20 highest features in the profile.
1

N

1N

i=0

The most frequently used roughness parameter is Ra. This value is the arithmetic mean of the deviations in
height from the profile mean value(above). Ra is written as:
1 N
R« = ^ y ( I Z r Z I )
N

(2)

l=l

Considering the statistics of maximum peak heights, the parameters Rp and Rt are used. R„ is define
as the maximum height of the profile above the mean line and Rt is the maximum peak to valley height in the
profile.
Rp = Zmax ' Z

(3)

Rt = Zmax - Zmj,,

(4)

Zmax is the maximum height of the peak above the mean, and 7^,^ is the maximum height of the
valley below the mean
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More representative of the entire profile are the mean values of Rp and Rt
1 Y

1 Y
Rt=Y.2( R t)i

(6)

Bearing Ratio
For two dimerisional measurements, a useful parameter for tribological studies related to
surface friction is Tt,, the bearing ratio. This value is the amount of surface existing between the
highest peak (Rp) and a chosen depth (b) expressed as a percentage of the profile length (L). The
bearing ratio is written as:
100 N < b )
T

b=-r.iz(b)'

(7)

Fractals
Fractals are a geometrical means for describing irregular shapes such as clouds, coastlines
and surface terrain. In the past few years it has become a powerful mathematical tool to describe
surfaces and interfaces in lot of different fields. One can describe complex irregular features
mathematically in terms of non-integer dimensions. This is specially true, for example a curved
surfaces with and without irregular features (Fig. 13 ). The surface roughness of these two
surfaces will be equal or have similar values but the differences in fractal dimensions are apparently
large. Hence, the fractal dimension can be used to distinguish between surfaces that other
engineering parameters that would otherwise put them in the same category Fractal is defined as
a shape made of parts similar to the whole in some way [25]. Using the fractal dimension one can:
(1) characterize surface by only one number, and (2) the fractal dimension of a surface can be
directly correlated with observable phenomena, such as; cleanablility, corrosion, adsorption,
catalysis, degassing, etc.
DETERMINATION OF SURFACE FRACTAL DIMENSION (Fd)
There are several methods available to determine the Fd of a surface. The one that will be
used for analyzing the rice husk sample is the lake filling method [33]. This technique has been
used to characterize the gold deposits growth rate and surface diffusion upon electroreduction of
hydrous oxide layers. It involves choosing a selected z-height value, such that half the features of
the surface are above the selected z-value, and the other half is below the z-value. Lake patterns
are then generated by simulating a water level at that selected z-height. This method generates a
number of lakes based on the number of holes containing that discrete z-height. Then their
perimeter L (defined as the number of water pixels on the digitized grid having nonwater
neighbors), and their area A (defined as the number of water pixels for a given void) are measured.
The fractal dimension of the surface are obtained by plotting the log of the lake perimeter versus the
log of the lake area. Since, this is a two dimension fractal analysis, the values lie between 2 and 3.
The smoother surface will have a value of 2; whereas, rougher surfaces will have a value of 3.
One caveat is that comparison of images should be made at the identical scales. This is achieved by
comparing images obtained with the same pixel resolution and scan length (i.e. two lO/m»2 scans at
400 x 400 pixel resolution cold be compared correctly).
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Fig. 13. Internal features showing a smooth and a rough hole.
Ra(l) = Ra(2)
Fd(l) = Fd(2)

(8)
(9)

Lake Filling Program
L = AFdv2

(10)

The fractal dimension of the three-dimensional surfaces (Fd) are related to Fd' by:
F d = l + Fd'
(11)
Fd, and Fd' are the fractal dimension of the surface and fractal dimension of the coastline profile,
respectively.
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Abstract
The oxidation of Cr(III) to Cr(VI) represents a significant environmental hazard due to the
much greater mobility and toxicity of Cr(VI). Despite the importance of Cr(III) oxidation, many
factors influencing this chemical process in soils and waters remain unknown. In this study we
investigate the sorption mechanisms of Al on bimessite and their effects on Cr(III) oxidation.
Aluminum had no effect on Cr(III) oxidation at pH values less than 4. However, at pH values
greater than 4 Al effectively limited Cr(III) oxidation. Reacting Al with bimessite prior to the
introduction of Cr(III) resulted in less oxidation than when both Al and Cr(III) were reacted
simultaneously with bimessite. Prior reaction of bimessite with Al at pH 5, and 2.84 |imols
Cr(HI) initially present, decreased oxidation from 2.80 to 0.28 (imols Cr(VI). High-resolution
transmission electron microscopy revealed that an aluminum hydroxide surface precipitate formed
on bimessite at pH > 4, thus accounting for the observed sorption and electrophoretic mobility
trends and Cr(III) oxidation inhibition. The amorphous Al(OH)3 surface precipitate formed at an
ion activity product 103 times lower than for precipitation in bulk solution. Subsequent to the AlMnC>2 reaction, introduction of Cr(III) resulted in a semicrystalline chromium hydroxide phase on
the Al reacted bimessite. The resulting colloid was composed of three distinct metal-(hydr)oxides:
5-Mn02, Al(OH)3«nH20, and Cr(OH)3«nH20.

Introduction
Oxidation-reduction reactions dramatically affect the hazard of many compounds in the
environment. Oxide/solution interfaces often influence redox reactions by allowing accelerated
redox pathways, e.g., the oxygenation of metal ions (Davies and Morgan, 1989; Wehrli and
Stumm, 1989) or by acting as an oxidant or reductant of a species present in soils and waters, e.g.,
the oxidation of small organic molecules (McBride, 1987; Stone, 1991). The oxidation of Cr(III)
on manganese oxide surfaces has important implications for environmental quality since a rather
benign species is transformed into a hazardous one.
Chromium is a redox reactive metal ion utilized in a variety of industrial processes; it has
two stable oxidation states in the surface environment, Cr(III) and Cr(VI). Due to the lower
toxicity and mobility of Cr(III) than Cr(VI), redox reactions affect the hazard and risk of Cr in
soils. Chromium(VI) readily penetrates plant and animal cell membranes, is toxic as an oxidizing
agent, and is a suspected carcinogen; consequently, the drinking water standard maximum for Cr is
10-6 M (U.S. EPA, 1984). Concentrations as low as 5 ppm Cr(VI) in soils and 0.5 ppm in
solution can be toxic to plants (Turner and Rust, 1971). Furthermore, the anionic forms of Cr(VI)
result in a greater mobility of this species than Cr(III) due to the low hydroxide solubility of
Cr(ni) and the abundance of negatively charged surfaces in soils. In contrast to Cr(VI), Cr(III) is
not known to be toxic to plants and is essential in human nutrition (Bartlett and James, 1988).
However, while Cr(III) was once considered relatively harmless in the environment, the potential
for Cr(rH) oxidation makes its hazard tantamount to that of Cr(VI).
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Manganese oxides are one of the most reactive inorganic species present in surface
environments, having pronounced effects on the redox status of soils or sediments (Bartlett,
1986). These oxides are the only known naturally occurring oxidant of Cr(III) at pH < 9 (Eary
and Rai, 1987), and readily oxidize this species (Bartlett and James, 1979; Amacher and Baker,
1982; Eary and Rai, 1987; Fendorf and Zasoski, 1992). While recent investigations have
thoroughly assessed Cr(III) oxidation by Mn-oxides in simple systems (Eary and Rai, 1987;
Johnson and Xyla, 1991; Fendorf et al., 1992; Manceau and Charlet, 1992), influences of
complex, multicomponent matrices of soils and waters have not been investigated. A knowledge
of reaction conditions which affect Cr(III) oxidation is imperative for predicting the fate of Cr in
soil and water systems, allowing one to determine conditions that facilitate or retard the formation
ofCr(VI).
While the oxidation of Cr(III) by birnessite at pH < 4 continues until a reactant is limiting,
the reaction is inhibited at higher pH values. Separate surface analysis studies (Fendorf et al.,
1992b; Manceau and Charlet, 1992) confirmed that the source of Cr(JJI) oxidation inhibition was
the formation of a Cr(OH)3 • nH20 surface precipitate. The Cr(OH)3 surface precipitate inhibits
Cr(III) oxidation by acting as a redox stable sink for Cr(III) and as a physical barrier between
solution Cr(ni) species and the oxidative Mn surface. Bidentate inner-sphere complexation of
Cr(IJJ) on Mn-oxides is the initial step in the redox reaction (Fendorf et al., 1992b). Hence, if a
competing sorbate can inhibit Cr(III) complexation on manganese oxides the oxidation process
may be hindered.
In the complex matrices of soils and waters, various species may be present that influence
Cr(III) retention and, thus, oxidation by manganese oxides. Moreover, metal ions (Me),
particularly Al, may form a solid solution with Cr(III)~as observed for Cr(III) and Fe(III) (Sass
and Rai, 1987). The formation of a Cr,Me(OH)3 precipitate would limit the aqueous Cr(III)
concentration and, if surface associated, would form a physical barrier between redox reactive
Cr(JJI) and Mn(IV)/(III) species. This limitation in oxidation may be important in determining the
potential for Cr(VI) production from Cr(ffl), which would thus decrease the potential hazard of Cr.
Aluminum is common in many soil and water systems and its behavior in the surface environment
is similar to that of Cr(IU) (Bartlett and James, 1979, 1988). Accordingly, its effects on Cr(III)
oxidation may have significant environmental implications. Furthermore, another trivalent ion,
Fe(III), was observed to completely inhibit Cr(III) oxidation by 8-MnC»2 (Amacher and Baker,
1982). Because of the potential formation of a solid solution and competitive sorption between
Cr(III) and Al, the influences of Al on Cr(III) oxidation were investigated in this study. The
objectives of this research were to determine: (i) the sorption mechanism and surface structure of
Al on birnessite, (ii) the effects of Al on Cr(IJJ) oxidation, and (iii) sorption mechanisms necessary
to limit Cr(III) oxidation. Determining inhibitory factors in Cr(IJJ) oxidation will enable a more
comprehensive assessment of Cr hazards under specified conditions and may allow for the
development of a safe disposal technique for this element.

Materials and Methods
The mineral birnessite (5-MnC»2) was prepared by the method of Buser et al. (1954). The
specific surface area and zero point of charge (ZPC) were 223 x KPmZkg- 1 and 2.7,
respectively. X-ray diffraction studies of the birnessite, using a random powder mount, produced
four broad peaks at 0.73,0.36,0.24, and 0.14 nm. These values are characteristic of 6-Mn02 and
are in good agreement with those observed by others (Loganathan and Burau, 1973; Loganathan et
al., 1977; Zasoski and Burau, 1988). Electron diffraction patterns confirmed the d-spacings
obtained from X-ray diffraction, and high-resolution transmission electron microscope (HRTEM)
images are representative of a synthetic birnessite. All chemicals that were used were reagent
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grade, and metal solutions were made from their nitrate salts. The Mn02 was suspended in O.IM
NaNÜ3 at the desired pH value, which was maintained by addition of NaOH or HNO3.
Chromium(VI) was analyzed by the s-diphenyl carbazide method (Bartlett and James,
1979). Aluminum and Mn were analyzed using a sequential ICP-optical emission
spectrophotometer.
Batch Studies
Batch methods were used to obtain steady state data. Supporting electrolytes were 0.1 M
NaN03. Twenty five mL of solution and 2.5 mg MnÜ2 were placed in 50 mL polyethylene tubes
to yield an initial solid concentration of 0.1 g L-i. In noncompetitive sorption studies, the oxide
was dispensed to the reaction vessel with the supporting electrolyte and allowed to hydrate for 24
h. After pH adjustment the metal ion of interest was added, with initial metal concentrations of
303 \\M, and the total volume brought to 25 mL. The system was then mixed on a reciprocating
shaker for 24 h after which an aliquot was withdrawn and the electrophoretic mobility (EM) of the
particle measured with a Ranks Brothers apparatus. The remaining suspension was filtered
through a 0.45 |im pore membrane filter, and the effluent was analyzed.
In competitive studies, the competing metal ion was added at an initial concentration of 290
[iM to the oxide and supporting electrolyte after hydration. The system was allowed to react for 4
h prior to the addition of Cr(III); Cr(III) was then added and the sample was shaken for 24 h,
filtered, and the effluent analyzed. All investigations were carried out over the pH range of 3 to 5
at 25 ± 3 °C. An N2 (g) environment was maintained by initially bubbling N2 (g) through the
suspension and then keeping samples under an N2 (g) stream. A portion of the final solid material
in both competitive and non-competitive studies was removed for TEM analysis.

Electron Microscopy
High-resolution transmission electron microscopy (HRTEM) was performed on the solid
material from systems of Al-MnÜ2 and Al-Cr-Mn02. In this study, micrographs of MnC>2 reacted
with 400 \iM Al at pH 4 are shown in addition to a series of micrographs of the Al-Cr-Mn02
systems. After the batch reactions, electron microscopy was performed by dispensing
approximately 0.25 mL of the suspension on a holey carbon fi'm supported by a copper mesh grid.
The oxide coated grids were then rinsed with deionized water and air dried. Following this
procedure HRTEM was performed on the specimens at 300 KeV using a Hitachi H-9000NAR
transmission electron microscope, or at 200 KeV using a JEOL JEM200CX.

Results
Sorption ofAl on Birnessite
The sorption of Al on birnessite, normalized to the surface area, is shown in Fig. 1 with
solution pH ranging from 3 to 5. Aluminum sorption on birnessite occurred over the entire pH
range ( 3 to 5), but a much more extensive increase in sorption occurs at pH > 4. The point were
sorption increases dramatically (approximately pH 4) may represent a change in the sorption
mechanism of Al.
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Figure 1. Aluminum retention on birnessite at initial concentrations of 303 uAf in a matrix of 0.1 M NaN03
(Fendorf etal., 1993).

Aluminum induced a positive EM on birnessite throughout the pH range studied (Fig. 2).
From pH 3 to 5, there are two relatively linear sections of the pH vs. EM data for the Al-MnÜ2
system, similar to the EM of MnÜ2 after reaction with Cr(III) (Fendorf and Zasoski, 1992). At
pH 4, the positive slope of the EM vs. pH curve dramatically increased in the presence of Al. The
point where the slope changes appears to represent the onset of a process which largely alters the
surface properties of birnessite. This indicates a possible change in the sorption mechanism of Al.
Electron micrographs of the MnC>2 surface prior to reaction and after reaction with 400 \iM Al at
pH 4 indicate a change in the surface structure of the oxide (Fig. 3).
The micrographs show that the unreacted material (Fig. 3a) was partially crystalline, with
the characteristic balls of needles of synthetic birnessite depicted (McKenzie, 1977). Interspersed
with amorphous material, an ordered needle-like morphology is characterized by layers of parallel
atomic planes exhibiting severe bends and twists. In the images of the unreacted material, the
needles are clearly delineated with no amorphous deposition. However, after reacting with Al at
pH 4 a distinct change in the surface structure can be discerned. The needle-like morphology is
still apparent, but the crystalline needles are no longer clearly delineated and an amorphous layer
can be seen at the edges of the birnessite particles. Furthermore, a decrease in the clarity of the
image is notable; this persisted over a range of focus settings bracketing the optimum value,
indicting that the electron beam was incoherently scattered by an amorphous layer that coated the
upper and/or lower surface(s) of the particle. Although a surface alteration is clearly discerned on
birnessite at pH 4 (400 (iAf Al), there are areas in the micrograph that remain clear and do not have
amorphous material at their edges. Thus, amorphous Al(OH)3 formed discrete surface deposits
(clusters) on birnessite at pH 4. Below pH4 no surface modification was observed, and at pH 5

132

(400 |iM Al) a more extensive surface deposition was observed in which the bimessite surface
was entirely enveloped (Fendorf et al., 1992a). Therefore, HRTEM provides direct evidence that
at an initial Al concentration of 400 uJW, aluminum hydroxide surface precipitation occurs at pH 4.
Surface precipitation is more extensive at pH 5 and completely envelopes the manganese oxide.
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Figure 2. Electrophoretic mobility (EM) of bimessite after reaction with Al as a function of solution pH. The
initial metal concentration was 303 uA/ (Fendorf et al., 1993).

Effects of Aluminum on Cr(III) Oxidation
The competitive sorption effects of 290 \JM Al on the oxidation of Cr(III) were examined
at pH 3 and 5 by reacting Al with bimessite prior to Cr(III) additions. The results are summarized
in Table 1. At pH 3, Al did not affect Cr(III) oxidation. However, the effect of Al on Cr(III)
oxidation at pH 5 was dramatic. With no Al present almost all the Cr(III) was oxidized at initial
concentration of 73.3 \lM (1.80 pmols of the initial 1.84 (imols Cr(III) were oxidized, 95%). In
contrast, only 0.28 (imols of the 18.4 ^.mols Cr(III) (15%) were oxidized when bimessite was
previously reacted with 290 \iM Al. At higher initial Cr(III) concentrations, 615 \xM (19.7
|J.mols), prior reaction with 290 \>M Al decreased the extent of oxidation from 2.76 nmols (14%)
to less than 0.74 ^mols (4%). The chemical equilibrium program MINTEQA2 (Allison et al.,
1990) predicted that 290 \iM Al would be slightly over-saturated with respect to Al(OH)3 (am') at
pH 5. However, although saturation was predicted solution precipitation was never observea in
identical solutions without bimessite present
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Figure 3. High-resolution electron micrograph of bimessite (a) prior to reaction and (b) afterreactionwith 400 \iM
Al at pH 4. After reaction (b), amorphous deposition of Al-hydroxide is observed along the edges of the
particle.
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Table 1. Competitive effects of Al on Cr(III) oxidation by bimessite at pH 3 and 5. The initial
concentration of Al was 290 \iM (data from Fendorf et al., 1993).
pH
3

5

Cr(III)0a
1M

Competing Ion
none
Al(III)

Cr(VI)b
1.69 + 0.08
1.70 ±0.12

%Qxidation
92.3
93.1

15.38

none
Al(III)

9.24 ± 0.50
9.06 ± 0.65

60.1
58.9

LSI

none
Al(ni)

1.74 + 0.029
0.273 ±0.020

95.0
14.9

15.38

none
Al(III)

2.1-5 ±0.12
0.61 ± 0.018

14.0
3.98

a

Initial Cr(III) level (umols)
b timols

To further evaluate the effects of Al on Cr(III) oxidation by birnessite, a more extensive
range of concentration and pH values was investigated. Figure 4 illustrates the effects of Al over
the pH range of 3 to 5 with Al concentrations of 40, 200, and 400 \JM. In Fig. 4, the extent of
Cr(HI) oxidation is shown by the amount of Cr(VI) produced as a function of the saturation index
(SI = log IAP/KSp, where IAP is the ion activity product) for Al(OH)3 (am), calculated using
MINTEQA2. Although the formation of crystalline Al(OH)3 phases (e.g., diaspore, boehmite, or
gibbsite) would be thermodynamically more favorable, an amorphous surface precipitate was
discerned with HRTEM. Small microcrystalline domains were discerned in the aluminum
hydroxide precipitate, but it was dominantly an amorphous phase. This necessitated the
employment of SIAI(OH)3 (am)- Kinetic rather than thermodynamic constraints often are the
controlling factor in precipitation reactions and appear to govern the reaction under these
conditions.
As the SIAI(OH)3 (am) increased the extent of oxidation decreased, and as saturation with
respect to Al(OH)3 (an,) was approached oxidation became almost negligible (Fig. 4). The
formation of an aluminum hydroxide surface precipitate coincided with Al induced Cr(III)
oxidation inhibition (Fig. 3); complete aluminum hydroxide surface coverage at pH 5 (Fendorf et
al., 1992) almost totally inhibits Cr(III) oxidation. Therefore, Al(OH)3 surface nucleation inhibits
Cr(Tfl) oxidation and may explain the sorption and EM of Al.
Surface Effects ofSorbedAl
Of the metal ions investigated only Al affected the extent of Cr(III) oxidation; the source of
inhibition was the formation of an Al(OH)3 (am) surface precipitate on birnessite. To further
explore the conditions under which this important oxidation inhibition mechanism occurs, and to
determine surface modifications induced by this reaction, HRTEM analyses were performed on the
reaction systems that are depicted in Fig. 4.
Competitive adsorption of Al with Cr(III) does not appear to influence the production of
Cr(VI), as shown by the limited affect Al had on Cr(III) oxidation at lower pH values. Because Al
surface precipitation appears to be the controlling factor influencing the oxidation reaction, the
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production of Cr(VI) as a function of the SI for Al(OH)3 should be useful for ascertaining
conditions which invoke surface precipitation. The extent of oxidation begins decreasing at a SI of
-3 (Fig. 4), with a sharp sigmoidal decrease in Cr(VI) production continuing until negligible
oxidation occurs at a SI of approximately -0.3. Therefore, it appears that metal-hydroxide
nucleation occurs at an IAP 103 times lower (SI = -3.0) than is predicted for Al(OH)3 (an,) in bulk
solution.

>

U

A W S (am)
Figure 4. The effect of Al on Cr(III) oxidation by birnessite expressed by Cr(VI) production as a function of the
saturation index (SI) for Al(OH)3 (am). Reactions were carried out at initial Al concentrations of 40,
200, and 400 pM at pH 3.0, 4.0, 4.5, and 5.0 with 77 \iM Cr(III).

The dramatic decrease in Al solubility at the solid/solution interface may result from a
coprecipitated Al,Cr(OH>3 phase rather than from a pure Al(OH)3 (an,) phase. Sass and Rai (1987)
found that Fe,Cr(OH)3 phases readily precipitate and decreased the solubility of Fe by the amount
of Cr present, i.e., the hydroxide solubility of Fe(III) is then governed by an IAP which is a
function of Fe(III), OH, and Cr(III) activities. However, in the systems which are described in
Fig. 4, Al was reacted with birnessite prior to the addition of Cr(III). Thus, the potential for a AlCr solid solution would decrease. Nonetheless, one cannot rule out the possible formation of a
coprecipitate, nor can one definitively confirm the presence of a surface precipitate using only a
macroscopic analysis. Accordingly, to further examine the previously defined systems we
employed electron microscopy to explore whether the precipitation of a surface Al(OH)3 (am) phase
resulted at an SI of -3, and to determine if a coprecipitate of Al-Cr occurred.
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At a SI of less than -3.1, HRTEM images indicated that no alteration of the birnessite
surface occurred (Fig. 3a). However, as the SI increased above -3.0 a surface alteration can be
discerned that progressively becomes more extensive at higher SI values (Fig. 5). In the systems
reacted with Cr(III) and Al (Fig. 5), the deposition of an amorphous layer can be seen at the edges
of the crystalline MnC>2 needles. At SI -2.32 (Fig. 5a), the deposited material is predominantly
amorphous, although there are areas shown which do indicate slight ordering (semicrystaUine).
The amorphous deposits ranged from less than 1 to greater than 10 nm in thickness. The
amorphous material is not uniformly distributed on birnessite. Some areas have extensive
coverages (layer depths > 10 nm) and thus completely insulate the oxide surface from the solution.
Other areas have little precipitate and would appear to possibly remain reactive with the solution.
This would explain the degree of oxidation depicted in Fig. 4; oxidation was decreased but still
occurred in appreciable amounts. The heavily deposited areas would not be redox reactive with
Cr(ni), in contrast to the high reactivity of the exposed portions of manganese oxide.
The HRTEM analysis showed that further increases in SI enhanced the deposition of the
new solid phase. Figure 5b illustrates that under conditions which represent approximately the half
height point (SI = -1.32) on the SI vs Cr(VI) sigmoidal curve (Fig. 4), extensive growths of the
new material are observed at the edges of the Mn02 particle. In addition, the decrease in image
clarity was more pronounced, suggesting the presence of a thicker surface layer, but areas remain
which have relatively little coatings. In contrast, at SI of 0.78 (Fig. 5c) a gross change in the
particle occurred. The remnant birnessite is only partially imaged and there is a vast amount of the
newly formed phase which completely encapsulates the original Mn02 particle. The newly formed
phase is extensive enough to largely inhibit the imaging of the crystalline Mn02 needles and would
mask its properties from the surrounding solution. Even low magnification images (Fig. 6) reveal
an extensive surface precipitate.
The newly deposited material after reaction with Al and Cr(III) is predominantly
amorphous; however, in all of the micrographs there are many areas which exhibit some atomicordering (crystallinity). Both the extent and degree of ordering is greater in the Cr(III)-Al reacted
systems compared to the manganese oxide reacted only with Al (Fig. 3b). Isolating an area of the
solid material depicted in Fig. 5c provides evidence for the observed microcrystallinity (Fig. 7). In
Fig. 7 partial atomic ordering can be clearly seen in the outer 5 nm. A distinct phase boundary
occurs between 10 and 20 nm from the surface with the interior phase being almost exclusively
amorphous (crystalline Mn02 needles are out of the plane of view but would reside just below the
bottom of the depicted image). It would appear that other semicrystaUine areas of these solids
would be due to the deposition of chromium hydroxide on an aluminum hydroxide phase which
had previously formed. The chromium hydroxide would thus also account for the areas of
microcrystallinity depicted throughout Fig. 5.
Although small amounts of an Al,Cr-(OH)3*nH20 coprecipitate may have formed, single metal
hydroxides appear to be the main materials present in these systems—with distinct phase
boundaries separating them. That is not to say that an Al,Cr(OH)3»nH20 solid-solution is not
possible (or even probable under the appropriate reaction conditions), but rather, the reaction of Al
with bimessite prior to the introduction of Cr(III) promoted the formation of separate solid phases.
Consequently, surface precipitation of Al(OH)3 was possible without the influences of Cr(III).
This was followed by the introduction of Cr(III) which formed a second surface precipitate on the
aluminum hydroxide, as clearly demonstrated by the HRTEM analyses.
Discussion
The oxidation of Cr(III) by birnessite is limited at pH > 4 when Cr(III) concentrations exceed
77 \iM (Fendorf and Zasoski, 1992). The presence of Al also limited Cr(III) oxidation at pH
values greater than 4; at lower pH values Al had no effect (Table 1). Thus, both Cr(III) and Al
i limit Cr(IQ) oxidation by manganese oxides at higher pH values. The inhibitory mechanism can be
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a
100A

Figure 5 Solid-phase deposition on bimessite induced by reaction with 77 \iM Cr(III) and (a) 40 \iM Al, pH 4 (SI
= -2.32), (b) 400 uJW Al, pH 4.5 (SI = -1.32), and (c) 400 ^M Al, pH 5 (SI = 0.78).
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Figure 6. Low magnification HRTEM image of bimessite after reaction with 50 \xM Al and 77 uAf Cr(III) at pH
4.5.

attributed to surface precipitation based on the following observation. Aluminum invoked a strong
charge reversal on bimessite at pH values greater than 4, as was observed with Cr(III) (Fendorf
and Zasoski, 1992). Additionally, a dramatic change in the slope of the EM vs. pH curve occurred
over the pH range of 3 to 5 in the presence of Al. And finally, HRTEM images revealed the
presence of a surface precipitate on bimessite after reaction with Al and/or Cr(IÜ).
At pH values exceeding 4 the hydrolysis products of either Al or Cr(III) may bind to the
oxide surface in a manner which inhibits the redox reaction between MnC>2 and Cr(M). It is well
established that the hydrolysis of metal ions affects their sorption (Schindler and Stumm, 1987).
The results of this study, however, impart another criterion on the sorption mechanism of Al and
Cr(III) at higher pH values: the resulting surface species inhibited the redox reaction of Cr(III)Mn02- Inhibition of Cr(III) oxidation was correlated with conditions favoring the hydrolysis
products of Al or Cr(III). Table 2 lists the proportions of monomelic hydrolysis species present in
solution for the various metal ions used, as calculated by MINTEQA2. One must recognize that in
the electrified solid/solution interface, solution hydrolysis constants may not be representative of
interfacial hydrolysis reactions (James and Healy, 1972). Although precipitation was never
observed in solution under the reaction conditions employed, aluminum or chromium hydroxide
surface precipitation may be expected due to surficial influences; this results from the lowering of
solvation energies by the electrified interface or surface complex).
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Figure 7. Phase boundary (marked by arrows) between the deposited Al(OH)3 (am) material and Cr(OH)3 • nH20.
The 8-MnC>2 phase is out of the plane of view, but resides slightly below the imaged material.

The polymerization of Al species may occur at the higher Al concentrations and pH values
investigated; howeve' we did not attempt to quantitatively address polymerization as free energy
of formation data are not known or reliable. In addition, published data indicates polynuclear
Cr(IU) species are insignificant under conditions employed in this study (Rai et al., 1987). Here,
MINTEQA2 was used only to predict the proportions of monomelic hydrolysis species. The
modeling was conducted to exemplify the correlation between the hydrolysis products and sorption
and EM (Table 2).
Various researchers have shown that surface precipitation occurs prior to bulk precipitation
(James and Healy, 1972; Tewari and Lee, 1975; Murray and Dillard, 1979; Crowther et al., 1982;
Charlet and Manceau, 1992). James and Healy (1972) theorized that incorporating electric field
effects of surfaces into the free energies of reaction greatly reduces the metal hydroxide's
solubility in the interfacial region. Based on the surface charge of 5-Mn02, Murray and Dillard
(1979) used the model developed by James and Healy (1972) and calculated that the solubility of
metal hydroxides was reduced by at least 102 in the interfacial region. In our study, it also is
apparent that while Cr(IU) and Al did not precipitate in solution, surface catalyzed nucleation did
occur. Therefore, the macroscopic data of Fig. 4 fully agree with the results of Murray and Dillard
(1979) and indicate that solubility constants are lowered by as much as 103 in the interfacial region
of birnessite.
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Table 2 . Speciation of solution components as a function of p H , calculated b y the c o m p u t e r
program M I N T E Q A 2 .
Component

p_H

Percent Species

Al(IH)

3

97.4 Al3+
2.6
60.1
39.9
7.1
64.2
28.7

4
5

Cr(III)

Al(OH)+2
Al3+
Al(OH)+2
Al 3 +
Al(OH)+ 2
Al(OH)2+

92.3 Cr+3

3

7.7
53.9
45.1
8.9

4
5

Cr(OH)+2
Cr+3
Cr(OH)+2
Cr+3

74.8 Cr(OH)+2
16.1 Cr(OH)2+

The change in slope of the Al-MnÜ2 EM vs. pH curve may be due to a change in the
sorption mechanism of Al on birnessite. Below pH 4, Al may bind at isolated sites, while near pH
4 multinuclear species may begin to form, followed by a progression to complete surface
precipitation at higher pH values. Bleam and McBride (1986) noted a progression from isolated
site binding of Mn(II) to the formation of Mn(OH)2 surface clusters. They postulated that mass
action balance governed the sorption mechanism. Furthermore, Farley et al. (1985) have
thermodynamically modeled the progression from isolated site binding to the formation of surface
precipitates. Recent extended X-ray absorption fine structure (EXAFS) spectroscopic studies
indicate that Pb(II) and Co(II) form multinuclear species on oxide surfaces at about 10% surface
coverage (Brown et al., 1989), and Cr(III) also forms multinuclear species on hydrous ferric oxide
(Charlet and Manceau, 1992), 8-MnÓ2 (Manceau and Charlet, 1992), and silica (Fendorf et al.,
1994). At pH 5, a surface precipitate of aluminum hydroxide has been observed (Fendorf et al.,
1992a) and surface clusters were observed in this study at pH 4. Therefore, it seems plausible that
a progression from isolated site binding at low pH values (pH < 4) to multinuclear species (pH 4)
and finally s lrface precipitation at higher pH values (pH > 4) occurs. The sorption mechanism
seems to correlate with the SI for Al(OH)3 (an,) and would account for the observed EM trends and
Al-induced effects on Cr(lH) oxidation.
The formation of a surface nucleated metal-hydroxide phase would explain the inhibition in
Cr(III) oxidation. At higher initial metal concentrations, surface quantities of Cr and Al were
sufficient to approach and exceed a monolayer coverage based on their respective hydrated radii.
The sharp increase in EM induced by Al (Fig. 2) and Cr(III) (Fendorf and Zasoski, 1992) at a
critical pH value would represent the onset of Al- or Cr(OH)3 surface precipitate. The precipitated
Al- or Cr(OH)3 would mask the properties of the birnessite and inhibit subsequent Cr(III)
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oxidation. This would account for the changes in the EM and oxidation inhibition induced by Al
on 8-Mn02.
Our results (Fendorf et al., 1992b) and those of Manceau and Charlet (1992) indicate that
Cr(OH)3 • nH2Ü formed on birnessite at pH >4 and solution Cr(III) concentrations exceeding 400
\\M. Precipitation was not observed in solution and therefore must have been surface catalyzed.
Inner-sphere surface complexation of the Cr(III) forming the surface precipitate would be
restricted, as oxidation of Cr(III) would occur prior to nucleation. Thus, Cr(OH)3 nucleation must
have occurred in the interfacial region but at a distance great enough to prohibit electron transfer
between surface Mn(IV)/Mn(III) and interfacial Cr(III). This indicates that electrostatic effects
catalyzed the precipitation reactions. Surface precipitation reactions involving Al may be similar to
Cr(III) because of similar hydrolysis constants and hydroxide solubility. This postulate is
supported by the HRTEM results which show that a surface precipitate of Al(OH)3 also occurred
on birnessite.

Conclusions
Aluminum decreased the extent of Cr(III) oxidation by birnessite but only at pH values
greater than 4. Under these reaction conditions HRTEM analysis revealed that a surface precipitate
of an amorphous aluminum hydroxide formed on the birnessite surface. The results of the HRTEM
analysis confirm the hypothesis based on the macroscopic trends of the saturation index plot. In
fact, surface precipitation of Al(OH)3 (am) occurs at an IAP 103 times lower than would be
expected for this reaction in solution. With increased Al concentrations surface precipitation was
enhanced; at pH 5 with 400 |iM Al present a surface precipitate formed that completely enveloped
the manganese oxide.
When Cr(in) was reacted with the Al(OH)3-Mn02 particle its oxidation was inhibited and a
second surface precipitate resulted: a Cr(OH)3»nH20. This precipitate was semicrystalline and
deposited on the aluminum hydroxide surface precipitate. Thus, the resulting conglomerated
colloid is composed of three distinct metal-(hydr)oxide phases: Mn02, Al(OH)3 (am), and Cr(OH)3
• 11H2O, with possibly slight amounts of an Al,Cr(OH)3 coprecipitate. At the lower SI where
precipitation occurred, the solution would experience physical/chemical attributes of all three
phases, while at higher SI, properties exerted by the chromium and aluminum hydroxides would
influence interfacial processes. Surface precipitation would not be expected to occur at the lowest
pH values that were studied. This explains the absence of an Al effect on Cr(III) oxidation at pH <
4. Consequently, it appears that surface nucleation is necessary to inhibit Cr(III) oxidation.
Acknowledgements
We would like to greatly acknowledge support for this project from the NRI Competitive Grants
Program/USDA, award number 93-37102-9481.
References
Allison, J.D., D.S. Brown, D.S., and K.J. Novo-Gradac. 1990. MINTEQA2/PRODEFA2, A
Geochemical Assessment Model for Environmental Systems: Version 3.0. U.S. Environmental
Protection Agency: Athens, Georgia.
Amacher, M.C., and D.A. Baker. 1982. Redox reactions involving chromium, plutonium, and
manganese in soils, Final report DE-AS08-77DP04515; Institute for Research on Land &
Water Resources: Penn. State University.

142

Bartlett, R.J. 1986. Soil redox behavior, pp. 179-207. In D.L. Sparks (ed.) Soil physical
chemistry. CRC Press, Boca Raton, FL.
Bartlett, R.J., and B.R. James. 1988. Mobility and bioavailability of chromium in soils, pp. 267303. In J.O. Nraigu and E. Nieborer (eds.) Chromium in the natural and human
environments. Wiley and Sons, New York.
Bartlett R.J., and B. James. 1979. Behavior of chromium in soils: III. Oxidation. J. Environ.
Qual. 8:31-35.
Bleam, W.F., and M.B. McBride. 1986. The chemistry of adsorbed Cu(II) and Mn(II) in
aqueous titanium dioxide suspensions. J. Colloid Interface Sci. 103: 124-132.
Brown, G.E., Jr., G.A. Parks, and C.J. Chisholm-Brause. 1989. In-situ x-ray absorption
spectroscopic studies of ions at oxide-water interfaces. Chimia. 43: 248-256.
Buser, W., P. Graf, and W. Feitknecht. 1954. Beitrag zur kenntis der mangen (II)- manganit und
des 8-Mn02. Helv. Chim. Acta. 37: 2322-2333.
Charlet, L. and A.A. Manceau. 1992. X-ray absorption spectroscopic study of the sorption of
Cr(in) at the oxide-water interface: I. Molecular mechanism of Cr(III) oxidation on Mn oxides.
J. Colloid Interface Sci. 148: 425-442.
Crowther, D.L., J.G. Dillard, and J.W. Murray. 1983. The mechanism of Co(II) oxidation on
synthetic birnessite. Geochim. Cosmochim. Acta. 47: 1399-1403.
Davies, S.H.R., and J.J. Morgan. 1989. Manganese(II) oxidation kinetics on oxide surfaces. J.
Colloid Interface Sci. 129: 63-77.
Eary, L.E., and D. Rai. 1987. Kinetics of chromium(III) oxidation to chromium(VI) by reaction
with manganese dioxide. Environ. Sci. Technol. 21:1187-1193.
Farley, K.J., D.A. Dzombak, and F.M.M. Morel. 1985. A surface precipitation model for the
sorption of cations on metal oxides. J. Colloid Interface Sci. 106:226-242.
Fendorf, S.E., and R.J. Zasoski. 1992. Chromium(III) oxidation by 8-Mn02-. I. Characterization.
Environ. Sci. Technol. 26:79-85.
Fendorf, S.E., M. Fendorf, R. Gronsky, and D.L. Sparks. 1992a. Surface precipitation reactions
on oxide surfaces. J. Colloid Interface Sci. 148: 295-298.
Fendorf, S.E., M. Fendorf, D.L. Sparks, and R. Gronsky. 1992b. Inhibitory mechanism of
Cr(III) oxidation. J. Colloid Interface Sci. 148: 37-54.
Fendorf, S.E., R.J. Zasoski, and R.G. Burau. 1993. Competitive metal effects on Cr(III)
oxidation by birnessite. Soil Sci. Soc. Ant. J. 58: In Press
Fendorf, S.E., G.M. Lamble, M.G. Stapleton, M.J. Kelley, and D.L. Sparks. 1994. Mechanisms
of chromium(III) sorption on silica. I: Cr(III) surface structure derived by extended x-ray
absorption fine structure spectroscopy. Environ. Sci. Technol. In Press.
James, R.O., and T.W. Healy. 1972. Adsorption of hydrolyzable metal ions at the oxide-water
interface: II. Charge reversal of Si02 and Ti02 colloids by adsorbed Co(U), La, and Th(IV) as
model systems. J. Colloid Interface Sci. 40:53-64.

143

Johnson, C.A., and A.G. Xyla 1991. The oxidation of chromium(III) to chromium(VI) on the
surface of manganate (y-MnOOH). Geochim Cosmochim Acta. 55:2861-2866.
Loganathan, P., and R.G. Burau. 1973. Sorption of heavy metal ions by a hydrous manganese
oxide. Geochim. Cosmochim. Acta. 37:1277-1294.
Loganathan, P., R.G. Burau, and D.W. Furstenau. 1977. Influences of pH on the sorption of
Co 2+ , Zn 2+ and Ca 2+ by a hydrous manganese oxide. Soil Sci. Soc. Am. J. 41: 57-62.
Manceau, A.A., and L. Charlet. 1992. X-ray absorption spectroscopic study of the sorption of
Cr(UI) at the oxide-water interface: II. Adsorption, coprecipitation, and surface precipitation on
hydrous ferric oxide. J. Colloid Interface Sci. 148: 443-458.
McBride,.M.B. 1987. Adsorption and oxidation of phenolic compounds by iron and manganese
oxides. Soil Sci. Soc. Am. J. 51: 1466-1472.
McKenzie, 1977. Manganese oxides and hydroxides, pp. 181-193. In J.B. Dixon (ed.) Minerals
in the soil environment. Soil Sci. Soc. Am, Madison WI.
Murray, J.W., and J.G. Dillard. 1979. The oxidation of cobalt(II) adsorbed on manganese
dioxide. Geochim. Cosmochim. Acta. 43:781-787.
Rai, D., B.M. Sass, and D.A. Moore. 1987. Chromium(III) hydrolysis constants and solubility of
chromium(III) hydroxide. Inorg. Chem. 26:345-349.
Sass, B.M., and D. Rai. 1987. Solubility of amorphous chromium(III)-iron(III) hydroxide solid
solutions. Inorg. Chem. 26:2228-2232.
Stone, A.T. 1991. Oxidation and hydrolysis of ionizable organic pollutants at hydrous metal oxide
surfaces, pp. 231-254. In, D.L. Sparks and D.L. Suarez (eds.) Rates of soil chemical
processes. Soil Sci. Soc. Am. Spe ial Publication, Madison, WI.
Schindler, P.W., and W. Stumm. 1987. The surface chemistry of oxides, hydroxides, and oxide
minerals, pp. 83-110. In W. Stumm (ed.) Aquatic surface chemistry. Wiley and Sons, New
York.
Tewari, P.H., and W.J. Lee. 1975. Adsorption of Co(II) at the oxide-water interface. J. Colloid
Interface Sci. 52:77-88.
Turner, M.A., and R.H. Rust. 1971. Effects of chromium on growth and mineral nutrition of
soybeans. Soil Sci. Soc. Am. Proc. 35:755-758.
U.S. EPA. 1984. Code of federal regulations Title 40, national interim primary drinking water
regulations, Part 141. U.S. EPA, Washington, D.C.
Wehrli, B., and W. Stumm. 1989. Vanadyl in natural waters: adsorption and hydrolysis promoted
oxygenation. Geochim. Cosmochim. Acta. 53: 69-77.
Zasoski, R.J., and R.G. Burau. 1988. Sorption and sorptive interactions of cadmium and zinc
on hydrous manganese dioxide. Soil. Sci. Soc. Am. J. 52:81-87.

144

Thursday, July 14
morning session

Symposium lib

Soil Chemistry and the Environment
Convener: W. H. Van Riemsdijk (The Netherlands)
Co-convener: M. E. Gutierrez Ruiz (Mexico)

Page
Inorganic and organic soil constituents affecting rates of pollutant transformation. A. Stone, and
J. Smolen. (USA)
146
Transport of fallout radiocesium and plutonium in forest soils. K. Bunzl, and W. Schimmack
(Germany)
148
Effect of soil properties and contact period on the leaching of copper and arsenic through
undisturbed soils. R. G. McLaren, P. L. Carey, K. C. Cameroon, J. A. Adams, and J. R.
Sedcole. (New Zealand)
156
Modeling fluoride transport in soils using ion binding models for oxides. J. C. L. Meeussen , W.
H. van Riemsdijk, P. G. M. de Wilde, and Th. G. Aalbers (The Netherlands)
170
Behaviour and analysis of chromium in soils. W. R. Fischer and S. Cram. (Germany)

181

Aplication of surface spectroscopies and microscopies to elucidate sorption mechanism on
182
oxide surfaces. S. E. Fendorf, and D. L. Sparks. (USA)
The imidazoline herbicides: an overview of bioavailability in soil. G. Tuxhorn, J. Deane, andD.
Shaner.
(USA)
200
Biochemical properties development and humification in minesoils amended with cattle slurry.
A. Sad, J . Garcia, J. Cives, F. Gil-Sotres, C. Trasar-Cepeda, C. Leirós, and B. Ceccanti.
(Spain/Italy)
210
The role of hydrophility and organophility in the movement of toxic elements in soils. L.
Hargitai. (Hungary)
221

145

Inorganic and Organic Soil Constituents
Affecting Rates of Pollutant Transformation
A. Stone and J. Smolen. Department of Geography and Environmental
Engineering, The Johns Hopkins University, 313 Ames Hall, Baltimore,
Maryland, 21218, USA.
Introduction
Soils contain a variety of inorganic and organic constituents that affect pathways
and rates of pollutant transformation. Soil chemical constituents can be classified
according to the kinds of chemical reactions in which they can participate (e.g.
nucleophilic substitution, elimination, oxidation, reduction) and according to their overall
effect on the disappearance of parent compound (e.g. stoichiometric reagent, catalyst,
inhibitor). Chemical concepts governing soil chemical constituent effects will be outlined
in this work. An important point to establish is whether generalizations concerning the
effects of soil chemical constituents on one class of pollutants are applicable to other
classes of pollutants.
Electrophiles, Nucleophiles, and Reactivity
Commercial chemicals are selected on the basis of desirable physical and
chemical characteristics that match their intended use. These same characteristics are
often the key towards understanding their behavior in the environment. The insecticide
Azinphos-Methyl, shown at right, will serve as an
illustrative example. The Azinphos-Methyl structure
_
possesses five electron-poor (electrophilic) sites subject
to nucleophilic attack: a "hard" carbonyl carbon within
/^'""OCH-»
the amide linkage, a "hard" phosphorus site within
9
9 OCH3
the phosphorothioate ester linkage, and three "soft"
..
Q
CJ-U
carbon sites within the phosphorothioate ester linkage. (f\\
^
The phosphorus site is crucial to the intended activity
lV-/JL
J\J
of the insecticide: it must be sufficiently electrophilic to
—/"^^Vi
phosphorylate the enzyme acetylcholinesterase.
Nucleophilic attack onto the electrophilic sites listed above is the principal means
of degrading Azinphos-Methyl1 and other phosphoro(thio)ate ester pesticides in the
environment. The relative importance of various nucleophiles depends upon both their
reactivity (as reflected by rate constants) and their concentrations within interstitial
waters. The concentration of water within saturated soils ([H20] = 55.6 M) easily
overwhelms those of competing hard nucleophiles. Hydroxide ion is a substantially
harder nucleophile than water, but is present at much lower levels. Hard nucleophile
solutes (e.g. carbonate, phosphate, sulfate, carboxylate, phenolate) must contend with the
"leveling effect" of water: as basicity increases, the degree of protonation increases,
lessening reactivity.
Soft nucleophiles are not abundant within aerated soils, but may reach significant
levels under anoxic conditions. There has been considerable recent interest in the
reactions of soft, highly polarizable sulfur nucleophiles such as bisulfide (HS"),
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polysulfide (Sn2"), and thiosulfate (S2032") towards the electrophilic carbon centers of
haloalkanes^. Sulfur nucleophiles of this kind may also react at appreciable rates with
soft carbon sites within phosphorodithioate molecules such as Azinphos-Methyl.
Changing the relative abundance of available hard and soft nucleophiles alters
pathways and rates of transformation, and changes the distribution of reaction
intermediates. Wagener et al.4, for example, reported that thiosulfate promotes carboncentered attack while fluoride ion promotes phosphorus-centered attack of alkyl aryl
phosphates. Carbon-centered attack cleaves the alkyl ester linkage, while phosphoruscentered attack cleaves the molecule at the aryl ester linkage.
Metal Ions and Mineral Surfaces
For Azinphos-Methyl and other pollutants susceptible towards nucleophilic attack,
protonation or metal ion complex formation may shift electron density away from the
electrophilic site, thereby increasing rates of reaction. Coordination chemistry is the key
towards understanding metal ion catalysis; a neighboring ligand donor substituent that
encourages metal binding at the ester linkage is usually required in order for metal ion
catalysis to occur. Divalent metal ions commonly found in soil solutions (e.g. Ca2+,
Mg2-1") are catalytically active towards only a small number of pollutants (e.g.
pyrophosphate esters). Higher-valent metals (e.g. Al111, TiIV, Fe In ), although adsorbed
onto solids or incorporated within mineral surfaces, are capable of catalyzing reactions of
a number of carboxylic acid esters and phosphorothioate esters5.
Adsorption of pollutants at the mineral/water interface can affect transformation
pathways and rates in a number of different ways. As the last paragraph indicates,
adsorption provides a means of encountering reactants or catalysts (e.g. higher-valent
metals) not found in overlying solution. Adsorption can accumulate reactants at the
surface, thereby increasing their encounter frequency. Adsorption can alter the intrinsic
reactivity of reactant species, through changes in bond length and orientation or through
changes in the degree of solvation.
Dissolved and Particulate Natural Organic Matter
Soil natural organic matter (NOM) is a complex xiixture of low, medium, and
high molecular-weight organic compounds. Although the effects of NOM on pollutant
degradation can often be demonstrated in the laboratory, identifying underlying
mechanisms is quite difficult. NOM contains functional groups that can participate in
nucleophilic substitution reactions and in oxidation/reduction reactions. NOM sorbs
onto a variety of mineral surfaces and has been postulated to form structures analogous
to micelles. Partitioning of pollutant molecules within these NOM structures
undoubtably effects pathways and rates of pollutant transformations.
Literature Cited
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Transport of Fallout Radiocesium and Plutonium
in Forest Soils
K. Bunzl* and W. Schimmack. GSF-Forschungszentrum filr
Gesundheit, Institut fur Strahlenschutz, Neuherberg. Germany

Umwelt und

Abstract. At five sites in a spruce stand and in a pine stand the vertical activity distributions were
determined for 239+240pu and 137Cs from the global fallout of weapon testing in the sixties as well
as separately for Chernobyl-derived radiocesium. To evaluate the migration rates of these
radionuclides in the various soil horizons, a compartmental model was employed. In the organic
horizons (LOfl, Of2, Oh) the migration rates for Cs and Pu from the global fallout were around
0.5 cm/y and decreased with increasing depth. The migration rates were smallest at the top of the
mineral horizon, but increased again with increasing depth. In contrast to that, the mobility of
Chernobyl-derived 137Cs is presently in all soil layers significantly higher, but decreases with time.
The fixation of radiocesium by the clay particles of the soil is, therefore, a rather slow process.

Introduction. Our knowledge on the migration of radionuclides, especially actinides, in forest
soils is very limited, even though forest products can contribute significantly to the radiation
exposure of certain groups of people. Besides, the migration of radionuclides in forest soils has
to be considered as a possible source of groundwater contamination. For that purpose we
determined in the forest soils of a spruce and a pine stand (podzols) at various locations the depth
profiles of fallout 239+240Pu, 238Pu, and '37Cs, and used a compartment model to evaluate
subsequently the residence times and mean rates of migration of these radionuclides in the various
soil horizons. When evaluating the depth profiles, it was necessary to consider that Pu and
radiocesium were deposited on the soil surface in the 1960s for several years as a result of the
global fallout of weapons testing, and again in 1986 as a result of the reactor accident at
Chernobyl. Because, however, the isotopic ratio of 238Pu/B9+240Pu from these two sources were
significantly different and well known, it is possible by determining this ratio in each soil layer
to obtain separately the amount of 239+240Pu arising from the global fallout and from the Chernobyl
fallout. In a similar way this is also possible for i^Jiocesium, by measuring in each soil layer
,37
Cs and l34Cs separately.
Material and Methods. The spruce stand and the pine stand were located in Bavaria, Germany.
The age of the trees was about 80 - 85 y. The soils are classified in the German Soil
Classification System as podzols. Soil samples were taken with a frame from the LOfl, Of2 and
Oh horizons, and in the underlaying mineral soil (spruce stand: Aeh, Alh and Al; pine stand:
Ahe, Aeh, Bhs) in layers of 0-2, 2-5, 5-10 and 10 - 20 cm. At each site 5 depth profiles were
samples and analyzed separately.
Before radiochemical analysis, the air dried soil from each layer was sieved to 2 mm for the
removal of stones and roots (ca. 10% in the 0 - 2 cm layer; < 3% in the deeper layers), and
carefully mixed. The dry weight was determined at 105°C. In order to also obtain some
information on the spatial variability of the residence times of the radionuclides in the soil, each
layer from each of the 5 plots was analyzed separately.
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Determination of radiocesium 134Cs and 137Cs were determined by direct Gamma spectrometry
using a High Purity Germanium detector and multichannel analyzer. In the case of 134Cs losses by
sumcoincidences during counting were taken into account.
Determination ofPu. 238Pu and 239+240 p u were determined by alpha spectrometry subsequent to a
radiochemical separation and purification. Depending on the activity of these radionuclides in the
samples, 50 - 200 g of dry soil from each layer was employed. Because the activity concentration
of Pu is very low in the layers below a depth of about 15 cm, a careful purification of the Pufraction from other alpha-emitters is necessary. This is especially important if B8Pu is also
determined, because in the deeper soil layers (where extremely little 238Pu is present) interference
of the natural alpha emitter 228Th in the alpha spectrum may otherwise simulate too high a ^'Pu
activity.
Extraction ofPu. This radionuclide was extracted from the soil sample according to a procedure
reported for the extraction of Pu in environmental samples (Veselsky1). In brief, it consists of the
following steps: 1) Addition of the tracer 242Pu, ashing at 500°C, and extraction of the actinides
with boiling HN0 3 , after addition of about 1 g NaN02. 2) Extraction of Pu (but unfortunately also
U) with a TLA (tridodecylamine) solution in xylene. 3) Washing of the organic phase with HNO3
(1:1). 4) Washing of the organic phase with 10 M HC1 (3x, to remove Th). 5) Stripping of Pu by
shaking the amine phase twice with a mixture of HC1 + HF, and washing the backextract with
xylene. 6) Supplementary to the procedure of Veselsky: removal of traces of organic material by
evaporation of the backextract to dryness, followed by fuming the residue with HN0 3 (cone.) and
HCIO4. 7) Dissolution of the residue in HC1 (cone), addition of 1 g Ca and 1 g NaNOj.
Purification of Pu. The Pu phase obtained in this way still contains uranium and traces of Th.
They are removed by a procedure which we recently reported for the determination of actinides
and Sr in vegetation samples (Bunzl and Kracke2). Briefly, the following steps are involved: 1)
Co-precipitation of Pu with Ca as an oxalate. 2) Conversion to carbonate in a muffle oven at
550CC. 3) Dissolution in HC1 (cone.) 4) Addition of citric acid and separation of Pu (as citrate)
by a cation exchanger column (ions which do not form citrates remain on the column). 5) LaF3precipitation in the effluent solution. 6) Dissolution of the precipitate with A1(N03)3 and HN0 3 .
7) Extr "tion of Pu with TTA (thenoyltrifluoroacetone).
Electrodeposition of Pu. These steps (destruction of traces of organic material and
electrodeposition on a stainless steel disc at pH 2 in ammonium sulfate) solution were described
before (Bunzl and Kracke3).

Alpha-spectrometry. Alpha spectrometry of the Pu- and Am-planchets was performed using a 300
mm2 silicon surface barrier detector (alpha efficiency 10-20%). The resolution was 40-50 keV
FWHM at 4 - 6 MeV. The background counts were < 5 counts per 10,000 min. The detection
limit Ld for this counting time was about 0.1 mBq of 238Pu and M9+240Pu.
Evaluation of the origin of137Cs and m*240Pu. 137Cs has been deposited by global and Chernobyl
fallout. Because 134Cs is only Chernobyl-derived and its ratio 134Cs/137Cs is well known for the
sampling area (1.75 ± 0.07; reference date 27 April, 1986; Hötzl et al4), it is possible to
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calculate from the measured 137Cs- and 134Cs activity separately for each soil layer the 137Cs
fraction from each source. This fractionation is also possible for 23,+240Pu, because the ratio
238Pu/239+240pu w a s m S o u t h G e r m a n y for t h e g^bai fallout circa 0.03 (Bunzl and Kracke5) and for
the Chernobyl fallout 0.42 (Hötzl et al.4). Occasionally, a greater mobility of M8Pu from the
global fallout in the soil as compared to 239+240Pu has been reported (Hanson6; Cigna et al.7). In
the present case, however, such a behavior is not indicated.
Evaluation of the residence half-times. The residence half-time r of Pu, Am and Cs in the various
soil layers were evaluated with a compartment model (Frissel et al.8; Boone et al.9). The
advantage of this compartment model is that no information on the actual transport processes of
the radionuclide in the soil (e.g. sorption properties, speciation, water infiltration, etc.) is needed.
The disadvantage of this model is, of course, that one obtains only the residence times of a
radionuclide in the various soil layers, and learns nothing about the migration processes.
Nevertheless, the residence times obtained are useful in comparing quantitatively the mobility of
different radionuclides in different soils. In the present case, we write for the transfer of activity
Aj (Bq m"2) of a radionuclide in the compartment "i" in a small time interval A (day)

- 7 7 =Ki-rAi-i-KiAi-XAt

(D

where Kj (day "') is the fractional rate of transfer from compartment "i-1" to compartment "i",
and X is the disintegration constant of the radionuclide. In the first compartment Eq. 1 has to be
written as
—±=D-K.A.-\A.
Ar
i

(2)
l

l

where D is the rate of deposition (in Bq cm"2 day"1), which must be known as a function of time.
To obtain for each radionuclide in each soil layer the corresponding value of Kj, the system of
Eq.1 and 2 is integrated numerically. The initial condition for the integration is the depth profile
of the activity A^, measured at t = 0 for each radionuclide. In the case of the global fallout, D
as a function of time is known (see below); and for the initial depth profile A^ we assume (in
accordance with Frissel et al8., Jakubik10) that the activity of the radionuclide remains initially
completely in the first layer. In the case of the Chernobyl-fallout this assumption is not justified
for South-Germany (see below). For this situation we measured the initial depth profile A*, after
the deposition period and put D = 0 thereafter.
Because the As in Eq.1 were determined experimentally, Kj is the only unknown parameter for
each layer i and can be evaluated by an iterative procedure to any accuracy desired. In practice,
however, it is sufficient to evaluate the Kj only with an accuracy corresponding to the analytical
error of the depth profile. The residence half-time of the radionuclide in layer "i" is given then
by Tj = 0.693/Kj (Boone et al.*). To compare the values of r observed in soil horizons of
different thickness, one can, for example, report for each horizon the value of r/L (Frissel et
al. 8 ). Because, however, the reciprocal of this ratio can be interpreted as a velocity, in the
following, we will characterize the rate of migration of a radionuclide in a given horizon "i" by
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v, = L / r ,
Initial conditions for radiocesium: For the time course of the 137Cs deposition from the global
fallout to the soil surface in the sixties and later we will use the values given by Bachhuber et
al.11, and Frissel et al.8). Most of the deposition of Chernobyl-derived radiocesium occurred at the
location of the sampling site within a short time of a heavy thunder shower (in contrast to the
radiocesium from the global fallout, where only a very small fraction of the total activity was
deposited during thunder showers). As a result, a significant fraction of the Chernobylradiocesium deposited was immediately infiltrated into the soil via channels and cracks at a rate
which exceeded the long-term Cs-migration by a few orders of magnitude (Schimmack et al.12).
To eliminate this anomalous initial infiltration effect for the evaluation of the long-term migration
rate, we used the Chernobyl-derived 137Cs-depth profile in the soil, determined in one soil core at
the sampling site shortly after this event (June 1986) as the initial depth profile at t = 0 in the
compartment model. For the time course of the Chernobyl-derived 137Cs from the canopy of the
trees to the soil surface following this initial infiltration we used the site specific values measured
by Bunzl and Schimmack13.
Initial conditions for plutonium: The deposition history of 239+240Pu from the global fallout was
obtained from that of 137Cs (see above) and the observed ratio of 239+240Pu/137Cs in the soil there.
Because the migration rate of these two radionuclides in the soil may be different, this ratio has
to be obtained from the total activity of these radionuclides per unit area of soil ( 0 - 4 0 cm). In
the present case, we found, on average, (5 profiles) a value of 0.03 ± 0.01. Within experimental
error, this is similar to measurements shortly before the Chernobyl accident, where values around
0.018 were found (Bunzl and Kracke5; Cawse and Baker14). As a result of 137Cs-decay, this ratio
was of course correspondingly lower during the main fallout period in the sixties.
Results and Discussion. As an example of the results obtained, we show first in Fig. 1 the rates
of migration of 137Cs deposited in the sixties by the Chernobyl fallout, and in Fig.2 of 137Cs
deposited in 1986 by the global fallout in the sixties for five sites in the spruce stand).
A comparison of the migration rates in the various soil layers reveals that the migration of global
fallout derived radiocesium is very low ( < 1 cm/year). The rates decrease with depth in the
organic horizons (Ofl - Oh) and are smallest in the top layer of the mineral horizon. Within the
mineral horizon, however, they begin to increase again significantly with depth. The reason for
this behavior is not yet known.
A similar behavior is observed for Chernobyl-derived 137Cs, except that it is in all soil horizons
presently still much more mobile as compared to global fallout derived radiocesium (see Fig. 1).
The migration rate$ of Chernobyl-derived radiocesium were initially even higher12, but decreased
continually since this time. Obviously, the fixation of radiocesium by the clay minerals in the soil
is a rather slow process, which extends over many years.
A considerable spatial variability of the migration rates of radiocesium is observable at the five
sites in the spruce stand (see Figs. 1 and 2). For this reason, to obtain realistic average migration
rates for a given soil, at least 4 - 5 depth profiles should be evaluated for this purpose.
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Migration rates of Cs 137 (Ch.)
in the soil at 5 sites in a spruce stand

Oh

0-2
Dtf*i<an)

Fig. 1. Migration rates of 137Cs from the Chernobyl-Fallout in Bavaria/Germany in the soil at five
sites in a spruce stand.

Migration rates of Cs 137 (global)
in the soil at 5 sites in a spruce stand

Oh

0-2
Dtp») (an)

Fig.2. Migration rates of I37Cs from the global fallout of weapons testing in the sixties in the soil
at five sites in a spruce stand in Bavaria/Germany
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The migration rates for 239+240pu from the global fallout at five sites are shown in Fig. 3.
Qualitatively, these migration rates are rather similar to those observed for ,37Cs from the global
fallout. They decrease with increasing depth in the organic horizons, are smallest in the top
horizon of the mineral horizon, and increase again with increasing depth. A considerable
variability of the migration rates at the five sites is also in this case observable.
For further details see15.

Migration rates of Pu
in the soil at 5 sites in a spruce stand

Fig.3. Migration rates of 239+240Pu from the global fallout of weapon testing in the sixties, as
observed at in the soil at five sites in a spruce stand in Bavaria/Germany.

For comparison of the migration rates of Pu and Cs we calculated the mean rates in each soil
layer from the individual values observed at the five sites. These means are shown in Fig.4.
The migration rates of Pu in the soil under pine were qualitatively rather similar to those observed
in the spruce stand: comparatively low in the top organic Olf- and Ofh-horizons (0.1 - 0.5 cm/y),
and somewhat higher in the succeeding Ahe-, Aeh-, and Bhs-mineral horizons (up to 2 cm/y). Cs
from the global fallout exhibited similar migration rates as Pu, except in the Oh-horizon, where
it was more mobile, and in the Bhs-honzon, where it was less mobile". Chernobyl-derived
radiocesium exhibited again in all horizons the highest migration rate, especially in the Aehhorizon, where values around 3 cm/y were observed.

153

4
3,5

3

Legend

B Cs(Chern)
• Cs(gl.)
M Pu(gi)

= 2,5
c

*

2

o 1,5

2-5

5-10

Depth (cm)

Fig. 4. Mean migration rates of 137Cs and 239+240 p u from the global fallout in the sixties, and of
137
Cs from the Chernobyl-fallout in the soil at a spruce stand in Bavaria/Germany.
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Effect of Soil Properties and Contact Period on the Leaching
of Copper, Chromium and Arsenic through Undisturbed Soils
R. G. McLaren, P. L. Carey, K. C. Cameron, J.A. Adams and J.R. Sedcole1.
Department of Soil Science, and Centre for Computing and Biometrics, P.O. Box
84, Lincoln University, Canterbury, New Zealand.
Introduction. Heavy metal leaching through soils to which materials containing significant
quantities of metals have been applied, such as sewage sludge or flue ashes, is not generally
regarded as a major environmental problem. For example, Chang et al. (1) and Williams et al. (2)
both showed, in six-year studies, that despite large applications of sewage sludge to soils,
movement of heavy metals down the soil profile was slight and in most cases the metals did not
move from the depth of incorporation. Thesefindingsare typical of other published studies ( e.g.
3, 4). However, despite the reported low incidence of heavy metal leaching in general, significant
leaching of both metallic cations and anions can occur under particular conditions. These are often
where soils are acidic (cations) or alkaline (anions), metal loadings are high and where shallow soil
profiles of a poorly retentive nature are subject to large water fluxes (5, 6).
One potential source of metal contamination of soils which could lead to metal leaching arises from
the timber treatment industry. A common method of timber preservation in New Zealand involves
treatment of timber with a mixture of chromium (Cr), arsenic (As) and copper (Cu) salts (CCA
solution). In the Canterbury region of New Zealand, timber is currently being treated in this
fashion at over 40 sites, several of which are located on shallow,free-drainingcoarse-textured soils
overlying unconfined groundwater. At these sites, the CCA solution can come into contact with
the soil as run-off from treated timber or through accidental spills of bulk solution. This paper
determines the potential for leaching of copper, chromium and arsenic through some typical
Canterbury soils, examines some of the factors affecting leaching of these metals, and attempts to
model the leaching.
One important aspect of the studies described in this paper is the measurement of leaching using
undisturbed soil lysimeters. In recent years, the majority of published studies examining heavy
metal leaching have used repacked soil columns (e.g. 3, 7). However, repacked soil columns do
not represent conditions present in field soils. They do not contain the soil's natural pore system
and thus do not allow normal preferential flow effects caused by the presence of macropores such
as root channels and cracks. In addition thay are subject to edge-flow effects between the soil and
the lysimeter casing (8). The use of undisturbed soil lysimeters, incorporating new lysimeter
construction techniques which remove the effects of edge-flow (8, 9) will improve the accuracy of
soil heavy metal leaching studies.
The objective of this research was to determine the effects of soil properties and contact period on
the leaching of copper, chromium and arsenic through undisturbed soil monolith lysimeters.
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Materials and Methods, (a) Lysimeter sampling. Soil lysimeters were sampled from surface and
subsoil horizons of a Selwyn sand/loamy sand and a Templeton sandy loam Details of the soils are
given below. Each lysimeter was 68 mm in diameter and 120 mm in length. The design of the pvc
lysimeter casings and the method of sampling the soils have been described in detail by Cameron el
al. (8, 9) The main features of the sampling method involved placing the lysimeter casing on the
soil surface and digging a small trench around it to expose a small depth of soil monolith below the
cutting edge of the casing. The casing was then gently pushed down over the exposed depth of
soil and the process repeated until the casing was full. An internal cutting ring at the base of the
casing allowed an annular gap (5 mm) to form between the soil monolith and the casing wall. The
gap was sealed in thefieldwith warm petrolatum (50°C) to prevent edge-flow occurring once
leaching commenced and also to secure the soil within the casing. Once the petrolatum had cooled
and solidified, the bottom of the soil monolith was cut flush with the bottom of the casing. A
cellulose acetate/acetone mixture was then applied to the bottom of the monolith and allowed to
harden. This was subsequently peeled from the soil, so removing a thin layer of soil and opening
any smeared pores blocked in the process of cutting the bottom of the monolith (8). A small
quantity of acid-washed silica sand was placed on the bottom of the soil monolith and was secured
in place with some 0.2 mm mesh polyester netting (Fig. 1). The lysimeters were stood in a 4 %
formalin solution to encourage the exit of earthworms and then wet up to field capacity with
distilled water. Any vegetation was cut from the top of the soil and the lysimeters were sealed in
polythene bags and stored in a refrigerator at 10°C until required.
Annular gap

i
Injected _
petrolatum

Cutting edge

-C

Undisturbed
soil core

' PVC Lysimeter
casing

//
Sand&
nylon cloth

Figure 1. Cross-section of lysimeter
(b) The soils. Soil lysimeters were sampled from the A and B horizons of a Templeton soil (Udic
ustochrept) and from the A and C horizons of a Selwyn soil (Typic ustipsamment). Some
properties of the soils which might be expected to affect metal leaching are shown in Table 1.
Without irrigation, the coarse-textured Selwyn soil has limited agricultural importance in the
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Canterbury region and is typical of some of the sites on which timber treatment facilities are
located. The site sampled was an area of unimproved grassland The Templeton soil is finertextured than the Selwyn, has a higher organic matter content and was sampled from an area
recently resown to pasture after a period of arable cropping.
Table 1. Some properties of the Templeton and Selwyn soils
Soil

Sand

Silt

Clay

Organic C

%

%

%

%

17
24
2.4
Templeton A
59
13
1.0
Templeton B
64
21
8
Selwyn A
87
5
1.2
Selwyn C
6
0.7
85
9
1
Determined from Langmuir sorption isotherms at pH 6.0

pH
6.2
5.8
6.0
6.5
(Cu

Metal sorpt on capacity ( -ng/kg)1
H 2 AsO;
Cu2*
Cr 2 0 7 2
2408
56
305
1170
61
387
1500
19
115
1212
24
103
capacity for Templeton A determined at pH 5.0)

(c) Metal leaching. The CCA solution (10 mL) was applied to the top of 4 replicate lysimeters
from each of the sampled soil horizons and allowed to equilibrate for 18 h. The CCA solution
consisted of a 7:9:4 mixture of CuS04.5H20, N a ^ C r ^ and As205 with a total salt concentration
of 10 %. The total amounts of copper, chromium and arsenic applied to each lysimeter were 90,
157 and 130 mg respectively. Following the equilibration period, distilled water was used to leach
the lysimeters from surface soil horizons until 2.5 pore volumes of leachate had been collected
from the base of the lysimeter (one pore volume is defined as the total pore space within the soil
monolith). Leaching was conducted using Marriot bottles to maintain a small constant head
(5 mm) in order to sustain saturated flow through the lysimeter. Lysimeters from subsoil horizons
were leached with 0.002 M Ca(NO,)2 to simulate the effects of soil water percolating from surface
horizons. Leachate from the lysimeters was collected in 0.1 pore volume fractions using an
automated fraction collector. The leachate samples were refrigerated until analysed for copper,
chromium and arsenic by flame atomic absorption spectrophotometry.
In order to examine the effect of contact time between metal and soil on metal leaching, further
replicate lysimeters of the Templeton A horizon were treated with CCA solution as described
above, but were then sealed in plastic bags and left to equilibrate for 15 or 45 days before leaching.
(d) Data presentation and analysis. Leaching data is presented in the form of either cumulative or
relative solute breakthrough curves (BTCs) examples of which are shown in Fig.2. Cumulative
BTCs show the cumulative recovery of metal in the leachate (as a fraction [%] of the total metal
applied) plotted against the total pore volume of leachate collected. Relative BTCs show the
relative amount of metal in the leachate (amount of metal in a 0.1 pore volume leachate fraction
[T] as a percentage of the total metal applied [To]) plotted against the total pore volume of
leachate.
One consequence which arises from the use of undisturbed soil lysimeters for leaching studies is
that there can be considerable variation between replicate lysimeters. For example, the variation in
BTCs between replicates for leaching of arsenic in the Selwyn C horizon is shown in Fig. 3. In
order to be able to distinguish the effects of soils and/or treatments on metal leaching from general
background variability, a method for statistically comparing BTCs was required.
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Figure 2. Cumulative and relative recovery breakthrough curves for Cr leaching in the
Selwyn C horizon
Cumulative BTCs typically have a non-symmetrical sigmoidal shape (e.g. Fig. 2) and are similar in
shape to curves used to model biomass growth. It was found that cumulative BTCs could in fact
be satisfactorily described using a biomass growth model known as the Gompertz equation (10).
y = c x exp(-exp(-b x (x - m)))
For cumulative BTCs: y is the amount of metal leached at X pore volumes of leachate, c is the
total amount of metal leached after 2.5 pore volumes of leachate, b is a parameter that describes
the angle and shape of the slope and appears to be inversely proportional to the soil's dispersivity
and m is a parameter that describes the position of the inflexion point of the curve (the position of
the peak for relative BTCs). The Gompertz equation was fitted to both individual and mean BTCs
using the GENSTAT statistical package (11). The fits were generally very good with coefficients
of determination (r2 values) for BTCs for individual cores above 0.9 and for mean BTCs mainly
above 0.8. A comparison of experimental and fitted curves for chromium leaching in the
Templeton B horizon is shown in Fig. 4. Values for the c, b and m parameters were derived from
the fitted Gompertz curves for the leaching of the three metals in replicate lysimeters of each soil
horizon. The parameters were subjected to analysis of variance (ANOVA) to establish statistically
significant differences between the different soil horizons or different contact periods.
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Figure 3. Replicate relative BTCs for arsenic leaching in the Selwyn C horizon
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Figure 4. A comparison of experimental and fitted BTCs for chromium leaching in the
Templeton B horizon
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Results and Discussion. There was considerable variation in the rate at which leaching took place
through the lysimeters from different soil horizons. Values for mean hydraulic conductivities,
together with the ranges for replicate cores, are shown in Table 2.
Table 2. Geometric means and ranges of soil lysimeter hydraulic conductivities
Soil
Selwyn A
Selwyn C
Templeton
Templeton
Templeton
Templeton

A (18 h)
A (15 days)
A (45 days)
B

Hydraulic conductivity (cm/day)
Mean
Range
467.0
422 - 532
74.9
61 - 120
23.7
3.9 - 68
26.1
11 - 44
32.0
16 - 58
8.1
4.4 - 29

Lysimeters from the coarser-textured Selwyn soil clearly had much larger hydraulic conductivities
(faster leaching rates) than lysimeters from the Templeton soil. In addition, lysimeters from the
better structured surface (A) horizons had significantly larger hydraulic conductivities than
lysimeters from the subsoil (B or C) horizons.

0.0
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Leachata pore volume
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Figure 5. Mean cumulative BTCs for copper (bars show ± standard error of means of 4 replicates)
(a) Copper. Fig 5 shows the mean cumulative BTCs for copper for all four soil horizons. Since
the amount of copper applied to the lysimeters was substantially within the sorption capacity
calculated for each horizon (Table 1) and, taking the 18 hr equilibration period into account, the
small amounts of copper leached by 2.5 pore volumes of drainage were not unexpected. With the
exception of the Templeton B horizon, the Gompertz c parameter values for copper leaching were
less than 1, i.e. less than 1% of applied copper was leached (Table 3). The c value for the

161

Templeton B horizon was significantly higher (3.57) than for the other horizons, most likely
because the Templeton B horizon had the lowest pH of the four horizons. Fuller et al. (12) and
Korte et al (13) have found pH to be an important factor in heavy metal movement in soil profiles,
with significant movement of heavy metal cations taking place in only the most acid soils.
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Figure 6. Mean relative BTCs for copper
Fig. 6 shows the mean relative BTCs for the four soil horizons. Concentrations of copper in
individual leachate fractions seldom exceeded 15 mg Cu/L despite the relatively large amount of
copper applied to the lysimeters. With the exception of the Templeton B horizon, BTC peaks were
poorly defined compared to those shown below for chromium and arsenic. However, the peaks for
both Templeton soil horizons occurred well before 1 pore volume of drainage had passed through
the soil lysimeters (Gompertz m parameter values 0.52 and 0.74 for A and B horizons respectively,
Table 3). If all soil pores were involved in solute transport through the lysimeters, BTC peaks
should appear at 1 pore volume (m = 1.0). Values of m less than 1 indicate the occurrence of
preferential flow through the larger pores, a phenomenon more likely to be of importance in well
structured soils. It is interesting to note that the although the differences in values of m between
soil horizons were not statistically significant (Table 3), the smallest value occurred with the best
structured horizon, i.e. the Templeton A horizon.
There were no significant differences between values for the Gompertz b parameters for the
different horizons indicating a similar degree of dispersion of copper in all four horizons. Although
solute dispersion (spreading) around peak leachate concentrations can be due to both physical,
mechanical and chemical processes, the relatively small values of b for copper leaching (hence
relatively high dispersion) is most likely due to the strong retention of copper by the soils
(Table 1).

162

Table 3. Statistical analysis of fitted Gompertz curve parameters for Cu leaching
Gompertz parameters
c
m
b
Templeton A
0.96 a
0.52
1.60
Templeton B
3.57 b
0.74
1.49
Selwyn A
0.62 a
0.90
1.73
Sclwyn B
0.19 a
0.94
1.59
p < 0.001
ANOVA'
ns
08
For each parameter, values followed by different letters are significantly
different (p < 0.05) from each other. ' ns = non significant difference.
Soil

(b) Chromium. The total amounts of chromium leached from the soil lysimeters by 2.5 pore
volumes of drainage were substantial, particularly for the subsoil horizons (Fig.7). This is
undoubtedly due to the fact that the chromium in CCA solution is present as the dichromate ion
which is known to be only weakly sorbed by the soils used in this study (Table 1). There were,
however, highly significant differences between the amounts of chromium leached from the topsoil
and subsoil horizons. The Gompertz c parameter values were remarkably similar for the two soils,
with values above 90 for the subsoils and between 53 and 57 for the topsoil horizons (Table 4).
The stronger retention (hence lower leaching) of chromium in the surface soil horizons is thought
to be related primarily to their higher soil organic matter content compared to the subsoils (Table
1). Soil organic matter is known to reduce dichromate to the Cr3+ ion, which can then be sorbed
strongly by the soil (14, 15).
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Figure 7. Mean cumulative BTCs for chromium (bars show ± standard error of means of 4 replicates)
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Average peak leachate concentrations of dichromate ranged from approximately 200 - 850 mg
Cr/L, with the highest concentrations in leachates from the subsoil lysimeters. Peak concentrations
of chromium in the leachates occurred well before 1 pore volume of drainage for all four soil
horizons (Fig 8, Table 4), indicating that preferential flow was an important process for dichromate
leaching.
Table 4. Statistical analysis of fitted Gompertz curve parameters for Cr leaching
Soil

Gompertz parameters

m

c
53.3 a
92.4 b
56.8 a
95.5 b
p < 0.001

Templeton A
Templeton B
Selwyn A
Selwyn C
ANOVA'

0.46 a
0.46 a
0.72 b
0.52 a
p<0.01

b
2.53 ab
2.95 be
1.55 a
4.15 cb
p<0.01

For each parameter, values followed by different letters are significantly
different (p < 0.05) from each other.
However, the Gompertz m parameter value for the Selwyn A horizon was significantly higher than
for the other horizons suggesting a much higher mobile water fraction in this horizon. This horizon

0.0

0.5

1.0
1.5
Leachate pore volume

2.0

2.5

Figure 8. Mean relative BTCs for chromium
also showed a much greater solute dispersion than the other horizons (broadest peak and smallest
Gompertz b parameter value). The contrast between the Selywn A and C horizons is particularly
striking, with the Selwyn C having the highest and sharpest peak of all four BTCs (Fig 8). The
narrow BTC peak for the Selwyn C horizon is considered to result from the comparatively small
range of pore sizes present in this weakly aggregated, coarse-textured soil. In contrast, although
of similar texture, the greater degree of structure development in the Selwyn A horizon has
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resulted in a wider range of pore sizes and a greater amount of solute dispersion. Movement of
solute through the Selwyn A horizon is therefore subject to greater physical dispersive forces
which, in addition to any chemical retentive forces, widens the solute peak considerably. The finertextured Templeton soil horizons, which had much lower hydraulic conductivities than either
Selwyn soil horizon (Table 2), but almost certainly had a more heterogeneous range of pore sizes,
produced relative BTCs intermediate between those of the two Selwyn horizons (Fig. 8).
(c) Arsenic. Cumulative amounts of arsenic leached from the four soil horizons by 2.5 pore
volumes of drainage ranged from approximately 4-30 % of the total arsenic applied (Fig. 9), and
were therefore intermediate between the proportions of copper and chromium leached. Like
chromium, arsenic is present in CCA solution in anionic form (arsenate, H 2 As0 4 ). However the
soils have a higher capacity to sorb arsenate compared with dichromate (Table 1) and thus the
substantially smaller proportions of arsenic leached are understandable, even allowing for the
slightly smaller amounts applied. The differences in arsenic leaching between the soil horizons are
clearly related to their relative abilities to sorb arsenate The Selwyn C and Templeton B horizons
which respectively, have the smallest and largest arsenate sorption capacities (Table 1) show
conversely the greatest and least amounts of arsenic leaching (Fig. 9, Table 5).

Leachate pore volume

Figure 9. Mean cumulative BTCs for arsenic (bars show ± standard error of means of 4 replicates)
Arsenic concentrations in most of the leachate fractions were substantially above the WHO limit of
0.05 mg/L for drinking water (16), with peak concentrations ranging from 5-114 mg As/L. As
with copper and chromium, with the exception of the Selwyn A horizon, arsenic leaching showed
some evidence of preferential flow (Gompertz m parameters < 1.0). Also, in agreement with the
chromium data, although not statistically different, the m parameter value for the Selwyn A was
larger than for the other horizons (Table 5). Peaks for all four relative BTCs (Fig. 10) tended to be
wide and tailing, indicating a significant degree of solute dispersion. Gompèrtz b parameter values
for arsenic leaching were generally lower, and therefore dispersion greater, than for either
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dichromate or copper leaching As with dichromate leaching, dispersion was significantly lower in
the Selwyn C compared to the other horizons (Table 5). The large dispersion and tailing peaks
shown for asenate leaching most likely reflects the effect of sorption/desorption reactions during
solute leaching. Arsenate is much less strongly sorbed by soils compared to copper and slow
desorption of sorbed arsenate back into solution during leaching would produce the types of tailing
peaks observed in this study.
Table 5. Statistical analysis of fitted Gompertz curve parameters for As leaching
GompcrU parameters
b
c
m
1.51a
Tcmplcton A
15.2 a
0.71a
1.42 a
4.1b
Tcmplcton B
0.73 a
1.41a
18.5 a
1.00 a
Selwyn A
2.04 b
28.3 c
0.81a
Schwn B
p < 0.001
p < 0.001
ANOVA'
ns
For each parameter, values followed by different letters are significantly
different (p < 0.05) from each other ' ns = non significant difference.
Soil
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0.5

1

1
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1.0
1.5
Leachate pore volume

2.0

2.5

Figure 10. Mean relative BTCs for arsenic
(d) Contact period. The effect of increasing the period of contact between the soil (Templeton A
horizon) and CCA solution before commencing leaching is shown in Figure 11. Increasing the
period of contact has clearly decreased the subsequent leaching of copper, chromium and arsenic,
particularly during the period between 18 hours and 15 days. In the case of chromium and arsenic,
the decreases in leaching over this period were highly significant. Further decreases in leaching
were observed between 15 and 45 days, but the differences in Gompertz c parameters during this
second period were non-significant (Table 6). Examination of the Gompertz m and b parameter
values for chromium and arsenic also indicates that increasing the contact period before leaching
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gure 11. Effect of contact period on leaching of Cu, Cr and As in Templeton A horizon soil
(bars show ± standard error of means of 4 replicates)
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has delayed the emergence of the peak solute concentrations (increased m parameter values), and
caused a greater degree of solute dispersion (decreased b parameter values). The changes in
amounts and patterns of metal leaching brought about as a result of increased periods of contact
between the soil and CCA solution most likely involve both physical and chemical processes.
Copper sorbed by soil is known to become less easily desorbed back into solution with increasing
time of contact (17) and, in the case of chromium, continuing reduction of dichromate to Cr1+ by
soil organic matter (14, 15) followed by Cr 3 " sorption, could explain the observed reduction in
leaching. With increasing time, diffusion of metal ions to zones containing relatively stagnant or
immobile water is also likely to have taken place, these ions then being by-passed during the
subsequent leaching. Such mechanisms would certainly have the effect of delaying the arrival of
solute peaks during leaching and increasing dispersivity values.
Table 6. Effect of contact period on Gompertz parameters for Cu, Cr and As leaching in
Temp let on A soil
Chromium
Copper
Arsenic
Contact
c
m
b
c
m
b
c
m
b
period
15.2 a
0.71a
1.51a
53.2 a
0.46 a
2.53 a
18 hours
0.96
0.52
1.60
3.2 b
1.21a
0.97 b
15 days
0.76
0.74
1.33
24.5 b
0.93 b
1.16 b
45 davs
0.33
0.76
2.11
2.6 b
1.33 b
1.01b
12.3 b
0.67 a
1.53 ab
p<0.001 p < 0 . 0 5
p<0.05 p < 0.01 p < 0.05
pO.001
ANOVA
ns
ns
ns
For each parameter, values followed by different letters are significantly different (p < 0.05) from each other,
ns = non-significant difference.

Conclusions. Compared to other sources of contaminant metals, such as sewage sludge, in which
metals tend to be present in relatively immobile forms (e.g. strongly complexed by organic matter),
the metals in CCA timber preservative are present as simple inorganic salts. It is clear from this
study, that their presence as simple salts results in a substantial potential for leaching of chromium
and arsenic, and to a lesser extent copper, from soils contaminated by CCA timber preservative
solution. Concentrations of chromium and arsenic detected in soil leachates were extremely high,
well in excess of WHO drinking water recommendations (16), and thus in the event of serious soil
contamination with CCA solution, could present a considerable threat to groundwater
contamination. The results of this study show that soil chemical properties can have a significant
effect on the leaching of all three metals studied, particularly properties such as soil pH, organic
matter content and metal sorption capacity. In addition, soil physical properties, particularly soil
structure have also been shown to influence copper, chromium and arsenic leaching. The
occurrence of preferential flow of the metals in structured soils could be of particular importance in
terms of speeding up their movement downwards towards groundwater. The finding that leaching
is reduced by increased contact time between CCA solution and the soil has implications for the
management of spillages. Attempts to immediately dilute' spillages of CCA solution with large
volumes of water is likely to be the quickest way of ensuring leaching of metals into the
groundwater.
This study has also shown that the application of the Gompertz equation, a biomass growth model
(10), to describe solute breakthrough curves (BTCs) from leaching experiments can be extremely
useful The Gompertz equation provides parameters which, while describing the shape of BTCs,
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can be used to determine the statistical significance of differences in solute leaching between soils
and treatments etc.
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Abstract
Transport of reactive ions in soils is in many occasions dominated by multicomponent transport
processes. Under such conditions the adsorption, and thus the transport of one component or
substance influences the transport of other components and vice versa. Better understanding of
such processes can be very useful, for example in case of environmental risk assessment. This
contribution shows the application of a multicomponent transport model for the prediction of the
transport of fluoride containing leachates of waste material in soil columns. The parameters of
interest are the breakthrough of pH, salt and fluoride. The alkaline nature of the leachates and
the effect of the pH on the adsorption of fluoride and vice versa make simultaneous modeling of
fluoride adsorption and proton adsorption essential. It was assumed that the behaviour of these
components was largely governed by adsorption at iron and aluminum (hydr)oxides, which was
described by a variable charge adsorption model. In order to calculate adsorption in case of the
real soils, the iron and aluminum (hydr)oxide content was estimated from the oxalate extractable amount of iron and aluminum. All other adsorption parameters were derived from independent adsorption experiments with synthetic goethite and gibbsite. Although the model representations are a rather rigourous simplification of the conditions in the real soils, the results show
that the calculated pH and fluoride breakthrough are in reasonable agreement with the experimental results.

Introduction
The potential hazards of soil contaminants are in general strongly influenced by the chemical behaviour of these contaminants in soil. Especially the interaction between the dissolved substance and the soil solid phase is an important factor. This interaction determines the partitioning
of a substance over the mobile dissolved phase and the immobile solid phase of the soils, and in
that way has a large impact on the mobility of the contaminant. Important chemical interaction
processes are precipitation and adsorption. A thorough understanding of precipitation and adsorption processes is of great importance when the behaviour of substances is to be evaluated or
predicted in case of risk assessment procedures. One way to study these processes is empirically,
so by performing adsorption or leaching experiments under the conditions of interest, with
respect to composition of the solid phase (soil type) and concentrations of the substance. This
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approach does not demand full understanding of fundamental processes, and offers short term
results. However, this method has rather serious drawbacks. Because the adsorption of substances is generally influenced by the presence of other chemical components, a test covering all
possible chemical conditions would require a huge experimental effort. If at all possible, such
experiments would have little or no value when other soils or substances become subject of
interest. In that case all of the old experiments would have to be repeated under the new conditions.
An alternative to the empirical approach is to start with trying to elucidate the fundamental processes which determine the behaviour of substances in soils. The advantage of gaining
fundamental knowledge is that it is more generally applicable. So experiments which reveal
knowledge of fundamental nature, e.g. on intrinsic complexation constants or adsorption constants onto certain soil components don't have to be repeated in case of new conditions, because
the results remain valid. A disadvantage is that much detailed information is necessary for all
chemical reactions which may occur. As long as this information is not available it is impossible
to model the system properly. Before all important chemical processes occurring in soils are
understood on a quantitative fundamental and mechanistic basis, may take a very long time.
So it seems that there is a choice between the short term empirical approach, and long
term fundamental approach. Obviously, the long term approach can not be used to help solving
practical problems now. In this paper we will focus on an intermediate approach. That is to say,
we aim at elucidating and modeling the main chemical processes in case of the transport of a
certain substance in soil, in this case fluoride. The objective was to evaluate if a description of
several main processes was adequate to approximate a predictive system for the overall behaviour of fluoride for different soils. We selected fluoride as an example substance because it is a
main constituent of waste material of phosphate fertilizer production that is produced in large
amounts, and because its adsorption behaviour onto metal (hydr)oxides like goethite and gibbsite
has recently been measured and interpreted (Hiemstra in prep.). Fluoride can become immobile
by the formation of precipitates as well as by adsorption onto metal (hydr)oxides. Adsorption
will be the dominating process at acidic pH-levels, while precipitation of fluoride may occur at
alkaline pH and high calcium levels in the form of fluorite (CaF2) and at near neutral pH levels
in the form of fluorapatite (Ca5(P04)3F ) (Lindsay, 1979, Elrashidi and Lindsay, 1986).
In the experiments, the leachate of the waste material was percolated through soils that
differed in metal (hydr)oxide content and initial pH. The available reactive surface area of the
metal (hydr) oxides present in the soils that is required for the calculations was estimated from
the content of oxalate extractable iron and aluminum. The leachate of the waste material was
alkaline with pH levels varying from pH 10 initially, to about pH 8 at the end of the experiment.
The fluoride concentration of the leachate was initially about 7.5 mg 1"' and decreased during the
experiment to 2.5 mg l"1 .The major cation in the leachate was calcium. For the simulations a
constant composition of the infiltrating solution was used as input for the modelled soil columns.
The modelled solution had a pH of 9 and a fluoride content of 4.0 mg l'. Since the binding of
fluoride to metal (hydr) oxides decreases strongly with increasing pH it is important to be able
to model pH breakthrough with reasonable accuracy.
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Materials and Methods
Column Experiments
The leaching experiments were performed by infiltrating synthetic rainwater, which was acidified
to pH 4.5, into a column of about 50 cm of waste material. The effluent of this column was
analyzed for pH and fluoride content and subsequently used as input for four columns, filled
with diferent soils, A,B,C,D. These four different soils were primarily selected upon content of
extractable iron and aluminum. Soil A contained low amounts of both metals, soil B contained a
relatively large amount of aluminum compared to the amount of iron, soils C and D contained
more or less equal amounts of iron and aluminum. The lenght of the soil columns was 0.45 m
and they were filled with an amount of 1000 g of soil material. The infiltration rate was adjusted
at about 1 porevolume /day, which was the slowest rate which coud be adjusted accurately. The
effluents from the soil columns were on line analyzed for pH. This prevented effects of evaporation of carbon dioxide on the pH measurements. In the soils also the oxalate extractable phosphate content was measured.

Table 1. Characteristics of soils used in column experiments
Soil:

Fe
(mmol kg"1)

Al

(mmol kg"1)

Fe +Al
(mmol kg')

P04
(mmol kg'1)

pH

A

1.23

1.26

2.49

0.43

4.2

B

1.56

15.8

17.4

1.89

6.6

C

10.7

14.9

25.6

1.12

5.0

D

23.6

19.6

43.6

5.75

5.0

Model calculations
Calculations of the transport and breakthrough curves of fluoride ions and protons were done
with the multicomponent transport model ECOSAT (Keizer et al. 1993). This model consists of a
chemical module which is able to calculate the chemical speciation of components and their
distribtion over different species and phases. This chemical module is combined with a transport
module which calculates convective and dispersive transport of the dissolved species. Both parts
of the program are separated as much as possible which enables the use of more sophisticated
chemical or transport modules and furthermore offers the possibility for relatively easy replacement of either of the modules by alternative versions. A disadvantage of this approach is that it
can cause extra numerical dispersion, however this drawback is diminished at the the expense of
some calculation time by iteration between both modules untill convergence is reached.
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The variable charge behaviour of metal (hydr)oxides is most often described using a twostep protonation reaction:
S-0 + H+
S-OH° + H+

*
*

S-OH°
S-OH2+

log K m
log Km

However, it can be shown (Hiemstra et al. 1989a and 1989b) that the groups that dominate the
charging of iron and aluminum (hydr) oxides are oxygens that are coordinated to one underlying
metal ion. The charging reaction for such a group is represented as:
S-OH"2- + H+

«*

S-OH21/2+

log K H

In the latter case only one proton affinity constant is required to describe the basic charging
behaviour. This approach was followed in here. In addition to the intrinsic binding, a double
layer model is used to calculate the effect of the surface potential on the ion binding. In the
ECOSAT program it is possible to choose between various double layer models. We used a combination of a Stern layer with a diffuse double layer. The Stern layer capacity used was 1.2 F
m"2 for iron (hydr)oxide and 1.1 F m"2 for aluminum (hydr)oxide. The extension of the model to
include pH dependent fluoride adsorption is based upon extensive information on binding of
fluoride at different concentrations and pH values to the iron (hydr)oxide goethite and aluminum
hydroxide gibbsite. These results will be published elsewhere (Hiemstra et al., in preparation).
The main difference between fluoride binding on iron (hydr)oxide and aluminum hydroxide is
the binding at higher pH levels. For the conditions of the experiments and for the same fractional surface area, iron (hydr)oxide does not significantly adsorb fluoride above pH 6.5, whereas
Al(OH)3 may still contribute to fluoride binding up to pH 8. The reactions that have been used
in the modeling, together with their intrinsic binding constants are listed in Table 2. Soils that
are initially at a high pH may contain the phosphate mineral hydroxy-apatite. In the presence of
fluoride this mineral can be converted into fluorapatite according to the following reaction:
Ca5(P04)3OH + F

*

Ca5(P04)3F + OH"

log K° = 0.67 (Lindsay, 1979)

Fluorapatite has a very low solubility at near neutral pH levels. The maximum amount of'
fluoride that can be bound by this process can be derived from the phosphate content of a soil, if
it has a near neutral pH.
For the calculations it was assumed that the affinity constants as determined for goethite
and gibbsite could be used to model the reaction of fluoride with iron (hydr)oxide and aluminum
oxide as present in the soils. The site densities of the reactive groups were taken as 6.0 sites
nm"2 for iron (hydr)oxide and 8.12 sites nm"2 for Al(OH)3 The reactive surface area in the soil
was estimated from the content of oxalate extractable iron and aluminum. To convert mmol kg"1
to mm2 kg"' we used 21.6 m2 mmol"' for Fe and Al. For iron this corresponds with 240 m2 g '
goethite, for aluminum this corresponds with 288 m2 g"' Al(OH)3.
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Table 2 : chemical reactions used in the chemical equilibrium model
Solution:
1) H+ + OH" » H 2 0
2) H+ + F « H F

log/f °=-14
log K° = 2.21 (Lindsay, 1979)

Surface reactions with goethite:
o-plane:
3) S-OH"2 + H+ * S-OH2+1/2
4) S-OH"2 + F + H+ « S-F"2
5) S-F"2 + H+ * S-HF" 2

log K ° = 9.7 (Hiemstra, et al. 1989b)
log K° = 9.3 / 7.0 (Hiemstra, in prep.)
log K ° = 7.7 (Hiemstra, in prep.)

d-plane:
+1 2
6) S-OH"2 + Na+ . S-OHNa '
+1/2
7) S-OH2
+ c r « S-OHC1"2

log K ° = -1.4 (Hiemstra, et al. 1989b)
log K ° = -1.4 (Hiemstra, et al. 1989b)

Surface reactions with gibbsite:
o-plane:
8) S-OH"2 + H ' - S-OH2+1/2
8) S-OH"2 + F + H+ » S-F"2
10) S-F"2 + H+ *» S-HF" 2

log K ° = 10.0 (Hiemstra, et al. 1989b)
log K ° = 10.7 (Hiemstra, in prep.)
log K ° = 8.4 (Hiemstra, in prep.)

d-plane:
11) S-OH"2 + Na+ * S-OHNa+1/2
12) S-OH2+"2 + CI * S-OHC1"2

log K ° = 0.1 (Hiemstra, et al. 1989b)
log K ° = 0.1 (Hiemstra, et al. 1989b)

The calculations were carried out with an imaginary column of 0.45 m length discretized in 45
layers, a flux density of 0.03 m day-1 (resulting in 1 pore volume day', with a porosity of 0.33).
The estimated dispersivity was 0.05 m2 day. The composition of the infiltrating solution was
chosen as follows, a pH of 9, a fluoride concentration of 0.2 mM (3.8 mg F 1'), a total salt
concentration of 0.01 M. The colums were initially homogeneous and contained iron
(hydr)oxide and aluminum oxide as reactive material. The initial pH of the column was selected
equal to the pH of the corresponding soil.

174

[Results and Discussion
Using the chemical model it is possible to calculate the number of pore volumes that would be
required to get a complete breakthrough of the fluoride in the model columns under the asumption of a constant buffered pH. The results for the various soils at a fluoride concentration of 4
mg 1"' are given in in Figure 1, as a function of the pH .
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Figure 1. Calculated retardation of 4 mg l"1 fluoride in the four soils used in the experiments as
a function of pH.
For low pH levels, the calculated retardation in the four soils is different and is related to the
amount of total extractable iron and aluminum. Above pH 6, the curves for soils B and C start
to merge. This is caused by the fact that iron (hydr) oxide adsorbs virtually no fluoride above
this pH. Since for these soils their content of reactive aluminum is more or less the equal, the
calculated retardation for fluoride is quite similar notwithstanding the large difference in extractable iron content. These calculations show the sensitivity of the mobility of fluoride for the pH
as well as the oxide content of the soil. Whereas the oxide content of soils is a more or less a
conservative parameter, the pH is not. In case of infiltration of the soil with a solution which has
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fa higher pH than the soil, which was the case in the experiments, and is likely to happen in case\
of application of alkaline waste material on the soil surface, the pH of the soil will also increase.
Due to the fact that the adsorption of fluoride releases hydroxyl ions, an increase of the pH may
also occur when the infiltrating fluoride containing solution has the same pH as the soil solution.
Such processes make it necessary to model the adsorption of fluoride as well as the adsorption
of protons, and the interaction between the adsorption of both ions.
Observed pH breakthrough. The experiments show that the pH increases after several pore
volumes to a pH level between 6.5 and 7.5 (Figures 2a and 2b). It is remarkable that this pH
level is more or less the same in all the soils although these soils have rather different compositions. The fact that the pH plateaus to a pH around 7 and does not increase directly to the
considerably higher pH of the infiltrating solution is due to the multicomponent character of the
transport process, which leads to the development of several fronts in the breakthrough curves.
Eventually the pH of the effluent will increase further and will reach the pH of the influent. The
results are not so easy to analyse because both the input pH and fluoride concentration decrease
slowly during the experiment.
Observed fluoride breakthrough. If we look at the breakthrough of pH and fluoride as observed
in the leaching experiments, it is clear that there is a wide range in the amount of porevolumes
leaching necessary to obtain complete breakthrough of fluoride. The observed breakthrough
times range from only several pore volumes in case of soil A to up to more than 50 pore
volumes in case of soil D. The binding capacity of the soils appears to be more influenced by
the total metal oxide content of the soil than by the initial pH. The most rapid breakthrough is
observed in case of the soil with the lowest oxide content, in the soil with the highest metal
oxide content the strongest retardation of fluoride can be observed. As we will show for the
model results, in fact the position of the forst fluoride front is determined by the pH level that is
established after the first pH front, i.e. pH around 7. For these conditions the retardation is
therefore fully determined by the reactive aluminum hydroxide in the soils, since iron
(hydr)oxide does not significantly contribute to the fluoride binding around pH 7 for these soils.
The breakthrough of fluoride in soil A is relatively steep, whereas for soils B, C and D a (much)
more gradual decrease in fluoride concentration is observed. The decrease in fluoride concentration after twenty pore volumes in soil A is caused by the decreasing input concentration of
fluoride during the experiment, which was caused by the decreasing concentration of fluoride in
the waste material leachate. The relatively slow increase of the fluoride concentration for soils B,
C and D, where fluoride breakthrough started after twenty pore volumes, could be due to the the
decrease in input pH and decrease in input fluoride concentrations. Another explanation could be
relatively slow sorption kinetics.
Model /-eswto.When we consider the results of the model calculations first of all the calculations
show that the position of the fluoride breakthrough corresponds with the position of the pH
fronts. This coincidence is expected from multicomponent transport theory. The pH level of the
plateau (pH between 6.5 and 7.5) in the model calculations is quite close to the level that is
experimentally observed. The moment at which the pH starts to rise in the model calculations is
in most cases much later than observed in the experiments. The reason for this is at present not
fully understood. A possible cause might be that the initial pH values in the experiment were
significantly higher than the value used in the calculations (10.3 versus 9.0).
For all the soils the calculated moment of the fluoride breakthrough occurs too early
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when compared with the experimental results. This might be an indication that the estimated
value for the specific surface area of the metal (hydr)oxides is too low. If the specific surface
areas of both (hydr)oxides are chosen twice as high as in our initial estimations, then the positions of the calculated fluoride breakthrough curves with all soils would correspond much better
with the experimental results. Such a higher specific surface area is still physically realistic,
considering that the ammonium oxalate extraction extracts the amorphous fraction of the metal
(hydr)oxides which is expected to have a very high specific surface area. The position of the pH
front will shift alongside with the fluoride front, whereas the pH at the plateau will not be
affected by the change in the specific surface area.
The retardation in soil B which initially has a near neutral pH, may be affected also by
the formation of fluorapatite. The maximum additional retardation caused by this process can be
estimated from the phosphate content of this soil and is equal to about 15 pore volumes.

Conclusions
The coupled transport problem of fluoride and hydroxyl ions and protons in soils leads to the
occurrence of at least two fronts. For the experimental conditions for fluoride only one front is
observed, whereas it is clear from the pH in the effluent that at least two fronts should occur.
Both fronts would also have been observed experimentally if the column experiment would have
been extended long enough. Prediction of fluoride retardation neglecting the multicomponent
character, and simply using the estimated sorption capacity for the input fluoride concentration
and the initial pH of the soil will lead to an enormous overestimation of the retardation. It turns
out that for all soils the pH at the moment of fluorine breakthrough is very similar and around 7,
although the initial soil pH values and the soil characteristics are very different. The simplified
model approach is in this respect in excellent agreement with the experimental results.
The results show that it is possible to predict the moment of the average fluoride
breakthrough for quite different soils, using an estimated constant reactive surface area per mole
of oxalate extractable iron and aluminum, in combination with an adsorption model and adsorption constants that are derived from adsorption studies for crystalline metal (hydr)oxides. This
approach not only reduces the amount of experimental data necessary for this kind of modeling,
but it also contributes much to the general understanding of transport processes and sensitivity of
the results for different parameters. An advantage of the followed approach is that it is relatively
easy to extend the modeling for other ions of interest.
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und

Standortslehre,

Under the conditions generally occurring in topsoils of the moderate zones, two different
oxidation levels of chromium may exist: Cr(III+) and Cr(VI+). Due to their different
basicities, Cr(III) is in cationic form, at moderate or low pH, whereas Cr(VI) is anionic
(chromate). Therefore the behaviour of Cr in soils depends on the actual speciation of the
element: Cr(III) follows the general reactions of cationic heavy metals, i.e. complexation
with humic matter, cation exchange on humic acids or clay minerals, and formation of
hydroxy compounds by hydrolysis. Compared to Cr(III), chromate(VI) has a higher
mobility in most soils at moderate or high pH because anion binding ability ist high only at
relatively low pH. Nevertheless Cr do not move fast with the percolating water because
chromate(VI) is subject to reduction in humus-containing soils.
The quantitative determination of total Cr in soils do not bear strong analytical problems, in
general. Many non-polluted soils contain between 5 and 100 mg/kg Cr which is good for
using atomic absorption spectrometry. The Cr concentration in polluted soils may be five to
tenfold these values, or even higher.
The ecological significance of Cr depends strongly on its oxidation level: Cr 3 + is not toxic,
chromate(VI) is toxic, and it is suspected to be carcinogenic. Therefore it is of great
importance to know details about the actual speciation of soil Cr. As the first step of the
analytical determination of Cr speciation, Cr(VI) is extracted from the soil using buffered
aqueous solution at pH 12. At this pH the rate of recovery is close to 100 %, whereas at
lower pH less Cr(VI) is extractable.
In the extracts the concentration of chromate(VI) can be determined by voltammetric
methods. First of all differential pulse polarography is useful for the Cr determination even
at relatively low concentrations. Using this analytical procedure, the redox behaviour of Cr
even in soils with a high humus content can be investigated with acceptable accuracy.
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Application of Surface Spectroscopies and Microscopies to Elucidate
Sorption Mechanisms on Oxide Surfaces
Scott E. Fendorf, Soil Science Division, University of Idaho, Moscow ID 83844
and Donald L. Sparks*, Department of Plant and Soil Sciences, University of
Delaware, Newark DE19717-1303 USA
Abstract
Retention reactions on particulate of soils and waters are of environmental and
agricultural significance because these reactions can greatly affect the risk imposed by
contaminants and the availability of plant nutrients. The surface structure of the sorbate
determines their potential for remobilization to the aqueous environment and the
physical/chemical modifications of the sorbent.
Therefore, it is essential to employ
experimental techniques that provide direct and accurate information on sorption mechanisms.
In this study, the use of multiple surface probing techniques for investigating sorption reactions
is demonstrated for Cr(III) retention on a commonly occurring natural sorbent, amorphous SiC>2
(silica). Extended X-ray absorption fine structure (EXAFS) spectroscopy, diffuse reflectance
infrared Fourier transform spectroscopy (DRIFT), high-resolution transmission electron
microscopy (HRTEM), and surface probing microscopy (SPM) were used to discern the
structural environment of Cr(III) on silica. Chromium(III) formed a monodentate surface
complex on silica, which with increased Cr(III) levels resulted in a nucleated y-CrOOH type
structure. The initial nucleation expanded on the silica surface, but as precipitation progressed
discrete highly-ordered y-CrOOH surface clusters formed rather than a precipitate that was
distributed over the surface. Consequently, when modeling the retention reaction surface
complexation and precipitation must be considered; desorption would be dominated by the
dissolution of the chromium hydroxide surface clusters.

Introduction
Reactions at the solid/solution interface have dramatic influences on environmental
quality and agricultural productivity. Characterization of solids in soils and waters, in addition
to reactions which occur at their surfaces, is necessary to assess the reactivity of a system.
Obtaining direct evidence on interfacial reactions is important to definitively identify reaction
products and the stability of these species. Recent advances in surface characterization
techniques has greatly enhance one's ability to study reactions at the solid/solution interface.
Unfortunately, no single technique provides a complete depiction of most systems. Accordingly,
it is important for researchers to employ multiple techniques to accurately study a system and
thus obtain detailed information of reactions mechanisms.
Surface spectroscopies and microscopies have advanced rapidly and offer a host of
capabilities. For studying retention mechanisms and the properties of" the sorbate and modified
sorbent, methods which yield electronic and structural information on the sorbate and surface
structural (morphological) information on the sorbent/sorbate composite are necessary. To our
knowledge no single technique provides all of this information. Accordingly, it is essential to
employ a multitude of complimentary techniques. The electronic state of sorbed species can be
determined with electronic (UV/VIS) or x-ray absorption spectroscopies. In some cases,
^canning tunneling microscopy (STM) can also be used to derive electronic states of surfaces.
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Magnetic, vibrational, and x-ray absorption spectroscopies can be used to determine the local
structure of a sorbate.
Microscopic techniques, such as electron and scanning probe
microscopies, are needed to discern the structure and morphology of the sorbent/sorbate surface.
A powerful means for studying the local chemical and structural environment of an
element in solutions, suspensions, or solids, is x-ray absorption fine structure (XAFS)
spectroscopy. XAFS provides one with information on the oxidation state of the x-ray absorbing
element along with its local structure on a very quantitative basis. While atomic information is
probed with XAFS, Fourier transform infrared (FTIR) spectroscopy can be employed to ascertain
molecular interactions of a sample. Often XAFS can be used to give precise structural
information as to the source of FTIR spectral features. Neither of these spectroscopies, however,
provide spatial resolution unless the probed element or molecule is limited to a certain region of
the sample—which is the case for most spectroscopies except, for example, Auger spectroscopy.
Microscopic techniques thus compliment spectroscopic studies since they provide spatial
information, often which can be obtained with atomic resolution. They do not, however, provide
information exclusive to a single element. Transmission electron microscopy (TEM) can be
employed to discern the atomic ordering of a sample along with surface modifications.
However, surface modifications must possess a depth dimension sufficient to attenuate the
impinging electrons. This restriction can be circumvented with scanning probe microscopes
(SPM), such as atomic force (AFM), which provides detailed atomic and morphological
information that is restricted to the surface. Additionally, SPM can be conducted in aqueous
systems, thus removing the need to subject the sample to an altered analytical environment. In
this study, the utility of a composite surface analysis using XAFS, FTIR, TEM, and SPM will be
exemplified with Cr(III) sorption on silica.
Inorganic compounds are potential pollutants which can be particularly problematic due
to their stability in the environment. Chromium is an environmentally significant metal used in
various industrial processes. Of the two Cr oxidation states that are stable in the environment,
Cr(VI) is much more hazardous than Cr(III) and is very mobile in soils and waters. Oxidation of
Cr(III) by manganese oxides makes this rather benign species a potential hazard. One possible
mechanism for retarding Cr(III) oxidation is its retention by other non-redox reactive sorbents
present in soils or waters. This would 'prevent oxidation by inhibiting Cr(III) from complexing
with manganese oxides.
Although commonly only a small fraction of the solids in soils or sediments, hydrous
oxides (i.e., hydroxides, oxyhydroxides, and oxides) can play an important factor in the
environmental behavior of metal ions. The influence of hydrous oxides is enhanced by the
formation of high surface area particles and surface coatings on other soil materials. Silica
(Si02) is a commonly occurring hydrous oxide which readily forms coatings on other solids. It
often has a very high surface area and thus exerts a large influence on sorption reactions.
Moreover, sorption reactions are extremely influential on the risk of metal ions in the
environment since the metals are removed from the mobile aqueous phase. Hence, to determine
the hazard of Cr in the environment, knowledge of Cr(III) sorption on non-redox reactive solids,
such as silica, is necessary.
Determining surface structures is necessary to elucidate reaction mechanisms, the
stability of bound species, and for evaluating the physical/chemical properties of the modified
sorbent. Therefore, the objective of this study was to investigate the surface structure of Cr(III)
sorbed on Si02 and to determine the surface modification and stability of the bound phase. By
employing XAFS, DRIFT, SPM, and HRTEM a composite of information was obtained, which
allowed for an accurate and detailed analysis of the Cr(III)-Si02 sorption mechanism. The local
chemical and structural environment of Cr(III) was ascertained with XAFS, molecular
information with DRIFT, and HRTEM and SPM provided spatial resolution and information on
the surface structural modification of the silica after reaction with Cr(III). The DRIFT spectra
183

were evaluated by comparing vibration modes of 'neat' silica and y-CrOOH to the Cr-silica
systems. The results gleaned with XAFS were compared to the information obtained with
DRIFT analysis. This permitted the use of DRIFT for evaluating the effect of an extensive range
of reaction parameters on the Cr(III) surface structure. Atomic-ordering and surface alterations
induced by Cr(III) sorption on the silica surface were ascertained with HRTEM and SPM.

Materials and Methods
Batch Studies
The silica used in this study was a Huber Zeothix® 265 amorphous SiC*2 colloid,
synthesized as described by Wason (1978). The oxide was washed in pH 3.5 HNO3 and then
dialyzed in doubly distilled deionized water until a stable conductivity resulted for 24 h. The
surface area was 221 m2 g-i, as determined by the ethylene glycol monoethyl ether (EGME)
method (Heilman, 1965). The particle size of the oxide was less than 2.0 |im.
Batch studies were performed to determine the amount of Cr(III) sorbed on SiÜ2 as a
function of pH and initial Cr(III) concentration ([Cr]0). A pH range of 3 to 7 was investigated
with initial concentrations of 100, 200,400, and 5 x 103 \iM Cr(III). For the batch studies, 0.5 g
SiC"2 was dispensed in reaction vessels with 2 L of 0.1 M NaNC>3. A 10 mM Cr(III) stock
solution was used to obtain the desired Cr(III) concentrations. The stock solutions were made
from ACS reagent grade Cr(NÜ3)3 • 9H2O, with acidified deionized water (pH < 2) and were
never allowed to age more than five days to limit potential polymerization.
The oxide was allowed to hydrate for 48 h prior to reaction. After the hydration period
the pH was adjusted, the desired amount of Cr(III) was added, and the final volume brought to 2
L, yielding a suspension density of 0.25 g L-i. The pH was held constant with a pH-stat system;
upon reaching a steady pH the vessels were placed in a water bath reciprocating shaker. After 48
h the samples were filtered through a 0.22 urn pore membrane and the solution analyzed for Cr
with a JY-70 ICP spectrophotometer. The sorption data and structural information gleaned in
this study are representative of the reaction after a 48 h time period, and therefore may not be
indicative of sorption at equilibrium (Wehrli et al., 1990).
All reactions were carried out at 25 ± 0.5 °C at 1 atm pressure in a N2 (g) environment to
eliminate the influences of CO2. The initial solutions were purged with N2 (g) prior to the
addition of the oxide. Thereafter, a N2 (g) stream was maintained over the surface of the fluid
when the vessels were exposed to the surrounding environment.
In this study the data are referenced to the potential surface site occupancy, <|),
<>
| = (mols Cr sorbed)/(mols surface sites)

[1]

One should be aware that this does not imply a site occupancy but only a potential maximum if
each sorbed Cr(III) occupied a single site. If polymerization or nucleation occurs then a different
amount of the surface sites would be occupied (i.e., an amount less than § would be covered).
This parameter, <j>, is employed because it allows one to easily recognize the quantity of sorbed
Cr necessary for monolayer coverage; at less than potential monolayer coverage isolated site
binding can account for the total sorption quantity, but at $ > 1 nucleation or multi-layer
adsorption is required. An estimated reactive surface site density of 5.5 sites nm 2 (Fouad et
al., 1991) was used to calculate the site density for silica. For XAFS studies, samples reacted at
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pH 6 were employed for analysis because this pH is common to soils and waters, and represents
complete uptake of aqueous Cr onto the silica surface.
Solids were consolidated prior to their analysis. The equilibrated suspensions were
passed through a 45 mm diameter 0.22 ^m membrane filter; the filtrate was then rinsed with 100
ml of high purity water to remove the entrained electrolyte. The solid material was then placed
in a vial and sealed. The samples remained moist and were never allowed to dry. In addition, a
hydrous chromium oxide (HCO) was precipitated by titrating 20 mM Cr(III) to pH 6, with pH
maintained at this level for 24 h. This procedure was similar to that used by Charlet and
Manceau (1992).
XAFS Studies
XAFS spectroscopy was performed at the National Synchrotron Light Source,
Brookhaven National Laboratory, under dedicated running conditions on beam line X-l 1A. A
Si(lll) water cooled double crystal monochromator was employed with a sagitally focused
beam (Lamble and Heald, 1991). The focused beam provided an intensity greater than three
times that provided by the conventional flat monochromator arrangement over the energy range
used for this study. A 0.5 mm pre-monochromator slit width was employed, which was
readjusted as necessary to compensate for vertical motion of the stored electron beam. Higherorder harmonics were rejected by detuning 30% from the maximum incident intensity (I0).
Reference materials were run in transmission mode and the transmitted intensity
measured with an ionization chamber. All Cr(III)-Si02 systems were analyzed by fluorescence
detection. Samples were analyzed at ambient and N2 (i) temperatures (298 and 77 K); no
structural differences were discerned between these temperatures and consequently the 77 K
spectra are reported due to the reduction in thermal disorder.
All samples were run at least in triplicate. Data analyses were accomplished by
optimizing the fit of predicted spectra with Fourier filtered experimental spectra. Phase shifts for
O, Si, and Cr were obtained using model compounds: Cr using a Cr-metal and <x-Cr203, O with
a-Cr2C»3, and Si with NiSi. Amplitude parameters were defined based on a-Cr2Ü3. Successive
shells were isolated in the Fourier transformed spectra, back-transformed, and the interatomic
distances (r's), coordination numbers (CN's), and Debye-Waller factors (2a2) varied until the best
fit was obtained between the predicted and experimental curves. After obtaining the structural
information for each successive shell out to 4 A , the structural parameters were then combined,
to model the entire spectra. The resulting r values for the first coordination shell were accurate
to ± 0.03 A and CN to ±20% based on fits to model compounds-more distant shells will.be
successively less accurate in both r and CN. Further details on the XAFS analysis are given
elsewhere (Fendorf et al., 1993).
Infrared Analysis
Diffuse reflectance infrared Fourier transform (DRIFT) spectroscopy was performed
using a Perkin-Elmer FT-IR 1720X spectrometer with a diffuse reflectance accessory. Samples
were prepared using the batch methods described earlier; after reaction the solid material was
washed with 100 ml of deionized water and the solids dried at 60°C for 24 h. The dried material
was then diluted by 90% (by weight) with KBr to reduce the influences of spectral reflectance.
Reported spectra are the average of 200 scans.
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In addition to the Cr-Si02 samples, reference materials were analyzed for comparison.
Reference spectra were obtained for HCO (the y-CrOOH type structure) and SiC>2. EXAFS
analysis and electron diffraction patterns confirmed that the precipitated HCO material was yCrOOH.
The standards were also diluted by 90% (by weight) with KBr prior to DRIFT
analysis.
Microscopic Analysis
High-resolution TEM was performed on high surface coverage Cr(III) reacted silica,ty=
9.9. For HRTEM analysis, 0.25 mL of the reacted suspension was dispersed on a holey carbon
film supported by a fine mesh copper grid. The oxide coated grids were then rinsed with 50 mL
of deionized water, and dried in a glass chamber. Imaging was then performed on a Hitachi
9000NAR electron microscope. Scanning probe microscopy was performed on moist samples
after filtration on a Digital Instruments NANOSCOPE II operating under conventional force. A
low pass filtering (not Fourier filtering) of the acquired images was conducted to improve image
quality.

Results
Local Structure ofCr(III) on Silica
The extended portion of the XAFS (EXAFS) spectra was utilized to discern the local
structural environment of Cr(III) sorbed on silica. A range of initial Cr(III) concentrations (100,
200, 400, and 5 x 103 \LM ) at pH 6 were investigated with 0.500 g SiC<2 present. Batch
adsorption isotherms revealed that all of the aqueous Cr(III) at pH 6 was depleted. Thus, these
initial Cr(III) concentrations correspond to potential site occupancies (<|>) of 0.20, 0.40, 0.79, and
9.9. The experimental spectra for the Cr-Si02 systems are shown in Fig. 1 along with that of
HCO, Cr(OH)3 • nH 2 0.
The structural parameters derived from EXAFS analysis are summarized in Table 1. The
highest surface loading (<j> = 9.9) is not reported due to possible influences from self-absorption
processes arising in these more concentrated samples. In all of the Cr specimens approximately
six O were observed at 1.99 A. In y-CrOOH, a second shell composed of two Cr at 2.99 A (edge
sharing CrO<s octahedra) and a third shell of 1.5 Cr at 3.98 A (corner sharing octahedra) were
discerned. These results are in good agreement with the structural parameters determined by
others for y-CrOOH (Manceau and Charlet, 1992; Corker et al., 1991). The first two shells (i.e.,
six O at 1.99 A, and two Cr at 2.99 A) in all the Cr(III)-Si02 samples were similar to those of the
Cr-hydroxide, with slight variations in the CN. However, a different third shell resided in these
materials: a single Si atom at 3.39 A (Fig. 2). Consolidating the structural parameters derived
from the isolated shells resulted in good agreement between the predicted and experimental
EXAFS functions for the samples (Fig. 3).
The Si-Cr distance of 3.39 A represents a monodentate complex, in agreement with the
CN, and would necessitate a 150° Cr-O-Si bond angle. Beyond the Si shell another Cr shell
occurred; however, the EXAFS intensity of this shell is much weaker than the inner-shells and
therefore one must place less confidence in the derived structural values. Nevertheless, further
structural information can be obtain by considering the crystallographic parameters of the sorbent
and sorbate. Assuming that the silica surface is dominated by alternating tetrahedra, then Cr(III)
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Figure 1. Experimental EXAFS spectra of Cr(III) sorbed on silica.
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Table 1. Structural information derived from EXAFS analysis: interatomic distances (r, A),
coordination numbers (CN), and the Debye-Waller factors (2CT2, A 2 ). The O, edge sharing Cr
octahedra, and Si coordination shell of a central Cr are reported.3
Cr-O
r(A) CN 2a 2

Edge: Cr-Cr
r(A) CN 2o 2

r(A)

Si-Cr
CN

y-CrOOH

1.99 5.7 0.008

2.99 1.5 0.006

<|>=0.79b

1.99 6.2 0.005

3.00 2.3 0.010

3.38

1.1

0.009

()>=0.40b

1.99 6.0 0.005

2.98 2.5 0.010

3.40

1.0

0.008

<|>=0.20b

1.98 6.2 0.005

3.01 2.9 0.011

3.39

0.71 0.009

2o 2

a

Based on standards and internal deviation, the reported values are accurate to within r ± 0.03 A., CN ± 20%.
"Potential surface site coverage for Cr(III) sorbed on silica (mols Cr / mols surface sites).

in a monodentate complex with a bond angle of 150° would result in a favorable distance,
approximately 3.9 A, for hydroxyl bridging between adjacent Cr(III). Based on this premise, the
resulting surface structure is a monodentate surface Cr(III) complex and a HCO precipitate with
the y-CrOOH type structure that is shown in Fig. 4.

DRIFT Analysis
The DRIFT spectrum for y-CrOOH is shown in Fig. 6. One notes a strong, sharp
absorbance at 1385 cm 1 and a broader one at 1417 cm 1 . These peaks are characteristic of the
bending modes for metal oxyhydroxides (Me-OH-Me) with the boehmite type structure (yMeOOH) (Ryskin, 1974) and correlate well with the previously defined deformation modes of yCrOOH (Snyder and Ibers, 1962). The 1385 cnr 1 peak is thus assigned to the in-plane (y-OH)
bending mode and the 1417 cm-1 to the out-of-plane (8-OH) mode. The presence of these modes
in the Cr-Si02 systems may be evidence for the formation of a y-CrOOH precipitate. The DRIFT
spectrum of unreacted SiC"2 is also given in Fig. 7. The 'neat' silica has a strong characteristic
water vibrational band at 1630 cm-i. However, the absorbance in the range of 1350-1600 cm-i is
minimal, and thus does not interfere with the prominent bending modes of y-CrOOH.
Consequently, it appears that the 1385 and 1417 cm-' bands in the Cr-Si02 spectra should be
good evidence for the formation of a y-CrOOH surface precipitate, while their absence would
guggest that surface nucleation of this phase did not occur.
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Figure 2. The Fourier back-transformed EXAFS function for the isolated second peak of the Fourier transformed
spectra. The predicted fit was obtained by incorporating Si and Cr shells.

A third spectrum is shown in Fig. 7: Cr(III) sorbed on silica (<)> = 9.9). In this spectrum
1385 and 1417 cm-1 peaks are visible but additional absorbances at 1450 and 1550 cm-1 are also
apparent. The 1385 and 1417 c m 1 absorbances are identical to those observed for the
deformation modes in y-CrOOH and therefore represent the formation of a surface precipitate.
The 1450 and 1550 c m 1 peaks are not found in the Cr-hydroxide spectra; their appearance and
magnitude are correlated except under conditions where the 1450 cm 1 peak is obstructed by the
1417 cnr 1 absorbance. These peaks may be representative of a Cr-O-Si interaction. The 5-0
and y-0 bending modes in a monodentate Cr-O-Si bond should be shifted to higher energies than
for Cr-OH-Cr (Ryskin, 1974). Consequently, the 1550 cnr 1 peak is assigned to the S-O and the
1450 cnr 1 to the y - 0 vibration in a Cr-O-Si linkage. Table 2 presents the assignment of the
peaks for the DRIFT spectra of these materials. With the assignment of the DRIFT peaks in the
1350 to 1600 cm -1 region one can identify structural factors arising from the sorption of Cr(III)
on silica. In addition, the limits of DRIFT for detecting the surface phases in these systems can
be determined.
The DRIFT spectra of 40,100, 200, 400, and 5 x 103 \)M [Cr]0, resulting in <s> values of
0.079, 0.20, 0.40, and 9.9, are presented in Fig. 7. The latter four conditions were identical to
those used in the XAFS study permitting a comparison of results from these two techniques.
With <>| = 0.040 no alteration from the unreacted Si02 spectrum was observed. As § increased
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Figure 3. The EXAFS function for the Fourier back transformed spectra. The theoretical line was derived with
parameters obtained from analysis of the isolated shells.
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experimental
predicted

Cr(OH),3 • "nH
0
" 29'

H
PH

(j) = 0.79

({) - 0.40

$ = 0.20
-1

Figure 4. Fourier transformed spectra resulting in the radial structure function (RSF) of the inner 4 A shells: HCO
and Cr sorbed on silica are shown. The first peak results from six O at 1.99 A; the second from Cr at
2.99 A . In the presence of Si, the second peak incorporates Si at 3.39 A.
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Cr
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Figure 5. A depiction of the surface structure derived by EXAFS analysis (a) showing the interatomic distances for
Cr sorbed on silica. The y-CrOOH type structure is shown forming in (a) and in (b) the interatomic
distances of this phase are given.

to 0.079 relatively broad bands become apparent at 1450 and 1550 cm -1 . These broad bands
increase in magnitude with further increased <>
t and are the most prominent at the highest
coverage (<> = 9.9) depicted in Fig. 7. A sharp peak at 1385 cm-1 and a broader band at 1417
cm-i are apparent at <>| = 0.20 (100 yM [Cr]0). The four peaks at 1385, 1417, 1450, and 1550
cm-1 all increase with continued increases in surface coverage, but the 1385 and 1417 cm 1 peaks
clearly begin to dominate this spectral region at higher surface coverage. At <>| = 9.9, the 1450
cm-1 becomes only a poorly resolved shoulder on the 1417 cm-1 absorbance.
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5-OH Y-OH

Y-CrOOH
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Cr-O-Si
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S-OH
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1

1450
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Figure 6. The DRIFT spectra for silica, Cr(OH)3 • nH20, and for Cr(IIl) sorbed on silica with 0 = 9.9. The peaks at
1385 and 1417 cm"1 arise from the Cr-OH-Cr deformations, and the 1450 and 1550 cm"1 peaks are due
toCr-O-Si deformation.

At <() = 0.040 (20 \iM [Cr]0), no structural modifications are apparent with DRIFT
spectra. However with a two-fold increase in coverage, 0.079, the monodentate surface complex
(Cr-O-Si) was observed. Hence the detection for sorbed Cr on silica in this study was between
0.04 and 0.08 surface coverage. The 0.079 coverage spectra do not indicate the presence of
nucleated Cr-hydroxide. Nucleation of y-CrOOH is discerned at 0.20 coverage as noted by the
1385 and 1417 c m ' absorbances. Hence, DRIFT spectra indicate that a monodentate surface
complexation of Cr on silica occurs at 0 < 0.20 (100 [LM [Cr]0), and y-CrOOH nucleation
appears at 0 ^ 0.20.
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Table 2. The assignment of the deformation modes for y-CrOOH and surface complexed Cr(III)
on silica.
frequency (cm - 1 )

bond type

mode

1385

Cr-OH-Cr

Y-OH

1417

Cr-OH-Cr

6-OH

1450

Cr-O-Si

y-O

1550

Cr-O-Si

8-0

O

u
o

1650

1450 1417 1385 1350

1550

cm •1
Figure 7. DRIFT spectra for Cr(III) sorbed ort silica at [Cr] 0 of: 40 \iM (d> = 0.079), 100 uM (4i = 0.20), 200 \iM
(<(> = 0.40), and 400 uA/ (4> = 0.79). The peaks at 1385 and 1417 cm" 1 represent Cr-hydroxide
nucleation, while the absorbances at 1450 and 1550 cm"1 indicate a monodentate Cr-SiC>2 complex.
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Microscopic Surface Analysis
Although both EXAFS and DRIFT give important information on the local structural
environment of Cr(III), it is difficult to determine the spatial proximity and long-range order of
the sorbed material with these two methods. Accordingly, HRTEM and SPM were employed to
deduce further structural information.
Imaging was performed prior to and after reaction with Cr(III) at ty = 9.9 (Fig. 8). The
silica was completely amorphous showing no indications of ordering (marked A). After reaction
with Cr(III) distinct crystalline areas approximately 20 nm x 20 nm are clearly visible (marked
B). The crystalline areas are a y-CrOOH surface precipitate. The HRTEM images reveal that
even when there was greater than ten times the amount of Cr necessary to occupy all the reactive
surface sites discrete crystalline particles formed. This finding indicates that Cr-hydroxide
nucleation does not progress over the silica surface but rather formed isolated nucleated areas
which, at least with high potential surface coverage, possess long-range order (crystallinity).

Figure 8. High-resolution TEM image of silica after reaction with 5 mM Cr(III) at pH 6 (<|> = 10). A discrete
crystalline y-CrOOH surface precipitate (marked B) has formed on the amorphous silica (marked A).

To further explore the surface distribution and surface morphology of Cr(III) on silica we
employed a surface discriminating microscopy: scanning probe microscopy (SPM). A SPM
image of the unreacted silica is shown in Fig. 9a. After reacting with Cr(III) a dramatic surface
^alteration is observed (Fig. 9b). At potential surface coverages ten times monolayer coverage,
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discrete island structures are discerned on the silica surface. The SPM images confirm the
observations made with HRTEM: the HCO surface precipitate does not distribute over the
surface, but rather nucleates forming surface clusters which grow out from the surface. The
reacted colloid thus maintains areas of unreacted exposed silica with island structures of HCO
protruding from the substrate material. At <>| = 9.9, the clusters average about 60 nm in height
and 35 nm in diameter—as revealed with SPM. These findings have important implications on
the stability of the bound Cr(III) and resulting reactivity of the conglomerated colloid.

Discussion
Both EXAFS and DRIFT analysis indicate that Cr(III) formed an inner-sphere
monodentate surface complex on silica. A Si-Cr distance of 3.39 A was determined; a linear
Cr-O-Si arrangement would result in a distance of 3.59 A, thus a bond angle of 150° is necessary
to produce the observed distance. This Cr-Si distance and angle are similar to that observed for
Mn in MnSi03 (Wyckoff, 1963). Monodentate coordination with a bond angle of 150° implies
that the reactive surface O atoms are singly coordinated by Si. This complexation structure
agrees with the multisite surface complexation (MUSIC) model (Hiemstra et al., 1989a,b) which
indicates that only the singly coordinated O of Si02 are reactive in the pH range of 2 to 10.
McBride et al. (1984) and McBride (1982) also observed that Cu 2+ sorbed only to singly
coordinated 0(H) groups on Al-oxides.
At potential site occupancies (<|>) below 0.20, only Cr(III) complexed with silica was
observed. At coverages equal to and exceeding 0.20, surface nucleation of the y-CrOOH type
structure occurred. A progression from isolated site binding at low coverages to surface
hydroxide nucleation of Cu2+ on Al-oxides was similarly observed (McBride et al., 1984;
McBride, 1982). When nucleation of adjacent surface bound Cr(III) species occurs, HCO
nucleation results.
Chromium(III) sorption on a-FeOOH results in a surface precipitate with the a-CrOOH
type structure (Charlet and Manceau, 1992); as surface coverage increased nucleation growth
expanded over the surface before expanding outward (away from the surface). Further increases
in Cr(III) levels resulted in nucleation progressing outward from the a-FeOOH surface and there
was a phase transition to the y-CrGOH type structure. Our results indicate different phenomena
for Cr(III) sorption on silica. A monodentate complex of Cr(III) on silica forms; the
complexation continues but nucleation of a y-CrOOH type phase occurs well before monolayer
coverage. As nucleation progresses, discrete surface clusters, an island structure, forms rather
than distributing over the surface.
It appears that it is more energetically favorable for surface hydroxide nucleation than for
complexation of Cr(III) on silica at surface coverages of only 0.20. Furthermore, the precipitate
does not grow across the silica surface, but instead forms crystalline clustered structures which
protrude away from the surface. Therefore, the sorbent imparts an important influence on
surface precipitates. On a surface such as a-FeOOH where the structural environment is similar
to that for chromium hydroxides, nucleation progresses over the surface—epitaxial growth. Once
a monolayer has been exceeded nucleation progresses outward and some distance from the
goethite surface undergoes a phase transformation to adopt a more favorable structure (i.e., a
phase transition from a- to y-CrOOH). A different scenario, however, arises with Cr(III)
sorption on silica. Chromium(III) binds to the surface initially in an isolated site mechanism.
Increased retention bridges the Cr species, thus beginning nucleation. In response to the
energetics of an unfavorable surface O-O distance on silica, nucleation of HCO begins to
progress outward from the surface rather than distributing across it. Even at 10 times monolayer

1%

Figure 9. Scanning probe micrograph of (a) silica prior to and (b) after reacting with Cr(III) at potential surface
coverages ten times monolayer capacity. The reacted images (b) confirm that the HCO precipitate does not
distribute over the surface, but rather forms discrete surface clusters which result in the island structured image.
Even at this high surface loading of Cr(IH) many areas of the substrate, silica, remain essentially unaltered.
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coverage discrete surface clusters are observed with regions of the silica unaltered by the
reaction.

Conclusions
Although important information was gleaned with each of the techniques employed, a
complete depiction of the Cr(III) sorption mechanism was only discerned by considering the
composite of surface information obtained. In order to accurately resolve sorption mechanisms
researchers should therefore consider using a multitude of methods that glean atomic information
and which support and expand upon each others information. In this study, EXAFS and FTIR
spectroscopies were used to obtain molecular information on sorbed Cr(III) while electron and
scanning probe microscopies provided surface morphologies and structural alterations.
The results on this study can be summarized as follows: (1) Aqueous Cr(III) is depleted
by sorption on silica at pH 6, (2) A monodentate Cr(ffl)-SiC>2 surface complex forms under these
reaction conditions, (3) Chromium hydroxide (HCO) surface nucleation results at < 0.20 surface
coverage; the local structure of the sorbate is of the y-CrOOH type structure, (4) Nucleation of
HCO does not progress over the surface but rather forms discrete highly crystalline surface
clusters on silica.
Important conclusions relevant to environmental quality and agricultural production are
thus gleaned from this information. One must consider monodentate surface complexation and
surface precipitation when predicting Cr(III) retention on silica. Additionally, the potential for
desorption of Cr(III) will be dominated by the dissolution of the y-CrOOH islands. And finally,
the reacted'conglomerated colloid will have physical and chemical properties of both unreacted
silica and HCO; future reactions will thus be effected by the properties of these two phases.
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The Imidazolinone Herbicides:
An Overview of Bioavailability in Soil
G. Tuxhorn, J. Deane, and D. Shaner. Plant Directed Basic Research,
American Cyanamid Company, Princeton, New Jersey, USA.
Abstract Bioavailability of imidazolinone herbicides affects plant response and herbicide
persistence. Bioavailability is inversely related to herbicide adsorption to soil. Factors
increasing adsorption of imidazolinone herbicides to soil are low pH, high organic matter,
high clay content, low water content, and long equilibration time. Factors affecting
imidazolinone herbicide degradation are bioavailability and microbial activity. Factors
affecting plant response to soil-applied imidazolinone herbicides are bioavailability, soil
moisture, air temperature, and plant species sensitivity.
Introduction. The imidazolinone herbicides are effective, broad-spectrum tools for weed
control in several crops, and in non-crop areas. The imidazolinone herbicides have both
foliar and soil activity. These factors, combined with low mammalian toxicity, and low
environmental impact, give the imidazolinones the characteristics necessary for 2 1 s t
century herbicides. Five imidazolinone herbicides are discussed in this paper, AC 263,222,
imazapyr, imazethapyr, imazaquin, and imazamethabenz-methyl. Trade names for these
compounds are listed in table 1. Chemical structures are shown in figure 1.
Table 1. Trade names for the imidazolinone herbicides.
Common, Name
Trade Namefsl*
Imazapyr
ARSENAL™ Herbicide, CHOPPER™ Herbicide,
CHOPPER RTU™ Herbicide, CONTAIN™ Herbicide
Imazethapyr
PURSUIT™ Herbicide, PIVOT™ Herbicide, HAMMER™
Herbicide
AC 263,222
CADRE™ Herbicide**
Imazaquin
SCEPTER™ Herbicide, IMAGE™ Herbicide,
Imazamethabenz-methyl
ASSERT™ Herbicide, DAGGER™ Herbicide
•various formulations. This list does not include co-formulations with other active
ingredients.
**in development
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Figure 1. Structure of five imidazolinone herbicides.
COOH

'XX™
R=H...lmazapyr
Imazamethabenz-methyl
R=CH3...AC 263,222
R=CH2CH3....lmazethapyr

IM =

Imazaquin

H

'O

The imidazolinone ring
is common to all these
compounds.

Imidazolinone herbicides kill weeds by inhibiting the enzyme acetohydroxyacid
synthase(AHAS)/acetolactate synthase(ALS). This enzyme is essential for the production
of the branched chain amino acids valine, leucine, and isoleucine. This enzyme does not
occur in animals, thus the imidazolinones show low mammalian toxicity. Weed death is
characterized by a cessation of growth, followed by yellowing of meristimatic regions, and
finally plant death.
Herbicide bioavailability in soil can play a major role in herbicidal activity, and
herbicide persistence. In a field situation bioavailability can vary with time and location,
depending on soil and environmental factors. The herbicide in the soil water is generally
considered to be the bioavailable fraction, whereas the herbicide adsorbed to soil is
generally considered unavailable. Figure 2 shows conceptually how soil adsorption
regulates the bioavailable concentration of herbicide, and how activity and persistence are
affected by adsorption.
Figure 2. A conceptual model of the role of bioavailability of herbicides.
Plant
response

•
Herbicide
uptake by
roots
Herbicide
Adsorbed
to Soil

Herbicide
degradation by
microorganisms

Persistence

201

Materials and Methods. Bioavailability experiments were generally conducted using
14
C-labeled herbicides. Plant uptake was quantified by oxidation and 14CC>2 trapping.
Soil adsorption experiments were conducted using either batch slurry methods (excess
water) or a laboratory press method using low water contents.
Results and Discussion.
Adsorption to soil Four of the imidazolinones discussed are weak acids, with pKa's
around 3.9. Thus, at neutral pH most of the imidazolinone molecules are dissociated, and
exist as anions, and exhibit low to moderate soil adsorption. At lower pH a greater
proportion of the molecules exist in the uncharged state, and exhibit greater soil
adsorption. Soil adsorption also increases as the soil water content decreases. Figure 3
shows adsorption of AC 263,222 to soil as affected by pH and water content. The Y axis
is the concentration of AC 263,222 per gram of soil divided by the concentration of AC
263,222 per ml water. A more limited effect of pH on adsorption of the ester
imidazolinone imazamethabenz-methyl has been observed. Uptake of imidazolinones by
plants from soil is generally proportional to the concentration of non-adsorbed
imidazolinone. Thus, less uptake is seen in a low pH soil compared to a higher pH soil, all
other factors being equal.
Figure 3. Adsorption ofAC 263,222 to soil versus pH and water content.

Adsorption Distribution Coefficient
8i

1

PH
Goetz et al., 1986 investigated imazaquin sorption and mobility in five Alabama, USA,
soils. They found that adsorption was inversely related to pH and water content. Loux
and Reese, 1992, also found increasing adsorption of imazaquin with decreasing pH in
two Ohio, USA, soils. Che et al. investigated adsorption of imazaquin and imazethapyr to
clays and humic acids. They found that adsorption to clay increased as the pH decreased,
and that imazethapyr adsorption to clay was greater than imazaquin adsorption to clay.
Adsorption of imazaquin or imazethapyr to humic acid at pH 3 was greater than
adsorption of imazaquin or imazethapyr to illite, hectorite, or kaolinite at pH 3.

202

Wehtje et al. 1987, investigated the effect of temporarily drying soil on adsorption
of imazapyr. Imazapyr was added to soils at field capacity, which were then dried to 75,
50, 20 or 0% of field capacity, and maintained at that moisture for two days. The soils
were re-wet to field capacity, and held at field capacity for two days, then the soil solution
was extracted and the imazapyr concentration determined.
Table 2. The effect of drying and rewetting on imazapyr adsorption to soil. Adapted from
Wehtje et al. 1987.
Soil Series

Decatur clay loam
Lucedale sandy
clay loam
Dothan loamy sand
Eutaw clay
Sumter clay

Organic
Matter

Clay

pH

Adsorption
at Field
Capacity

%
1.5
1.0

%
32
22

5.4
6.0

%
13
18

Adsorption at Field
Capacity after drying to
25% field capacity and
re-wetting
%
37
35

1.2
3.0
3.0

10
48
46

6.4
6.9
7.7

19
0
0

23
0
0

In soils where adsorption occurred temporary drying increased the amount
adsorbed. Adsorption did not occur in the two high pH clays.
AC 263,222 adsorption to soil under simulated field conditions approaches equilibrium
slowly, regardless of pH. Differences in bioavailable concentration of AC 263,222
decrease as time increases(Figure 4).
Figure 4. Adsorption of AC 263,222 to soil versus pH and time.
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O'Dell et al. 1992, investigated the effect of incubation time on imazethapyr
adsorption to soil. They found that imazethapyr adsorption was dependent on incubation
time, and adsorption occurred in two phases. The first phase occurred over a very short
time, while the second phase was slower. Adsorption continued to increase over the 16
day experiment. Adsorption in the second, time-dependent phase was not dependent on
imazethapyr concentration. Figure 5 summarizes factors affecting the distribution of
imidazolinones between soil and water.
Figure 5. Soil and environmental factors affecting the distribution of imidazolinone
herbicides between soil solids and soil solution.
Higher
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Herbicide
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to Soil

pH
clay
O.M
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Higher clay
Higher O.M
Dryer conditions
Increasing tim e

Mobility in soil. Stougaard, et al. 1990, used soil TLC to investigate mobility of
imazaquin and imazethapyr to silty clay loam, silt loam, and sandy loam soils from
Nebraska, USA, at pH 5, 6, and 7. Imazethapyr was less mobile than imazaquin,
indicating greater adsorption of imazethapyr. Both molecules exhibited the greatest
mobility at pH 7. Both molecules were least mobile in the silty clay loam, which had the
highest clay and organic matter content. The TLC peaks were generally wide, and
showed tailing, which suggests that desorption may have been hysteritic.
Basham et al. 1987, investigated mobility of imazaquin in a silt loam soil in a field.
They used l^C imazaquin and 3 6 Q as tracers. Water treatments were 3 cm irrigation, 8
cm irrigation, and 8 cm rainfall. The following results were obtained:

204

Table 3. Movement of imazaquin and chloride in a silt loam soil. Adapted from Basham
et al. 1987.
Water Source

Water
amount

14 C imazaquin
remaining in the
top 5 cm of soil
(% of applied)

36C1 remaining
in the top 5 cm
of soil (% of
applied)

14C imazaquin
remaining in the
top 10 cm of soil
(% of applied)

irrigation
irrigation
rain

3
8
8

84
78
25

2

98
97
42

Most of the applied imazaquin remained in the top 10 cm of soil for either irrigation
amount. This contrasts to movement of 36a, which was almost entirely removed from
the top 5 cm of soil by 3 cm of irrigation. The 3 6 a movement indicates that there was
sufficient water movement to move a non-adsorbing, non-degrading tracer out of the
surface soil. Imazaquin was apparently retained by adsorption. Experimental conditions
which were not the same between the irrigated treatments and the rain treatment could
explain the differences in the ditribution of imazaquin between the two treatments. Plots
in the irrigated treatments were covered with black plastic only when rain was occurring
or imminent. Plots in the rain treatment were kept covered with black plastic except when
rain was occurring or imminent. This prevented evaporation of water from the soil
surface, and kept those plots continually moist. This would prevent upward movement of
imazaquin with upward movement of water as the soil dried. Keeping the soil moist
would also maximize the amount of imazaquin in the soil water that would be available for
displacement by rainfall.
Laboratory Degradation Cantwell et al. 1989, investigated biodegradation of imazaquin
and imazethapyr in two soils from Illinois, USA. The bioavailability of the herbicide
appeared to affect the degradation rate. The Cisne soil had a higher pH and lower organic
matter content than the Drummer soil. ' 4 c 0 2 evolution was more rapid from the Cisne
soil than from the Drummer, for each herbicide (Table 2). In a separate experiment, they
amended the Cisne soil with activated charcoal to reduce soil solution concentrations of
imazethapyr. Charcoal levels of 0, 10, 100, and 1000 ug/g-soil resulted in 94, 92, 48, and
4% of the applied imazethapyr being in the soil solution. There was a linear relationship
between the amount of imazethapyr in the soil solution and 14cC>2 evolved over an eight
week period.

205

Table 4. ^ C 0 2 evolved from carboxyl label imazaquin or imazethapyr after 12 weeks
incubation in soil. Adapted from Cantwell et al. 1989.
Soil Series

pH

Organic Matter
%

Imazaquin
14
C02
Evolved
(% of applied)

Imazethapvr
14

co 2

Evolved
(% of applied)

Drummer

5.7

5.8

8.9

15.3

Cisne

7.0

1.3

23.7

44.0

Other researchers have reported slower ^ C 0 2 evolution from imidazolinone laboratory
degradation experiments. Goetz et al. 1990, used a bioassay to investigate imazethapyr
degradation in soil as affected by water content and temperature Laboratory half-life
ranged from 10.6 months in a silty clay loam at 25 C and -100 kPa water potential to 2.6
months in a silt loam at 35 C and -33 kPa water potential. Degradation of ^C
imazethapyr was also studied at a soil water potential of -33 kPa.. Less than 4% of the
applied ^C evolved as ^ C 0 2 after 203 days of incubation. However, when residual ^ c
imazethapyr was examined by HPLC it was determined that 18% of the applied l^C
imazethapyr was present as *4C imazethapyr in the silt loam soil, and 38% of the applied
14c imazethapyr was present as *4C imazethapyr in the silty clay soil. They suggested
that differences between concentration detected by HPLC and 14CÜ2 evolution may have
been due to degradation occurring that did not result in 1 4 C02 production. This could be
due to degradation of parts of the imazethapyr molecule that did not contain the 14 C label,
or to incorporation of * 4 C into the microbial biomass during degradation.
In addition to herbicide bioavailability, the intrinsic microbiological activity of the soil is a
crucial factor in determining rates of herbicide degradation. Cantwell et al used freshly
collected soils either from a soybean field or from five gallon pots with growing soybeans
Soil was collected from within 15 cm of soybean roots. Goetz et al. used soils that had
been air dried prior to use. Differences in imazethapyr degradation may be due in part to
differences in initial microbial activity between the soils used.. Generally, the most rapid
herbicide degradation is observed under conditions that favor microbial activity, i.e. warm,
moist conditions. Figure 6 illustrates factors affecting soil degradation of the
imidazolinones.
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Figure 6. Factors affecting the degradation of imidazolinone herbicides.

Field Dissipation Loux and Reese, 1992, investigated the role of soil pH on field
persistence of imazaquin. They found that imazaquin persistence was greater in low pH
soils (generally less than pH 5), compared to high pH soils. (pH greater than 6). Goetz et
al. 1990, investigated persistence of imazethapyr in a silt loam (1.7% OM, pH 6.3) and a
silty clay (2.4% OM, pH 6.7). Persistence was greater in the silty clay compared to the
silt loam. Since the soils had similar pH there was greater adsorption in the soil with the
highest clay and organic matter content. Persistence was also greater in a drier year
compared to a wetter year.
Curran et al. 1992, reported on experiments examining the effect of tillage and
application method on imazaquin and imazethapyr dissipation. They found no differences
in dissipation due to surface versus incorporated applications, or due to conventional
versus reduced tillage from imazaquin or imazethapyr applications in 1987. Differences
due to application method were apparent from 1988 applications. 1988 was a drought
year (29 cm of rain received from April through September, compared to 64 cm in the
same period in 1987). Imazaquin and Imazethapyr dissipated faster from surface
applications compared to incorporated applications. This may have been due to
photodegradation of surface applied imidazolinones. Imazethapyr residue levels for both
application methods were similar 112 days after application. Imazaquin dissipated faster
in 1987 compared to 1988. This was probably due to greater microbial activity and
imazaquin bioavailability in 1987 due to wetter soil compared to 1988. Conversely,
imazethapyr dissipated faster in 1988 compared to 1987, indicating that the effect of
drought conditions on persistence is not the same for imazethapyr and imazaquin.
Plant Response Stougaard et al., 1990, used a wheat bioassay to investigate plant
response to 260 gram/ha surface applied imazaquin or imazethapyr in silty clay loam, silt
loam, and sandy loam soils from Nebraska, USA, at pH 5, 6, and 7., They found that (1)
wheat injury decreased as the soil pH decreased, and that wheat injury was less in the silty
clay loam soil compared to the coarser textured soils. Less wheat injury was correlated
with greater adsorption of the individual herbicides. Imazethapyr adsorbed to soil more
than imazaquin, but imazethapyr consistently caused more injury than imazaquin. This
was attributed to a greater inherent phytotoxicity of imazethapyr to wheat.
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Polge and Barrett, 1992, investigated the effect of soil moisture and temperature
on maize response to imazaquin. They found that increasing the temperature from 18/12
C (day/night) to 30/24 increased shoot inhibition from imazaquin. Root inhibition was not
affected by temperature. Imazaquin inhibition of roots and shoots was greater in soil at
100% of water holding capacity compared to 75% of water holding capacity.
Weimer et al. 1992, investigated the effect of temperature and soil moisture on
maize response to imazethapyr. Shoot inhibition was greater under high temperature
(30/24 C) compared to moderate (24/18) or low (18/12) temperature. Conversely, root
inhibition was greater under low temperature compared to moderate or high temperature.
Translocation of '^C imazethapyr from roots to shoots was greater under high
temperatures compared to moderate or low temperatures. Differences in shoot and root
response to imazethapyr under different temperature regimes may be due to translocation
being directly related to transpiration. Under warmer conditions there is more
transpiration, thus more translocation from root to shoot. Figure 7 summarizes important
factors that affect plant response to imidazolinones in the soil. The relative sensitivity of
plants to imidazolinone herbicides can be due to rates of metabolism of the herbicides in
the plants (for example, soybeans are tolerant to imazethapyr due to rapid metabolism) or
the sensitivity of the site of action (for example, some maize lines have been selected for
imidazolinone tolerance at the AHAS/ALS enzyme level). Weeds that are controlled by
imidazolinone herbicides are not able to metabolize the herbicide rapidly enough to
prevent enzyme inactivation.
Figure 7. Factors affecting plant response to imidazolinone herbicides.
Species sensitivity
site of action

metabolism

Plant
response

/
Persistence

Temperature
emperatun;
Humidity
liditv
^ ^
Wind
n d _ ^ ^

translocation

transpiration

Herbicide

(decline in concentration with
time due to biodegradation)

uptake
by roots

Summary: Bioavailability of imidazolinone herbicides affects plant response to the
herbicides, and persistence of the herbicides. Soil factors affecting bioavailability are pH,
organic matter, and clay. Soil water content and time from herbicide application also
affects bioavailability. Degradation of imidazolinone herbicides is affected by herbicide
bioavailability and microbial activity. Plant response to imidazolinone herbicides is
affected by bioavailability, temperature, moisture, and species sensitivity.
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Biochemical Properties Development and Humification in
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Abstract. Mixtures of lignite mine spoil and two different doses of cattle slurry were incubated
under laboratory conditions to evaluate the extent to which addition of cattle slurry affects two
processes which are essential for soil formation: the development of biochemical properties
and the formation of a clay-humic complex. Throughout incubation the amended spoil
supported large active microbial populations and high enzyme activities, which led to rapid
transformation of the organic matter contained in the slurry and to accelerated formation of
mineral-fraction-bound humic substances. Fertilization with cattle slurry thus seems to be an
attractive option for the rapid recovery of lignite mine spoils.
Introduction. The reclamation of opencast coal mines - i.e. the transformation of the
enormous quantities of spoil they generate into productive soils - is a legal and social
obligation (16). To be successful, reclamation must be based on a sound knowledge of the
properties of the soil and on the availability of an appropriate arsenal of management
techniques.
The properties of spoil which characteristically hinder its regeneration are a) acidity
produced by the oxidation of pyrites, b) toxicicity due to high levels of heavy metals, c) a lack
of structure, and consequently high erodibility, and d) a lack of biological and biochemical
properties needed for nutrient cycling. Any management technique applied for recovery
purposes should alleviate these deficiencies as rapidly as possible.
At the Meirama opencast lignite mine in La Corufia (Galicia, NW Spain), the recovery
of'the spoil benches began in 1983. The original topsoil is not retained thus making
reclamation more difficult. Up to now, the management techniques employed have included
addition of lime and liquid NPK fertilizers, and hydroseeding with a mixture of legumes and
grasses. These techniques, favoured both by the relatively low acidity of the spoil and the
climatic conditions of Galicia, have led to the development of a surface A horizon which is
rich in humified organic matter, attaining an average organic carbon content of 3% within
seven years (22). As a consequence, the chemical and physical properties of the surface
horizon have became more favourable than those of the spoil: increased total porosity and
aggregate stability, decreased bulk density, increased cation exchange capacity, etc. (34).
Moreover, an active microbial population has become established as evidenced by increases in
the activities of various hydrolytic enzymes and in ATP levels (13). The presence of this
organic-rich horizon also favours the development of various properties - buffer capacity,
capacity to adsorb anions and cations, capacity to degrade organic materials - which are
capable of neutralizing the environmental pollution that the spoil itself could generate (14).
Thus, the behaviour of these minesoils has become more similar to that of native soils. It
therefore seems clear that successful recovery of productive soils from mine spoils requires
rapid formation of an organic-rich surface horizon.
The environmental problems caused by the spoils might be lessened if the formation of
the organic-rich surface horizon could be accelerated. One way to do this is to amend the spoil
with organic materials at the outset. Waste organic materials (particularly urban refuse and
agricultural waste) are an attractive option, both because of their low cost and because the
disposal of these wastes constitutes a problem in itself. Livestock farming is a major sector of
the Galician economy: the annual production of livestock-related wastes is 21 x 10^ tons, of
which more than the 90% is cattle slurry (21). Cattle slurry is rich in organic matter, nitrogen
(both organic and inorganic) and potassium, and has very low heavy metal content (21). In
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view of these properties, we are investigating the use of cattle slurry in place of the inorganic
fertilizers habitually used for recovery of mine spoils. Previous field experiments have shown
that fertilization with cattle slurry favours the permanent establishment of grasses. Moreover,
laboratory experiments have shown that, in mixtures of spoil and cattle slurry, an adsorbing
system develops which is capable of retaining the nutrients added with the cattle slurry, thus
eliminating the risk of nutrient losses by leaching (4). In the present work we used an
incubation experiment to evaluate the extent to which addition of cattle slurry affects two
processes which are essential for soil formation: the development of biochemical properties
and the formation of a clay-humus complex.
Material and Methods
Spoil material. The spoil is a mixture of the weathered granite and schists which, alongside the
lignite, constitute the substrate of the Meirama mine, in addition to poorly crystallized
kaolinitic clays and, in minor amounts, smectite clays and lignite remains. This material has a
gravel content of 33%, while the <2 mm fraction has a sandy texture. The spoil is slightly acid,
with 0.23% organic C; nitrogen content and enzymatic activities are practically zero (Table 1).
Previous studies have shown that the organic matter of the spoil is highly condensed, so that it
is unlikely to participate in soil-forming reactions (15).
Cattle slurry. The cattle slurry used in this experiment has a 9% dry matter content and a
slightly alkaline pH (Table 1). Total C, total N and major nutrient contents fall within the
normal range for this type of wastes (21).
Experimental design. Mixtures of spoil (sieved <4 mm) and cattle slurry (175 ml kg"* of spoil,
mixture P; 350 ml kg~l spoil, mixture G), to which water was added until 80% of the field
capacity of the spoil was reached, were incubated at 28°C for 5 months. Every second day
moisture content was restored to 80% field capacity. Duplicate sarnples of both treatments
were taken 0, 2 and 5 months after the start of the experiment for determination in duplicate
of total C, total N, enzyme activities, sugar and phenol contents in aqueous extract, humic
substances sequential fractionation as per Bettany et al. (2), and organo-mineral complexes
sequential fractionation as per Bruckert and Metche (6).
General analyses. pH, total C, total N, particle size distribution and cation exchange capacity
of the spoil and of the mixtures were determined as per Guitian and Carballas (17). The cattle
slurry was analysed as per Leirós et al. (21).
Aqueous extract. An aqueous extract of each mixture was obtained as follows. Five g of
mixture was mixed with 25 ml of distilled water, shaken for 1 h at 50°C and then centrifuged
(10 000 x g for 5 min). The sugar content of the supernatant was determined by Brink et aL's
(5) modification of the anthrone method, and phenols were determined, after oxidation, by
Kuwatsuka and Shindo's (19) modification of the Folin colorimetric method.
Determination of enzyme activities. Dehydrogenase activity was determined with 2 (piodophenyl)-3-(p-nitrophenyl)-5-phenyl tetrazolium chloride (INT) as substrate, measuring the
iodonitrotetrazolium formazan (INTF) formed by a colorimetric method. The reaction
mixture was incubated in the dark at 20°C for 20 h (12).
Urease activity was determined with urea as substrate, measuring the NFL + released with an
ammonium electrode. The incubation was carried out at 37°C for 1.5 h. Pnosphate buffer was
used to maintain the system at a constant pH of 7.5 (25).
BAA-protease activity was determined
with a-benzoyl-N-argininamide as substrate. The
release of ammonium was measured1 as for urease activity. The reaction mixture was incubated
at 40°C for 1.5 h. The system was buffered with phosphate buffer, pH 7.1 (25).
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Casein-protease activity was determined with casein as substrate, measuring the amino acids
formed by the Folin colorimetric method. The mixture was incubated at 51°C for 2 h with TrisHC1 buffer, pH 8.1 (25).
Table 1. Properties of spoil and cattle slurry

Spoil
pH
% total C
% total N
% sand
% silt
% clay
CEC (cmol kg-i)
Enzymatic activities:
phosphatase
B-glucosidase
dehydrogenase
urease
BAA protease
casein-protease

Cattle slurry
density (g H )
% dry matter
% total C
% total N
PH

5.41
0.23
0.01
66
27
7
1.30

% p,o,
%Cacr
%MgO
«foltjO

0.07*
0.03*
0.28 #
0.07*
0.06*
0.25 +

*,
jimol p-nitrophenol
gr1 soil h*1; #, Mg INTF g_1soil h"1; •, /jmol NH4
+
1
, /imol tyrosine g" h^

1.012
9.01
44.20
3.04
7.20
1.14
8.46
1.61
3.95

g"1 soil h'1;

Phosphatase activity was determined by measuring the release of p-nitrophenol after hydrolysis
of p-nitrophenyl phosphate. The incubation was carried out at 37°C for 1.5 h with maleate
buffer, pH 6.5 (25).
B-glucosidase activity was determined in the same way as phosphatase activity, the only
difference being that the substrate wasp-nitrophenyl glucoside.
Fractionation of humic substances according to Bettany et al. (1980). Subsamples of the spoil
and cattle slurry mixtures were successively extracted with CaSC^, NaOH-sodium
pyrophosphate and water after ultrasonic dispersion, to obtain the CaSO^, H„ p (chemicallystabilized humus) and H c (clay-humus complexes) fractions, respectively (2). in all fractions
and in the residue of the extraction (humin), C content was determined by acid digestion with
potassium dichromate (17).
Analysis of organo-mineral complexes according to Bruckert and Metche (1972). Subsamples
of spoil and cattle slurry mixtures were successively extracted with various reagents (6), to
obtain the mobile complex fraction (sodium tetraborate), immobile complex fraction (sodium
pyrophosphate) and humus-allophane complex fraction (NaOH). The C content of these
extracts and of the residue of the extraction was determined as above.
Results
Total C and N. Addition of cattle slurry led to immediate increases in total C and total N, this
increase being directly proportional to the amount of cattle slurry added (Table 2). Total N1
remained practically constant throughout the experiment (mean 0.35 and 0.64 g N kg"
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mixture in mixtures P and G, respectively), indicating that there was no loss due to
volatilization. On the other hand, total C declined, indicating mineralization processes. This
decline continued throughout the experiment in mixture G, but practically stopped after 2
months in mixture P (Table 2). In both mixtures, an average of 46% of the C introduced with
the slurry had been mineralized by the end of the experiment; this value is very similar to that
reported by Carballas et al. (9) for mineralization of Galician cattle slurries in a humic
Cambisol and by Stott and Martin (30) for decomposition of cow manure in a mollic
Haploxeralf.

Table 2. Changes over time in total C and N contents.
2 months

0 months
C

N

C

5 months
N

. .a lrp-1 .

P

C

N

. _ _ .

9.31

0.45

5.87

0.47

5.59

0.38

14.98

0.75

10.03

0.68

6.54

0.74

Enzyme activities. Addition of cattle slurry led to immediate and large increases in the activity
of all the enzymes studied, especially dehydrogenase, urease and casein-protease (Table 1, Fig.
1). Moreover, except in the cases of ft-glucosidase and BAA-protease, these increases were
dose-dependent (Fig. 1).
Dehydrogenase exists only inside viable cells; dehydrogenase activity has thus been
used as a index of total microbiological activity in soils (23, 26, 27, 33). In this study, the
presence of a large active microbial population in the slurry gave rise to a very high initial
dehydrogenase activity, especially in mixture G. During incubation, and probably as a result of
the exhaustion of degradable substrates, dehydrogenase activity declined rapidly in mixture G
but remained more or less constant throughout the experiment in mixture P, so that by the end
of the experiment dehydrogenase activity was similar in both mixtures. Nevertheless,
dehydrogenase activity was in both cases high with respect to spoil; together with the decline
in total C, this is evidence for the persistence of active microbial populations.
Urease activity declined rapidly during the first 2 months of incubation, particularly in
mixture G. Activity remained fairly stable over the subsequent 3 months and was very similar
in both mixtures by the end of the experiment. This suggests that urea, a major component of
the liquid fraction of cattle slurry (10), was rapidly depleted. Furthermore, there were no signs
of induction of urease, suggesting that the observed activity was predominantly due to enzyme
introduced with the slurry.
B-glucosidase catalyses the hydrolysis of the non-reducing terminal ends of Rglucosides, with release of glucose (31). The activity of this enzyme was initially very similar in
both mixtures, but was clearly higher in mixture G than in mixture P after 2 and 5 months. In
all cases, however, B-glucosidase activity was very low with respect to the other enzymes
studied.
The activities of the other three hydrolytic enzymes studied (casein-protease, BAAprotease and phosphatase) followed a similar time-course during the experiment. Two months
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Figure 1. Changes in enzymatic activities over time
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after the start of the incubation, and especially in mixture G, activity was considerably higher
than at the outset. Thereafter, activity declined strongly in mixture G and remained constant
or increased slightly in mixture P. By the end of the experiment the level of activity in mixture
G approached that of mixture P (Fig. 1).
The initially very low values of phosphatase activity may be related to the high available
inorganic P (Pi) content of cattle slurry (21), which may inhibit this enzyme (18,28).
Subsequently, as a result of depletion of available P by soil microorganisms and/or adsorption
of Pi, the microbial population may begin to synthesize phosphatase to obtain P from less
readily available organic sources (24). The activity of this enzyme (Fig. 1) was, however,
consistently low with respect to native soils (13).
Casein-protease and BAA-protease are involved in the hydrolysis of proteins: the
former acts on polypeptides and the latter on dipeptides (20). Despite the large amount of
casein-protease introduced with the slurry, this enzyme was synthesized during the first two
months of the experiment, probably as a consequence of the large quantities of proteic
materials present in the slurry. The increase in casein-protease activity was particularly
marked in mixture G, in which rapid degradation of proteins over the first 2 months probably
explains the sharp decrease in activity observed thereafter (Fig. 1).
Although BAA-protease activity followed a similar time-course to that of caseinprotease, the activity of this enzyme was very low throughout the experiment (Fig. 1) This
implies that the specific substrates for this enzyme were not produced in significant quantities
over the course of the experiment.
Sugars and phenols in aqueous extracts. In aqueous extracts, monosaccharide contents
increased steadily throughout the experiment, while phenol contents declined (Table 3). The
steady increase in suganphenol ratio suggests that cellulose was more rapidly decomposed
than lignin, and that phenols were involved in the humification process.
Table 3. Monosaccharide and phenol contents of the aqueous extracts;
monosaccharides*
P

G

0 months

800

2 months
5 months

phenols*

monosac./phenols

P

G

P

G

1130

38

62

21

18

1000

1580

32

46

31

34

1300

1650

23

29

57

57

*, mg glucose kg-1 mixture; # , mg phenol kg-1 mixture
Humic substances according to Bettany et al. (1980). Only a small proportion of the organic
matter introduced with cattle slurry was extractable with the reagents of the Bettany et al.
fractionat'on, which is in agreement with previous reports (9). Initially, C was predominantly
extracted by sodium pyrophosphate (H__, chemically stabilized humus) and by
water/sonication (Hc, clay-humus complexesj/with almost no extraction by CaSO^ In both
matures, incubation led to a progressive decline in the non-extractable fraction, while the
CaSC>4 fraction almost disappeared. The H and H c fractions followed similar time-courses,
declining over the first 2 months and then increasing over the subsequent three months (Table
4). In view of the decrease in total C content over the course of the experiment (Table 2), it is
more useful to consider the percentage distribution of C in each fraction rather than the
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absolute values. Considered in this way, the CaSO^ fraction was of minor significance, the
H a _ fraction increased steadily and the humin fraction declined (particularly between months
2 and 5) over the course of the experiment (Fig. 2).
Table 4. Variation over time in C contents of the different fractions obtained with the Bettany
et al. (1980) fractionation.
He
fraction

Hap
fraction

CaS0 4
fraction

humin

P

G

P

G

P

G

P

G

0 months

0.11

0.14

1.99

3.11

1.05

2.30

6.16

9.43

2 months

0.10

0.16

1.71

2.46

0.61

0.59

3.45

6.82

5 months

0.00

0.01

2.29

2.83

1.00

1.37

2.30

2.33

-1

#

1

*, mg glucose kg mixture; , mg phenol kg" mixture
Organo-mineral complexes according to Bruckert and Metche (1972). As with the Bettany et
al. fractionation, most of the C added with the slurry was not extractable with the reagents of
the Bruckert and Metche fractionation. The predominant fraction was that extracted by NaOH
(allophane-humus complexes). Non extractable C declined considerably over the course of the
experiment, particularly in mixture G, with the result that non-extractable C contents in the
two mixtures were similar by the end of the experiment.
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'A.

fraction

He
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Figure 2. Percentage distribution of total C between different Bettany et al. fractions. The
figure represents average values for P and mixtures.
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Table 5. Variation over time in C content of the different fractions obtained with the Bruckert
and Metche (1972) fractionation
mobile
complexes

immobile
complexes

humus-allophane
complexes

residue

• 8 kg~! mixture
0 months

0.47

0.57

0.64

0.92

0.87

1.41

7.33

12.08

2 months

0.60

0.71

0.80

0.93

1.03

1.22

3.44

7.17

5 months

0.30

0.43

1.08

1.29

0.98

1.24

3.23

3.58

On the other hand, immobile complex content (the sodium pyrophosphate extract)
clearly increased, humus-allophane complex content underwent minor fluctuations, and
mobile complex content (the sodium tetraborate extract) slightly decreased (Table 5). The
changes over time in the percentage distribution of C in the various fractions clearly
demonstrate that immobile complexes and humus-allophane complexes became progressively
more significant over the course of the experiment, and confirm the decline in the non
extractable fraction (Fig. 3).

% totalC
90,

I

80.

223 2

70.

rm 5

I O months

»
Tj
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50
40
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20

V,
'j&

mobile
complexes

humus - allophane
complexes

immobile
complexes

residue

Figure 3. Percentage distribution of total C between different Bruckert and Metche fractions.
The figure represents average values for P and G mixtures.
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Discussion and Conclusions. Our results show that cattle slurry promotes the establishment of
an active microbiota, the development of humification processes and the formation of organomineral complexes: all these effects are critical for the successful recovery of productive soils
from mine spoils (32).
Cattle slurry contains organic components which differ in their lability (9), and has
dense microbial populations (1). Thus, during the first two months of incubation, degradatory
and substrate-mineralization reactions clearly predominated, as indicated by the marked
decline in C content, the rapid increase in the activities of various hydrolytic enzymes and the
rise in the sugar content of the aqueous extract. In both fractionations used, the non
extractable fraction declined markedly during the first two months, suggesting that even the
theoretically more recalcitrant substrates present in cattle slurry (10) can be degraded by the
microbiota. Moreover, in this period there is a very close correlation between dehydrogenase
activity and the remnant C (non-mineralized C) of samples (r= 0.98, p< 0.001), which shows
that the persistence of microbial populations depends on the quantity of suitable substrate. It
is also of interest that the percentage of C in the slurry which was mineralized during
incubation was similar to that reported for similar experiments by other authors (9,30).
After a longer period of incubation (i.e. between months 2 and 5) all degradation and
mineralization processes slowed down. During this period, dehydrogenase activity was
independent of the dose of slurry added, indicating a tendency for stabilization of microbial
activity, and suggesting that microhabitats enabling the persistence of microbial populations
had been created. This hypothesis is also supported by the apparent stabilization of hydrolytic
enzyme activities observed over this period. A possible explanation is that some of the free
enzymes become protected by binding, without loss of activity, to organic or inorganic colloids
in the soil (7); the activities of the enzymes concerned would thus be partially independent of
microbial population density.
The creation of microhabitats and the stabilization of the enzymes are two of the
functions promoted by the humification of organic matter (29). The results of both
fractionations used in this study indicate that both mixtures contained almost no humic
substances at the outset. Subsequently, the proportion of total C in the humic fractions
(chemically stabilized humus and clay-humus complexes in the Bettany et al. fractionation, and
mobile and immobile complexes in the Bruckert and Metche fractionation) increased,
particularly between months 2 and 5. The fractions that increased most markedly were
chemically stabilized humus (Bettany et al. fractionation) and clay-humus complexes (Bruckert
and Metche fractionation). These increases suggest that humification took place chiefly by the
"neoformation" pathway (11), i.e. as a result of the abiotic polymerization of small molecules
derived from the breakdown of biopolymers (35). Humification in minesoils reclaimed using
inorganic fertilizers (22), and in native Galician soils (8), has also been attributed to this
pathway. That humification in the mixtures studied here was due to neoformation is also
supported by the steady increase in the suganphenol ratio over the course of the experiment,
which suggests that phenols derived from the degradation of lignin are involved in formation
of the humic substances.
It should be stressed that these reactions occurred very rapidly. Mineralization
percentages were similar to those reported for microbiologically active soils like Alfisols
fertilized with cow manure (30). Moreover, the percentage of total C associated with the
humic fractions after 5 months of incubation was similar to, or even higher than, that
associated with humic substances in 7-year-old minesoils (22).
The rapidity of these transformations may be attributable to the incubation conditions,
i.e. optimal temperature and moisture content for microbial growth, and frequent smallamplitude wetting-drying cycles which favour the fragmentation and destruction of plant
remains (3). However, the importance of the cattle slurry itself should not be
underemphasized. Since cattle slurry contains organic components with varying degrees of
lability, as well as the nutrients essential for microbial growth and a very active microbiota, its
addition to the spoil fulfilled a dual function: that of supplying both the substrates and the
agents required to transform these substrates.
In conclusion, the results of this study show that mixtures of spoil and cattle slurry
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rapidly developed desirable properties, with generation of humified organic matter and
establishment of an active microbial population. Previous work has shown that addition of
cattle slurry to these minespoils encourages the development of a system capable of retaining
anions and cations through adsorption and ionic exchange (4). It thus seems likely that the use
of cattle slurry, instead of the usual inorganic fertilizers, may allow more rapid recovery of
productive soils from non-topsoiled mine spoils, thus attenuating the environmental problems
arising from the disposal of these spoils.
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The Role of Hydrophility and Organophility in the
Movement of Toxic Elements in Soils
L. Hargitai. University of Horticulture and Food Industry, Department of Soil
Science and Agrochemistry, Villdny ut 35-45, H-1118 Budapest, Hungary.
ABSTRACT Since Goldschmidt's famous classic concept about organophility of some heavy metals is it well known that these elements
are accumulated in the humus layers of soils.In the present research
based on previous results we carried out particular investigations
about the rate and character of organophility of the most toxic elements such as Pb, Ni, Cd, Hg and As. The same time we investigated
the hydrophility of Cd, Hg and As. We tried to express the rate of
organophility calculated through the rate of the mobile amounts of
Pb, Ni and Cd in the 0-20 cm layers compared to their values in 20-40
cm. Beside them we have shown the particular distribution' in their
sequence of the layers together with the distribution of humus content in the same soil profiles. We could characterize not only the
rate but particularly the differences in the character of their organophility. We could also confirm that the decreasing organophility
of Cd and Hg is connected with increasing hydrophility. The accumulation in deeper layers influenced by ground water level is characteristic by Hg and As. The hydrophility is the most characteristic
by As contaminations. As accumulation is the highest in the near from
ground water level. The most dangereous As contaminations in Hungary
are from geochemical origin, even in the investigated area. It seems
to be that the mobility of Cd, Hg and As is deeply influenced by processes of chemical speciation through development of organometalic
complexes by Cd and Hg and also probably by complexes of Hg and As
with humic and fulvic acids. These processes investigated about the
influence of the amount of humic substances seem to be very important as well as informations about the role of humus quality in their
nobility in the soils and in the environment.

INTRODUCTION Some years ago we started with a new research.project
about heavy metal contaminations and their distribution in soil profiles. The investigated areas were the North and Central Transdanubian and the North-Eastern Industrial Districts of Hungary.The same
time we investigated the effect of organic materials and soil humic
substances on the mobility of heavy metals. The present investigations were based on some of our results aboat organophility of toxic
heavy metals, first of all Pb, Ni, Cd and Hg.
In previous longterm experiments on brown forest soils we applied
various doses of sewage sludge. We investigated after lo years the
mobility of accumulated heavy metals. By the applications of the
highest rate of sewage sludge compared to the lowest, the applied
amounts of toxic elements were 24 times greater. The influence of
organic matter on humus content of soils and the added doses of organic matters to the soils with sewage sludge decreased the mobile
amounts of toxic heavy metals according to their organophility by
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Ni with 83 h, by Pb with 76 h and by Cd with 5o % (1,2). Based on
these results in the present investigations we studied the mobility
nf the main toxic elements in connection with their binding through
soil humic substances in different soil layers in connection with
their organophility. On the other hand it seemed to be for outstanding interesting to carry out particular investigations about the
hydrophility of some organophilic elements.
It is well known that beside orga nophi lity is th e hyd rophi lity the
other gener al fa ctor influen cing the m obili ty of the toxic elem ents
in the soil s and in t he tota 1 env ironm ent. Many resul ts ab out t he
moveme nt of toxi c hea vy meta Is we re pu blish ed in the last years .(3)
That i s in a gre at ac cordanc e wit h the impo rtanc e of their dist ribution i n the envi ronme nt and from the p oint of vi ew of huma n hea lth.
The "c hemic al sp eciat ion" wh ich i s in a gre at sc ale i nf luencing the
moveme nt an d dis tribu tion of toxi c elements in t he so ils a nd in the
enviro nment , was intr oduced as a new c oncep t by Brine kman et al .and
partic ularl y inv estig ated by many auth ors i n the last year s (3,4 ) .
Perhap s int erest ing i s the f orm o f spe cial chemi cal c ompou nds a nd
their chemi cal r eacti ons exp resse d in the c oncep t of chemi cal s peciation by th e mov ement of a g roup of to xic h eavy metal s, fi rst o f all
by Cd, Hg a nd As (5,6 ) through th eir g reate affi nity to de velop metal-or ganic comp ounds . These meta 1-org anic compo unds are t he sa me
time w ater solub le an d so th ey ar e pla ying a gre at ro le in the hydrophil ity o f these el ements (6,7)
In our present work we investigated particularly the following main
questions:
1. A general concept of the organophility of some elements was at
first established in Goldschmidt's classical work about organophility of some elements in processes in the geochemistry (8).In Goldschmidts classical theory are mentioned toxic heavy metals, which
are playing in the last years outstanding role in the environmental
contamination, and first of all in soil contaminations. We tried to
investigate particularly the differences in scale and character of
the organophility by the mentioned elements: Pb, Ni, Cd, Hg and As.
2. Based on the results we investigated the influence and role of
water on the movement of Hg in the environment from soils to ground
water and through water in the soils. We tried to investigate particularly some questions about nature and character of hydrophility
of Hg and As in their movement in soils. In connection with that it
seemed to be a very interesting question that in which scale is in-^
fluencing an interaction of organophility and hydrophility the movement of the mentioned toxic heavy metals in the soils.
3. The mobility of As is the third main question in this present
work. It seems to be that the movement of As from geochemical origin
through ground water level in the soils is influenced also by chemical speciation and through organometal complexes in the interaction of As with organic ligands and humic substances. We also tried
to have some informations about the binding of these elements from
soil humic substances in connection with the rate of their organo-
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phility. We
amounts as
and binding
environment

express the role of humms status (values were based on
well as quality of humic substances) in the movements
of toxic heavy metals through our method, expressed in
protectional capacity of soils (9).

MATERIALS AND METHODS Our investigations about soil contamination
with heavy metals in the soils were carried out in the frames of a
project in which we investigated the heavy metal contaminations in
soil profiles in the West Hungarian and North-East Hungarian Industrial Districts and beside them by the most important highways in the
Transdanubian Districts (beside the highway M.-7). The investigated
elements were the most important toxic heavy metals Pb, Ni, Cd, Hg.
Beside them we investigated also As contaminations in the Central
South Part of the Great Hungarian Plain, between the Danube and the
Tisza rivers. This territory is a sandy region and between the sandy
hills are very deep laying lowmoor peats. The soils of this peatland area are the most contaminated with As in Hungary.
All the samples in our present investigations were collected from
characteristic soil profiles. According to the character of soils
the investigations were carried out in the soil layers mainly into
a depth between 80-I6O cm. Sampling was carried out in the sequence in layers from the topsoils to the deepest layers in a distan20 cm. (This sampling was carriea out acce of layers by each
cording
to the character of profiles some times in ticker of smaler layers, but mostly in an average from each 20'cm).
From the samples were determined all the fundamental, characteristic soil parameters: pH, CaCO, \, humus content in H % or in total
organic matter content by loss of ignition by peats. Beside them
we investigated particularly humus conditions, so the humus content
as well as the stability coefficient of humic substances expressed
in our K-value (lo). We also investigated the nutrient supplies of
the soils: especially the total N-content, C/N ratio and the mobile
N-content according to our seven step continous hydrolysis method.
The first step is characteristic for mobile, available N, by hydrolysis in 0,25 M H 2 S 0 4 (11).
Applied methods:
Beside the common and usually applied methods such as pH, CaCO, h,
loss of ignition etc., the special investigations were carried out
according to the following methods. Humus quality through method of
determination of K-values (lo): in this method are investigated air
dried and homogenized soil samples. 2-2 g of soil amount prepared
in 25 ml tubes and by application of 2o ml 1 h NaF solution in one
tube and pararelly from the same soil in the other tube with 2o ml
0,5 % NaOH solutions are 1-2 minutes shaken by hand and after that
staying 48 hours at room temperature. After filtering (MN 64o filter-paper) the solutions are determined for their extinction values
•in the visible spectra by wavelenghts between 42o-725 nm. The extinction values determined in NaF solutions are divided through extinction values in NaOH. The value calculated in this way is the
Q value. Q value expresses the rate of well humified organic matter.
From that value is calculated the K value. (Humus stability value)
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EM F
Q = j—"NaOH

.

From these values we can calculate the humus
stability coefficients which are characteristic
for humus quality:

EN F
The average of the K values by the different waK = p
pj— . velenghts is characteristic for humus quality
NaOH'
of the ivestigated soils.
Higher K values show a better humus quality with many high molecular, well humified humic sutstances. Raw organic materials without
development of chciracteristic humification processes or by slight
humificatlon are characterized by very low K-values. From H and K
values we can calculate the environment protectional capacities of
soils in the following way.
2
EPC r = D . H .K. In this equation is 0 the thickness of the
investigated soil layer in cm, H is total humus
content of the soil layer, K is the above mentioned stability coefficient of humic substances.
The determination of the mobile amount of heavy metals in the soil
layers is carried out by extraction of soil samples, extracted with
AcAA-EOTA according to the method of Lakanen-Ervió (12) and determined with atomic absorption spectrometry. The concentration of Hg
contaminations in the soil layers is determined in the same extract
by ICP method. The As concentrations in peats were, determined by a
treatment with "aqua regia: 3 part of cc. HC1 + 1 part cc. HNO, and
after this treatment the Hg concentration is determined by atomic
adsorption spectrometer.
REAULTS AND CONCLUSIONS As a first step in our investigations we
determined the heavy metal contaminations in the soils through the
previous mentioned industrical areas. Some characteristic results
are summarized in table 1. From table 1 is it very well to see that
the contamination with the toxic heavy metals in the soil profiles
3hows some very interesting characteristics about the heavy metal
distribution influenced by the humus layers of soil profiles and
also in connection with influences of ground water level in deeper
layers. In the profiles in which ground water level is in the near
of 1 m (constant or periodically moving in this level) is allways
appearing the accumulation of Hg. That is also the case in soil profiles developed immediate from the river sediments of Danube in profile 4 and 5 or by the Lake of Bokod in profile 6, influenced by the
ground water level which is 1 m from the surface. In all these cases
is it to see that beside organophility is also appearing a characteristic hydrophility in a slight scale by Cd but not so characteristic than by Hg (see profiles 4, 5 and 6.)
Another interesting characteristic picture is to see if we compare
the organophility of Ni and Pb. Pb shows in the most of the cases
very strict organophility and in the highest level. The Pb accumulation is the greatest allways in the topsoil in the surface humus
layers by 0-20 cm or in the dept of 0-40 cm. In the case of Ni is
this organophility not so expressively to see. Between 0-40 cm is
it very slightly appearing but iR deeper layers is characteristically
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The distribution of toxic heavy metal contaminations in soil profiles
in the North Transdanubian and North East Hungarian Industrial District
table 1
Soil profiles

layers
(depth
in cmJ

mobile amount of heav metals
mg/kg soil

Ni

Pb

60

2,68
2,59
2,64
3,34

9,57
8,41
10,02
4,78

0,12
0,10
0,14
0,05

0,01
0,01
0,01
0,01

0- 10
10- 20
20- 40
40- 60

2,69
2,59
3,21
3,06

7,87
8,35
2,91
4,97

0,10
0,12
0,02
0,06

0,01
0,01
0,01
0,01

10
20
40
60

2,50
2,41
2,70
2,66

7,71
7,59.
5,83
3,33

0,11
0,08
0,07
0-,06

0,01
0,01
0,02
0,08

0- 10
10- 20
20- 40
40- 60
60- 80
80-100

3,16
3,98
3,71
2,28
0,95
0,30

6,36
3,96
1,81
0,90
1,39
2,17

0,10
0,08
0,05
0,03
0,09
0,11

0,02
0,01
0,01
0,01
0,09
0,06

010204060-

10
20
40
60
80

1,68
1,42
1,36
1,22
1,01

4,40
4,02
4,02
2,84
0,86

0,08
0,08
0,0.4
0,03
0,04

0,34
0,23
0,22
0,23
0,36

near to Electrical
0- 10
Power Plant (West10- 20
Hungary) the profile
20- 40
is situated near to
40- 60
the Lake of the Power 60- 80
Plant ground water
80-100
level by 100 cm
100-120

4,84
5,10
5,23
3,73
2,32
1,17
0,47

9,39
9,09
5,61
4,26
3,20
3,29
3,44

0,12
0,07
0,08
0,16
0,13
0,11
0,12

0,01
0,01
0,01
0,50
0,56
0,52
0,65

Cd

Hg

Profile 1
near to the river
OanubeCabout 400 m)
Tat-Nyergesujfalu
(16 m from the road)

0102040-

10
20
40

Profile 2
near to profile 1
nearer to the Danube (25 m from the
road)
Profile 3
in the same place
nearest to the
Danube deep laying
soils (5o m from
the road)

0102040-

Profile 4
near the road by
Nyergesujfalu very
near to the Danube
alluvial meadow
chernozem
Profile 5
near to the Danube
alluvial chernozem
by the road loo
between the road and
Danube , Almésfüzitó
Profile 6
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to see a considerable decrease of Ni contamination. All these characteristic distributions are very well to see in figure 1 and figure 2.
The distribution of Pb and Hg is compared in the profiles of two places not very far from each-other beside one of the most important
Hungarian highways (M-7) by 57,5 and 74 km from Budapest, Profiles
were investigated in both case beside the road in sucessive situated
profiles. In the profiles 57,5 is the second profile very deep laying
meadow beside the road. Immediate in the near of road in profile 1 by
8 m from the highway is it clearly to see in fig.4 that in this point
which is the nearest to the road and in the same level than the road
the Pb contamination is very high and Hg contamination is extremely
low. In the deepest point of this transsect of profiles by the profile 15 m from the road the Pb accumulation is not so very important
probably also collected by the grasses and plants in the toplayer,
but Hg contamination in opposite shows an outstanding maximum showing
the hydrophility of Hg. Farer away by profile 25 m from the road is
relatively increasing the Pb accumulation in the topsoil and by 50 m
from the road is it also appearing but not so in a high scale than
beside the road. Hg is in opposite in this last cases (Far away from
the deep laying profile )drastically decreasing
It seems to be, that Hg collected by surface layers through precipitation is collected in the deepest point of the investigated area beside the road, mainly showing the high contaminations in the near by
ground water level. Ground water level is appearing in the near of
profile 2 on the surface of soils.
The character of organphility of the investigated elements seemed to
be very different. From these results and also from our earlier results seems to bee that the highest level of organophility is to see
through the characteristic distribution of Pb of soil profiles. Pb
is showing allways strong accumulation in soil humus layers.
By Ni is this strict organophility not so characteristic in the surface layers cbmparend to the accumulation of Ni in the deeper layers.
Ni accumulation is according to our experiences to considere from the
point of view, that Ni is very toxic for most of the plant and so Ni
accumulation can not happen in the raw organic materials because the
plants are killed by Ni. Ni accumulation is not possible generally
by plants only in exceptional cases. So the retarding effect' by plants,
is not so characteristic by Ni than by Pb.
The organophility of Cd is from an other aspect not so characteristic and according our earlier results the organophility by Cd is only on the third place among the toxic heavy metals behid Pb and Ni.
It is also well known from many investigations and resutls about chemical speciation that Cd and Hg are very active in binding organic
groups and developing metal-organic species.
The metal organic species of Cd have a similar character than metal
organic species by Hg. These organo-metalic compounds such as dimetyl-Hg also as dimetyl-Cd compounds are water soluble. So their distribution in the soils and in the total environment is influenced by
the ground-water level. Of course their mobility is influenced as a
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Heavy metal distribution and mobility in soils.(Influence of humus"and ground
water). 4 meadow chernozem, 5 alluvial meadow, 6 near to ground water
fig.1
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conse quenc e of their chem ical specia tion beside the organophility in
a ver y hig h sca Ie th rough thei r hydr ophil ity.
Soil conta minat ion a nd th e soi 1 cond ition s ar e very s i m i l a r i n these
inves tigat ed so il pr of iles. Ac cordin g to that s i m i l a r i t y we i n v e s tigat ed th e dis tribu tion of so il con tamin ants i n t r e e c h a r a c t e r i s t i c
soil prof iles b V 57, 5 km besid e the highw ay M 7 and i n o t h e r t r e e
prof iles i n the same line by 7 4 km. Accor ding t o t h e p a r t i c u l a r i n vesti gatio ns of Pb, Ni an d Cd contam inant s in t h e s o i l l a y e r s i n the
two s eries of s oil p rof iles we calcu lated a sp e c i a l number f o r c h a rater izati onn their orga nophi lity. This numb er expresses the r a t i o
of co ntami nants (by the t ree o rganop hilic ele ments) t o have i n f o r m a tions abou t dif f erences, scale and c harac ter of t h e i r o r g a n o p h i l i t y .
The r esult s are summ arize d in table 2.
table 2
The characteristic d i s t r i b u t i o n of organophilic heavy metals in s o i l p r o f i l e s
(Indices express the r a t i o of contaminants in layer 0- 20 cm compared to 20-40 cm)
,..,
proflles

I. highway M-7 57 km
II. highway M-7 64 km
from Budapest

distance from
the road
5m
15 m
25 m

distribution indices of contaminants
Pb
Ni
Cd
I
II
I
II
I
II
3,29
1,89
1,78

3,87
1,97
1,40

1,00
1,33
1,06

0,84
1,00
1,00

1,01
0,92
0,78

1,35
0,79
1,35

Beside the o r g a n o p h i l i t y t h e c h a r a c t e r i s t i c h y d r o p ' h i l i t y f i r s t of
a l l by Hg i s i n f l u e n c i n g t h e movement of Hg not o n l y i n s o i l p r o f i l e s but a l s o i n r i v e r s and i n r i v e r s e d i m e n t s . Our r e s u l t s about
these r e l a t i o n s h i p s are summarized i n t a b l e 3.
table 3
Distribution of Hg in a l l u v i a l chernozems of Danube sediments depending from
distance from the Danube and Hg as contamination in r i v e r sediments of Sajó
profil,distance from Danube,
Hg mg/kg in 0-60 cm
sediments along Sajó in km
Hg mg/kg in 0-60 cm

Almasfüzitó(300)
Nyergesujfalu(500) Acs(800)
0,400
0,076
0,006
Sajólad
Sajópetri(l,5) Muhi(4) Nagycsécs(6)
0,785
0,660
0,060
0,022

From t a b l e 3 i s c l e a r l y
t o see t h a t t h e i n d u s t r i a l Hg c o n t a m i n a t i ons c o l l e c t e d by t h e Danube or by t h e r i v e r Sajó ( N o r t h - E a s t Hungar y ) show a c h a r a c t e r i s t i c depen dence from the d i s t a n c e of the s o u r ces of c o n t a m i n a t i o n s a l o n g the r i v e r .
The c h a r a c t e r of movement and d i s t r i b u t i o n of Hg and As are c o n s i d e r a b l e s i m i l a r . The m e t a l - o r g a n i c compounds such as monomethyl and
d i m e t h y l forms of a r s e n i c as we 11 as mercury are p l a y i n g a very s i m i l a r r o l e . B i o . t r a n s f o r m a t i o n a l processes are p l a y i n g an o u t s t a n d i n g
r o l e i n m e t h y l a t i o n and demethy l a t i o n of As i n t h e water systems as
w e l l as i n s e d i m e n t s .
The h y d r o p h i l i t y of Hg and As a re very c h a r a c t e r i s t i c and s i m i l a r ,
I n c o n n e c t i o n w i t h t h a t we p a r t i c u l a r l y i n v e s t i g a t e d t h e As c o n t a m i n a t i o n s i n the South P e a t l a n d area of t h e g r e a t Hungarian p l a i n .
The c o n t a m i n a t i o n w i t h As i n t h e p r o f i l e s i s t o see i n t a b l e 4.The
t a b l e 2 shows t h e d i s t r i b u t i o n of As i n t h e peat p r o f i l e s i n v e s t i -
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fig.3
Distribution of As in peat profiles influenced by total org&nic matter content and ground water level. (South Peatland Area of Hungary)
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profile VIII.

gated in this area. From the table fs it very well to see that in
the distribution of As in peat profiles is it a very general rule,
that the highest values of As could be measured in peat layers near
or below ground-water level. Above this level As contamination shows
a decrease, and about 40-60 cm from the soil surface is appearing in
the whole territory a minimum of As contamination. In the humified
peat layers of the topsoil is increasing again the As accumulation,
but not so in a high scale than in the layers affected by ground water level.
table 4
Distribution of As contamination in relationships with ground water table in lowmoor peat area concerned chemical parameters of peats (South Hungary)
peat layers
humified toplayers
row peat layers
layers by ground water level

org.matter content \
57,95 %
54,12
76,31

CaCO, %
12761
13,28
3,5o

pH

As mg/kg

6773
6,84
6,57

ÏTT39
9,65
21,42

Started from these results it seemed to be a very interesting question the behaviour of As. The As contamination in Hungary is considerable great in some special regions. These As contaminated territories are situated in the Central South Area of Hungary. These As
contaminations are from geological origin and mainly appearing in
the deep laying peat areas of the South Part of the Great Hungarian
Plain. We investigated these region between the Danube and Tisza River in the South Part of our Country. This area is a peat area from
very slight acidic or near neutral peats. As is coming with groundwater streams from deeper geological layers mainly affected by weakly acidic pH. Arsenic is moving in this case in As
form, because
the conditions are highly reductional because 0„ is excluded in these water streams. In these ground-water is appearing in the peatic
areas in South Hungary the As contamination. Arising of the groundwater level is the main background of the appearence of considerable
high As contaminations of peat soils in this region.
Based on these results we investigated particularly the effect of
total organic matter content in the peat layers on the movement and
distribution of As in the peat profiles. The results are to see in
the fig.3. In our investigations we compared the total organic matter content and As contamination values from layer to layer generally in each 20 cm in a strict sequence of the layers. From these
figures is it very well to see that in the most of the cases by high
H '-, (organic matter content) is the amount of As relatively smaler
than by lower level of H h. Another important result is, that As
accumulation on organic materials is much greater in the near of
ground, water level in each cases.
In the present work based also on our previous results we carried
out particular investigations about the rate and character of organophility of the most toxic elements such as Pb, Ni, Cd, Hg and As.
From the results is a main conclusion that we could confirm the characteristic organophility of Pb, Ni and Cd. Another conclusion is:
the character of organophility shpws differences by these elements.
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Pb and Ni are the most organophilic elements but by Pb is the accumulation very strict bounded to the surface layers, on the other
hand by Ni is the character of distribution in the soil profiles not
the same. Cd is slightly organophilic.
As a second conclusion seems to be that with decreasing organophility increases the hydrophility by Cd. Hg ^and-As are characterized
by hydrophility. By these elements we have to count also with some phenomenons of chemical speciation. The behaviour of these toxic
elements in their hydrophility is also different,because As is the
most hydrophilic. Further investigations are needed to characterize
the role of humic substances influencing their mobility. It seems
to be that some processes of chemical speciation and also of develope of metal-organic complexes with humic and fulvic acids are
deeply influencing their hydrophility as well as the mobility in
soils and sediments.
A gene ral co nclus ion l s, that the rate of well humi fied or ganic matter in the s oil 1 ayers is ver y imp ortant b eside the total organic
matter conte nt. S ince the mos t tox ic eleme nts are o rganoph i1ic, we
compar e thei r amo unts in the soils with en vironment protec tional
capaci ty of the s oils. Since the r ate of w ell humif ied hum ic substances in th e lay ers i s very impor tant in the bindi ng of t he most
toxic elemen ts, w e cal culate the e nvironme nt protec tional capacity
of the soils in t he EP Cp valu es. T he EPC r values ar e consi dering beside t otal humus conte nt the humus quality in K val ues. We can calculate the EPC G v alues from 1 ayer to layer (mainly into a depth of
60 c m ) . The diffe rence s in EPCp va lues are very cha racteri:stic in
the soils with di f f erent humu s stabus. Lowest EPC~ values are about
the range 10 the highest
highe st are
are in the range 1000. Tha t means the role
of humus status is
s per
perhaps
very influencing the bin ding of toxic
haps ve
elements. Since the
he mo
most toxic elements are organop hilic if we cornpare their amountss in the soils with environment pr otectional capacity, we can characterize
acter
the risk of contamination in tree main
levels.
1. The highest risk is by high amount of toxic heavy metals with
low EPCp values.
2. The middle level of risk is by moderate contamination and by
middle level of EPCp values.
3. The lowest risk is by low level of contamination with high EPCp
values.
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Foreword
Salt-affected soils are distributed mainly in inland arid and semi-arid regions and coastal regions
with a global coverage of 8.97 million square km, about 6.5% of the earth's land surface and 39%
of the total area of the arid regions. As a result of the geochemical processes that have been taking
place in the surface layer of the earth's crust, salt accumulation in salt-affected soils is strongly
affected by climate, topography, vegetation, soil-forming parent material, hydro-geological
conditions and human activities. Soil salinization and secondary salinization have been a problem
in the form of land degradation concerned world widely. Today much experience has been
accumulated in ameliorating salt-affected soils in countries all over the world, of whom some have
adopted hi-tech in comprehensive management of the soils. Exchange of the experiences
internationally will certainly promote the global effort in ameliorating salt-affected soils and hence
contribute significantly to rationalizing utilization of the world's land resources and solution of
the population-environment-land contradiction.
The Subcommission A of the ISSS has been actively organizing and convening international
symposia and workshops in various countries such as China, Japan, Yugoslavia, Hungary, USSR
and Thailand during recent years, and with significant effect and results. The XV Congress of
International Soil Science Society is another grand gathering for academic interflow, where the
Subcommission A is to organize oral presentations and posters. It is our trust that the academic
exchange at this congress will no doubt push further forward research on salt-affected soils in the
world. And we shall do our best to strive for a complete success of the symposium.

Professor Zhao Qiguo
Convener of Symposium A of the XV ICSS
Chairman of Subcommission A of the ISSS
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Introduction to the Symposium of Subcommission "A" (Salt
Affected Soils) on 15th ICSS, México, 1994
M. Rédly. 1-st vice chairman, Subcomission "A", ISSS
The Subcommission of Salt Affected Soils has had a long tradition in the International Soil
Science Society. Before the second world war, the "Alkali Subcommission" was very active on
the field of the investigation on soil salinity and alkalinity.
The Subcommission "A"' of the International Soil Science Society has been reorganized in 1965
under the chairmanship of Prof. I. Szabolcs. Since that time, the success of its different activities
can be expressed by the wide interest to the great number of plenary and voluntary lectures,
posters dealing with soil salinity problems and presented on the International Congresses of Soil
Science. Sucessful mid Congress, International Symposia were organized by the Subcommission
regularly in different countries and continents, where salt affected soils occur. A number of
scientific documents, prepared by international cooperation, like the map of salt affected soils
of different countries, regions, continents were also guided and supervised by the
Subcommission. The map of salt affected soils of the World will be presented in a plenary
lecture of the present Congress.
Since the XTV-th International Congress of Soil Science (Kyoto, Japan 1990) two successful
International Symposia were organized and held with the support of relevant institutions:
1. "Genesis and control of fertility of salt affected soils" (Volgograd, USSR, 9-15 Sept. 1991)
attendees: over 100, from 7 countries. Keynote lectures: 4, voluntary papers: 29, posters: 19.
2. "Strategies for Utilizing Salt Affected Lands" (Bangkok, Thailand, 17-21 Febr. 1992)
Attendees: 200 from 19 countries. Keynote lectures: 2, voluntary papers: 18, posters: 17.
The papers of the Symposium were published in both cases and they are available to those, who
are interested in the current problems of soil salinity.
On the above Symposia recommendations were made to different global and regional
programmes. One example of such international programmes in East-Asia, and the results will
be presented by: S. Matsumoto, Zhao Qiguo, Jingsong Yang, Shouquan Zhu and Ligun Li, in
the first lecture of the present Symposium.
In South and East Asia, the problem of soil salinity is in the focus of interest. Because of the
rapidly growing population, the increase of agricultural production and the many-sided
development is urgently necessary. On the other hand, the direct and indirect influence of the
agricultural development on the environment, must be carefully taken into account.
Therefore the study of a serie of questions related to soil salinity, comes forward: assesment of
existing and potential salinity, survey and mapping of salt affected soils, preparation of soil
maps for different purposes in different scales, methods of soil investigation, evaluation of the
data of soil analysis, preparation for sustainable irrigated farming, methods and tools of soil
amelioration changes in the land use and its socio-economical consequences etc.
The programme of the present Symposium consists of the results of studies on the above
questions.
Further studies of complex nature are certainly reasonable both on global and regional level in
order to study salt affected soils on up to date level and to avoid the environment from the
extention and intensification of salinity and alkalinity.
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Salinization and its Environmental Hazard on Sustainable
Agriculture in East Asia and its Neighboring Regions
Satoshi Matsumoto1, Qiguo Zhao2, Jingsong Yang2*, Shouquan Zhu2 and Liqun
Li2. 'Department of Agricultural Chemistry, University of Tokyo, Tokyo, Japan.
'Institute of Soil Science, Academia Sinica, Nanjing, China.
Introduction. As a worldwide problem, salinization is an important issue in exploiting and
utilizing land resources for sustainable agriculture. Salinization not only affects agricultural
production, but also hazards the ecological environment. Asia is the largest continent in the world
and also has the largest distribution area of salt-affected soils, amounting to more than one third
of the world's total. Along with development of irrigated agriculture, salinization and area of saltaffected soils are expanding. Very few countries in Asia could escape from the hazard of
salinization(l). East Asia and its neighboring regions are important agricultural bases of Asia,
hence, salinization there is very representative. This paper will discuss salinization in East Asia
and its neighboring regions (includingChina, Japan, Kampuchea, D.P.R. of Korea, Republic of
Korea, Laos, Mongolia, Myanmar, rakiland and Vietnam), hazard of salinization on sustainable
agriculture and ecological environment, and its management.
I. Status of Salinization in East Asia and Its Neighboring Regions. In East Asia and its
neighboring regions, salt-affected land resources are distributed extensively with a huge variety
of types, and have tremendous potentialities for exploitation, too, as reserved land resources for
people in that part of the world. The total area of salt-affected soils there is about 45.3 million
ha, which occupies nearly one third of the total in Asia exclusive of the Asian part of the former
USSR.
1. Definition of salt-affected soils. The concept of salt-affected soils is a general term
encompassing two big soil groups, solonchaks and solonetz, and a series of soils salinized or
alkalized to various extent. The basic criteria of salt or alkali contents are: for solonchak series,
soils with a soluble salt content in the surface soil layer (generally 0-20 cm) higher than 10g/kg
are defined as solonchaks, and between 10g/kg and lg/kg, classified as salinized soils; and for
solonetz series, soils with a pH value over 8.5, Exchangeable sodium percentage (ESP) high over
45 % (or exchangeable magnesium percentage over 60%), soluble salts less than 5g/kg or columnar
or prismatic structure are defined as solonetz and soils with ESP between 45% and 15% are
classified as alkalized soils. However, in nature exist soil types that possess features of both
groups. For instance, in Northeast China, the type of soda-alkalic solonchaks is a typical one of
them. In arid regions, some soils have soluble salts accumulated in the sub-soil layer during the
process of soil formation. This type of soils, considered from the angle of salt-affected soils, are
supposed to be sorted as bottom-strata salinized soils or potential salt-affected sotfs(2). Potential
salt-affected soils are also considered as soils which are neither saline nor alkaline at present, but
may result in severe salinization and/or alkalization under human intervention, especially irrigation

0).
Along the coasts of some tranquil bays in the tropics and subtropics, acid sulphate coastic saltaffected soils develop under the effect of the mangrove bio-community which enriches sulphate.
When roots and other organic matter in the soils decompose and the soils are drained dry, the
sulfates in the soils are oxidized, forming into yellow rust spots. The soils, with pH around 4.5
and below, can be divided into acid sulphate soils, acid sulphate solonchaks and potential acid
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sulphate solonchaks, during its siltation into land or at different pondering and reclamation stages.
2. Characteristics of soil salinization. The characteristics of the distribution and salinization of
salt-affected soils in this part of the world can be summarized as follows:
a) Horizontal distribution. Apart from the coastal regions and arid regions where salt-affected soils
are distributed in large continuous tracts, salt-affected soils are all scattered in patches over in
farm lands or inlaid in other types of soils.
b) Strong salt-surface accumulation. It stands for the concentration of the salt-accumulation in the
surface soil layer, and less salt enrichment in the subsoils. In the plain regions of East China, the
salt surface accumulation is very strong (Table 1).
Table 1 Weighted averages of salt contents in some soil profiles
Soil layer
(cm)
Salt content
(g/kg)

0-1

0-5

0-10

0-20

0-40

0-100

30-60

12-15

5-8

2.5-4

2-3

0.6-1.5

Salts are mainly concentrated on the land surface in the form of patches of white salt
efflorescence. This kind of salt surface accumulation oogirs in the surface soil layer that affects
most the root systems of plants (or crops) at the seedling stage, making the plants vulnerable to
salt-toxicity or even dying, and thus greatly reducing the crop yield. So this is a noteworthy
problem in ameliorating and utilizing the soils. In Northwest China, the feature of salt-surface
accumulation remains the same but the thickness of the salic horizon and the amount of salts
accumulated increase greatly.
c) Seasonal dynamics of salt accumulation. Soluble salts in soils are susceptible to changes of
external water (including rainfalls, irrigation). In monsoon regions, salts in soils change
seasonally, moving upwards to accumulate in the surface layer in the dry season and leaching
downwards in the rainy season. So in a year, there are two time periods, one featuring salt
accumulation and the other desalinization. The patterns of salt movement up and down, right and
left, are the fundamentals that must be fully understood in managing and ameliorating salt-affected
soils. If conditions for desalinization are created, salt content in soils would decrease with a
tendency towards desalinization. Otherwise, the salts would keep moving up and down. In that
case, the soils may develop toward soil alkalization.
The above description is the characteristics common to all types of salt-affected soils and slightly
different only in extent rather than in essence.
3. Distribution patterns of salt-affected soils in East Asia and its neighboring regions. The
distribution patterns of salt-affected soils are closely associated with the arid, semi-arid and semihumid climates, topography and landform, and hydro-geology. Except those of the coastal saltaffected soils, the distribution area and salt accumulation intensity are in general positively
correlated with E/P ratio (the ratio of annual evaporation against annual precipitation). The higher
the ratio, the larger the distribution area, the more the soil salt and the thicker the salic horizon.
In this part of the world, along the tens of thousands of kilometers of coastal lines, coastal saltaffected soils are extensively distributed. In Japan salt-affected soils actually do not exist due to
the sufficient precipitation, but some reclaimed lands from the sea or brackish water are scattered
along the coastal area. These lands are well managed under the normal weather condition,
however they are easily suffered from the salinity hazard at the irregular one such as big typhoon.
In Korean Peninsular, there are more salt-affected soils along the west coast than on the south and
east coasts (3); the Chinese mainland has a total of 18,000 km of coastal lines with enormous
shoaly land resources and an extensive distribution of coastic salt-affected soils. Along the coasts
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to the north of the river mouth of the Minjiang River, particularly to the north of the Changjiang
River and the west coast of the Taiwan Island, extensive continuous tracts of coastal salt-affected
soils are distributed along the muddy coasts; coastal salt-affected soils feature parallel distribution
with the coast and the earlier the formation, the less the soil salts and the closer to the coast, the
higher the salt content. The compositions of the salts in soils and in groundwater are quite
coincident, both with sodium chloride in dominance. Along the coasts to the south of the Minjiang
River mouth, of the Hainan island and further of Vietnam, Kampuchea, Thailand and west
Myanmar(4), coastic acid sulfatic solonchaks are distributed disjointedly. The genesis and
development of this type of soils are closely related to bio-enrichment of sulphate by mangrove
communities.
In terms of inland salt-effected soils, China ranks the first in area and type, and then come
Mongolia, Myanmar and Thailand (Table 2). While in terms of alkalized soils, China also comes
the first in area and then Myanmar, who has some in the central part.
Table 2 Areas of salt-affected soils in different countries
Country
China
Japan
Kampuchea
D.P.R. of Korea
Republic of Korea
Laos
Mongolia
Myanmar
Thailand
Vietnam

Area of salt-affected soils
(unit: M Ha)
p

99.r
36.9"

-

about 0.71
about 0.04
0.60
about 0.12
4.07
0.63
1.46
0.98

Source of data

Wang et al (5)
Wang et al (5)
RAPA of FAO(4)
RAPA of FAO(4)
RAPA of FAO(4)
ASI & RDA (3)
RAPA of FAO(4)
Szabolcs (1)
Szabolcs (1)
Szabolcs (1)
Szabolcs (1)

* Take all potential salt-affected soils in account
** No take potential salt-affected soils in account

In China, alkalized soils are distributed in the pattern of meadow alkalized soils, then steppe
alkalized soils and takyric alkalized soils dominating consequently from east to west. In the
Huang-Huai-Hai Plain of North China, tile-like crust solonetz with alkalized surface is the typical
type and in the Hexi corridor of Gansu, magnesium alkalized soils are distributed. All these
alkalized soils are actually distributed as a soil complex with solonchaks or alkalic solonchaks. In
the Songliao Plain of China, there are large areas of soda alkalic solonchaks, of which the
formation is related to the soda-containing pressure-bearing groundwater in the depth. Of inland
salt-affected soils, fluvo-aquic solonchaks and salinized fluvo-aquic soils evolved from fluvo-aquic
soils being salinized, are widely distributed in China, in every alluvial plain. For example, the
Northeast China Plain, the North China Plain, the Inner Mongolian Hetao Plain, the Yinchuan
Plain, and some valley plains in Xinjiang, Qinghai and Gansu. The salt composition of the soils
is dominantly S04-C1 or Cl-SO» compounds and the salic horizon is very thin, scattering in parches
in the farm lands. In the Junggar Basin, the Tarim basin and the Qaidam Basin of the most inland
Xinjiang and Qinghai with arid climate, scarce precipitation, E/P ratio higher than 10 and a long
history of salt accumulation, exist extensive continuous tracts of salt-affected soils, of which the
types are arid solonchak (including the formerly termed residual solonchak, gypsic-salipanic
solonchak), Haplic solonchak and marsh solonchak. In the basins, solonchaks are usually
distributed in ring-like patterns. At the end of the course, an inland river, either pools into a lake
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or disperses and dries up, forming a salt lake or salt shoaly land with an enrichment of halite,
carnallite, boron, lithium, gypsum, mirabilite, etc.. In the broad arid and semiarid regions of
China, distributed are large tracts of various substrate salinized soils, which belong to the category
of potential salt-affected soils.
4. Patterns and typical profile properties of salt-affected soils in East Asia and its neighboring
regions (EA & NR). The Map of Salt-Affected Soils in East Asia and its neighboring regions
shows the distribution of the soils in this part of the world (provided separately) with mapping
units based on the soil maps (including salt-affected soils map) available from those countries and
regional and world maps available, as well as some supplementary investigations and surveys. The
original mapping units suitable to those areas are adopted as much as possible and at the same
time, clarity and artistry are taken into account. So the mapping units should not be too
complicated, but capable of reflecting the patterns and regional characteristics of the distribution
of salt-affected soils. After investigation and analysis of available data, the following mapping
units are worked out. There are:
a. Haplic coastic solonchaks; b. Acid sulfatic coastic solonchaks; c. Haplic solonchaks; d. Arid
solonchaks; e. Fluvo-aquic solonchaks; f. Alkalic solonchaks; g. Potential salt-affected soils; h.
Solonetz (including Haplic solonetz, Fluvo-aquic solonetz, Takyric solonetz, etc,).
Table 3 Comparison of the mapping units of the map (EA & NR) with
these in other classification systems
Mapping units of
the map (EA & NR)

Chinese Taxonomie
classification (6)

FAO-UNESCO
World Soil Map. (7)

Haplic solonchaks

Haplic solonchaks

Haplic solonchaks

Fluvo-aquic solonchaks

Umbrihumic Fluvoaquic solonchaks

Haplic solonchaks
& Salic Fluvisols

Alkalic solonchaks

Alkalic solonchaks

Sodic solonchaks

Haplic coastic solonchaks

Coastic solonchaks

Haplic solonchaks
& Gleyic solonchaks

Acid sulfatic coastic
solonchaks

Acid-sulfatic
solonchaks

Salic thionic
fluvisols

Arid solonchaks

Haplic arid solonchaks &
Gypsic-salipanic arid
solonchaks, etc.

Haplic solonchaks &
Gypsic solonchaks

Haplic solonetz;
Fluvo-aquic solonetz;
Takyric solonetz

Haplic solonetz;
Calcic solonetz;
etc.

Potential salt-affected soils
Solonetz

On the connotations and properties of the mapping units, a brief description will be provided with
its salt composition as follows.
Haplic coastic solonchaks. The soils, mainly distributed over river deltas and coastal plains north
to 25°N Lat. has developed on river and marine sediment macerated by sea water, with two soilforming features: a) it is distributed in parallel with the coast, so the earlier the land is formed,
the longer it has escaped from tide, the less it contains soil salts, and the closer it is to the coast,
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the more soil salts it has. b) salt compositions in the soil and in the ground water are quite
coincident, both with sodium chloride in dominance, chloride make 80-95% of the anions and
sodium 70-90% of the cations (Table 4).
Table 4 Chemical composition of a haplic coastic solonchak"
Depth
(cm)

pH

TSE"
g/kg

CO,2'

HCO, CI
SCV
Ca2+
cmol/lOOOg soil

0-20
20-40
40-60
60-80
80-100

8.3
8.4
8.1
8.0
8.1

16.89
10.37
18.06
19.27
16.85

0
0
0
0
0

1.05
1.21
0.84
0.68
0.63

24.54
13.91
27.61
29.42
26.08

2.45
1.96
1.81
2.71
1.54

0.43
0.29
0.72
0.43
0.43

Mg 2t

K*+Na +

1.73
1.26
0.95
2.74
1.00

25.89
15.42
28.60
29.37
26.91

* In 1:5 soil-water ratio extraction; soil sampled in Liaoning, China.
** Total salts estimated.

This type of salt-affected soils occur often in places of flat topography, in the lower reaches of
rivers, with insufficient water sourcesj. which is the main obstacle in ameliorating the soils with
high soil salt content. Growing rice can be the stone killing two birds — amelioration and
utilization. China has accumulated much successful experience in this aspect. It is imperative to
establish a draining and irrigating system capable of both functions. Growing weeds, crop
cultivation and salt-making through evaporation are other approaches to utilization of the land.
Acid sulfatic coastic solonchaks. The soils are mainly distributed along the coast of tranquil bays
and some river deltas south of 25°N Lat. with mangrove bio-commünity.This type of soils can
be found along the coasts in Fujian, Guangdong, Guang.xi and Hainan of China, Vietnam,
Thailand and Myanmar.
Human economic activities, such as pondering, reclamation, accelerate land formation of the soil,
which then can be sorted into 3 soil types according to its developmental stage. Acid sulphate
soils, Acid sulfatic solonchaks and potential acid sulphate soils. Acid sulphate soils have a long
pondering and reclamation history, some have a 40-50 year history of planting sugar cane and
rice. The pH value of the whole profile is less than 4. In the soil layer of 20-50 cm, a layer of
mangrove residue can still be found, and light yellow spots and patches are visible on the surface
of the solum. In this layer SO/2 is about 3 times-as high as CI.
Acid sulfatic solonchaks are out of reach of sea tide, and remains unreclaimed with mangrove
community growing on. In the 0-10cm surface soil layer, the total salt content is higher than 1%,
CI and S042 contents are quite similar, a layer of mangrove residue can be found at 15-35 cm in
depth, and the pH value above 35 cm in depth is around 5 (Table 5).
Table 5 Chemical composition of an acid sulfatic solonchak' (After Moncharoen(8))
Depth
(cm)

pH
1:1

TSE
%

CO,2"

HCO,

0-10
10-35
35-72
72-120

5.1
4.7
2.1
2.2

4.2
1.2
4.1
3.8

0
0
0
0

0.9
0.2

CI
SO,2
Meq/Liter
5.9
290.8
206.8
3.1

300.5
4.0

In saturated paste extraction; soil sampled in Chantaburi, Thailand.

240

Ca2+

Mg2+

K + +Na*

24.1
28.8
24.8
24.3

112.9
119.0
173.4
189.2

463.9
335.5
469.5
515.3

Potential acid sulphate soils spread sea beach, shoaly land and marsh land under sea tide with
mangrove community growing on. In the 0-30 cm soil layer, the total salt content is higher than
2%, with CI higher than S042 and the pH value ranges from 4 to 6.
Salinized fluvo-aquic soils and fluvo-aquic solonchaks. Fluvo-aquic soils are derived from
fluviatile and lacustrine deposits, and from long-cultivated meadow soils, marshy soils and
solonchaks. Strongly subject to the influence of rise and fall of the groundwater, the soils have
undergone in its formation aquicification process and some salinization process. And those which
have experienced both aquicification and salinization are sorted into the category of salinized
fluvo-aquic soils or of fluvo-aquic solonchaks.
Salinized fluvo-aquic soils and fluvo-aquic solonchaks are distributed mainly in the North China
Plain, the Northeast China Plain and valley alluvial plains in Northwest China, where the
topography is low and flat with shallow ground water table, mostly less than 3m. The E/P ratio
of fluvo-aquic soils in semi-humid and semi-arid regions are beyond 3 and in the arid region of
Northwest China over 10. Under such climatic conditions, the upward water flux in soil is much
greater than the downward one. Capillarity brings up water to the surface and salts in the
groundwater too. Thus the salts accumulate in the surface layer, salinizing the soil. So in the semihumid, semi-arid and arid regions of China, most of the fluvo-aquic soils show to a different
extent the feature of salinizaiton, scattered patches of salt accumulation. The salts consist of
sulphate-chloride and chloride-sulphate too (Table 6).
Table 6 Chemical composition of a fluvo-aquic solonchak'
Depth
(cm)
0-5
5-20
20-50
50-100

CO,2
TSE
g/kg

pH

8.7
8.7

12.0
1.8
3.5
1.7

0
0
0
0

HCO, CI
S042
cmol/lOOOg soil

Ca2+

Mg2+

K + +Na +

1.22
1.33
2.39
1.06

0.20
0.24
0.16
0.20

0.77
0.49
0.69
0.69

17.92
1.60
3.80
1.33

15.02
0.29
1.16
0.39

3.38
0.94
1.40
0.99

* In 1:5 soil-water ratio extraction; soil sampled in Inner Mongolia, China.

Haplic solonchaks. Haplic solonchaks are distributed in the depressed mid and lower parts of
diluvial-alluvial fans and alluvial plains with groundwater table generally round 2.5m deep and
groundwater mineralization 2-20g/L.
The halophytic and xerophytic vegetation there consists mainly of S. Collina Pall, Halostachys
caspica C.A. Mey., Kalidinm foliatum Moq., Alhagi sparsifolia shap, Apocynum venetum L.,
Karelinia caspica less., T. Hohenackeri Bge..
Salt crust and surface accumulation of salts are visible. In the profile salic horizon develop
obviously. Salt content decreases with the depth deepening (Table 7). Salt crystals and grains can
be found in the salic horizon, and the solum is moist. This type of solonchaks can not be put in
use until excess salts have been leached out of the soil to the extent that is tolerable to corps.
Pioneer crops such as rice can be planted first. Amelioration measures of opening drainage ditches
and flooding the field to leach salts out should go on. Successful experience has been obtained in
Northwest China.
Arid solonchaks. The arid solonchaks discussed here include haplic residual solonchaks and
gypsic-salipanic residual solonchaks. This type of soils have undergone intensive salt accumulation
process as was affected by groundwater and surface water, resulting in a thick salic horizon.
However, changes in the natural environment, such as rises of stratum caused by neotectonics,
down-cutting or rerouting of rivers, led to a sharp downfall of the groundwater table, thus
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destroying the conditions for modern salt-accumulation. As the climate there has been very dry
with very little precipitation,the salts accumulated in the past have never been leached out of the
solum, which thus still contains a large quantity of salts (Table 8). Also some soils with salts
accumulated during the geological process have long been out of the influence of the groundwater
and begun to develop into desert soil. Yet the gypsum or salt pan formed in the past remains in
the soil. The above-described 2 types of soils are both sorted into arid solonchaks.
Arid solonchaks are mainly distributed in the upper part of ancient diluvial-alluvial plains, driedup deltas and ancient river terraces in semi-arid and arid regions. As the ground water table is as
deep as 10 m or more, it does not have any effect on the surface soil. The vegetation there are
arid flora with a very low coverage of less than 10%. Most of the areas are covered with bare
gravels. In Xinjiang, Qinghai, Gansu, Inner Mongolia and Ningxia of China and at the northern
foot of the Altai Mountains, distribution of this type of soils could be found.
Table 7 Chemical composition of a haplic solonchak'
Depth
(cm)

TSE
CO,2
g/kg

pH

8.4
8.7
8.4
8.7

0-32
32-55
55-90
90-100

171.1
27.2
52.8
25.3

0.04
0.08
0.04
0.12

HCO, ciSO,2
cmol/lOOOg soil
0.22
0.20
0.18
0.20

224.0
28.20
46.69
26.83

52.96
17.36
38.16
13.20

Ca2+

Mg2+

K + +Na +

28.96
3.64
17.16
6.76

34.30'
15.08
17.16
10.92

214.0
27.12
50.75
22.67

* In 1:5 soil-water ratio extraction; soil sampled in Gansu, China.

Table 8
Depth
(cm)
0-1
1-13
13-34
34-50
50-70
70-89
89-100
100-120

pH

TSE

Chemical composition of an arid solonchak'
CO,2

CI

SO.2

Ca2+

Mg2+

K + +Na

113.3
204.8
345.1
101.2
23.86
0.84
1.16
1.83

25.06
57.36
35.67
19.28
14.46
0
0.14
0

6.27
29.40
80.35
48.2
0.96
0
0.02
0

199.8
212.0
316.7
97.20
20.57
6.38
4.39
5.96

cmol/lOOOg soil

g/kg
148.5
207.5
286.9
83.0
23.5
3.9
3.0
3.9

HCO,

0.51
1.07
1.68
0.56
0.10
0.79
0.79
0.47

2.40
4.21
2.44
1.36
0.18
0.40
0.76
0.76

114.9
88.63
83.49
18.15
11.86
4.36
1.94
2.90

* In 1:5 soil-water ratio extraction; soil sampled in Xinjiang, China.

Alkalic solonchaks. Alkalic solonchaks could be found in China and Mongolia. In China, the soils
scatter in North China, Northeast China, Northwest china and the Qingzang Plateau. Particularly
in Northeast China, the distribution of the soils is large in area and also quite concentrated.
Alkalic solonchaks are mostly distributed in depressed valley plains, inter-sand dune depressions
and fan edges and often mixed with soda salinized meadow soil, alkalized meadow soil and
meadow solonetz.
On alkalic solonchaks basically no plants or just a few alkali-tolerant plants grow sparsely. The
ground water is very high in water table, around 1.5-2.5m, and also high in mineralization 1-3
g/L, belonging to weakly mineralized sodium-bicarbonate type.
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The formation of alkalic solonchaks are the result of long-term subjection to HCO,-Na type of
groundwater. High ground water table makes capillary rise the dominant factor for long, thus
causing large accumulation of soda salts. So the soil possesses features of both salinization and
alkalization. Table 9 shows its typical profile.
Table 9 Chemical composition of an alkalic solonchak'
Depth
(cm)

pH

TSE
g/kg

CO,2

HCO, CI'
SCv
cmol/ lOOOg soil

CaJ+

Mg2+

K+ + Na+ E S P
%

0-2
2-17
17-31
31-57
57-80
80-100

10.6
10.3
10.4
10.2
10.3
9.9

20.90
6.13
4.72
4.93
2.96
1.58

21.92
1.65
1.36
1.24
1.18
0.86

3.19
2.26
3.20
1.79
1.93.
0.72

0.02
0.11
0.18
0.33
0.11
0.08

0.07
0.10
0.35
0.76
0.15
0.23

35.74
10.00
6.75
5.50
4.38
2.57

8.03
5.27
1.75
1.04
0.66
0.57

2.69
0.10
0.05
3.42
0.29
0.07

* In 1:5 soil-water ratio extraction; soil sampled in Liaoning, China.

78.88
54.63
62.25
63.13
56.82
44.08

t

Haplic solonetz. Haplic solonetz are generally inter-located with alkalic solonchaks and alkalized
meadow soils, and can be found scattering in Northeast China and Northwest China, generally in
raised part and edges of low flat depressions.
The natural vegetation is sparse, consisting of alkali-tolerant meadow and steppe plants. The soil
profile possesses a eluvial horizon and columnar alkalic horizon but no distinct salic horizon. The
soil salt content is less than 0.5%, mostly concentrated in the surface layer and subsoil layer. The
salt content in the bottom layer is less than 0.1%. The profile structure is: eluvial horizon, 3-10cm
thick, grey in color, plate or scale in structure; alkalic horizon 10-15 cm thick, located just below
the eluvial horizon, dark grey in color, compact, columnar or prismatic in structure with gel
coating, white spots visible in crevice; parent material horizon, rust streaks, rust spots and new
formation of Fe-Mn concretions. The salt composition is mainly of sodium carbonate and sodium
bicarbonate with (CO,2+HCO,') amounting to over 60% of the anions and sodium over 60% of
the cations. The pH value is very high, mostly over 9.5 (Table 10).
Table 10 Chemical composition of a haplic solonchak"
Depth
(cm)

PH

TSE
g/kg

CO,2

HCO, CI
SO,2
cmol/lOOOg soil

Ca2+

Mg2+

K*+Na + ESP
%

0-5
5-20
20-48
48-60
60-120

10.0
10.2
9.8
9.5
8.7

1.42
2.81
2.10
1.18
0.70

1.45
3.18
1.77
0.64
0.12

0.66
0.24
1.09
0.86
0.62

0.08
0.34
0.08
0.06
0.06

0.21
1.03
0.02
0.16
0.19

2.02
2.59
3.20
1.51
0.83

0.18
0.40
0.45
0.23
0.23

0.03
1.01
0.11

65.29
75.60
68.99
54.35
28.01

* In 1:5 soil-water ratio extraction; soil sampled in Liaoning, China.

Takyric solonetz. Takyric solonetz in China are mainly distributed in arid and semi-arid Xinjiang,
Inner Mongolia, Gansu and Ningxia, Mostly in inter-sand-dune flat lands, ancient alluvial plains
and dried up deltas.
The places where takyric solonetz occur are always low and flat in relief. The takyric solonetz
area in Xinjiang has very deep ground water table, about 7-8 m (in Ningxia, only 3-4m), loesslike parent material that contains some salts and much magnesium-sodium carbonate and is rather
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heavy in texture, with cracks on the land surface, and little or spare higher plants, only patches
of algae and lichen, etc. in moist season.
On well-developed desert solonetz, there are soil crusts with a very thin layer of dark brown algae
and some light irregular multangular crackles. Under this layer, there is a 1-5 cm thick light
loamy eluvial horizon, light grey and somewhat impact; then a 1-2 cm thick red drab scaly or
platy transitional soil layer, impact and breakable; further downward, an alkalic horizon heavy
in texture and very compact with red drab gel coating. It appears in the shape of short column or
bun, not more than 10 cm thick. Light grey fine sands and silt moving downward from upper
layers fill up all the vertical cracks. The soil expands when wet and shrinks when dry, with very
poor permeability and very high alkalization. Then down below is the salic horizon and the parent
material.
Potential salt-affected soils. The soils are mainly distributed in the arid and semi-arid regions of
China, West Mongolia and the piedmonts of the Altai Mountains.
In Xinjiang, Gansu, Inner Mongolia, Ningxia and Qinghai of China, there are extensive
continuous tracts of potential salt-affected soils, which are mostly distributed in piedmont ailuvialalluvial plains and ancient river terrace with vegetation of desert semi-shrubs and shrubs, which
have deep pulposi roots. Low vegetation coverage is the typical desert landscape.
Formerly this type of soils were sorted separately into the types of grey desert soils, brown desert
soils, sierozems and grey brown desert soils, but when viewed from the angle of salt-affected soil,
all these soils are to be included in the type of potential salt-affected soils. Their properties can
be generalized as follows;
a) Gravel mulch landscape—Dry and windy climate aggravates aeolian erosion, which deprives
the land surface of most fine earth, leaving gravels only and forming gravel mulch landscape. In
some areas even polished coating can be found.
b) Significant surface lime accumulation—Dry climate and the resultant weak leaching stimulate
formation of lime during the weathering and soil forming processes. And then lime moves up with
soil water and accumulates in the surface.
c) Enrichment of soluble salts and gypsum in the subsoil—As a result of the geological processes,
the soil has very high content of soluble salts and gypsum, which even forms into salipan and
gypsic horizon. The salt content varies with the location, ranging between 0.3 and 4.0%, and in
the salt composition SOy ! >Cl'.
Currently this type of soils are used as pasture, and only in the neighborhood of some population
points, some small pieces of the land have been reclaimed, however, the lack of water sources
makes it very difficult to reclaim for cultivation.
II. Hazard of Salinization on Sustainable Agriculture and Ecological Environment. The
essential problem of salinization is that excessive electrolytes get into soil components or the
electrolytes accumulate in a particular layer of soil, deteriorating soil chemical, physical and
biological properties. The electrolytes themselves have also certain biological toxicity. Salinization
results in not only lowering land quality and utilization values, but also damaging the environment.
Salt-affected soils widely spread in East Asia and its neighboring regions and the negative effects
of salinization in this area are mainly manifested in the following hazards on agriculture and
environment.
1. The hazard of salinization on agriculture. In the present situation of worsening problems of
food, population and environment, extensive attention has been paid to sustainable utilization of
agricultural land and exploitation of uncultivated land. Nevertheless, salinization remains one of
the restricting factors against the present agricultural production. China, Myanmar, Vietnam and
Thailand, etc. have given top priorities (first three) to the development of salt-affected soils among
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various problem soils (9).
A. Salinization restricting utilization of the land resources for agriculture. Land is the basic
resource that agriculture relies on. However, large areas of land could not be used due to high
salinity in East Asia and its neighboring regions. Xinjiang Autonomous Region of China is
probably the largest region with severe salinity problems against agriculture in this area. The total
area of the land in Xinjiang is 165.8 million hectares, of which more than 13 million hectares are
subject to salinity limitation (10). The total amount of potential arable land in Xinjiang is 9.82
million hectares, about 60 percent of it are the problem land due to salinity. Even among the
cultivated land, only 49 percent is free from salinity problem or with slight salinity limitation. The
rest is the land with moderate salinity limitation or severe salinity limitation, which counts more
than 50 percent of the cultivated land in Xinjiang. Solonetz and solonchak soils in the Song Nun
Plain of Northeast China amounted to more than 3 million hectares, of which only 43.8% has
currently been used for agriculture. The rest remains abandoned due to salinity hazard.
Salinization restriction on agricultural land use can also be found in Mongolia, Northeast Thailand,
the Ayeyarwady Delta of Myanmar and the Mekong Delta of Vietnam, etc..
B. Secondary salinization causing contraction of agricultural land. Human-induced salinization
often accompanies development of irrigation and other human activities, making salinization
hazards more severe on agriculture. With vast distribution, human-induced salinization often
occurs in rich alluvial plains, large river basins and in population concentrated irrigation regions.
Therefore, human-induced salinization has strong negative impacts on agriculture and it is one of
the most important factors limiting development of sustainable agriculture. Salinization induced
by rock salt mining in Northeast Thailand, by brackish ground water irrigation in arid and semiarid region of Myanmar, by irrational irrigation in Northwest China., in the Great Bend of the
Huanghe River, and in the Huang Huai Hai Plain are examples of agricultural land contraction
owing to salinization. In early 1950's, due to irrational irrigation, more than one million hectares
of salt-affected land formed in just a few years(ll). Salt-affected soils occupied only 11-15% of
the irrigated land in the Hetao irrigation district of Inner Mongolia, in 1954. The rate increased
to 22%, 31.6% and 58% in 1963, 1964 and 1973, respectively. Xinjiang has seen the largest land
loss in East Asia and neighboring regions. A total area of 3.4 million hectares of previous
wasteland has been exploited during the last forty years. However, only 1.86 million hectares
remain in agricultural utilization and 1.54 million hectares were abandoned soon after cultivation
owing to development of secondary salinization (12).
C. Influences of salinization on yield of agricultural production. In lightly and moderately
salinized land, agricultural production is still possible. Salinization limitation, however, shows its
significant influences on crop yield in East Asia and its neighboring regions. The adverse
circumstance can inhibit crop growth, and together with poor fertility level, low yield and poor
quality of agricultural production is very common in salinized areas. Salinity restricts uptake of
water and fertilizer by crops. On the other hand, high concentration of specific ions, such as
sodium, chloride, has some particular toxicity to emergence and growth of crops. Crop growth
environment with much high or much lower pH caused by salinity also lead to inhibition of crop
growth. All mentioned above are reasons for low crop yield in salinization areas. In the Huang
Huai Hai Plain of China, crop yield deduction owing to salinization and alkalization ranges from
10 to 50 percent. In the Song Nun Plain of Northeast China, yield deduction due to alkalization
is more serious, ranging from 4 to 85 percent. In some grass lands affected by alkalization in
Northeast China, pasture yield is only 750 kg per hectare. In Xinjiang, loss of crops due to
salinity reaches 200 million kilograms, and loss of cotton 25 million kilograms annually (12). In
an irrigation district in Xinjiang due to secondary salinization, the yield of crops per unit area
decrease by 35 %. Hence, high agricultural input associated with low output caused by salinization
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make big losses to agriculture and economy.
D. Influences of salinization on adaptability of crop planting and crop quality. Salinization makes
poor adaptability of crop planting. Salinized land is not suitable for many salt sensitive or
moderately sensitive crops such as bean, broadbean, corn, sesame, sunflower, alfalfa, clover, etc.
(13). Under high salinity, crops could be die completely, or give out very low yield. Though by
breeding of salt tolerant species, planting of crops is possible in salt-affected land. However, the
agriculture is usually suffered from losses in quality and yield of crops. Salinization is often
associated with poor fertility level of land. Photosynthesis of plants, its efficiency and rate of
protein accumulation of crops could be inhibited by low water and low fertilizer availabilities and
specific ion toxicity associated with salinization, which makes poor quality of crops in varying
degrees.
E. Influences of salinization on forestry and animal husbandry. Salinization has caused forestry
and grass land degradation in East Asia and its neighboring regions. China and Mongolia are the
countries who suffer from hazard of salinization on grass land degradation. Inner mongolia and
Northeast China are important pasture area in China. Vegetation of the pasture land becoming
thinner because of overgrazing. In areas with shallow ground water table, high salinity of ground
water and low lying landform, salinization occurs due to high evaporation and active capillary
rise. Then, salinization results in more serious pasture land degradation. The degraded grass land
are characterized by less grass species, poor grass quality and quantity, low grass product, as well
as thinner vegetation. In China, the grass land area with serious degradation problems reaches one
third of the total available grazing pasture land and is still increasing at a rate of 1.33 million
hectares annually. Salinization plays a very important role in this process. In the Song Nun Plain
with millions hectares of arable land, of which one third is salt affected in various degrees. On
the other hand, more than two thirds of the pasture land is salt affected in the plain. In Baicheng
region of the plain, even one third of pasture land is abandoned due to serious salinization. As the
results, the animal husbandry is hazarded by loss of pasture land, poor pasture quality and low
quantity in these areas.
Salinization has also certain negative impacts on forestation in this region. Taking Thailand as an
example, human induced salinization has caused damage to forestry. Rock salt mining has been
operating extensively in the northeastern part of Thailand. The mining operation generates
expansion of solonchak and result in degradation of forestry (14). High salinity and salt crust are
evidently observed scattering in some deforested areas in the northeast Thailand.
2. The impact of salinization on ecological environment. Besides the very significant influences
on agricultural production in East Asia and its neighboring regions, salinization also causes some
environmental and ecological problems. Although impacts of salinization on ecological
environment show difference in pattern and extent, the common character is that it leads to lower
environmental quality and damage of natural resources directly or indirectly. Some impacts
already exist and others show long term hazard and will appear in the future.
A. Hazard of salinization on soil properties and land resources. As an important land degradation
type, salinization results in land degradation step by step and causes deterioration in soil chemical,
physical, physical-chemical properties, and damage of land resources. Taking the effect of
salinization on water and fertilizer supply abilities for example, the minimum water capacity of
salinized fluvo-aquic soil is 40 percent lower compared with that of fluvo-aquic soil. Available
water is 60 percent lower and wilting point is 70 percent higher for salinized fluvo-aquic soil.
Nitrogen and phosphorus supply intensities are also lower in degree. Therefore, salinization results
in lower land quality and utilizing values.
B. Hazard of salinization on vegetation and climate. Forestation and grass land degradation
resulted from salinization have found in East Asia and its neighboring regions. The forestation and
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grass land degradation leads to less plant species, poor quality and quantity of plant, low biomass,
and even bareness of land surface. Owing to the damage of salinization to the vegetation, climate
changes in local or even larger scales. Many negative effects of salinization on climate have been
observed, including reduction in precipitation and humidity, increase in surface temperature and
surface evaporation, increase in velocity of wind and high probability of sand storm in arid region.
The deterioration of vegetation could also bring a series of environmental problems such as poor
agro-ecological conditions, water loss and soil erosion, and frequent waterlogging and drought
disasters. Eventually, the deterioration of forest and grass land by salinization could influence
photosynthesis of green plant and cycling of life elements in varying degrees, including some
contribution to increase of carbon dioxide in the atmosphere and green house effects.
C. Hazard of salinization on environment of water resources. Salinization, especially the salinity
under irrigation has significant hazard to the water resources and cause a series of environmental
problems. Salinization degrades natural habitats of ground and surface water by supplying salt to
the water bodies, even salt pollution to lower reaches of river. Then, the poor water quality with
increasing water salinity would affect other water users, such as water supply for residential use,
industry, agricultural irrigation of lower reaches areas and fisheries.
D. Hazard of salinization on tourism resources. Salinization results in accumulatiop of electrolytes
in the environment and destruction of natural landscape. Salt-affected landscape is characterized
by bare or sparse vegetation, which is not very attractive. Salinization makes the environment and
living space feel awful. Therefore, the degraded land by salinization could results in loss of some
tourism attraction.
E. Hazard of salinization on living beings. The abnormal electrolytes level in the environment and
specific ion toxicity may harm the living beings in salt-affected region. Besides higher salinity
level in fodder and water may influence normal physiological functions of animals, the changed
aquatic habitats caused by salinization would hazard aquatic and semi-aquatic fauna and flora,
leading to damage of living beings. Salinization may influence normal cycling of life elements and
photosynthesis of green plant. Hence, it has certain negative impacts on global mechanism of
biosphere.
3. The potential hazard of salinization on development of sustainable agriculture. Development
of sustainable agriculture is highly restricted by the hazard of salinization in East Asia and its
neighboring regions. Besides the instant influences of salinization on agriculture and the
environment, salinization has potential hazards to sustainable agricultural development as follows.
A. Salinization causing reduction of reserve land resources. Exploitation of reserve land resources
should play an important role in development of sustainable agriculture. However, severely saltaffected uncultivated land has been out of agricultural utilization before amelioration. In other
words, salinization causes lack of reserve land resources for sustainable agricultural development.
B. Amelioration of salt-affected soils, especially solonetz and solonchak in arid zones restricted
by high investment rate or high difficulty. Hence, amelioration of salt-affected land makes
utilization of reserve land resources costly and increases agricultural input.
C. Development of potential salt-affected land at the risk of secondary salinization. In some areas
of East Asia and its neighboring regions, salts do not appear in surface soil and subsoil. Instead,
the salts accumulate in bottom soil. This kind of soils are potential land resources, but also with
potential salinity problem. Once the soils are exploited and irrigated for agricultural use, the salts
in bottom soil will be activated and move to surface soil and subsoil, without proper measures
against surface accumulation of the salts. As a result, the potential salt-affected soils will become
true salt-affected soils and the soil is very difficult or costly to reclaim back, especially in arid
region with extremely high evaporation rate. The area of potential salt affected soil accounts for
more than 40 million hectares in East Asia and its neighboring regions and most are in China (5).
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Hence, potential salt-affected soils will pose a long term threat to sustainable agriculture.
D. Salinity problem influencing utilization of water resources for agriculture. Salinization and
potential salinization cause limitation of water use. It is no doubt that severely salinized water can
not be used for irrigation. However, some moderate or lower salinity water, or sodic water are
also not suitable for irrigation in some particular areas. Misuse of the waters can result in serious
secondary salinization or secondary alkalization, which have been proved by experiences in the
Huang Huai Hai Plain of China and Inner Mongolia. Low mineralized water and low mineralized
sodic water both can lead to soil salinization under particular soil, climate and hydro-geological
conditions. All mentioned above cause high limitation of irrigation water, therefore, efficient use
of available water resources is negatively affected.
E. Salinization reducing benefits of water conservancy projects. Since irrigation is often associated
with salinity problems, the large water conservancy projects such as inter-basin water transfer and
big dam add the cost on prevention of secondary salinization in their budgets for construction and
running.
III. Trends of Salinization Development. Occurrence of salinization has a long history in East
Asia and its neighboring regions. Development of salinization is often associated with expansion
of agricultural irrigation, exploitation of land and water resources and even construction of water
conservancy projects. Hence, it is evident that human induced salinization plays a very important
role on development of salinization in East Asia and neighboring regions. This part of the world
cover several climatic zones such as temperate zone, sub-tropical and tropical zones with
complicated natural conditions, and the genetic conditions for salt-affected soil are also intricate
and varied with the location. Evolution and trends on development of salinization in this region
are with significant spatial and temporal variation.
1. Evolution of salinization in East Asia and its Neighboring Regions. The'East Asia and its
neighboring regions is situated in a region with active dynamics of salt water movement and
evolution of salinization. It is necessary to understand the evolution history of some typical areas
in this region, before we could conclude on the further trends on salinization development.
The Huanghe River delta is an area with expansion of salinization in China. The salinization in
this area is mainly due to irrational utilization of land under poor hydrological, climatic, parent
material and frail ecological conditions (15). The salinization process there started at early 1950's
by deforestation and cut of natural vegetation for farm land. Since then, the climatic conditions
have become poorer and water-salt movement has become unbalanced and secondary salinization
has been occurring intensively. Expansion of secondary salinization in this area was on the top
in 1970's, and has been going on in recent years. For example, the area of salt-affected soils were
three times larger in 1977 than in 1949, and the area of salt-affected soils occupied 81% of the
soils in the delta, in 1984. In 1987, however, the figure increased to 89%. About 2000 hectares
of farm land are degraded into salt-affected land every year and the extent of soil salinity is
getting worse.
In Thailand, most of the salt-affected soils spread in Northeast Thailand. The increase of saltaffected soils in this area is mainly caused by human activities such as, improper management,
intrusion of high salinity irrigation water, deforestation and rock salt mining (16). Deforestation
and pumping saline ground water, reservoir construction make water poorer and lead to soil
salinization in this region. Moderately to severely salt-affected areas are rapidly expanding and
ground water table is raising. Eventually, low-lying paddy fields are subject to rapid salinization.
In arid region of Myanmar, improper management of irrigation and irrigation with poor quality
water cause further salinization and alkalization. Soil salinity is also getting higher (17).
The most widespread salt-affected soils are acid sulphate soils in Vietnam. The area of acid
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sulphate soils expands when land in coastal potential acid sulphate soils area is exploited for
agriculture. In the country, paddy field is often associated with salinization.
The Huang Huai Hai Plain of China is a region with complicated salinization processes. The area
of salt-affected soils was about 2.67 million hectares in the end of 1950's. Early 1960's,
secondary salinization rapidly expanded due to improper expansion of irrigation area and poor
management, which brought about an additional area of 1.33 million of secondary salt-affected
soils. Since then, comprehensive measures such as irrigation management, drainage facilities and
bio-agricultural means have been adopted for reclamation of salt-affected soils and prevention of
secondary salinization. The area of salt-affected soils in this plain decreases and secondary
salinization is under control. Recent survey indicates that the area of salt-affected soils is only 2
million hectares. Lowering ground water table due to increasing industrial and domestic water use
have also contributed to salinity control. However, the salts have not been moved out from this
region, but down to deep layers of profile. Under certain conditions, the salts will redistribute and
cause salinization, which can be illustrated by the secondary salinization occurs in some irrigation
districts of diverting water from the Huanghe River.
The Great Bend of the Huanghe River in Inner Mongolia is another region with expansion of
secondary salinization due to agricultural irrigation. In the rear bend of this region,, the proportion
of salt-affected soils in the irrigated land expanded form 11-15% in 1954, to 58% in 1973. The
rate of secondary salinization reached as high as 43-47% during a period less than twenty years.
Right now, salt-affected soils still occupy 51.1 percent of the land in irrigation district of the Great
Bend.
Xinjiang is the large distribution area of salt-affected soils in China, about 1.2 million hectares
within arable land. Secondary salinization is still expanding, mainly due to rising ground water
table caused by poor irrigation management and insufficient drainage facilities. From early 1950's
to early 1960's, expansion of secondary salinization was the most rapid due to land exploitation
without proper drainage. After then, salinization was in stable situation until 1978. Salt-affected
soils area was then decreased under intensive management measures during 1978 to 1985. The
secondary salinization has shown its expansion trends since 1985, owing to serious damage and
degradation of public water conservancy project such as drainage and irrigation facilities in the
field. The salinization area is now 35% more than in 1950's. Nearly half of the exploited
wasteland during last forty years has been abandoned due to secondary salinization in Xinjiang.
Besides those mentioned above , there are some other areas with active dynamics of salinization,
including: a. Inner Mongolia of China, due to overgrazing; b. the Liaohe Plain of China, due to
deforestation and overgrazing; c. the Song Nun Plain of China, due to improper layout of upland
and irrigated land; d. the Mekong Alluvia Plain in Kampuchea; e. area along Shandong segment
of the Great Canal in China, due to inter-basin water transfer schedule; etc.
2. Status of salinization development. From the above discussion, we know that large areas of
human-induced salt affected land occur annually in this region. On the other hand, however, we
do observe that large tracts of salt affected land has turned into high yield field after reclamation.
Salinization is in a dynamic processes of evolution and new balance. The status of salinization
development can be summarized as follows in light of the data collected and the World Map of
the Status of Human-Induced Soil Degradation (18).
China. China is the largest country in the regions discussed. Large areas in the arid or semi-arid
region are with active salt-water dynamics. Evolution of salinization in China is complicated, i.e.,
expansion of salinization appears in some areas and contraction of salinization is found in some
others. In the view of the whole country, slight to moderate extent of expansion of salinization
is suggested. The Huang Huai Hai Plain (excluding the Huanghe River Delta) and the coastal
areas of China are the good examples on contraction of salinization. After intensive reclamation
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and adoption of integrated measures, coastal salt-affected soils area is getting smaller and in stable
condition. In the Huang Huai Hai Plain, salinization is basic under control except some irrigation
districts. But, potentiality of secondary salinization still exists. On the other hand, salinization
expands in the irrigation districts of the Great Bend of Inner Mongolia at a moderate rate.
Moderate salinization covers more than 50 percent of the irrigation area in these districts.
Northwest China such as Xinjiang Autonomous Region and Gangsu Province show expansion of
secondary salinization at moderate and high rates. The expansion of salinization in these regions
mainly occur in irrigation districts with relative large area. Expansion of salinization at low to
moderate rates are found in the Song Nun Plain and Liaohe Plain of Northeast China, mainly due
to poor irrigation management and overgrazing. Alkalization problem is more common than
salinity problem in these regions. However, the extent of salinization is not as serious as in
Northwest China.
Vietnam. Expansion of salinization in slight extent occurs along the east coast of the country at
a moderate to high rates. In the Mekong Delta, expansion of acid sulphate soils due to exploitation
and agricultural utilization of coastal land is the major acidification and salinization process. The
acidification expands at a moderate rate but high in extent.
Thailand. The Central Plain is the area with development of salinization in the recent past in
Thailand. Moderate degree of salinization is still in development at a moderate evolution speed.
In the coastal area of this plain, however, acidification and salinization are in more strong degree
and covers a greater proportion of the area. Expansion of salinization (including acidification) in
this area is also more rapid than the others. Expansion of salinization and acidification are found
in the coastal area of the Thai Peninsular, but with light salinity extent and moderate evolution
speed. Expansion of salinization has occurred in the Northeast Plateau of Thailand recent years,
due to deforestation and salt mining.
Myanmar. Salinization is still developing in the Ayeyarwady Delta and the coastal strips. The area
and extent of salinization and acidification expand at a relative rapid speed in the delta and a
moderate speed in the west coastal strip.
Kampuchea. Only expansion of acidification found in the Mekong Delta in the country, according
to limited data resources available.
Japan With only a small area of coastal salt-affected soils, no expansion of salinization is found
in Japan.
Laos. No significant expansion of salinization is observed.
Mongolia. With generally stable condition on land use, development of salinization is not found
in significant degree though salt-affected soils do spread in this country extensively in area.
D.P.R. of Korea. No significant development of salinization is observed in resent past.
Republic of Korea. No significant development of salinization is observed in resent past.
In light of the above description and discussion, we could find that secondary salinization mainly
occurs in China, Thailand, Myanmar and Vietnam, which are the countries with notable
development of salinization in recent past. The evolution of salinization is relatively stable and has
less contribution to the development of salinization of East Asia and its neighboring regions in
other countries. China has the largest expanding area of human-induced salinization and followed
by Myanmar, Thailand and Vietnam. However, developing rates of salinization in some regions
of Thailand and Myanmar are higher than in China and Vietnam.
3. Factors affecting development of salinization and trends of salinization development. There
are many reasons responsible for development of secondary salinization, such as irrational
irrigation management, poor drainage, irrigation with brackish water or sodic water, construction
of large-scaled water conservancy project, exploitation of potential salt-affected soils, overgrazing,
salt mining, factory pollution, brackish water intrusion, etc. In East Asia and its neighboring
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regions, irrigation and consequent elevation of ground water table are the main reasons for
expansion of salinization. Salt mining and overgrazing, deforestation are the others contributing
to expansion of salinization without direct link to irrigation in this region. Rates of salinization
development are related to the following factors: climate, landform and geochemical conditions,
soil conditions, agricultural techniques and irrigation conditions.
East Asia and neighboring territories is a region with complicated natural conditions and vast area.
Many parts of this region are with favorable conditions for development of salinization, such as
high evaporation and low precipitation; active salt-water movement; shallow ground water table;
saline or sodic ground water; saline parent material; light soil texture; high salt content in soil;
poor drainage; etc. All of these make expansion of salinization possible in this region.
There also exist a large area of potential salt affected soils. In China alone, there is 17 million
hectares of potential salt-affected soils. Taking other countries in account, the area of potential
salt-affected soils should not be less than 20 million hectares. The areas are very frail and any
change caused by human activities such as irrigation, agricultural utilization, etc. could lead to
expansion of salinization.
Agricultural irrigation is still developing and irrigation area is rather large in East Asia and its
neighboring regions. The gross irrigation land in the world has expanded rapidly over last 40
years, from 95 million hectares in 1950 to about 233 million hectares in 1990. In Asia, the area
of irrigated land increased from 65 million hectares in 1950 to about 145 million hectares in 1989.
The irrigation areas in Asia increased at an annual rate of 3.5% during the period from 1950 to
1970. The present rate of growth approximates 1.5 percent (19). Therefore, Asia is not only with
the largest irrigation land in the world, but also has the highest expansion rate of irrigation area.
The area of East Asia and its neighboring regions is about half of Asia's total. Semi-arid and arid
regions occupy a high proportion of the land, where irrigation is highly necessary for maintaining
agriculture, developing agriculture or for exploiting reserve land. Hence, there will be
considerable potential for expansion of irrigation and development of irrigation land will keep
increasing in recent future in this region, though irrigation development could slow down due to
high development costs, limited land suitable for new irrigation development and increasing
shortage of available water resources in some areas. The expansion of irrigation in this region
should not be less the average growth rate of Asia.
Hence, It is no doubt that there exist many factors causing expansion of salinization in the region,
such as climate, soil, irrigation, etc.. In terms of the above mentioned situation and assumption,
therefore, we believe that human-induced salinization will still expand in the future under present
agricultural utilization. The most significant expansion will occur in semi-arid and arid regions
while semi-humid and humid regions can neither escape from the expansion. In the mean tune,
area of salinization could be reduced in some regions owing to rational management and
reclamation. Putting positive and negative effects in consideration altogether, expansion of
salinization could be the dominant trend. The expansion rate in the region interested is estimated
no less than the average of the world and the average of Asia. From the view point of sustainable
agriculture, fair management of land, water resources and optimal irrigation will be helpful to the
control of salinization expansion. Should these principles be followed, expansion of salinization
could be under control and favorable condition for sustainable agricultural development could be
achieved.
IV. Amelioration and Utilization of Soil-affected Soils and Measures of Controlling
Salinization. As in various salt-affected areas in the world, the genetic conditions and the types
of soil salinization are varied and complicated (20), it is imperative to adopt different amelioration
and utilization measures and methods in light of the local conditions in order to mitigate or reduce
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the adverse effects of high salinity and alkalinity on soil physical, chemical and biological
properties, to control degradation of soil fertility, to create a sound ecological environment for
normal growth of crops, to provide a reliable guarantee for rational exploitation of the land
resources of salt-affected soils and hence to facilitate sustained development of the agriculture.
Therefore, selection of methods for amelioration and utilization of salt-affected soils in different
salt-affected areas should not only depend on the soil physical, chemical and biological properties,
but also take into consideration the natural conditions and social economy of the area which might
affect the feasibility and success or failure of the reclamation, amelioration and agricultural
utilization of the salt-affected soils. With the development of the global economy and sciences,
East Asia and its neighboring regions have obtained rich experience and remarkable achievements
in controlling soil salinization, thus laying down a scientific basis for rational exploitation of the
solonchak resources and development of agriculture in light of the local conditions.
1. Approaches to and principles of amelioration and utilization of salt-affected soils and control
of salinization. Production practices and research results prove such a principle that
comprehensive measures must be taken for overall management in controlling soil salinization.
"In light of the local conditions" means that according to the local natural conditions, the genesis
and type of the salt-affected soils, the features of the agricultural production, the social economic
situation and the boundary of both the valley and the administrative division, regionalization and
planning of soil amelioration and utilization and appropriate measures and methods are determined
for integrated programming and overall management. The overall management has three
implications, a) Overall viewpoint. Overall management is an important way of thinking guiding
amelioration and utilization of the salt-effected soils. Because of the complexity of the genesis and
type of the salt-affected soils and the arduousness and reversibility, of their amelioration and
utilization, it is essential to analyze and consider the local conditions completely with an overall
viewpoint, and then to determine the key measures and the supplementary methods to be taken
at different space and time to exercise overall management of salinization in order to achieve the
expectant results; b) Overall consideration of the objects for management. The occurrence of soil
salinization is often associated and interacted with drought and waterlogging, and the soil fertility
of saline-sodic land is quite low. Consequently, in controlling soil salinization, attention should
be given to prevention of natural disasters-drought and waterlogging inherently associated with
the occurrence of soil salinization, whereas in preventing drought and waterlogging, the technical
requirements for controlling soil salinization should be taken into consideration and relevant
measures be adopted to increase soil fertility so as to improve crops resistance to salts and alkali.
Only in that way, can the effect of overall management be achieved; C) Overall application of
various amelioration and utilization measures. The measures for ameliorating and utilizing saltaffected soils can be concluded into three categories, namely, water-conservancy technical
measures, agro-biological measures and chemical measures. And the measures of the three
different categories are different in function and effect when adopted for soil amelioration and can
not be substituted with each other. The function of the water-conservancy technical measures is
mainly controlling soil water-salt movement, accelerating desalting of soils and groundwater, etc..
The function of the agro-biological measures demonstrates itself mainly in fostering soil fertility,
reducing surface evaporation, preventing salt accumulation in the surface soil, enhancing the result
of salt-leaching through irrigation, alleviating damage of salts and alkali to crops, breeding of salttolerant crop varieties etc.. And that of the chemical measures is displayed mainly in improving
soil physico-chemical properties, speeding up desalinization or solodization of soil, etc..
Production practices prove that in controlling soil salinization, the adoption of any single measure
would not yield any significant, stable results, but often reversible one.
Besides, the following combination strategies are to be put into practice. (21).
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— Water conservancy technical measures combined with agro-biological measures;
— Amelioration combined with utilization;
— Drainage combined with irrigation;
— Prevention combined with management;
— Elimination of damage from salts and alkali combined with improvement of soil fertility.
2. Primary Experience in and Optimal Models for Amelioration and utilization of Salt-Affected
Soils.
A. Consummation of drainage-irrigation systems. Soil salinization often occurs in areas with poor
river hydrological and hydro-geological conditions. In salt-affected areas, drainage is often poor,
and drought and waterlogging takes place alternately and frequently. Therefore, dredging drainage
canals and completing field drainage engineering system are the fundamental conditions for
ameliorating and utilizing salt-affected soils. In arid and semi arid areas, soil salinization is quite
common and serious. Irrigation is essential to combat drought. Particularly in arid and desert
areas, no irrigation means no crops. So, the irrigation there has two functions, one is to meet the
demand of crops for water, and the other to leach salts out of the soil. In that case, it is generally
required to increase the volume of water diverted through the irrigation ditch system and the
irrigation quota, or to flood the field purposely to leach salts out, which, thus, requests the
drainage system to strengthen its drainage capacity and its function to control groundwater table,
hence to maintain water balance in the irrigation area. In short, in salt-affected areas, complete
and rational drainage-irrigation systems are essential in improving water-salt regime, controlling
water-salt movement in soil, preventing volume accumulation of salts in the surface soils, and
accelerating steady desalinization of the soil, which in turn facilitate overall amelioration and
utilization of salt-affected land and development of agriculture thereupon.
B. Draining and rice-planting. Draining and rice planting is one of the traditional practices of
ameliorating and utilizing salt-affected land and an effective measure combining amelioration and
utilization together. In salt-affected areas no matter whether in the coastal regions of southeast
China or in the inland arid regions, as long as there is plenty of guaranteed water source and
certain drainage conditions, the measure of rice-planting can be used to ameliorate salt-affected
land. This practice usually does not need special leaching. After flooding the field with diverted
water, rice can be plante.d and yield 4500-6000 kg/ha grains in the current year.
During the rice growing period, the field is often flooded, thus accelerating soil desalinization and
increasing the desalinization rate. With the succession of rice-planting year, the desalinized soil
layer deepens and in areas with better drainage facilities, ground water is gradually desalted, the
desalted water layer thickens and soil desalinization gets stabilized. The land thus becomes suitable
for paddy-upland rotation. Research results show that in coastal areas, 3-5 years of draining-andrice-planting lowered the mineralization degree of the ground water to l-3g/L, increased the
thickness of the fresh water layer to 1.5 m or more and reduced soil salt content to 0.1% or so.
In this case, the land can be cultivated for paddy-upland rotation (or rice-green manure crops).
When the measure is adopted in soda alkalic solonchaks, application of organic manure and
chemical amendments such as gypsum, phosphogypsum, etc. helped to achieve better results.
Planting rice to ameliorate salt-affected soils must be carried out under an integrated planning,
and paddy and upland crops be laid out appropriately to prevent the soils of the surrounding
upland fields from secondary salinization.
C. Combination of wells, ditches and canals and comprehensive amelioration of salt-affected land.
To combat soil salinization, the measures usually taken are to divert river water for irrigation
through canals and to drain the leaching water mainly through open ditches. However, in some
areas, the land topography limits drainage and there is a shortage of fresh water sources, affecting
salt leaching, salt draining and soil amelioration. Apart from the coastal salt-affected areas and
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some closed depressions in inland salt-affected areas with poor hydrogeology and highly
mineralized ground water, most salt-affected areas have fairly rich fresh groundwater resources,
shallow or deep. According to China's experience of the last 2 decades, in salt-affected areas,
developing pump wells (20-60 m deep) to make use of ground water resources for irrigation and
setting up irrigation-drainage engineering systems with various forms of combination of wellsditches-and-canals have contributed greatly to the management of soil salinization.
Because of extensive use of well-irrigation, a large volume of groundwater is pumped up for
irrigation and salt-leaching, thus widely lowering the ground water table, which in fact functions
like a draining shaft. Practices show that in irrigated areas with river water, a complete irrigationdrainage engineering system, consisting of wells, ditches and canals and combining well-irrigation
with canal-irrigation by making use of groundwater, not only increases irrigation water sources
and expands irrigated land area but also regulates the ground water table. Take for example
Renming Shengli (People's victory) Canal Irrigation Region, using water diverted from the
Huanghe River, in Henan Province, China. The construction of the combination of well-canal
irrigation got underway in 1964. The ratio of the volume of water used from wells to that from
canals and ditches was around 1:6 in the irrigation area. A general well-irrigation could lower the
ground water table by 0.39m, whereas a general canal-irrigation raised the water table by 0.48
m. So in normal cases, in irrigated areas, the water table is hold between 2.5-3.5 m, thus
effectively preventing secondary salinization and mitigating the damage of waterlogging.
In salt-affected areas with brackish ground water, combination of wells and canals in the form of
mixed water (fresh and brackish) irrigation or rotation irrigation. This practice can not only
control the ground water table but also gradually desalt the ground water, provided the area is
installed with a perfect drainage engineering system.
D. Addition of organic manure to improve soil fertility. In ameliorating salt-affected land, there
are a huge variety of agro-biological measures, of which the most important one is to increase the
input of organic matter. Application of organic manure helps improve soil physical properties,
enhance salt leaching, reduce surface evaporation, and inhibit salt accumulation in the surface soil.
Organic matter available for use includes crop stems and straws, green manure, barnyard manure,
compost, etc.. Long term application of organic manure can not only ameliorate the salt-affected
land but also increase the accumulation of organic matter in the soil and accelerate the maturation
of the surface soil layer. Experimentation in the coastal regions of Jiangsu Province, China shows
that the matured surface soil layer has reached 15-20cm in thickness, and the soil organic matter
content over 1.5%, which contribute significantly to improving soil moisture physical properties,
reducing surface evaporation and inhibiting salt accumulation in the surface soil. In salt-affected
areas with a shortage of organic manure, growing of green manure is promoted in light of the
local conditions. Besides growing green manure solely in the field, rotation, inter-planting and
inter-cropping of grain cops or cotton with green manure of different varieties can also be adopted
to expand green manure sources, which can ameliorate soil, improve soil fertility, inhibit salt
accumulation, as well as promote combination of agriculture with animal husbandry and, hence,
make the saline ecological environment develop in the direction of benign circulation.
E. Selection of salt-tolerant (plants) crops. Selecting various salt-tolerant varieties of (plants) crops
to fit different saline ecological environments and tapping the inherent tolerance of the varieties
are important measures to improve the efficiency of the reclamation, amelioration and utilization
of salt-affected soils. Even planting (or protecting) natural halophyte vegetation also contributes
to controlling further salinization of the soil. What is more, some of the salt-tolerant plants can
be used as forage for animals and can be taken as the direct economic profit from salt-affected
lands.
The selection of suitable salt-tolerant crops is subject to the local soil properties and salt content.
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The tolerance of crops varies significantly with the soil properties (texture, moisture physical
properties, salt composition etc.), tillage and the variety of crops. And as it is also influenced by
the climatic factors and experimental conditions and methods, the experimental results in various
sites are not as identical. So in areas of different types of salinization, salt-tolerance experiments
should be conducted mainly on native plants (crops) to attain salt-tolerance data and criteria that
suit the local conditions and can serve as a basis for selection of salt-tolerant crop varieties. In
reality, large volumes of data have been accumulated in almost every place and are available for
reference. According to their salt-tolerance features, the extensively grown or planted natural
plants, fruit trees and crops can roughly be sorted into 3 groups.
High salt-tolerance (EC = 16-8 mms cm1 or total salt content =1.0-0.5%) : sugarbeet, cotton,
asparagus, etc.;
Moderate salt-tolerance (EC = 8-4 mms cm' or total salt content=0.5-0.2%): fruit trees
(pomegranate, fig, olive, grape), crops and vegetable (sorghum, barley, wheat, tomato, oat, rice,
maize, flax, potato, carrot, onion, cucumber);
Salt-sensitive (EC =4-2 mms cm"' or total salt content < 0.2%): fruit trees (pear, apple, citrus,
plum, almond, apricot, peach), and other crops (red clover, pea, soybean, sugarcane,)
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Irrigation With Saline Water: Certain Environmental Implications
S. Miyamoto and W. Mueller. Texas A&M University, Agricultural Research Center at El
Paso, 1380 A&M Circle, El Paso, TX 79927, and Department of'Chemistry and Biochemistry,
New Mexico State Univ., Las Cruces, NM, respectively.
Abstract
Soil salinization and water quality degradation caused by irrigation with saline water
constitute degradation of natural resources, and water quality degradation is becoming an
enforceable environmental issue. In this paper, physical processes of water quality degradation,
its impact on some aquatic species and livestock, and promising measures for saline drainage
water handling were briefly reviewed. Most salt elements are carried through irrigation water,
concentrated many fold through evaporative losses of water, and may appear at a steady state in
drainage water in quantities comparable to the original salt load. Transition elements (e.g., B,
Se, As, Mo, V, and Cr) can be dissolved from the soils or be introduced through irrigation
water, and are subject to evaporative increases in concentration. Heavy metals (e.g., Pb, Cd,
Hg, Ag, Cu and Zn) are mostly sorbed by soil particles, transported by sediment flow, and are
mobilized under acidic or reduced conditions or through complexiation with organic matter.
Selenium appears to be the most common element that causes concerns in the western USA,
followed by As, B, Mo, V and, in some instances, Hg, Ag, Cd and Pb. Many of these trace
elements, especially Hg, Ag, Cd, Pb, and Se are toxic to aquatic species at concentrations as low
as 0.01 to 30 n L 1 . Most fish species can tolerate high levels of salinity, but, species
compositions can be greatly altered with increasing salinity. Selenium and Mo are also known
to cause adverse effects on livestock through accumulation in plant forage. The measures to
reduce water quality degradation by salts and trace elements include source control in watershed,
controlling evapotranspiration, maximizing removal and/or storage, and dilution. When these
measures are not feasible or ineffective, separation of saline water and subsequent disposal away
from rivers offers an alternative. Disposal options include recharge/injection, evaporation and
potential uses of salts for saline solar ponds. What is currently lacking is cost-effective means
of reducing the quantities and trace element concentrations of saline waters that must be disposed
of. The development of irrigated production of highly salt tolerant crops and halophytes may
help reduce the cost of saline water disposal, and, in some cases, land degradation caused by
high salinity and overgrazing.
Introduction
Soil salinization and water quality degradation caused by irrigation with saline water are
significant and historical problems in many irrigated areas of arid and semi-arid regions of the
world. A recent estimate, for example, indicates that soil salinization in irrigated areas
worldwide goes on at a rate of about 1 million ha per year (69). Water quality degradation
caused by saline agricultural drainage water is also a common occurrence in irrigated areas of
arid and semi-arid regions.
Historically, both soil salinization and water quality degradation caused by saline water
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irrigation have been viewed largely as a "natural" or "unavoidable" process of natural resource
degradation. In the regions where irrigated agriculture has evolved into enterprise or pure
investment opportunities, however, saline agricultural drainage water has begun to be viewed as
one of the industrial wastes which can potentially contaminate the environment (71). As far as
the general public is concerned, there appears to be little difference between saline water
originating from irrigation or that resulting from cooling towers. Recent incidents of fish
deformity and bird kills that occurred at the Keaterson drainage regulatory reservoir as a result
of excess Se (37, 59) seems to have touched on this segment of public sentiments. Agricultural
drainage water evaporation ponds in California are now regulated under the Toxic Pits Cleaning
Act of the state. One could perhaps dismiss such an action as an exceptional case applicable only
to California. However, there seems to be many indications that various public nuisance laws,
state effluent discharge regulations, and the Federal Endangered Species Act may be evoked on
the handling of agricultural drainage water (33). If this trend continues, the view on saline
agricultural drainage water can change from the "normal" process of resource degradation to an
enforceable environmental issue in the future.
In dealing with this issue, we can perhaps draw a certain parallel with the experience of the
handling of animal wastes. Animal wastes, like salts, were once considered a resource, then a
waste, and eventually became a subject of regulatory actions. The quantities of animal wastes
generated are much larger than those of human wastes and this necessitated the development of
new handling technologies. Likewise, saline agricultural drainage water is much larger in
quantity than saline wastewaters from conventional industries, and requires technologies that are
different from small source treatments.
The purpose of this article is to provide a brief review of basic physical processes of salts
and trace element accumulation in agricultural drainage water, then potential impacts on some
aquatic species and livestock, and several promising options for handling of saline water.
Saline Water Irrigation and Resulting Drainage Water Quality
Drainage from Irrigated Fields
The salt and trace element balance in irrigated soils has been a subject of many studies, and
most of which start with the mass balance equation;
C„DD = C,D, - A CSDS - M, - M„ + M,

(1)

where CD, Q , and C s are the concentration of salts or trace elements in drainage water,
irrigation water, and in soil solutions, respectively. DD, D, and D s are the quantity of respective
water bodies, for convenience, expressed in surface depth units, M,. the quantity of salts or trace
elements, precipitated, sorbed or desorbed, M, the quantity taken up by crops, and M, the
quantities added, except through irrigation water, and include fertilizers, soil amendment and
atmospheric fallouts.
When saline water containing 0.5 to 5 g L"1 is used for irrigation, the quantities of salts that
are carried through irrigation, C,D, of Eq (1), is 5 to 50 Mg ha'1 for an assumed irrigation depth
of 1 m. These salts flow into the field mostly in dissolved form, although some are carried in
exchangeable form with suspended solids. Trace element concentrations in irrigation water vary
greatly, but Boron (B) is usually present at the highest level, ranging from 0.1 to 1 mg L~'. The
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annual input of B is in the range of 1 to 10 kg ha"'. The dissolved concentrations of other trace
elements in irrigation water are usually low; < 25 ng L"' for Mo, V and Zn; < 10 fig L"1 for
As, Se, Cr, Cu; and < 1 fig L"' for Pb, Cd, Hg and Ag. The annual input in dissolved form
is less than 25, 10, and 1 g ha"' for the corresponding three groups, but larger quantities may be
carried by sediment flow.
Fertilizer application adds to the salt input, Ma of Eq (1). The extent varies with the types
and application rates used. Ammonium sulfate, which is among the most salt laden fertilizers,
can add up to 1 Mg ha"' per growing season. Ammonia and urea contribute to a lesser extent
to the salt load, and P-containing fertilizers are usually not very soluble. Fertilizer and pesticide
application may also add to trace element input. Arsenic (As) is, for example, added both
through herbicides and P-fertilizers (75). Likewise, Zn and Cu are often added as foliar spray
as well as through discharges of sewage water into irrigation water supplies. When large
quantities of soil amendments, such as gypsum, industrial grade sulfuric acid, manure and sewage
sludge are added, they will directly add to both salt and trace element load. Sewage water and
sludge are usually the major source of both salts and trace elements (20).
The crop uptake of salts ranges from 0.5 to 1.5 Mg ha"' per season (38), which is
approximately equal to the salts added as fertilizers. The quantities of trace elements removed
by crops vary from 10 to 200 mg kg"' for Zn; 3 to 30 mg kg"' for Cu and B; 0.01 to 3 mg kg'
for Mo, Se, V, Cd, and Ag; and less than 0.1 mg kg' for Hg (56). Mercury and Ag are
absorbed more by algae and fungi (34). The annual uptake can be as high as 200 g ha"' for Zn
and 3 g ha"' or less for other elements per 1 Mg of dry matter produced.
Calcium ions added through irrigation water undergo precipitation reactions to form CaC0 3 ,
and CaS0 4 2H 2 0. The precipitation of Mg in irrigated soils is minimal, unless the water is
highly alkaline and contains appreciable amounts of Si. The extent of Ca precipitation varies
mainly with leaching fractions and the concentration of Ca, HC0 3 , and S0 4 , and ranging from
0 to 2 Mg ha' for most irrigation waters in arid regions. Trace elements react with various
constituents of the soil and only a fraction will remain dissolved (34).
The quantities of dissolved salts that can be stored in a root zone without presenting adverse
effects on crops depend on crop salt tolerance, water holding capacity of the root zone as well
as irrigation management, and usually range from 10 to 30 Mg ha"' for most conventional crops.
When salinity of irrigation water is low, it is thus possible to grow crops for several years
without leaching (23). However, in the case of saline water irrigation involving salt
concentrations in excess of 5 g L ' , the salt concentration in soils will reach the upper limit of
permissible levels in one season or less. Thus, periodic or constant salt leaching is required.
Under repeated irrigations, salt concentrations in drainage water are dictated by salinity of
irrigation water and leaching fractions. At the steady state, A CgDg is zero, and the difference
between M, and Mu is usually small. Thus, Eq (1) is reduced to:
CD = (C, - C c ) D./D,,
or

(2)

= (C, - CC)/LF = (C, - C c ) D,/(D, - ET)

(3)

where C c is the salt precipitation or dissolution, LF the leaching fraction, and ET the
evapotranspiration.
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Fig. IA shows some examples of salinity of drainage water from lysimeters measured after
the drainage water was exposed to the atmosphere (62). Salinity of the drainage water prior to
exposure to the atmosphere is greater than the values shown, because of high Ca concentrations
induced by a high C0 2 partial pressure in the root zone. The Salt river water contains little S0 4 ,
thus only CaC0 3 precipitation occurs, in this case until Ca ions are almost exhausted. The
Colorado River water contains appreciable amounts of S0 4 , and the estimated product of Ca and
S0 4 concentrations in drainage water at LF = 0.1 exceeded the solubility of gypsum (estimated
by assuming the ionic strength of the drainage water prior to precipitation) by 25 me L 1 . These
quantities multiplied by the LF plus CaC0 3 precipitation provided approximate values of 6.2 mg
L"1 for Cc at LF = 0.1. In the case of the Pecos River, the quantities of CaS0 4 2H20
precipitation in drainage water were estimated to be 125 and 40 me L"1 at LF of 0.1 and 0.2
respectively, or 12.5 and 8.0 me L 1 on the basis of irrigation water quantity. In addition,
CaC0 3 precipitation was estimated to be equal to the HC0 3 concentration, 3.1 me L"1. These
estimates are the first approximation, yet the values corrected for salt precipitation (solid lines)
are closer to the measured values than the uncorrected estimates (dotted lines). The accurate
estimate of Ce requires a computer model (40, 55).
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Fig. 1. Salinity (A) and sodicity (B) of drainage water as related to the leaching
fraction; estimated by no salt precipitation (dashed lines) and with salt precipitation
(solid lines) with the measured data points by Rhoades et al (1973).
Sodicity of drainage water is usually higher than that of irrigation water due to concentration
effects and precipitation of Ca. Although sodicity effects are minimal under high salinity, it has
been a matter of concern, because high sodicity reduces water infiltration of rain water, thus
increasing runoff, which is a key mechanism of transporting pesticides and heavy metals.
Several computer models are available for predicting sodicity (55). Alternatively, a simple
estimate of the sodium adsorption ratio of drainage water (SARJ under a steady state can be
made by incorporating Ca precipitation and Na uptake by plants.
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SAR, = (1/LF)* (CN. - CU)/(CC. - C t + CM,)14

(4)

where C N „ C c „ and C,^ are the concentration of Na, Ca, and Mg in irrigation water, expressed
in mmol L l , and C„ and Cc are plant uptake, and precipitation, respectively. Examples of SAR,,
of drainage water from lysimeters measured after aeration by Rhoades et al. (1973) and the
computed by Eq (4) are shown in Fig. IB. The plant uptake of Na was assumed to be zero. A
comparison between the calculated and the measured values indicate that the correction for
concentration and salt precipitation provides a good first approximation of sodicity of drainage
water.
The concentration of trace elements in drainage water is controlled primarily by precipitation,
sorption and dissolution reactions, and only to a limited extent by the leaching fraction. In
general, solubility of most metal elements tends to increase with lowering pH and redox
potential, while this rule does not always apply to transition elements (34, 75).
Effects on Surface Water Quality
The salt or trace element balance in irrigated areas may be described as:
Crof Q,„r = C ^ Q , ^ + Crtm Qrtm +CrtaQnB-!CwdrQwd,

C,Q, + C^, < V A C.Q. - M, - M„
(5)

where C,uf, C , ^ , C,tm, C ^ , Cg, Cp, and Cwdr are the concentrations of salts or trace elements
in the surface flow, the base flow, storm water inflow, irrigation return flow, deep percolation,
the upward flow (or pumping) of subsurface water, and the withdrawals, respectively. Q,uf,
Qbmei Qrtm> Qita» Qg> Q»u and Q*dr are the quantities of respective water bodies.
The major factor which reduces the return of internal drainage is the deep percolation, C,
Qg of Eq (5). However, it becomes zero when water tables rise, and the quantity, C^Q^,,
becomes approximately equal to the product of irrigated areas and CdDd of Eq (1) or (2). The
other factors which reduce the salt load of the surface water include salt storage (C.QJ, salt
precipitation (Mc), and plant salt uptake (M„) along stream banks. These will also be saturated
in time. If there is no underground water pumping or upward saline flow, Eq (5) is reduced to:
C„ f = ( C ^ Q , ^ + Crtm Q ^ + C,,. Qrt, - S Cwdr Qwdr)/ Q ^
and

(6)

Q.,,, = Qb^ + Q* n + Q*,, - I Qwdr - ET

where ET is the evapotranspiration along the waterway. When Qb^, Q rtm , and I Q wdr are zero,
Eq (6) is further simplified to C wf = C,„ Qrt,/Q„f or CiQ^Q^f, indicating that salinity of the
surface flow is proportional to the ratio of irrigation and surface return flow quantities.
Table 1 shows examples of salinity of surface drainage flow in three irrigation districts along
the middle Rio Grande, where Q^, 0** and Z Cwdr Q wd , are assumed to be zero. Inflow
quantities and salinity were measured at respective diversion dams during the period of 1936
through 1945, 20 years after the construction of a large irrigation reservoir. During this period,
no major pumpage of ground water or of withdrawals of the drain flow was reported. The
salinity of the surface drain flow is not far off from the estimates made by the simplified version

jofBq(6).
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Table 1. The quantities and salinity of water delivered to the three irrigation
districts along the middle Rio Grande, and the quantities and salinity of the surface
drain flow from the districts; 1936-45 (the original data from the US Bureau of
Reclamation, the middle Rio Grande Project).
Rincon

Irrig. Districts
Inflow (million m1)
Salinity (mg L 1 )

Mesilla

El Paso

108
496

580
552

516
807

Drainage (million m3)
Salinity (mg L 1 )

43
1026

270
1200

165
2520

Qi/Q.uf

2.51
1272

2.15
1190

3.13
2530

Salinity by Eq (6)

Table 2 shows examples of water and salt balance in the upper reach of the Rio Grande. The
main base flow of the Lower Rio Grande is the flow of the Rio Conchos which originates from
Mexico, and three perennial surface inflows include the tail water of the middle Rio Grande, and
of the Pecos River, both of which consist mostly of irrigation return flow and saline seeps, and
the Devils River. The storm inflow (Q„J was estimated from the measured flow at Amistad and
the measured base flow and inflow. The evapotranspiration was assumed to be equal to the
evaporation from Amistad Reservoir. The estimated salinity of 877 mg L"1 by Eq (6) is not far
off from the measured value of 852 mg L ' .
Table 2. Flow and dissolved salts in the main flow and tributaries in the upper reach
of the Lower Rio Grande (Mivamoto et al.. 1994).
Q
million m'
Base Flow ( C ^ Q^J
Rio Conchos
909
Surface Inflow (C,uf Q„f)
The middle Rio Grande
169
274
The Pecos River
The Devils River
353
Storm Inflow (Cttm Q^,, estimated)
Total
456
Windrawls ( C ^ Q^) total
-40
Evapotranspiration (ET, estimated)
-58
Balance
2063
Measured at Amistad
2063

C
kgm 3

CQ
million Mg

839

0.76

42

44

2083
1985
264

0.35
0.54
0.09

19
29
4

8
13
17

264
707

0.12
-0.03

7
-1

22
-2

0
877
852

0
1.83
1.76

0
100
—

-2
100
—

CQ
%

Q
%

Table 3 shows examples of trace element concentrations along the Rio Grande and in several
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drainage water samples. The Taos monitoring station is located in the watershed of the middle
Rio Grande, and the stations at El Paso and Ft. Quitman are located below the Mesilla and El
Paso Valleys, respectively. The increases in salt and transition element concentrations
downstream are evident, except for Se, while the concentrations of Pb, Cd, Cu, Hg and Ag
remain low. Table 3 also includes trace element concentrations in agricultural drainage water
in the Lower Rio Grande (Arroyo Colorado), and agricultural drainage water in the Central
Valley of California (San Luis Drain). Trace element concentrations are usually affected by the
geochemical nature of the regions more so than water evaporation.
Table 3. Mean concentration of trace elements in the Rio Grande, agricultural
drainage water, and ocean water (Mivamoto et al.. 1994).
Taos
NM
E C ( d S m ' ) 0.31
pH
8.2

El Pasc
TX

Ft.
Quitman
TX

Arroyo
Colorado
TX

1.37
8.4

3.5
8.3

5.4
7.2

Transition Elements (jig L"1
B(mgL') 50
80
Se
<1
<1
As
2
3
Mo
7
11
V
<6
Cr
1
2
Heavy metals (jig L 1 )
Pb
2
1
Cd
<1
1
Hg
0.1
Ag
< 1
<1
Cu
3
3
Zn
7
11

except for B)
1200
2100
<1
1
7
8
11
18
15
44
2
10
1
2
<1
3
20

1
<1
<1
20
10

Laguna
Madre
TX
29.2
8.6

3400
2
9
11
270
20
1
<1
<1
30
30

San Luis Ocean
drain
water
CA
Average
14.8
8.2

14,400
325
1
88
19
3
3
<0.1
<1
4
33

57
-

4,500
0.2
4.0
10.0
2.0
0.3
0.03
0.05
0.03
0.04
0.5
2

The salt and water balance equations and examples introduced above are merely to help
conceptualize the process of water quality degration by salts and trace elements. The actual
processes are far more complex, and are time or flow-dependent. For operational purposes,
transient state analyses of flow and salts are usually required (73).
Potential Impacts on Aquatic Species and Livestock
Salts
Salts pose a dominant effect on crop growth and yields, thus profitability of irrigated
agriculture. Salts also impose constraints for full-utilization of water resources for human
consumption, public water supplies, as well as for industrial processing activities. There is no
doubt that these factors have traditionally driven the concerns over salinization of water
resources. The effects of salts are, however, far more reaching, including their impact on
ecological compositions. Plant communities, for example, change from glycohytes to pseudo-.
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halophytes, then to true halophytes with increasing salinity (9). Many halophyte species thrive
at a salinity range of 10 to 20 g L"1 in soil solutions, and their growth rates declined as salinity
of the soil solution approaches that of seawater (35 g L*1) and beyond (42). Microorganisms have
even higher levels of saline adaptation. Many species thrive at salinity of seawater and all the
way to salinity of halite solubility (360 g L1) (32). High salinity per se does not necessarily limit
productivity of biota within the salt level of our concerns, but salinity and salt compositions cause
significant changes in plant and microorganism compositions and eventually the total number of
species that can adapt.
Effects on Aquatic Species: The changes in the compositions of plant communities,
microorganisms and invertebrates induced by changing salinity and salt compositions can affect
aquatic species compositions in ecosystems. In addition, salinity has direct effects on spawning,
growth and health of many freshwater fish species. In general, however, fish species are quite
adaptable to a relatively wide-range of salinity. Catfish (Ictalurus punctatus), for example, has
the optimum salinity range of up to 5000 to 7000 mg L"1 (67). When salinity of the culture water
reaches 9000 mg L"1, however, the catfish shows a growth reduction, inefficient food conversion
as well as increased mortality. Tilapia (Tilapia nilotica) can also tolerate high salinity, 10,000
to 17,000 mg L'1 (66). Red Drum or canal bass (Sciaenidae spp.) has adapted in ponds of west
Texas with 4000 or 6000 mg L"1, and some have spawned (personal observation). Seawater
shrimp (Penaeous vannamei) has also shown remarkable growth in culture ponds (4000 to 6000
mg L"1) fed by the Pecos river water. Brine shrimp (Artemia salina), oysters (Crassostrea spp.)
and clams (Mercenaria spp.) have an optimum salinity range of 10 to 20 g L- 1 (29). It is
possible to stock various aquatic species of economic or recreational values in a wide-range of
salinity. However, the impact of salinity on indigenous species must be carefully evaluated, not
only from the view of direct effects of salinity, but also the changes in food supplies which may
be altered by salinity.
Effect on Livestock: High salinity can affect health of livestock either through their water
supplies or through salt intake through forage. The upper limits of salinity of water suitable for
livestock consumption vary with livestock species as well as ages, and range from 2,860 to
12,900 mg L 1 (Table 4). This guideline originates from the Australian experience (48) and is
based on physiological effects on poultry (2,860 mg L 1 ), swine (4,290 mg L 1 ), horses (7,150
mg L 1 ), dairy cattle (7,150 mg L 1 ), beef cattle (10,000 mg L 1 ) and sheep (12,000 mg L 1 ).
These threshold levels may vary with salt composition, age of the livestock as well as salt intake
from fodder or feed. Sulfates (especially magnesium sulfate) are, for example, known laxatives,
and may present problems at concentration as low as 1000 mg L 1 . Young animals are usually
more adversely affected by sulfates than older animals.
In addition to salt intake through water, livestock absorbs salts through digestion of forages
and feeds. The upper limits of NaCl in forage suitable for livestock consumption is considered
to be 100 g kg 1 of dry forage (51), although some species, such as camels and sheep can tolerate
high salt diets. The salt contents of conventional forage crops and feeds generally do not exceed
this limit. However, salt accumulating halophyte fodder can have NaCl contents as high as 200
to 300 g kg', and salt secreting types 100 g kg"1 (42).
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Transition Elements
Boron (B), Selenium (Se) and Arsenic (As) are three of the most common nonmetal transition
elements that pose environmental/ecological concerns. Boron (B), usually present as B (OH)3
in water at pH < 9, is adsorbed on metal-hydroxy surfaces, yet its concentrations are subject
to evaporative increases. The concentrations in drainage water vary widely, ranging from 10 to
15,000 ng L"\ The primary concern of B is its phytotoxic effect, although some indication of
waterfowl toxicity exists at high concentrations (68). Because B is highly phytotoxic, the foodchain contamination through digestion of plants is low. Selenium (Se), usually present as SeOj"
in alkali and oxidized environments, is found most commonly in soils derived from sedimentary
rocks of Permian and Cretaceous Age (35). High concentrations in the western USA are
reported mainly in California, Utah, Montana and Wyoming (10). The concentrations in
drainage water vary widely ; 1 to as high as 350 fig L 1 , and are subject to evaporative increases.
Se is subject to volatilization under reduced environments through microbial methylation, and is
readily absorbed by plants, microorganisms, and invertebrates. Arsenic (As), usually present as
arsenate (AsO3,) and various complex anions, are ready fixed by soil constituents and sediments
(46). The soil reactions are similar to those of P. The concentrations in drainage water and soil
solutions are in the range of 1 to 20 fig L ' . As is also subject to microbial methylation. As is
a human carcinogen, but there is little evidence for As-induced cancers in other species.
Molybdenum (Mo), Vanadium (V), and Chromium (Cr) are three of the most common metal
transition elements, and are also subject to evaporative increases in concentration. Mo, usually
present as MoC^", is mostly of geochemical origins. The concentrations in drainage water vary
widely (10 to 100 fig L"1). Vanadium (V), present as V0 2 + , VOJ and VO3, depending on the
redox potential, is found commonly in oil, coal and at times in shales. The concentrations in
drainage water vary widely; 10 to 100 fig L"1. Chromium (Cr) forms complex anionic and
cationic ions depending on oxidation states (46), and chromate ion (CrOj) is readily mobile, and
more toxic than Cr3*. The concentration in drainage water may vary from 1 to 30 fig L ' .
Effects on Aquatic Species: Selenium (Se) is an element which had been known to cause
impaired reproduction, inhabitation of growth, mutagenesis and suppression of the immune
system of animals and humans. The recent incidents of fish and bird deformity and mortality that
occurred at the Kesterson drainage regulatory reservoir (59) have elevated interests in Se effects
on aquatic species and birds. Se is readily methylated, absorbed by plants, microorganisms and
invertebrates and is biomagnified. In the case of the Kesterson Reservoir, Ohlendorf et al.
(1986) reported the mean concentrations of 35 to 85 mg kg"1 DW in filamentous algae, rooted
plants and plankton and of 122 to 125 mg kg"1 DW in fish, while Se concentrations in water
varied from 15 to 350 fig L 1 . The EPA water quality criterion for fresh water aquatic life
protection is 35 fig L"1 (24-h average) as selenite (Table 4), although lower levels had been
suggested as being more appropriate (6, 16). These suggestions stem from the fact that high
levels of bioaccumulation occurs in numerous species of algae, fish, and invertebrates at
concentrations as low as 0.015 to 3.3 fig L ' and that certain fresh water teleosts experience
reproduction difficulties at concentrations of 9 to 12 fig. Se is also highly toxic to birds (16, 54).
Arsenic (As) is accumulated in phytoplankton; inorganic forms can be methylated by algae
and introduced into the food chain. Bioconcentration factors (BCF) in other aquatic organisms
are low. Experimentally determined BCF values in most aquatic invertebrates and fish exposed
to As +3 for 21 to 30 days did not exceed 17X; the maximum was 6X, and 9X for organoarsenicals. (17,18). Adverse effects on aquatic organisms have been reported at concentrations
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as low as 19 pg L"1 in water (reduced growth of some marine algae), 120 mg kg' in diets (food
avoidance and poor growth in rainbow trout, Salmo gairdneri), and 1.3 mg kg"1 fresh weight in
tissues (reduced survival of juvenile bluegill, Leopomis macrochirus). (12). At 40 /tg As +3 L ' ,
50% of developing embryos of the narrow-mouthed toad (Gastrophryne carolinensis) were dead
or malformed after 7 days. The EPA water quality criteria for fresh and salt water aquatic life
protection call for 190 and 36 p.% As3+ L"1, respectively (Table 4).
The use of sodium arsenite for control of aquatic vegetation in fresh water at concentration
of 1.5 to 3.8 mg As +3 L/1 has been considered safe for fish (49). More recent data, however,
indicate that levels of 0.1 to 1 mg L"1 may be harmful to freshwater teleosts such as bluegills,
flatfish, fathead minnows and rainbow trout, producing hemorrhagic spheres on gills, fatty
infiltration of the liver, and neurosis of heart, liver and ovarian tissues (52).
Effects on Livestock: Selenium (Se) and Molybdenum (Mo) are two of the most toxic transition
elements that affect health of livestock. In the case of the US, Se-induced toxicity (Selenosis)
is found primarily in the Northern Plains and Rocky Mountain States (35). The concentration
of Se in plant tissue is highly species-dependent, and is usually higher in calcareous or alkali soils
than in acidic soils (64). The typical range of concentrations in conventional fodder crops in the
US is between 0.1 to 1 mg kg"1 (Table 5). However, certain salt accumulating halophytes and
legumes are known to concentrate Se up to about 1 mg kg"1 (2, 64). The level toxic to livestock
is considered to be 2 mg kg"1 (Table 5), whereas the levels that cause phytotoxicity are greatly
higher, in the order of 100 mg kg"1 (Table 5). Because of this difference in tolerance between
plants and animals, Se poses a danger of food chain contamination. To avoid this problem, the
maximum allowable Se in irrigation water is set between 20 to 100 pg L"1, depending on SO^+
concentrations (Table 4). Se is also known to be absorbed through forage.
Molybdenum (Mo) is also readily adsorbed by plants, and the concentrations in plant tissue
range from 0.1 to 3 mg kg"1 (Table 5). In the USA, the toxicity caused by excess Mo
(Molibdosis or Mo induced Cu deficiency) is most frequently reported in the northwestern states
(35). The concentrations of Mo in forage that can cause animal toxicity are 10 to 20 mg kg 1 ,
except for chicken which may tolerate up to 100 mg kg"1 (Table 5). The concentrations that
cause phytotoxicity are in the order of 100 mg kg 1 , similar to those for Se. The maximum
allowable Mo concentrations in irrigation water are 20 to 50 /tg L'1 (Table 4).
Vanadium (V), is not an essential plant nutrient, but is readily absorbed, typically at 0.1 to
1 mg kg 1 , and may become toxic to plants at about 10 mg kg"1 (Table 5). The concentrations
in forage, which can cause toxic effects on livestock are somewhat higher (Table 5). Grass
species tend to absorb V most readily (up to 2.5 mg kg"1). The maximum allowable V
concentrations in irrigation water is 100 /ig L"1 (Table 4).
Other transition elements such as B, As, and Cr are less toxic to livestock, and cause
phytotoxicity at lower concentrations (Table 5). Thus, the potential for food chain contamination
by these elements is low.
Heavy Metals
Cadmium (Cd), Mercury (Hg), Silver (Ag), Lead (Pb), Copper (Cu) and Zinc (Zn) are
readily absorbed by soil constituents or sediments, and their dissolved concentrations in drainage
water are usually very low (e.g., Table 3), and depend to a large extent on pH and redox
potential (45, 46). Cadmium (Cd), usually present as Cd2+ and various complexes, rarely
«exceeds 1 fig L"1 in irrigation water. However, under reduced conditions, its dissolved
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concentrations can reach as high as 20 ng L"1 (58). Cd is toxic to all forms of life, a known
teratogen, carcinogen and probable mutagen, and affects fish and wildlife at low levels of
exposure. Cd is also readily absorbed by plants and is a potential food-chain contaminants.
Mercury (Hg), usually present as Hg (OH)2 and HgCl" in alkali and oxidized environments
originates both from geochemical and pollution sources. Hg remains undissolved even under
reduced conditions by forming sulfide minerals such as HgS. However, Hg is subject to
methylation, and methylated Hg is mobile and is absorbed by microorganisms as well as by
plants. Hg is a known mutagen, teratogen and carcinogen. Silver (Ag) remains largely insoluble
at pH above 4, as it forms strong bondings with Mn0 2 , S, S0 4 or organic matter. Ag is
absorbed primarily by algae and fungi, and is highly toxic to aquatic species.
Lead (Pb) has high affinity to calcareous soil particles and forms carbonate minerals. In
addition, Pb can be incorporated into clay minerals and Fe and Mn oxides and may form organiccomplexes. Dissolved concentrations of Pb in alkali or calcareous soil regions are thus usually
low, in spite of high total contents in soils or sediments. Plants can readily absorb dissolved Pb
from nutrient solutions, but very little form calcareous soils and sediments. Lead affects the
structure and function of liver, kidney, bone and the central nervous system; it is teratogenic,
mutagenic, and has carcinogenic or cocarcinogenic properties (19).
Both Cu and Zn have low solubility under alkali conditions, but both can be readily chelated
or complexed with various types of organic matter. The concentrations of Cu and Zn in soil
solutions and drainage water range from 3 to 50 ng L 1 . Both Cu and Zn are often deficient for
optimum growth of many crops in calcareous soil regions. However, both Cu and Zn are toxic
to aquatic species.
Effects on Aquatic Species: The primary concern for metal toxicity to aquatic species are Hg,
Ag, Cd and Cu. Toxic concentrations of mercury salts range from less than 0.1 ng L'1 to more
than 200 ng L 1 for representative freshwater and marine organisms (14). Early developmental
stages are the most severely affected, usually at concentrations below 2 pg L 1 . Signs of acute
Hg poisoning in fish include flaring of gill coverings, increased frequency of respiratory
movements, loss of equilibrium, and sluggishness (1). Chronic Hg poisoning caused emaciation,
brain lesions, cataracts, abnormal motor coordination, and various erratic behaviors. Hg residues
(in mg kg') in severely poisoned fish ranged from 26 to 68 in liver, 16 to20in brain, and 5 to
10 in whole body (1). A high proportion ( > 80%) of total Hg in fish was found to be in the
form of methylmercury (47). Methylation and subsequent bioaccumulation in aquatic ecosystems
and the high toxicity of methylmercury make Hg the most toxic element for aquatic organisms.
Even at low concentrations, Hg adversely affects reproduction, growth, metabolism, blood
chemistry, osmoregulation, oxygen exchange, and behavior of marine and fresh water organisms.
Reproduction was inhibited among sensitive species at water concentrations of 0.03 to 1.6 /tg Hg
L"1 (14). Reduced growth of sensitive species was recorded at concentrations in water as low
as 0.04 ng L 1 , e.g., rainbow trout (18). The EPA water quality criteria for fresh and salt water
aquatic species protection from Hg are 0.012 and 0.025 fig L\ respectively (Table 4).
Freshwater biota are the most sensitive group to Cadmium (Cd) toxicity; LC-50s for many
species are in the low fig L"1 range, and the early development stages of fish like bass, salmon
and trout are the most severely affected, with LC-50 from 0.8 - 2 pg L"1 (17). Low alkalinity
increases Cd toxicity: in 30-60 day studies, the maximum allowable toxicant concentrations
(MATC) of Cd for brook trout were 1 to 3 ng L 1 at 30 mg CaC0 3 L 1 , and 7 to 12 pig L"1 at 177
mg CaC0 3 L"1 (4). The LC 50s decrease with increasing duration of toxicity testing, indicating
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accumulation of Cd from water. Among all species of freshwater biota studied, Cd
concentrations of 0.5 to 5 ng L 1 caused decreases in growth, inhibition of reproduction, and
population alterations.
Marine organisms are somewhat more resistant to Cd toxicity; hermit crabs, among the more
sensitive species were killed by exposure to 60 /tg L"1 for 6 to 10 weeks (57), and an LC-50
range of 14.8 to 19.5 /tg L"1 was reported for two species of mysid shrimp exposed for 23 to 26
days (26). Cd levels between 0.5 and 10 ng L 1 caused decreases in growth, respiratory
disruption, molt inhibition, and shortened life span in crustaceans (17).
The EPA water quality criteria for fresh water aquatic production from Cd depends on
hardness or titratable alkalinity of the water, and the listed value of 1.1 ng L"1 (Table 4) applies
to zero alkalinity. At a typical alkalinity of 100 mg CaC0 3 L ' , the maximum allowable Cd
concentration in water is 3 /tg L ' . The EPA criteria for salt water aquatic species protection is
4.5 ng L-1 (Table 4).
Lead (Pb) adversely affects survival, reproduction, development and metabolism of most
species under controlled conditions; food chain biomagnification of Pb is negligible, and
immature organisms are most sensitive. Adverse effects on daphnid reproduction were reported
at 1 ng Pb 2+ L"1 (3); high bioconcentration factors were measured in oysters at 1 /*g L ' and in
fresh water algae at 5 /xg L"1 of Pb 2+ . In rainbow trout (Salmo gairdneri) 13 y.g Pb 2+ L"1 for 23
weeks produced anemia and reduced ALAD activity (17); maximum allowable toxicant
concentrations (MATC) were found to be highly dependant on water hardness: (13). Fish that
is continuously exposed to toxic concentrations of waterborne Pb show various signs of Pb
poisoning: curved spine (lordosis), anemia, black-tail effect, degeneration of the caudal fin,
destruction of spinal neurons and respiratory epithelium, ALAD inhibition, muscular atrophy,
paralysis, renal, testicular and ovarian pathology, retardation of sexual maturity, and death. The
EPA water quality criteria for fresh water aquatic species protection from Pb are adjusted to
alkalinity of the water. The listed value of 3.2 /tg L"1 (Table 4) is at 100 mg CaCOj L ' . At
zero alkalinity, the maximum allowable limit is similar to that for Cd.
Acute toxicity data for copper range from 7.2 /ig L l for Daphnia pulicaria in soft water to
10,200 Hg L"1 for bluegill in hard water. Among the more sensitive species are daphnids, scuds,
midges, and snails, which form the major food webs for both warm- and cold-water fishes
speceis. Concentrations of copper lethal to these sensitive organisms in soft water are only
slightly above those chronically toxic to most fish species. Chronic values range from 3.9 /*g
L~' for trout to 60.4 fig L~l for northern pike. The EPA criteria for dissolved copper to protect
freshwater aquatic life is 2.9 y.g L"1 as 24-hour average at an alkalinity range of 0.94 to 1.23 mg
L-' (Table 4).
Effects on Livestock: The primary concern for metal toxicity to livestock is Cd and Hg, and to
a lesser extent, Co and Pb. Cadmium (Cd) concentrations permissible for livestock water supply
(10 Hg L*1) is not difficult to meet in most alkali irrigation water. However, Cd can accumulate
in soils and is absorbed by plants. The concentrations of Cd in plant forage, which can cause
toxic effects on animals are in the order of 0.5 mg kg', the lowest of any element. Cd is
absorbed by plants in the range of 0.01 to 1.0 mg kg"1, especially under slightly acidic
environments and, to a lesser extent, in alkali environments. Many vegetable crops are known
to be high accumulators of Cd (up to 1.0 mg kg 1 ), while forage crops usually accumulate to a
lesser quantity (7). A large portion of Cd is usually retained in plant roots, but can also readily
be transported to plant tops.
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Table 4. The US EPA water quality criteria for aquatic species, birds, and the
primary drinking water, and the proposed EPA guidelines for livestock water
supplies and the California guidelines for irrigation.
Aquatic Species
Acute
Chronic
fresh
saline
fresh
saline
Total dissolved salts (mg L>)
Transition Elements (jig L l )
As
190
36
B
Se
35
54
260
.
Mo V
Cr
50
16
Heavy Metals 0*g L')
Pb
3.2
5.6
Cd
1.1
9.3
Hg
0.012
0.025
Ag
0.12
Cu
2.9
2.9
Zn
47
58

-

Livestock

2800

Drinking
water

Irrigation

1000

<5000

410

20
5000
50

50
10

100
750
20-100

_
1100

_
1000

.
1000

_
50

10-50
100
100

82
3.9
2.4
4.1
12
320

140
43
2.3
2.3
18
170

10
50
1
50
2500

50
10
2
50
1000
5000

5000
10
200
500

The guideline by Mulbcorn (1975).

Table 5. Maximum tolerable levels of dietary minerals for domestic livestock in
comparison with levels in forages (Chaney, 1983).
Element

As
B
Cd
Cr
Co
Cu
Mo
Pb
Se
V
Zn

Level in plant foliage
Normal Phytotoxic

Maximum levels c hronically tolerated
Sheep
Chicken
Cattle
Swine

(mg kg'1 dry foilage)
0.01-1
3-10
7-75
75
0.01-1
5-700
0.01-1
20
0.01-0.3
25-100
25-40
3-20
0.1-3.0
100
2-5
0.1-2
100
10
0.1-1
15-150
500-1500

50
150
0.5
(3000)
10
100
10
30
(2)
50
500
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,
. "' dry diet)
- -(mg Kg
50
50
50
(150)
(150)
(150)
0.5
0.5
0.5
(3000) (3000)
3000
10
10
10
25
300
250
10
100
20
30
30
30
2
2
(2)
50
10
(10)
300
1000
1000

Mercury (Hg) is adsorbed most readily by microorganisms and mushrooms. The plant
uptake is reported to be usually less than 1 mg kg"1 (18). Phytotoxic concentrations of Hg range
from as low as 0.5 to as high as 3 mg kg 1 . The concentrations of Hg in forage which can cause
toxic effects to livestock have not yet been determined.
The animal toxicity associated with Co and Pb is usually limited to acidic conditions, as its
solubility and plant uptake are reduced drastically under alkali pH conditions. Likewise, Cu and
Zn are usually deficient in alkali soils for producing forage of optimum quality. However, a
recent study indicates that saline marsh halophytes can absorb Cu to a level toxic to animals (60).
Strategies for Reducing Water Quality Degradation
Strategies to reduce or minimize salinization and trace element contamination associated with
irrigation activities include five broad options; dilution, controlling evapotranspiration,
maximizing soil storage, maximizing salts and trace element removal, and separation of saline
or contaminated flow. In addition, the control of salt and trace element sources in watershed
complements these efforts. The reduction in withdrawal of low salt water can also reduce
salinization, but is usually not a viable option when water rights are historically fixed.
Source Control
The control of salt and trace elements in watershed or at their sources is an integral part of
reducing water quality degradation. Although salts in watershed are usually viewed as nonpoint
sources, the major portion of salt sources is often confined to certain geotopographytical
formations. These include gypsum deposits, evaporite deposits, saline creeks and saline seeps.
The control measures include flow diversion to minimize the pick-up of salts or the diversion of
saline creeks or seeps through transporting them away from the river flow. The latter option,
of course, requires a site suitable for disposing of the saline water. Vegetation management to
maximize water uptake can also reduce mobility of saline seeps (31).
Limiting irrigation of soils containing gypsum or relatively soluble trace elements such as B
and Se is also an effective strategy. The presence of gypsum in soils at 1 % (or 10 g kg1) can
generate over 200 Mg ha"1 of salts from a soil layer thickness of 1 m. Likewise, irrigation of
soils containing relatively soluble transition elements has been the cause of elevated
concentrations in drainage water (10), including the case of the Kesterson Se problems in the
Central Valley of California. A careful appraisal of trace element leaching potential with
irrigation is an essential and increasingly important task.
The control of trace element sources also includes control of mine sediment flow, oilfield
brines, and regulatory control of point sources. Both mine sediments and oilfield brines are often
the significant source of trace element pollution (21, 75). Discharge permit regulations vary
depending on states, but the discharge into agricultural drains is usually permitted as long as the
discharge quality meets the acute criteria, instead of the chronic criteria for aquatic speceis
protection, even though the drain water may flow into the main flow in a short distance.
Enforcement of pretreatment requirements is usually a pragmatic alternative, especially relative
to Hg, Ag and Cd which are highly toxic to aquatic species.
Dilution
Dilution has been the most common means of reducing salinity, both on a basin-wide scale
and on a farm scale. In the example of the Rio Grande (Table 2), salinity at Amistad Reservoir
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would have been as high as 1200 mg L ' , if fresh water inflow were absent. In addition,
maintaining the base flow is usually required to keep river bank saline flow in check through the
maintenance of the hydraulic gradient. However, dilution in a short term duration is generally
ineffective in reducing trace element concentrations as they are mostly retained in sediments (21).
The trace element data of the Rio Grande recently compiled by Miyamoto et al. (1994) for
example show no significant difference in dissolved concentrations of metals between low and
high flow periods, although transition element concentrations tend to be lower during high flow.
When the bottom sediment is suddenly disturbed, however, metal concentrations in stream flow
can temporarily increase due to the exposure of sediment pore water which usually has elevated
concentrations of metals (58).
Dilution of saline drainage water with low salt water is another strategy commonly used to
supplement irrigation needs. This strategy is practical as long as salinity of the blend does not
exceed the threshold. Otherwise, blending may be considered contamination with saline water.
Alternatively, saline water and low salt water may be kept separated and be used at different
blending ratios at different stages of crop growth (61). Typically, water of high salinity is used
toward crop maturity during which salt tolerance is usually higher. It should be kept in mind that
blending does not reduce the total salt load. Also, the use of highly saline waters can create
saline spots when irrigated fields consist of multiple soil types (39).
The concept of dilution also extends to management of shallow ground water. There is a
strong desire on the part of landowners to replace or recharge shallow ground water for
supplementing irrigation during the years of low surface water supply. Such an operation must
consider the potential for increased saline return flow in water saturated river basins. Recharge
of deep aquifers with excess water can be an option for water conservation, but usually not for
salinity control.
Evapotranspiration Control
Reducing evapotranspiration in cropped fields or along waterways and ditch banks can reduce
salinity of drainage water as well as of the main flow. In reality, the reduction in transpiration
is often accompanied by an increase in evaporation from wet soils or waterways and in some
cases, the reduction in vegetative covers in waterways may conflict with game and wildlife
protection interests. The use of chemical anti-transpirants is ecologically more sound than
eradication of vegetation. However, its use is generally limited to increase water yields during
the period of extreme drought, rather than for reducing salinity on a permanent basis.
Modification of waterways, such as the construction of canals usually provides a more pragmatic
and long-term solution.
When soils contain substantial quantities of salts or relatively soluble transition elements,
the reduction in evapotranspiration can actually aggravate the situation by mobilizing stored salts
or trace elements and/or increasing subsurface saline flow. Increasing vegetative covers can
reduce mobility of stored salts and trace elements (30). This form of mobility control is
sustainable as long as the vegetation used is salt tolerant and that salinity of soil solutions remains
below the salt tolerance limits. This means that salinity of inflow must be low. Otherwise, some
drainage or lateral seepage must be allowed to keep the salt balance in check.
Increase Soil Storage
Enhancing salt storage in the crop root zone and below by reducing leaching fractions is, as
discussed earlier, a short-term measure, unless salinity of irrigation water is low. However,
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reducing the leaching fraction can have substantial benefits of reducing irrigation water
requirements and of reducing the rate of water table rises. In fact, the US EPA has emphasized
irrigation efficiency improvements as a means of reducing irrigation return flow during the 60's
and 70's (65). In addition, reducing leaching fractions promotes precipitation of Ca, HC0 3 and
S0 4 , and consequently total salt load (63). A long-term effect of such a practice on permeability
of subsoils, however, requires careful evaluation (25), as gypsum and carbonate minerals can
plug soil pore spaces. In most river-basin projects, irrigation system improvements remain to
be a difficult problem, mainly due to the lack of economic incentives and entrenched water
policies.
Storing salts along ditch or river banks is another option, and this process usually takes place
as a result of evaporative water losses. The implementation of this option, however, requires
careful assessment, as the stored salts can readily be mobilized under fluctuating flow conditions
near waterways. Salt damages in nearby irrigated lands are common when the salts stored in the
bank are mobilized by excess flow in the river.
Soil storage of heavy metals is a viable option, especially in calcareous soils which limit their
solubility. The estimates by Page et al. (1981) show that many elements contained in municipal
sewage water can be stored for an extended period before reaching a level harmful to plants or
livestock. The allowable limits of trace elements in irrigation water (Table 4) incorporate these
considerations. The plant barrier discussed earlier also provides additional protection.
Increase Salts and Trace Element Removal
The use of vegetation for salt removal has limitations as discussed earlier. However, the use
of salt accumulating halophytes can remove up to 200 to 300 kg salts (especially NaCl) per 1 Mg
of dry matter (42), and can make a substantial contribution to lowering sodicity of low salt
irrigation water. Water-application of NH3 (g) or NH4OH also reduces Ca and HC0 3
concentrations of irrigation water through CaC0 3 precipitation (11). Engineering means of
removing salts, such as reverse osmosis and electrodialysis are quite effective for producing small
quantity or high priced water supplies (36. 72), but usually too costly as a means of controlling
basin-wide salt problems. The quantities of salts that are carried through irrigation water are
usually large; e.g., 1.8 million tons in a small segment of the Rio Grande basin shown in Table
2. In addition, brine rejects from the treatments must be disposed of properly.
The removal of certain trace elements from water is somewhat more promising as the
quantities involved are comparatively small. In situ biological treatments of Se through
methylation are, for example, promising (24), and a technique similar to this can be applied to
As as well as Hg. For small volume treatments, biological reactors, chemical sorbents and ion
exchange resins are known to be effective (36). Calcareous soils and certain plant species are
also known to remove appreciable quantities of metals. The use of river banks as soil and sand
filters to lower dissolved concentrations of metals is reported to be effective as a purification
process of the metal laden river water (22). The role of irrigation with metal-containing water
can be positive in terms of lowering their concentrations in drainage water, although the problem
of soil accumulation must also be dealt with.
Separation and Disposal
When salinity and/or trace element concentrations of water become high enough to preclude
economic uses, the saline water must be disposed of. This limit is currently about 4000 to 6000
ippm in terms of salinity. If the discharge to ocean or inland saline lakes is feasible, saline water
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disposal is comparatively easy, provided that the impact on aquatic species and wildlife is
adequately buffered. If ocean or inland saline lake disposal is not possible, the first option is the
creation of artificial saline wetlands, or drainage regulatory basins. The common problem with
this option is the impact on aquatic species and waterbirds as well as water resources
contamination. Saline wetlands are not sustainable unless salts are allowed to drain out or
dilution occurs at sufficient levels. In addition, trace elements are subject to evaporative
increases in concentration. When an outlet for salts does not exist in arid climates, the saline
wetland will eventually transform to salt pits or saline wastelands.
Lined evaporation ponds are the next option, especially in the areas where water resources
have to be protected from contamination. The cost of lined pond construction is high, and salts
must be hauled away in time. In addition, lined pond water is subject to evaporative
concentration of trace elements, which can cause damage to bird species. The use of evaporation
pond salts for saline solar pond may provide some outlet in the near future (36). Unless
beneficial uses and markets for salts are developed, evaporation options can not be sustained for
a long period of time.
Saline water recharge and/or deep well injection are costly, yet offer another option for
saline water disposal. Suspended solids (especially organic slime consisting of saline algae and
other organic substances), and salt or scale deposits are known to cause difficulties in injection.
Many states prohibit deep injection, if trace element concentrations are high enough to cause
contamination of existing subsurface water resources.
Research Agenda
Strategies for reducing water quality degradation associated with saline water irrigation are
undoubtedly site-specific. Nonetheless, there are common features, thus common research
agenda, across the irrigated areas of arid and semi-arid regions. The evaporative concentration
of salts and transition elements is, for example, a common feature in any irrigated areas. In the
past, this problem had been dealt with primarily by dilution. Opportunities for dilution and for
mass disposal of saline waters are, however, rapidly declining in most irrigation projects due to
increased utilization of fresh water resources and concerns over water contamination. At the
same time, conventional means of removing these elements are usually too costly for basin-wide
water quality central objectives. Therefore, future water management trends are likely to place
a greater emphasis on attaining water quality protection objectives through minimizing inflow of
salts and trace elements into surface water resources, while reducing withdrawals of low salt
water as much as possible.
Following this scenario, one of the primary concerns would be to reduce salt and trace
element inflow into streams in watershed (Fig. 2). In addition to the well-known techniques of
flow diversion and limits on discharge or irrigation permits, a greater emphasis may have to be
placed on managing vegetation in watershed. The use of highly salt tolerant deep-rooted shrubs
and trees, for example, can substantially reduce saline seeps; the use of range grass species
which provide soil protection could also reduce salt and trace element pick-up by surface runoff.
Likewise, vegetative stabilization of mine sediments can substantially reduce transport of toxic
heavy metals to waterways and water reservoirs.
Another key research agenda must deal with separation and disposal of the saline flow that
is currently contaminating the supply (Fig 2). Most irrigated areas are now equipped with
surface or subsurface drains, thus the separation is not a major problem. However, the disposal
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of saline water through lined evaporation or injection is usually costly, unless the quantities of
the saline water are reduced to a manageable level. One promising approach to reduce the
quantities of saline water that must be disposed of is to develop reuse options, which include
agroforestry, aquaculture, and production of highly salt tolerant crops (41, 74). The presence
of elevated levels of trace elements and other toxics such as pesticides, however, can significantly
reduce the potential for aquoculture options, even though many fish species can easily tolerate
the seawater level of salinity. Irrigated production of highly salt tolerant crops with fodder
values (42) is likely to be less susceptible to trace element toxicity, as the tolerance levels of
livestock and human to most trace elements are considerably higher than that of aquatic species.
In addition, there is an option of blending fodder to reduce potential toxicity. Nonetheless,
careful evaluation of plant uptake would be required, especially for Se, Mo and Cd, to which
plant barriers do not seem to exist. Many halophytic plant species with fodder values have been
selected, and many of these species thrive when irrigated with irrigation water of 5 to 20 g L"1
at a leaching fraction of 20 to 30% (42). In addition, promising salt tolerant species that produce
grains and oil seed are being selected for seawater irrigation (27, 50). Trace elements tend to
accumulate more in forage than in seed. Agroforestry would be even a safer option as far as
trace element problems are concerned. However, trees of economic values such as those used
for paper pulp or building materials are not as salt tolerant as some shrubs or grass species,
although they can tolerate high sodicity and alkalinity (42).
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Fig. 2. Schematic diagram for a saline water management option involving irrigated
crop production.
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Water quality control strategies that are used under limited dilution, however, may or may
not protect aquatic species. Irrigation project developments have often altered ecology through
the reduction in flow and wetlands and construction of barriers in migratory waterways (44, 53).
Water quality constraints by salts and trace elements compound the difficulties, although the
extent of the problems appears to be somewhat less than it has widely been perceived (10). The
preservation of wetlands and habitats, especially for those species sensitive to changes in flow
volumes, salinity and trace elements requires separate water allocation, instead of counting on
saline agricultural drainage water for enhancements. This may require substantial changes in
existing pricing and water allocation policies (76).
From a global prospective, irrigated cultivation of highly salt tolerant crops with saline
wastewaters can have beneficial effects on controlling land degradation, another major
environmental issue of arid and semi-arid regions. The principal cause of land degradation in
developing countries is associated more with overgrazing than salinization (70). Irrigated
production of highly salt tolerant fodder crops may have the direct impact of supplementing
fodder needs in such areas. Likewise, irrigated production of fuelwood or fuel sources with
saline water or on saline wastelands can lower our dependance on fossil fuel and related problems
of excess C0 2 (28). These potentials may become substantial, as our knowledge on saline water
irrigation extends to the use of seawater for irrigated production of highly salt tolerant halophyte
species.
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La Formation Geoquimica de los Suelos
Sódicos y sus Propiedades
E.M. Ortegal, G.E. Garcia2.
En la actualidad los suelos salinos se dividen en dos subgrupos: 1 . El subgrupo de los
suelos salinos con un contenido de 1.0-2.0%, o mós de sales solubles y 2. El
subgrupo de suelos sódicos. Los suelos sódicos pueden ser suelos sódicos neutros o
suelos sódicos alcalinos. Sin embargo, los suelos sódicos neutros son suelos salinosódicos, y en su desarrollo los suelos sódicos neutros poseen algunos contenidos de
carbonatos y bicarbonatos de sodio.
Los suelos sódicos tienen las siguientes caracterfsticas:
a.

Presencia de una capa compacta que tiene una estructura columnar.

b.

En los espesores columnares se tienen contenidos considerables de sodio
intercambiable.

c.

El contenido de partfculas finas en los espesores compactos es alto.

d.

En los horizontes superficiales, en los suelos propiamente sódicos, el contenido
de sales es bajo. Si el suelo es salino-sódico, entonces, en la mayor parte del
perfil el contenido de sales es alto.

e.

Un contenido de carbonatos desde la superficie.

f.

La solubilidad del humus en el agua es alta.

Todas estas propiedades ffsicas y la presencia de alcalinidad son nocivas para el
desarrollo y crecimiento de los cultivos agrfcolas.
Por otra parte, y considerando que la razón fundamental de la aparición de las
propiedades de la sodicidad se deben al sodio intercambiable, es por lo tanto de
mucha importancia analizar en que condiciones ocurre la adsorción del sodio y el
desarrollo de los suelos sódicos.

' . Profesor . Investigador Adjunto. Centro de Hidrociencias.
Postgraduados. Montecillo, Edo. de México. C.P. 5 6 2 3 0 .
2

Colegio

de

. Investigador adjunto. Centro de Hidrociencias. Colegio de Postgraduados.
Montecillo, Edo. de México. CP 5 6 2 3 0 .
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CONDICIONES DE DESARROLLO DE LOS SUELOS SODICOS SALINIZADOS CON
SALES NEUTRAS.
Cuando los suelos salinos estén salinizados con sales neutras, es de fundamental
importancia determinar en que relación Na/Ca se desarrollan las propiedades sódicas
de los suelos.
En estudios detallados que se han llevado a cabo sobre la adsorción del ion sodio de
soluciones neutras se establecieron las siguientes regularidades: en una concentración
de 1 .ON y en una relación Na/Ca igual a 2 0 , el porciento de sodio intercambiable fue
de 5 6 . 5 0 % ; en una concentración de 0.5N y una relación Na/Ca igual a 20 el
porciento de sodio intercambiable fue de 5 1 . 0 % ; en una concentración de 0.1 N y una
relación Na/Ca igual a 20, el porciento de sodio intercambiable fue de 4 4 . 0 % ; y por
ultimo, en una concentración de 0.05N y una relación Na/Ca igual a 2 0 , el porciento
de sodio intercambiable fue de 3 7 . 0 % . Con estas investigaciones se hace evidente
que, para que se formen suelos sódicos con altos contenidos de sodio intercambiable,
cuando los suelos estén salinizados con sales neutras de sodio se requiere que en las
soluciones salinas, el sodio tenga una alta predominancia sobre el calcio
aproximadamente 20 veces, y ademés en términos generales las soluciones salinas
sean de alta concentración. En el cuadro 1 se presentan los valores del sodio
adsorbido durante la interacción de sales neutras con el suelo.
Las propiedades ffsicas de los suelos sódicos con algunos niveles de sodio
intercambiable se ven afectadas y una de las propiedades ffsicas que tiene mucha
importancia para el manejo agrfcola de estos suelos es la conductividad hidréulica.
En la figura 1 se presenta el comportamiento de la conductividad hidréulica de un
espesor de suelo de la cuenca endorréica de Texcoco, Edo. de México. En este trabajo
se utilizaron sales neutras de sodio y de calcio.
En la formación de los suelos sódicos y en la aparición de las propiedades con
caracterfsticas de estos suelos, el carbonato de sodio tiene mucha importancia, de ahf
que entonces sea relevante examinar las teorfas de formación de soda en la
naturaleza.
La presencia de carbonato de sodio en las soluciones aumenta el pH y también elimina
de la solución a los iones de calcio y magnesio, precipitando a estos iones en forma
de carbonatos. Cuando ocurre la precipitación del calcio y del magnesio aumenta de
manera ilimitada la adsorción de los iones de sodio por los suelos, de ahf que la
formación de suelos sódicos ocurra también con pequenas concentraciones de
carbonato de sodio.
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FIGURA 1. Conductividad hidréulica de un espesor de suelo. Ras = 0, Ras = 15,
Ras = 25, Ras = 50, Ras = <».
Procesos que originan la formación de carbonato y bicarbonato de sodio en la
naturaleza.
1.

Formación de soda durante el ciclo vegetativo de las plantas de las
zonas éridas y semiéridas (Bazilevich, N.I.).

2.

La actividad biológica de las bacterias sulfato-reductoras (Williams, V.R.).

3.

Reacción coloido-qufmica de K.K. Gedroitz.

4.

Reacción de intercambio de bases de Hilgard.

5.

Factores geológicos en forma de los procesos del intemperismo de los
alumino-silicatos, y acción de las aguas subterréneas que estén
sometidas a sub-presión.

El riego con aguas subterréneas sódicas de baja concentración, que generalmente se
encuentran en yacimientos basélticos de reciente formación, propician de una manera
répida la formación de suelos sódicos (cuadro 2).

281

CUADRO 2. AGUAS BICARBONATADAS DE BAJA CONCENTRACION
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TEORIA DE FORMACION DE SODA DURANTE LOS PROCESOS DE INTEMPERISMO
DE LAS ROCAS CRISTALINAS.
El proceso de extracción de cationes de los feldespatos sódicos ocurre mediante la
hidratación y desalojo de los iones de la periferia de la malla cristalina. Como resultado
de este proceso se forman minerales arcillosos secundarios, soda y sflice en estado
coloidal y molecular:
Na 2 AI 2 Si 6 0 1 6 + 2 C 0 2 + 6 H 2 0 - H 2 AI 2 Si 2 0 8 -H 2 0 + 4 S i 0 2 - 3 H 2 0 + 2NaHC0 3
2NaHC03A^

Na 2 C0 3 + H 2 0 + C 0 2

Durante el proceso de hidrólisis de los minerales del grupo de los feldespatos aparecen
los bicarbonatos de los metales alcalinos, los cuales, en los horizontes superficiales
de los suelos, bajo la acción de un clima érido y seco los bicarbonatos se transforman
en carbonatos.
Las formas solubles de Na 2 Si0 3 y K 2 Si0 3 se someten a un proceso de doble hidrólisis,
transforméndose en bicarbonatos y después en la zona de aereación, en la época
calurosa del ano pasan a ser carbonatos de acuerdo con el siguiente esquema:
Na 2 Si0 3 + HOH - NaOH + NaHSi0 3
NaHSi0 3 + HOH - • H 2 Si0 3 (Si0 2 + nH 2 0) + NaOH
NaOH + C 0 2 - NaHC0 3
2NaHC0 3 - Na 2 C0 3 + H 2 0 + C 0 2
Durante los ciclos de extrema evaporación, los bicarbonatos son transformados a
carbonatos y, parcialmente precipitados con el calcio y con el magnesio.
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TEORIA DE FORMACIÓN DE SODA MEDIANTE LA REACCIÓN DE INTERCAMBIO DE
BASES (DESCOMPOSICION) DE LAS SALES NEUTRAS DE SODIO Y LOS
CARBONATOS DE LOS METALES ALCALINO-TERREOS.
La teorfa de formación de soda de acuerdo con las reacciones CaC0 3 + NaCI (Bertole)
y CaC0 3 + Na 2 S0 4 (Hilgard) se han mencionado desde hace mucho tiempo en la
ciencia del suelo. Muchos investigadores consideran que la teorfa de formación de
soda de Hilgard tiene lugar cuando interactüan los carbonatos de calcio precipitados
en los suelos con los sulfatos de sodio de las aguas freóticas.
TEORIA COLOIDO-QUIMICA INTERCAMBIABLE DE K.K. GEDROITZ DE FORMACIÓN
DE SODA
a. 4XNa + 2CaC0 3 + C 0 2 + H 2 0 ** 2XCa + 2NaHC0 3 + Na 2 C0 3

b. XNa + H 2 C0 3 - XH + NaHC0 3 °-i Na 2 C0 3
La fuente de la reacción alcalina alta en los horizontes sódicos (solonetz) es el
complejo de intercambio catiónico saturado con Na. En este caso el fenómeno ocurre
anélogamente a la hidrólisis de las sales de un écido débil (micela de un acidoide) y
una base fuerte (el sodio adsorbido) el mecanismo de la reacción se puede presentar
de la siguiente manera:
Micela-Na + HOH *» Micela-H + NaOH
El valor pequeno de la constante de disociación de la micela del acidoide condiciona
la unión de los iones H, y el NaOH provoca una alta reacción alcalina y en presencia
del C 0 2 esto conduce a la formación de soda. Ademés de la hidrólisis de los
compuestos adsorbidos, la reacción alcalina de los horizontes de los suelos sódicos
esta relacionada con la hidrólisis de los humatos, silicatos y aluminatos de los metales
alcalinos.
La reacción alcalina de las soluciones de los humatos y silicatos de sodio por analogfa
con los carbonatos se puede representar con el siguiente esquema:
Hum-Na + HOH *± Hum-H + NaOH
Na 2 Si0 3 + 2HOH ** (Si0 2 ) • H 2 0 + 2NaOH
La reacción alcalina del aluminato de sodio que pasa a la solución se explica, por lo
visto, debido a su hidrólisis de acuerdo al siguiente esquema:
NaAI0 2 + 2HOH ** NaOH + AI(OH) 3
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De tal manera que la reacción alcallna en su etapa inicial en los horizontes de los
suelos sódicos, ademés del efecto del CaC0 3 , esta reacción esta relacionada con los
fenómenos de hidrólisis de parte de los alumino silicatos secundarios del complejo de
intercambio saturados con metales alcalinos, humatos de sodio que se forman durante
el proceso de introducción del sodio al complejo de intercambio catiónico, silicatos y
aluminatos de sodio que pasan a los horizontes de los suelos sódicos en forma de
soluciones verdaderas.
TEORIA DE FORMACION BIOLOGICA DE SODA MEDIANTE EL PROCESO DE
REDUCCION DE SULFATOS Y NITRATOS
Sobre la reducción de compuestos, V.R. Williams ha mencionado que en los suelos,
en primer lugar se reducen los compuestos del nitrógeno, en segundo lugar los
compuestos del azufre, después los compuestos del fósforo y por ultimo los
compuestos del fierro.
Las siguientes ecuaciones en que CH 2 0 representa a la materia orgénica ilustran a la
formación de la alcalinidad debido a los procesos de reducción.
5CH 2 0 + 4N0 3 " - 4HC0 3 - + C 0 2 + 2N 2 + 3 H 2 0
2CH 2 0 + S0 4 " 2 - 2HC0 3 - + H2S
CH 2 0 + 2Fe 2 0 3 + 7 C 0 2 + 3 H 2 0 - 4 F e + 3 + 8HC0 3 "
S-2 + 2 F e + 3 - 2Fe + 2 + S°
Fe + 2 + S 2 - FeS
Las reacciones secuenciadas de formación de soda mediante el camino biológico,
cuando se reducen sulfatos son:
Na2S - NaOH - Na 2 C0 3 + H2S
Las reacciones secuenciadas de formación de soda mediante el camino biológico,
cuando se reducen los nitratos son:
2NaN0 3 - 2 N a N 0 2 - Na 2 C0 3 + N 2
En forma generalizada, los procesos biogeoqufmicos de reducción de sulfatos de sodio
se realiza de acuerdo con el siguiente esquema:
C„H 12 O e + 3Na 2 S0 4 - 3 C 0 2 + 3Na 2 C0 3 + 3H 2 S + 3 H 2 0
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o, en su esquema diferenciado:
Na 2 S0 4 + 2C = Na2S + 2 C 0 2
Na2S + C 0 2 + H 2 0 = Na 2 C0 3 + H2S
La aparición de carbonatos y bicarbonatos
ocurren en suelos saturados y
sobresaturados que contienen sulfatos y materia orgénica. Estas condiciones de
acumulación de sulfatos se presentan en las cuencas sin escurrimiento y en las
planicies costeras de descarga de las aguas freéticas. Los altos niveles de las aguas
freéticas propician la ocurrencia de procesos de anaerobiosis, mientras que la materia
orgénica es necesaria para proporcionar material energético. Bajo tales condiciones,
las bacterias reductoras de sulfatos en condiciones anaeróbicas obtienen oxfgeno de
la reducción de sulfatos a sulfuros y la energfa de la materia orgénica. La consecuente
precipitación de los sulfuros como FeS disminuye las concentraciones del anion S'2 que
fue originalmente asociado con el sodio (Na 2 S), propiciéndose con esto un incremento
del pH, y como consecuencia de esto se producen de manera rópida los bicarbonatos.
Con el objeto de verificar el papel que desempenan los procesos de reducción de
sulfatos en la formación de soda, en los sedimentos de las cubetas lacustres de
Cuitzeo, Mich., Texcoco, Edo. de México, y el Carmen, Tlax., se establecieron
experimentos en condiciones de anaerobiosis para estudiar con cierto detalle los
cambios ffsico-qufmicos que tienen ocurrencia durante la generación de sulfuros de
hidrógeno y soda, ya que se ha demostrado por diversos investigadores que la soda
tiene una amplia participación en las soluciones de los suelos y aguas freéticas de
estas depresiones. En las figuras 2 y 3, se presentan los perfiles litológicos en io que
concierne a sales solubles y bases intercambiables de estas cuencas endorréicas.
Como se puede observar en la figura 2, en las soluciones salinas de estos perfiles se
tienen altos contenidos de sodio, carbonatos y bicarbonatos. El complejo de
intercambio catiónico esta altamente saturado con sodio intercambiable. Los altos
contenidos del magnesio soluble y del magnesio adsorbido se deben a la alta
solubilidad del sulfato de magnesio (MgS0 4 ).
El experimento consistió en el estudio detallado de los procesos que se verifican en
la producción de soda (CO, + HC0 3 ) y sulfuro de hidrógeno, ademés de estudiar los
cambios ffsico-qufmicos que ocurren en el sistema suelo-agua de los sedimentos
lacustres de tres cuencas endorréicas (Cuitzeo, Mich., Texcoco, Edo. de Méx. y El
Carmen, Tlax), Para Io cual se seleccionaron dos espesores en cada una de ellas y se
sometieron a cuatro tratamientos e incubación.
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FIGURA 2. Perfiles de sales solubles de los suelos de: Cuitzeo, Texcoco y el Carmen.
Relación suelo-agua 1:5.
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FIGURA 3. Representación gréfica de bases intercambiables, en %, para los perfiles
de: Cuitzeo, Texcoco y El Carmen.
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Los espesores seleccionados de suelo para cada una de las cubetas lacustres fueron:
Cuitzeo, Mich.
Texcoco, Méx.
El Carmen, tlax.

100-180 cm y 500-600 cm
100-200 cm y 500-580 cm
260-340 cm y 500-580 cm

Los tratamientos utilizados en todos los experimentos fueron:
T,
T2
T3
T4

=
=
=
=

50g
50g
50g
50g

de
de
de
de

suelo
suelo
suelo
suelo

+
+
+
+

250
250
250
250

ml
ml
ml
ml

H 2 0 destilada
de solución 0.1N de Na 2 S0 4
de solución al 2 . 0 % (p/p) de glucosa
de solución 0.1N de Na 2 S0 4 y 2 . 0 % (p/p) de glucosa

Los perfodos de incubación para cada tratamiento fueron de 3 0 , 60, 9 0 , 120, 150 y
180 dfas.
Sobre el comportamiento del pH, C0 3 " 2 + HC0 3 ', XNa, XCa, % C a C 0 3 y S"2 precipitado
debido a los procesos de reducción de sulfatos, aquf en este documento, solamente
se presentaren los resultados obtenidos de estos parémetros en la cubeta lacustre de
Cuitzeo, Mich., ya que el comportamiento de estas variaciones en las cubetas de
Texcoco, Edo. de Méx., y El Carmen, Tlax.
Las variaciones del pH se presentan en la figura 4 . Aquf se puede observar que el pH
fue alcalino en los tratamientos 1 y 2.
El comportamiento de los C0 3 " 2 + HC0 3 " se presentan en las figuras 5 y 6. En estas
figuras se hace evidente que la alta cantidad de bicarbonatos de debe a la intensidad
de la actividad biológica.
El comportamiento de los sulfuros precipitados (S 2 ) se presenta en la figura 7. En
nuestra opinion, la aparente disminución de sulfuros se debe a la formación de
hidrotroilita FeSnH 2 0 que son compuestos de alta hidratación y que por lo tanto de
fécil transformación, sin embargo la sola presencia de sulfuros precipitados en los
espesores de las cuencas endorréicas indican que en tiempos histórico-geológicos la
reducción de sulfatos conduce a la formación de FeS debido a las condiciones de
sobresaturación de estos espesores y a las condiciones de anaerobiosis.
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FIGURA 4. Representación gréfica de la variación del pH para los diferentes
tratamientos y espesores de la cubeta lacustre de Cuitzeo, Michoacén.
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FIGURA 5. Representación gréfica de la variación de concentración de soda
(C0 3 " + HCO), (meq/100g), del espesor 100-180 cm, de la cubeta
lacustre de Cuitzeo, Michoacén: a)tratamientos 3 y 4 (T3 y T 4 ), b)
tratamientos 1 y 2 (T, y T2).
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FIGURA 6. Representación gréfica de la variación de concentración de soda
(CGv + HCO"), (meq/100g), del espesor 500-600 cm, de la cubeta
lacustre de Cuitzeo, Michoacén: a)tratamientos 3 y 4 (T3 y T4), b)
tratamientos 1 y 2 (T, y T2).
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FIGURA 7. Representación gréfica de la variación en la concentración de sulfuro
precipitado, S" (meq/100g), para los diferentestratamientos y espesores de la cubeta
lacustre de Cuitzeo, Michoacén.
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CONCLUSIONES
Los suelos sódicos con altos contenidos de XNa y salinizados con sales neutras
solamente pueden formarse cuando el ion sodio predomina sobre el ion calcio
en aproximadamente 9 0 . 0 % expresados en meq.
La reducción de la conductividad hidréulica de los suelos sódicos saturados con
sales neutras es una función de la concentración electrolftica y de la relación de
adsorción de sodio RAS.
El desarrollo de las propiedades propiamente sódicas: destrucción de los
sistemas arcillosos y una alta alcalinidad requieren de la participación de soda
(Na 2 C0 3 -NaHC0 3 ).
Los suelos sódicos se pueden desarrollar con el riego de aguas subterréneas de
baja concentración pero con altos contenidos de bicarbonatos y carbonatos de
sodio.
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Soil Salinity Assessment: Recent Advances and Findings
J. D. Rhoades. U.S. Salinity Laboratory, USDA, ARS, 4500 Glenwood Drive,
Riverside, CA, 92501, USA.
Abstract. This paper briefly summarizes recent advances and findings in soil salinity assessment
using automated, mobile measurement systems and practical spatial statistics. Example field
data sets are given to illustrate the utility of two types of measurement systems. These datasets
suggest that much of the apparent chaos traditionally ascribed to the markedly variable salinity
conditions often observed in irrigated fields results from the "overlay" of various spatial patterns
induced by management-related farming practices at different scales.
Introduction.
A practical methodology for mapping and monitoring soil salinity is a requisite for inventorying
the extent and magnitude of salt-affected soils, for assessing the effectiveness and
appropriateness of irrigation and drainage practices, and for delineating the diffuse areal
sources of salt-loading in irrigated lands.
Mapping and monitoring soil salinity is complicated by its spaüa'ly variable and dynamic nature
caused by the effects and interactions of varying edaphic factors (soil permeability, water table
depth, salinity of perched groundwater, topography, soil parent material, geohydrology), maninduced processes (irrigation, drainage, tillage, cropping practices), as well as by climate-related
factors (rainfall amount and distribution, temperature, relative humidity, wind).
Rapid, mobile instrumental techniques for measuring bulk soil electrical conductivity (EC.) as
a function of spatial position on the landscape have been coupled with procedures for inferring
salinity from EC„ with computer-assisted mapping techniques capable of associating and
analyzing spatial databases, and with appropriate spatial statistics to create an integrated system
which now for the first time has the potential of meeting our salinity assessment needs.
The equipment and methodology of the "1" generation" mobile, automated instrumental systems
were introduced at the last meeting of this Sub-commission (Rhoades, 1992). Also described
then were some examples demonstrating the practicality, credibility and utility of the systems.
This paper describes improvements and modifications made in both the system's equipment and
the methodology used for analyzing data. Representative results obtained with the systems will
be used to illustrate that much of the apparently random spatial variability typically present in
field salinity data is not necessarily of a stochastic nature, but rather a result of several
interacting edaphic factors and man-induced farming practices that cause systematic
(deterministic) patterns in soil salinity across the field and within the soil profile.
Modifications in Equipment
The Mobile Four-Electrode Sensing System. In this system (see Figure 1) the electrodes are
combined into the "heels" of tillage shanks and mounted on a hydraulically controlled tool-bar
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attached to a tractor via a conventional three-point hitch. The electrodes run at a depth of
about 10 cm in the soil as the tractor moves across the field at a speed of 1.0 to 2.5 m/sec. The
Global Positioning System (GPS) antenna is positioned above the tractor cab. The conductivity
meter, the GPS receiver, their respective power supplies and data loggers are contained in the
water-tight, stainless steel box mounted behind the tool-bar shown in figure 1. The tractor
operator is provided with a remote monitor displaying time, ECa reading and logging status.
The EC, and the GPS signals are sensed at adjustable frequencies (as often as every one
second) and logged into memory automatically for later analysis for salinity and spatial (about
2 m absolute accuracy) location. The analysis is carried out at the side of the field in a mobile
office equipped with a computer work station and soil testing facilities.
The system was recently modified to increase depth and volume of soil that can be measured
by widening the "tool-bar" to accommodate current (outside to outside) electrode spacings of
up to 6 meters, and by modifying the Martek soil conductivity meter' to give linear ECa
readings up to 15 dS/m (correspondingly to ECe readings of up to 45 to 100 dS/m depending
upon soil texture).
Example output data obtained with the updated system are presented in Figures 2, 3, and 4.
Figure 2 shows EC, readings collected every second (about every lm apart) as the tractor
moved across a furrow irrigated, tile-drained alfalfa field (Imperial clay soil) in the Imperial
Valley of California.
The "minimum" in the EC, readings occurring at about 380 meters corresponds to the position
of a buried drain-line. The EC, values increased near the "tail end" of the field, presumably due
to reduced application and infiltration of irrigation water. Examples of fields with much greater
increases in "tail end" salinity were previously presented (Rhoades, 1992). Salinities on an ECe
basis as predicted from the measured data along the transect are shown in Figure 3. Also
shown are salinities predicted from the EM-sensor system discussed later. Agreement between
the two methods of measurement is quite good. The high level of accuracy of these predictions
will be demonstrated later. The data suggest that much of the variability in average rootzone
salinity across the field is caused by the effects of the drainage and irrigation systems. The
salinity patterns within the rootzone of this field will be discussed later.
Another example of the effect of subsurface drainage on average rootzone salinity is given in
Figure 4. This example involves a field of silty loam soil in the Coachella Valley of California
which has two sets of buried "tile-lines", one set being about 2.7 m deep and spaced about 90
m apart and another set being about 1.7 m deep and located at one-third and two-third
distances between the deeper lines. The two sets of tile-lines are represented by the solid and
dashed lines, respectively, in the figure. The data in Figure 4 again show a close correlation
between the soil electrical conductivity values (also the ECe values; data not shown) and the
drainage pattern. Soil salinity (ECe) levels of up to 20 dS/m, or more, occurred at several
places in the field between the tile-lines. Concurrently, salinity tended to increase in the

1
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direction of irrigation (to the left in Figure 4), although "tempered" somewhat by the effect of
the drainage system.
The Mobile Electromagnetic Induction/Four-Electrode Sensing System. The mobile
electromagnetic induction sensor system described previously (Rhoades, 1992) was extensively
modified to also incorporate four-electrode arrays as well as new sensor-positioning, controlling,
and recording systems. This system involves an EM-38 instrument mounted in front of the
transport vehicle (a modified spot-spray tractor) within a vinylester pipe as well as two-sets of
four-electrode arrays (having 1- and 2-m current electrode spacings) mounted underneath the
vehicle, as shown in Figure 5. The EM-38 mounting tube fastens to the vehicle by sliding over
a short section of steel tubing. The EM-38 is secured within the vinlyester tube by means of
slotted hardwood bulkheads. All hardware within the tube is non-metallic. The tube may be
removed and placed in a cradle at the back of the vehicle for long-distance travel. The "EMtube" can be rotated to position the EM-38 in horizontal (EMH) or vertical (EMV) configurations
by means of a small gearhead DC motor and belt which operates via a non-slip strip applied
to the tube. The tube and "rotator'' are mounted on a hydraulic apparatus which elevates the
EM-38 sensor sequentially to various heights above ground and translates it sequentially in the
horizontal direction so as to allow both EMH and EM» measurements to be made sequentially
at various heights above both the furrow and seedbed. The four-electrode arrays are mounted
on a hydraulically operated scissor-action mechanism which includes a sensor and control
mechanism to insert the probes sequentially to selected depths in the soil and to
correspondingly measure ECa at both 1-m and 2-m array spacings in both the furrow and seed
bed (see Figure 6).
An automated control system (including a circuit board) was developed to carry out the
sequence of 52 operations involved in the full range of possible sequential "EM-38 and fourelectrode" measurements. The control system is based upon switches and relay logic with
auxiliary electronic timing. The control system is operated via an interface control panel with
enable-buttons for activating EM and four-electrode sensor measurements and a 6-position
selection switch for positioning the sensors over (and at various heights above for the EM
sensor) the furrow and seed-bed. When the EM button is enabled, the EM sensor is rotated
to the vertical (EMV) configuration and the carriage moves both the EM and four-electrode
sensors to the selected position (e.g., above the furrow or seed-bed). The EM "start" button
then initiates the following automated sequence: 1) the EM„ reading is made and a selectable
delay (usually 1.5 sec) is provided for data logging, 2) the EM-38 sensor is rotated to the
horizontal position; 3) the EMH reading is made and logged after the selected delay interval,
and 4) the EM-38 sensor is rotated back to the vertical position. This sequence is repeated for
each Y-Z position selected. Depressing the four-electrode "start" button initiates the following
automated sequence: 1) the scissors apparatus probes to the first depth limit, 2) ECa is
measured at the 1-m array spacing, 3) a delay is provided for data logging at the 1-m spacing,
4) the meter/logger is switched to the 2-m array, 5) ECa is read after a delay at the 2-m array
spacing, 6) a delay is provided for data logging at the 2-m spacing, 7) the probes are inserted
to the next depth limit (up to 5-depths are possible), and 8) steps 2-6 are repeated. After
completion of the last logging, the scissors apparatus lifts the electrodes from the soil and stores
them in the travel position. A small printed circuit board provides the necessary time delay
functions. The mobile unit then moves to the next measurement site (stop). All measurements
at each site can be made in about 30-45 seconds.
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A belt-driven distance counter attached to the un-powered rear wheel of the vehicle and a
remote monitor were installed to: 1) assist in the sitting of measurement locations and 2) to
permit the four-electrode measurements to be made at the same locations as the EM
measurements. The Cartesian coordinates (x,y) of each measurement site are measured and
logged by the GPS system.
A Cooperative Research and Development Act contract (CRADA) has been developed for the
purpose of commercializing the mobile EM/four-electrode measurement unit. For more
engineering details about this apparatus, see Carter et al., (1993).
Example results obtained with the combined EM-38/four-electrode system were shown in
Figure 3; others follow. The good agreement typically found between measured salinity levels
and those predicted from the EM-38 sensor is illustrated in Figure 7, which shows average
rootzone (0-1.2 m) salinity (ECe) levels along the transect in the irrigated alfalfa field discussed
earlier (see Figures 2 & 3). The average two-dimensional pattern of salinity in the soil profiles
of this transect are shown in Figure 8. This figure shows that salinity in the center of the seedbed of the fine-textured soil is not as high as might be expected. A likely reason for this is the
presence of an extensive network of cracks within the bed which allows water movement
through it, especially in the later stages of the irrigation season. This "inter-flow" likely leaches
out salts which otherwise would have accumulated by capillarity and upward flow, if the bed was
completely isolated from the furrows. The patterns of salinity within the soil profiles were very
similar at various points along the transect; however, in relation to the average profile, salinity
increased in the upper part of the profile and decreased in the lower part of the profile with
distance towards the downgradient side of the furrow-irrigated field (Figure 9). The data in
Figures 8 and 9 show that the pattern of salinity within the bed and throughout the soil profile
varied systematically in response to the imposed irrigation system.
Salinity distribution can also be affected by a drainage system. This is shown in Figure 10 which
portrays the salinity distribution in the upper part of the rootzone (0-0.5 m) of the Coachella
Valley field discussed earlier (Figure 4). Lower salinities occurred in the soil above the tilelines. The data indicate that salinities within the seed bed are related to the mean profile
salinity levels, which in turn are related to the drainage pattern. The salinity distributions in
this silty-loam soil are clearly two-dimensional in contrast to the one-dimensional profiles
observed for the clay textured Imperial Valley soil (Figure 8). This difference in salinity
distribution is thought to be due to differences in the cracking properties of the two soils.
Further evidence that the salinity distributions vary with soil type is evident from Figure 11
which shows the salinity within the bed as averaged along a transect in a light-textured soil of
the Imperial Valley of California. Again, because of a lack of cracking in this soil, the bed
remains intact and isolated from the furrow. As a result, the two-dimensional salinity
distribution expected for a bed/furrow irrigated soil was found.
Besides irrigation and drainage, another man-induced factor which "emerged" from the
intensive, spatially referenced data obtained with our salinity assessment system is that of tillage.
Systematic differences in salinity patterns of irrigated fields could be associated with the traffic
patterns undertaken with the farm equipment. Tractors typically move through the fields in a
systematic way as dictated by the invoked practices of seed-bed/furrow preparation, cultivation
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and tillage. As a result, tractor weight is exerted in some furrows, but not in others, leading to
uneven compaction among neighboring furrows. Similarly, tillage and cultivation operations are
often implemented using equipment with guide/depth wheels which similarly lead to other
analogous definable patterns. As a result, some furrows are more compacted than others
leading to reduced water-intake rates, possibly increased lateral water flow and, hence, higher
salinity levels in both the associated furrows and beds of trafficed areas compared to nontrafficed areas. Salinity data supporting this conclusion are shown in Figures 12 and 13. The
data represent horizontal EM-38 readings taken in successive furrows of furrow-and combined
sprinkler/subsurface drip-irrigated fields in the San Joaquin Valley of California. The
systematic cyclic pattern in EC, (hence soil salinity) found in both fields mimicked the traffic
patterns used in the tillage operations. The nature of the cyclic pattern varied, depending upon
the irrigation system.
While the above "compaction" patterns were determined from EM-38 readings, analogous
"tillage" patterns (data not shown) have been observed in our mobile, four-electrode readings.
Markedly abrupt cyclic patterns of EC, resulted at places where fields had been "ripped" to 0.5
m with chisels. Excavation and detailed examination of the cyclic locations where abrupt
changes in EC, were mapped revealed deep narrow trenches, or cracks, in the soil
approximately 2.5 cm wide. An interesting feature of these "cracks" was that they were full of
dry aggregates of surface soil that had fallen down into them. Such "cracks" potentially provide
preferential flow paths and a means of soil particle translocation by which certain pesticides and
other solutes may move to deeper depths in the soil profiles than can be accounted for by
classical solute transport models.
Developments of New Conversion and Mapping Theory/Software
Spatially referenced geophysical instrument systems capable of making rapid and intensive EC,
measurements provide a unique tool for field scale soil salinity assessment. Two such systems
were described above along with examples showing their practical utility. Several of these
examples involved results in terms of soil salinity (ECe). Effective use of the mobile systems
requires a rapid method for converting EC, measurements to ECe values. We previously
showed (Rhoades et al., 1990) that ECe can be determined from EC, with sufficient accuracy
for practical assessment using knowledge, or reasonably accurate estimates, of the clay and
water contents in the soil profile at each EC, measurement site. While this method is suitable
when EC, measurements are made by hand, it is impractical for processing the large amounts
of data generated with the mobile measurement systems. For this reason we developed a
practical methodology based on multiple linear regression (MLR) to estimate soil salinity from
extensive EC, survey data, limited ground-truth data, and trend surface parameters. The use
of MLR techniques have been shown to be theoretically equivalent to geostatistical, cokriging
techniques, but are more cost-effective and practical, (Lesch et al. 1993 a,b).
The typical MLR salinity model takes the form:
ln(£CJ = 0O + 0,*, • /32A:2 • /J,*,*, • 0tk3 • 05x * fy • ^xy • $,x2 • 0#J • e

[1]

where k„ k2, and k3 represent the first three centered and scaled principal components of the
log transformed EC, signal data, x and y represent the cartesian coordinates of the sample
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location, and 6 is an error term. Different terms in equation (1) can be systematically removed,
as needed, in order to simplify the model.
The MLR technique is an appropriate method when a sufficiently fine grid of secondary data
can be acquired quickly and cheaply and where a strong correlation exists between the primary
and secondary variables. This last requisite involving correlations between ECe and EC, was
previously validated by Rhoades et al., (1989a, 1990). With the assessment system described
herein, a series of easily obtained EM, or four-electrode, or both, instrument readings can be
acquired across a field using a relatively dense, systematic survey scheme. A limited number
of soil samples must be acquired and measured for salinity (the rapid field method of Rhoades
et al, 1989b is most practical for this purpose). An MLR equation is subsequently established
with the co-located data and tested for residual spatial autocorrelation. If the residuals are
independent (or reasonably so), the MLR approach is deemed adequate for salimty assessment
involving the prediction, mapping, and monitoring of soil salimty. Cokriging for interpolation
purpose is used to predict salinity at sites where no secondary information (i.e. EC,
measurements) exists. The accuracy of the salinity predictions can be increased by incorporating
the EM-38 and four-electrode data as well as location coordinates, into the MLR equation.
An important requisite of the MLR approach is that the locations of the soil salinity calibration
sites must be spatially representative of the entire survey area. This requisite was satisfied by
implementing a newly developed spatial sampling algorithm. The calibration site selection
algorithm ensures that linear, quadratic and interaction terms in the MLR model can be
accurately estimated. The algorithm also provides decision rules for selecting the final MLR
model variables. Theory and tests of appropriateness of both the MLR approach and the
calibration sampling/siting algorithm are described in detail elsewhere (Lesch et al, 1993 a,b).
Software for both approaches are available from the U. S. Salinity Laboratory. Additionally,
software has been developed to process the mobile, four-electrode transect data for the
purposes of plotting transect "profiles" and producing salinity maps.
An example soil salinity map produced using the above procedures is shown in Figure 14, which
shows the spatial pattern (average rootzone basis) of the Coachella Valley field previously
discussed (see Figures 4 and 10). Salinities as a function of depth are shown in Tables 1 and
2, and in Figure 15. These data indicate that the two sets of subsurface drains installed in this
field are not very effective in controlling salinity. The median EC, value of 10-12 dS/m
measured within the 0-1 m depth in this field is excessive for crop production. Additionally, the
type of salinity distribution found within the profile implies that the net water flow direction
varies across the field depending upon the invoked patterns of irrigation and drainage. The netflow direction is upward over much of the field implying inadequate irrigation and drainage
systems and related management.
Conclusions
This paper described an integrated package of instrumental systems for intensively measuring
EC, and x,y coordinates, alogorithms for MLR data analysis and site selection, and methods for
obtaining EC, ground-truth. We believe that the package is unique and represents a
breakthrough in our ability to rapidly and accurately assess soil salinity in irrigated landscapes.
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Results presented in this paper indicate that much of the apparent chaos in the spatial pattern
of soil salinity in irrigated fields is man-induced and can be explained in terms of deterministic
processes caused by such management practices as irrigation, drainage, cultivation and tillage.
The salinity patterns and the edaphic and management practices causing them can often be
ascertained using the new integrated salinity assessment equipment and procedures developed
at the U. S. Salinity Laboratory. The system offers a unique potential for accurately and rapidly
mapping and monitoring salinity-distributions in the field as well as for determining the causes
of salinity, the sources of salt-loading across the landscape and the effectiveness (possibly
efficiency) of irrigation/drainage management practices. Since salinity is a tracer of water flow,
the instrumental systems and associated data analysis may have a much broader application
than salinity assessment only. For example, the methodology could potentially be used to
explain or define the underlying processes affecting the transport of individual solutes (i.e.
nitrates or pesticides) in irrigated fields and to assess irrigation uniformity and degree of
leaching. Our findings suggest caution in the adoption of solute-transport models based on
stochastic theory since much of the salinity variability in the field may be caused by
determimstic management-related effects. Our results also point out the limitations of
deterministic solute-transport models which do not recognize the interactive effects of
irrigation/drainage systems, tillage operations, traffic patterns, and seedbed-furrow internetting.
These interactive effects likely occur in most field situations, as is shown in this study.
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Figure Legend (Captions)
Figure 1.

Photograph of mobile, "fixed-array" four-electrode system with GPS antenna (not
visible) mounted on top of the mast.

Figure 2.

Relation between bulk soil electrical conductivity and distance along a transect
across a furrow-irrigated, tile-drained alfalfa field (Imperial clay soil) located in
the Imperial Valley of California.

Figure 3.

Correspondence between soil salinity predictions based on soil electrical
conductivity measurements obtained by mobile, electromagnetic induction (EHH)
and four-electrode systems along a transact across a furrow-irrigated, tile drained
alfalfa field (Imperial clay soil) located in the Imperial Valley of California.

Figure 4.

Relation between bulk soil electrical conductivity and distance along a transect
crossing two sets of tile-drains in a field (silty loam soil) located in the Coachella
Valley of California.

Figure 5.

Photograph of mobile salimty assessment vehicle with combined electromagnetic
induction and four-electrode soil conductivity sensing systems and mast for
mounting a GPS antenna.

Figure 6.

Close-up photograph of fixed-array four-electrode unit inserted into the soil by
the hydraulic "scissors" apparatus of the mobile, combined sensor assessment
system.
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Figure 7.

Correspondence between measured soil salimty and that predicted from EM-38
readings made along a transect across a furrow-irrigated, tile-drained alfalfa field
(Imperial clay soil) located in the Imperial Valley of California.

Figure 8.

Average two-dimensional distribution of salinity in the soil (Imperial clay) profiles
along a transect across a furrow-irrigated, tile-drained alfalfa field located in the
Imperial Valley of California.

Figure 9.

Changes (percentage basis) in salinity distribution, with reference to the mean
profile, within soil profiles along a transect across a furrow-irrigated, tile-drained
alfalfa field (Imperial clay soil) located in the Imperial Valley of California.

Figure 10.

Two-dimensional distributions of salinity in the upper half-meter of the soil
profiles of a field located in the Coachella Valley of California, as influenced by
mean (0-0.5 m) salinity level.

Figure 11.

Average two-dimensional distribution of salinity in the soil (SL texture) profiles
along a transect across a furrow-irrigated, sugar-beet field located in the Imperial
Valley of California.

Figure 12.

Relation between depth-integrated bulk soil electrical conductivity, as measured
by an EM-38 instrument, and relative furrow number across a section of a furrowirrigated field (SiCl soil) located in the San Joaquin Valley of California.
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Figure 13.

Relation between depth-integrated bulk soil electrical conductivity, as measured
by an EM-38 instrument, and relative furrow number across a section of a subsurface, drip irrigated field (SiCl soil) located in the San Joaquin Valley of
California.

Figure 14.

Map of average rootzone (0-1.2 m) soil salinity (ECe basis) in a tile-drained (2
sets) field (silty loam soil) located in the Coachella Valley of California.

Figure 15.

Relation between salinity distribution and mean level of salinity in a tile drained
(2 sets) field (silty loam soil) located in the Coachella Valley of California.
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Table 1.

Median salinity (EC, basis, dS/m) levels and confidence (95%) values
of a tile-drained ( two sets) field located in the Coachella Valley
of California.

Soil Depth, m

Table 2.

Median EC.

Confidence Interval

0-0.3

11.1

9.9-12.4

0.3-0.6

12.2

10.9-13.7

0.6-0.9

9.6

8.6-10.8

0.9-1.2

6.5

5.8-7.2

Percentage distributions of salinity within various intervals in the
soil profiles of a tile-drained (two sets) field located in the
Coachella Valley of California.

Percentage of Area
EC. ranee. dS/m
Soil Depth.

< 2

2-4

4-8

8-16

> 16

0-0.3

00.2

05.2

28.8

33.4

32.4

0.3-0.6

00.0

00.6

17.8

52.9

28.7

0.6-0.9

00.0

00.4

27.4

66.5

05.7

0.9-1.2

00.0

06.4

69.3

23.6

00.7
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Figure 1.

Photograph of mobile, "fixed-array" four-electrode system with GPS antenna (not
visible) mounted on top of the mast.
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Figure 2.

Relation between bulk soil electrical conductivity and distance along a transect
across a furrow-irrigated, tile-drained alfalfa field (Imperial clay soil) located in
the Imperial Valley of California.
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Correspondence between soil salinity predictions based on soil electrical
conductivity measurements obtained by mobile, electromagnetic induction (EHH)
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alfalfa field (Imperial clay soil) located in the Imperial Valley of California.
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Smoothed Mobile Four-Electrode Data:
Kohl Farm, Coachella Valley
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Figure 4.

Relation between bulk soil electrical conductivity and distance along a transect
crossing two sets of tile-drains in a field (silty loam soil) located in the Coachella
Valley of California.
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Figure 5.

Photograph of mobile salinity assessment vehicle with combined electromagnetic
induction and four-electrode soil conductivity sensing systems and mast for
mounting a GPS antenna.
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Figure 6.

Close-up photograph offixed-arrayfour-electrode unit inserted into the soil by
the hydraulic "scissors" apparatus of the mobile, combined sensor assessment
system.
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Correspondence between measured soil salinity and that predicted from EM-38
readings made along a transect across a furrow-irrigated, tile-drained alfalfa field
(Imperial clay soil) located in the Imperial Valley of California.
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Average 2-D Salinity Distribution of Soil Profiles
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Figure 8.

Average two-dimensional distribution of salinity in the soil (Imperial clay) profiles
along a transect across a furrow-irrigated, tile-drained alfalfa field located in the
Imperial Valley of California.
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Percentage Change in Salinity Distribution with Distance down Furrow

Imperial Clay Soil

Lateral offset from Center of Bed (m)

Figure 9.

Changes (percentage basis) in salinity distribution, with reference to the mean
profile, within soil profiles along a transect across a furrow-irrigated, tile-drained
alfalfa field (Imperial clay soil) located in the Imperial Valley of California.
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2-D Salinity Distribution Patterns in Soil Profiles
Kohl Farm, Coachella Valley
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Two-dimensional distributions of salinity in the upper half-meter of the soil
profiles of a field located in the Coachella Valley of California, as influenced by
mean (0-0.5 m) salinity level.
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Average 2-D Salinity Distribution of Soil Profiles
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Figure 11.

Average two-dimensional distribution of salinity in the soil (SL texture) profiles
along a transect across a furrow-irrigated, sugar-beet field located in the Imperial
Valley of California.
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Predictd Soil Salinity Survey Map
Kohl Farm: Coachella Valley
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Figure 14.

Map of average rootzone (0-1.2 m) soil salinity (EC, basis) in a tile-drained (2
sets) field (silty loam soil) located in the Coachella Valley of California.
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Tolerance of Different Crops to Salinity Conditions in Soils.
A. Meiri. Dept. of Irrigation. The Volcani Center. ARO. P.O.Box 6. Bet-Dagan Israel
(50250).
Abstract
Recent studies and agriculture field experience under saline conditions show that most
available salt-tolerance data are too conservative. The discrepancy arises mainly from the
differences between the steady-state conditions in the tolerance studies and the temporally and
spatially changing salinity under field conditions. This review concentrates on the interactions
between edafic or plant factors and crop response to salinity; knowledge of these is required for
an improved tolerance data base. Among the edafic factors, the review concentrates on the
effective salinity and indicates the need for knowledge of the in-situ soil solution salinity in the
well defined rootzone. Among plant factors, it concentrates on the interactions between growth
stages and tolerance. It addition, a distinction is made between apparent and real tolerance which
may differ as a result of genetic variability or interactions with edafic factors.
The new tolerance data base will need a multifactor expression, perhaps a computer program,
to predict the responses of yield quantities and qualities to temporal and spatial changes in
salinity, in fields and orchards.
Introduction
The role of salinity in agriculture increases with the increased use of new marginal land and
water and the deterioration of traditional water resources and cultivated soils. Agricultural crops
are salt-sensitive "glycophytes", and even moderate salinities may impair production. The
salinity of the solution in the growth media, soil or soilless cultures, affects the plants via the
roots, both under dry farming conditions and when irrigation is applied by surface (furrow,
flood, drip) or subsurface (raising the water table, drip) methods. Under sprinkler irrigation the
salinity of the water (ECIW) may cause additional damage through direct contact with the canopy.
The salinity effects correlate with the total salinity or the osmotic potential (osmotic effect) or
with the concentrations of a limited number of elements, such as Cl, S0 4 , Na, B that are toxic
or cause nutritional imbalances (specific effects). Tolerance tables for the two types of damage
(Maas and Hoffman 1977, Maas 1986, 1990) dictate the crop selection and management
practices, especially leaching requirements, for saline soils and waters. The tables quantify the
reduction in marketable yield, dry matter, or growth, as related to the increase in salinity, or
the maximum permissible levels of the toxic elements. Recent studies and agricultural experience
of using saline soils and waters show that the tolerance data in these tables are in many cases
too conservative (Meiri 1990, Meiri and Plaut 1985, Rhoades et al. 1989). The use of these data
resulted in unjustified avoidance of certain crops or of the use of available saline water, and in
excessive leaching which lead to excessive salt load, drainage problems and secondary soil
salinization. Better performance has been achieved by abadoning the traditional steady-state
Contribution from the Agricultural Research Organization, The Volcani Center, Bet Dagan,
israel. No. 1240-E 1993 series.
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approach and concentrating on the control of temporal and spatial variations in salinity, in which
rainfall and tha application of water of various qualities, from rivers, reservoirs, aquifers,
sewage plants and drainage canals to fields and orchards play major roles.
The steady-state approach ignores the effects that temporal and spatial changes in salinity can
have on yield quantity and quality. For crops in which specific sensitive growth stages have a
large influence on yield, this approach will underestimate the salt tolerance at other growth
stages. A change of water quality during appropriate parts of the growth period can improve
yield quality.
This review indicates the possible effects of environmental and plant factors on crop yields,
in terms of both quantity and quality, under saline conditions. It emphasizes the effects of
temporal and spatial changes in salinity and indicates what additional information is needed in
tolerance tables.
Agriculture-oriented definitions of salt tolerance.
Survival: The ability of the plant to accomplish its life cycle or growth stage, or to maintain the
potential to resume it after the relief of the salt stress. It is important at pre-emergence and
young seedling stages, that determine the stand, but not at later stages of growth to final yield.
It is a most important ecological criteria, which may be important for pastures, ornamemtal
plants and vegetation in recreation areas. Ability to Survive extreme salinities may not correlate
with high yield tolerance at more moderate salinities.
Absolute yield: The yield that is expected at a given salinity. This is the most important
economic input in decision-making on agricultural operations.
Relative yield: The relative growth or commercial yield, when all environmental factors are
constant and salinity is the only variable. It is the most important criteria for comparing crops
responses to total salinity, and specific ions like boron. It interacts with natural growing
conditions and management operations.
Product quality: This parameter is of increasing importance, it can be influenced by salinity and
is not included in the available tolerance tables.
Available tolerance data.
Two types of tolerance tables are available for representative cultivars of many annual and
perennial crops (Maas and Hoffman 1977. Maas 1986, Maas 1990): tables that present the
parameters needed to calculate the relative growth or yield at a given soil salinity; and tables that
present the maximum permissible levels of total salinity or specific ions in the water or soil
solution.
Plotting the plant yields or sizes against increasing salinity of the growth medium showed,
in most cases, no reduction at low salinities, followed by a linear decrease in yield or growth
at higher salinities. A two-piece-wise model describe the response of the relative yield (Y,/Ymax)
to mean soil salinity (ET,) (eq 1) (Maas and Hoffman 1977):
Ys/Ymax=l-b(EC,-ETel)
(1)
Where Ys = yield under a given salinity, Ymax = yield in the range of no response, EC,. = the
effective soil salinity (spatial mean), ET„ = threshold salinity (spatial mean).
The two experimental parameters needed by the model, the threshold salinity (a=EC el ) and
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the slope of the descending line (b = fraction*ZTC\.') at higher salinities form the basis of the
tolerance tables.
Validity of the available data on response to total salinity.
Factors that affect the maximum production or interact with the response to salinity will
change the apparent salt tolerance, as expressed in a relative decrease in yield or in the salt
levels in the tissue that cause visible damage. Apparent changes in tolerance with the changes
in maximum yield where first shown for interactions with fertility (Bernstein et al. 1974) and
later for interactions with other edafic factors (Maas 1990). The tissue salt load is affected by
irrigation methods and the level of visible damage shows strong interaction between climate and
the tissue salt load (Maas 1990). Therefore, the tables carry the footnote: "These data serve only
as a guideline to relative tolerances among crops. Absolute tolerances vary, depending on
climate, soil conditions and cultural practices" (Mass 1990). An additional aspect that should be
included in this footnote is: "Large changes in the response may be found under spatial and
temporal changing salinity, as a result of the changes in the effective salinity and in the tolerance
at different growth stages".
This review focuses on the effects of edafic and plant factors that determine crop tolerance
under agricultural practice. Distinction is made between apparent and real changes in tolerance.
A test that can indicate wether an interaction between an edafic or plant factor and the crop
response results from a change in the stress level or a change in the crop tolerance was proposed
by Meiri and Plaut (1985). They add to the threshold and slope of the salt tolerance function of
Maas and Hoffman (1977), the extrapolated salt level corresponding to zero yield. Then, they
examine the effects of changing environment or plant factors on the response function. When
the change is in the stress level in the plant and thus in the apparent and not the real tolerance,
the threshold and slope increase or decrease together, with no change in the salinity of zero
yield. A change in real tolerance requires also change in the salinity that cause zero yield. They
showed that the interactions with climate are the result of changing stress levels in the shoots,
while the grater damage faund under sprinkler than under drip irrigation or when young
seedlings are compared with mature plants, represent real differences in tolerance.
Edafic factors.
The edafic factor discussed at length is the effective root medium salinity. Other factors sprinkler irrigation, climate, fertility and soil physical conditions - are mentioned briefly.
Effective root zone salinity.
This is the soil salinity parameter that correlates best with the crop response.
a. Translation of the saturated paste extract salinity EC, to soil solution osmotic potential
" sw*

The saturated paste extract electrical conductivity (EC,) is the parameter for soil salinity used
in the tolerance tables. Plants, however, respond to the osmotic potential of the soil solution
(x s w ), and the conversion of EC,, to x s w must consider various factors. As a first approximation,
the ratios of saturated paste water content to field capacities water contents, 8J6k, and to wilting
points water contents, 0c/0wp, are taken as 2:1 and 4:1, respectively. These ratios apply to many
soils. But, 0c/0wp ratios in the range 2.03-8.45 have been reported for extremely fine and coarse
soils, respectively (USSLS 1954). These large differences resulted in differences in apparent salt
tolerance of wheat seedlings in soils of different structure, when EC, was not converted to ECSW
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(Avnimelech and Eden 1970).
The calculation of ECSW from ECC as a simple dilution, without considering other chemical
and exchange reactions may be justified for chloride salinity. Use of a higher ECa by 2 dS/m,
has been suggested for gypsiferous soils (Maas 1990), to over-come the error of overestimation
of the ECSW, which looks like specific tolerance under sulphate salinity, as a result of the
additional dissolution of gypsum during preparation of the saturated paste. Adding gypsum to
a soil with a high exchangeable sodium percentage (ESP) will increase the ECSW by more than
2 dS/m. The exchange sites in soils with high ESP serve as a sink for Ca ions. Thus, gypsum
dissolution will continue and the sodium salts formed in the solution will increase the ECsW
(Frenkel et al 1989, Russo 1983). The calculation of 7rsw from ECSW need further correction for
ionic composition. Apparent increase in tolerance to ECSW is expected with increasing ions
valency and decreasing ionic strength.
b. Integration of spatial changes in salinity.
Alfalfa has shown differing responses to steady-state salt profiles where salinity increased
with depth. Bower et al. (1969) showed the best correlation to be between the alfalfa response
and the mean soil salinity (EC,). While, Bernstein and Francois (1973a) found a better
correlation between the average salinity of the evapotranspired soil water (ECSW) and larger
effect of the low-salt soil volume, from which a major part of the water uptake occurred, than
of the high-salt soil volume. Split-root studies, in which roots grow in compartments with
different salinities, also gave different results. Maintainance of a full yield of corn and tomatoes
required that at least one third of the root zone should be nonsaline (Lunin and Gallatin 1965).
Shalhevet and Bernstein (1967) claimed that for alfalfa, the mean root-zone salinity was the
effective salinity. Bingham and Garber (1970) claimed that the upper-root-portion salinity had
a stronger influence on corn response. Meiri (1984) used data from the alfalfa (Shalhevet and
Bernstein 1967) and corn (Bingham and Garber 1970) studies to compare the linear response of
the crops with three ways of expressing the root-zone salinity: the spatial mean root zone salinity
EC,W (ETsw = i;ECsw,/n) - used in the tolerance tables (Maas and Hoffman 1977); the average
salinity of the absorbed water EClv, ( E T ^ E E C ^ W / E W , ) - recommended for spatial and
temporal changing salinity (Bernstein and Francois 1973a)' and average salinity per unit length
or weight of root EC, (EC^EEC.^R/ER,) - new integrator, (in all equations i = l to n compartment number; Wi = water uptake from compartment i; Ri=root length in compartment
i). This comparison showed that the correlations coefficients for corn were in the order
ECaw>EC,> ECW and for alfalfa ECr> ETSW> ECM. In all cases, most of the water uptake
was from the root zone of the lower salinity.
c. Integration of temporal variations in salinity.
The drying of the soil during the irrigation intervals increases the ECSW. Which led to the
assumption that an extended interval between water applications would reduce salt tolerance, and
the recommendation to irrigate more frequently under saline conditions. Studies with corn
(Shalhevet et al. 1986) and eggplant (Shalhevet et al. 1983) show no interaction between the
interval between irrigations and the salt tolerance.
The rapid and strong dryout of the shallow rootzone results in greater salinity stress for
emerging plants than for mature plants, for the same EC,.
The ECC was found to be a good integrator of salinity for spatially and temporally changing
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salinity in many field experiments (Shalhevet 1984). Ingvelson et al. (1976) showed that the soil
salinity integrators explained the alfalfa response in the following decreasing order "time and
space integrated salinity" > "average profile salinity" > "average weighted salinity of the
absorbed water". A recent irrigation study that examined the effects of changing water salinities
with time showed that the effective salinity for wheat was also EC, (Minhas and Gupta 1993).
Many findings contradict the conclusions of Bernstein and Francois (1973) that were adopted
by Maas (1990), that ECW is the best integrator of the effective salinity. Different results are
to be expected under different growing conditions. The ECM hypothesis was based on
observations involving stable soil salinities in profiles with increasing salinity with depth. This
are conditions that stimulate root development and activity, as measured by water uptake, and
the effect on the plant of the upper low-salt layers. These same conditions inhibit root
development and activity in the deep, high-salt layers and minimize the effects of these layers
on the plants. Extremely saline soil volumes, with no root growth or where all roots have died,
will not influence the growth and will not contribute water. Under non-steady state conditions,
such as prevail under most field conditions, a large part of the variations in salinity are imposed
on an already-developed root system, and the integrated salinity over time and space must
correlate with the size of the affected root system. The integration expression can be the
magnitude of the biophysical effect of the salinity on the shoot-water relations (Bernstein and
Francois 1973a, Meiri 1984). Reduced water uptake by the roots in the saline volume imposes
larger biophysical stress on the plant, which is forced to supply the water uptake for growth and
transpiration via the fraction of the roots exposed to lower salinity. Alternatively, it can be a
larger root stress signal (Davies and Zhang 1991, Poljakoff-Mayber and Lerner 1993). A signal
that reduced transpiration and growth in plants that did not show detectable changes in the leaf
water status and turgor. The stress signal from the roots may integrate the salinity over the entire
root system. The control by root signals over water uptake and growth was studied mainly under
water stress (Davies and Zhang 1991). More work on this aspect is needed under saline
conditions.
Tolerance to irrigation water salinity.

Knowledge of tolerance to water salinity under steady state needs the conversion of water
salinity to soil-solution salinity. This conversion depends on the water extraction distribution and
the LF. Ayers and Westcot (1985) used the ratio ECC = \.5*ECm, assuming linear distribution
of water extraction with depth and 15% LF. Hoffman and Van Genuchten (1983) prepared
working figures for ETlw for all types of water extraction distributions and different LF. Under
changing salinity, a model that describes the temporal and spatial salinities and water extraction
or root densities is needed. A given salt amount will have a larger effect on the integrated stress
if it stays longer in the root-zone. Therefore, for a given ECm, the effective salinity will be
larger when the more saline water is applied at an earlier growth stage.
Sprinkling with saline water.
Direct absorption of salts by the leaves can cause severe leaf damage. Any leaf absorption
damage will be additive to the soil salinity damage. Therefore, salinity damage by sprinkled
water may be larger than that caused by other methods (Bernstein and Francois 1973b, 1975).
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Leaves of many plants absorb Na and CI when sprinkled (Maas 1985). The susceptibility to
foliar injury depends more on the rate of absorption by leaves than on tolerance to salinity (Ehlig
and Bernstein 1959, Maas et al. 1982). Rates of salt absorption increase with the concentration
of the solution that wets the leaves and the time during which the leaves stay wet. Both
concentration and duration increase as the frequency of sprinkling increases and as the climate
during the sprinkling stimulates evaporation, such as day compared with night, and hot dry and
windy conditions. The degree of injury shows strong interaction between leaf contents, weather
conditions and water stress. Therefore, no guidelines exist for correlating the injury of leaves
with concentrations of salt in leaves, nor are there conclusive water salinity limits for leaforiginated damage under sprinkling. Among fruit trees, avocado is most tolerant (Ehlig and
Bernstein 1959). Among herbaceous crops, solonacea sps. seem to be the most sensitive (Maas
et al. 1982).
Climatic conditions - canopy stress level. Climate probably influences the response of plants
to salinity as much as, if not more than, any other factor (Maas 1990). Most crops can tolerate
greater salt stress if the weather is cool and humid than if it is hot and dry (Magistad et al.
1943; Hoffman and Rawlins 1971; Hoffman et al. 1971).
Fertility - Inadequate fertility may show apparent higher tolerance (Bernstein et al 1974) and
high aplication can rectify salinity-induced nutritional imbalances. Fertilizer application
exceeding that required under nonsaline conditions has rarely helped to alleviate the salinity
damage (Feigin 1990, Maas 1990).
Physical conditions of the soil - This can modify water and salt distribution and root growth,
thus influencing the effective stress level. Poor aeration can aggravate the salinity effects
(Aceves et al. 1975).
Plant factors - Interactions of genetic and developmental stages with salinity.
a. Genetic variations - specimens, cultivars and rootstocks.
The agricultural field or orchard yield averages the response of a population which may vary
in tolerance. The recommendation of higher seeding rates to secure the stand is to allow for
selection for tolerance during emergence.
Differences in tolerance among cultivars have been found to be small for herbaceous plants
(Maas 1990). The small differences may be the result of breeding of all commercial cultivars
for nonsaline conditions. The salt tolerance differences that where found in some crops and the
high tolerance of theeir wild relatives support this hypothesis and show a potential for breeding
for higher tolerance of commercial cultivars.
Woody plants in general are more sensitive to salinity. They are also sensitive to specific
ions. Their tolerance seems to be related primarily to the capacity to regulate the uptake of Na
and CI. Genetic differences among rootstocks in regulation of the ion uptake is an important
factor in salt tolerance of fruit trees and vines (Maas 1990).
b. Growth stages.
Variations in tolerance during crop development have been recognized as the most important
factor that should change the existing tolerance tables. The steady-state approach ignores the
effects that temporal and spatial changes in salinity can have on yield quantity and yield quality.
For crops in which specific sensitive growth stages have large influences on yield, this approach
will underestimate the salt tolerance at other growth stages. Maas in his revised version of the
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tolerance tables (1990) included the limited available data on sensitive stages as qualitative
remarks.
Most herbaceous plants are tolerant during germination but become sensitive during the stage
of emergence and early seedling growth (Maas 1990). Data on the salt tolerance of crops during
emergence and seedling growth are extremely limited. Salt stress may delay emergence, but dose
not affect the final emergence for most crops, if concentrations of salt remain at or below the
tolerance threshold for yields (Maas 1990). At higher concentrations, plant stands can be
seriously affected at this stage. The leaching of a limited soil volume by rainfall or irrigation and
the use of good water, even for tolerant crops, at this stage is highly recommended. (Rhoades
1989, Ayers and Westcot 1985 , Pasternak and De Malach 1993). A sensitive stage for seed
yield in cereal crops is the early reproductive stage of spike or panicle differentiation. Corn
(Maas et al 1983), sorhum (Maas et al. 1986) wheat (Maas and Poss 1989a), cowpea (Maas and
Poss 1989b) are most sensitive during the vegetative and early reproductive stages and least
sensitive during the grain-filling stage. Tomatoes (Pasternak and De Malach 1993), potatoes
(Meiri et al. 1986) are most sensitive at early stages. Peanut is more sensitive at the grain-filling
stage (Lauter and Meiri 1990). Increased tolerance with age was observed in the perennial
asparagus (Francois 1987).
The relationship between woody crop tolerance and growth stages is complicated by large
carryover effects in the perennial organs and the high sensitivity to Na and CI. A large part of
the data in the tolerance tables represent the response of the vegetative growth in studies which
were too short to show the toxic effects (Maas 1990). Considering the larger sensitivity of older
plants to specific effects (Greenway and Munns 1980) and the time needed before the specific
damage is observed in orchards (Catlin et al. 1993) we may assume a grater sensitivity at later
growth stages for toxic levels of salinity. Preliminary data (Meiri et al - unpublished data) show
clear effects of growth stages on yields and quality of date palms at subtoxic salinities.
Yield quality.

The influence ofg salinity on yield quality can be positive, such as an increase in total soluble
solids (TSS) in tomato (Pasternak and De-Malach 1993. Plaut and Meiri 1988, Shalhevet and
Yaron 1973), improved taste or netting and color of melon (Grattan et al. 1987, Meiri et al.
1993), increased protein content and baking quality of wheat (Rhoades et al. 1988), or negative,
such as increase in blossom-end rot in tomato and pepper or faulty pods in peanut (Lauter and
Meiri 1990). These specific effects, which are very important economically, can result from the
salinity level at specific growth stages and should be considered when managing saline irrigation.
Plant tolerance to specific ions and elements.
Although most crops respond to total salinity, some herbaceous crops and many woody species
are susceptible to ion toxicities or nutritional imbalances.
Sodium - Accumulation to toxic levels is generally limited to woody species. In avocado, citrus,
and stone-fruit trees, it is widespread and can take place at concentrations as low as 5 mol/m3
soil water. The Na is first retained in the lower woody parts of the roots and trunk. Symptoms
will appear when the lower part saturates with Na or by Na release when the sapwood converts
to heartwood (Bernstein et al. 1956). Na uptake is strongly regulated by Ca, and high Ca can
limit toxic damage of Na.
Chloride - CI is relatively nontoxic (Maas 1986).However, many woody sps. are susceptible to
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Cl toxicity and the capacity to exclude chloride from the scions is a most important criterion for
rootstock tolerance to salinity (Maas 1990).
Boron - essential, but may become toxic with even a slight increase in concentration above the
optimum. Generally, toxic concentrations in the soils and water resources are found in arid
regions. The two-piecewise model describes the response of a few crops that were tested recently
for boron tolerance (Bingham et al. 1985). Rootstocks of citrus and stone fruits are also selective
for boron. Soils with high pH and Ca contents reduce boron damage.
Carry-over effects
Carry-over effects between periods or generations can be in the form of salt ions, metabolites,
hormones or genus expressions. Analysis of the carry-over effects must distinguish time from
developmental stages scales. Annuals complete their full life cycle within a growth season. The
effects of matter carry-over between generations, in the small seeds, is limited and we are not
aware of information about its nature or magnitude. The carry-over effects from one growth
stage to another is not distingwished fromm studies on tolerance differences between growth
stages. In perennials, including woody crops, the carry-over effects between generations should
also be small, if it is matter and not genetic expression. There is significant carry-over of
metabolites and minerals, including toxic elements, between years in the perennial organs. The
time that it takes before the salt toxicity shows as leaf damage depends on the loading of the
woody material (Bernstein et al. 1956, Hoffman et al. 1989, Catlin et al. 1993). During this
period the total salinity effect plays a major role, and the plants show apparent tolerance to
specific ions. Real tolerance that includes specific ion effects can be determined only when the
plats reach'the steady-state salt balance, when the annual salt uptake equals the sum of the annual
salt loss and salt retained in the perennial organs new growth. Losses are the sum of the contents
in the fruits, shaded leaves and pruned branches. These definitions indicate that most available
data on fruit tree tolerance that was obtained for vegetative growth of young trees during short
periods may be irrelevant to the mature productive orchard.
Hardening or adaptation.
A plant is considered "adapted" to salinity when at least one of the following events occurs
after the treatment that induce adaptation. 1) An increase in the relative growth rate of the salttreated plant occurs, so that the growth is restored to a value more or less similar to that of the
control plant. 2) When the plant has acquired the capacity to complete its life cycle in a saline
environment, in which the nonadapted plant cannot to do so (Amzallag et al. 1990, PoljakoffMayber and Lerner 1993). Some adaptation has been reported for beans (Wignarajah et al 135137 P&L). For sorghum, a developmental window period of 20 days of exposure of 8-10-dayold seedlings to NaCl salinity induced the ability to survive the presence of NaCl levels which
would be lethal for nonadapted plants (Amzallag et al 1990). The adaptation show large
population variability. The adaptation was linked to ability to control internal Na and CI levels
and responded to exogenous plant growth regulators (Amzallag et al 1992, 1990).
Conclusions.
Available data provide only a first approximation of the relative tolerance of various crops to
soil or water salinity. Yield quantities and qualities in salt-affected agriculture integrate the
temporally and spatially changing effective stress which is the result of interactions between the
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soil or water salinities, other growing conditions and the crop growth stages. Prediction of the
salinity effects that consider these interactions requires multifactor modeling rather than tolerance
tables. Therefore, the future tolerance database will probably be a computer program. The
improved data needed for such a program include monitoring of the in-situ soil stress and a
developmental approach to the analysis of the crop response.
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Management of Irrigation Water and its Ecological Impact
J. D. Oster, University of California, Dept. of Soil and Environmental Sciences,
University ofCA, Riverside, CA 92521

Introduction
In the future, irrigated agriculture faces the challenge of using less water to grow more food for
an expanding population. More water is needed to meet the growing needs of municipalities, to
enhance wildlife habitats, and to protect the biological and recreational values associated with instream flows. Technically, resolution of these continually increasing needs for water requires
new facilities to store water including dams and groundwater recharge, watershed management to
reduce erosion and increase runoff and aquifer recharge, urban and agricultural water
conservation, desalting of brackish waters and reuse of various wastewaters for irrigation. The
wastewaters include sewage effluent and industrial wastewater generated by municipalities and
agricultural subsurface and surface drainage waters.
Finding and fostering sustainable solutions to future water problems involve more than technology
because they are inherently interrelated with economic, political, and social issues. Development
costs for new water supplies will be high since the least expensive sites for dams have been used.
In the United States, the mitigation requirements will significantly increase the cost to satisfy
public concerns for preserving natural river systems for recreation and for wildlife protection. The
role of politics includes decisions to promote social goals, such as protection of fish and wildlife
habitats, expansion of food production to meet the needs of an increasing population, or
settlement of a region.
In the western United States, the public interest has changed during the last three decades, from
building dams to store water for irrigation and for municipalities, to protecting water quality and
mitigating the effects of existing dams on wildlife and aquatic habitats. The United States Federal
Reclamation Act of 1902 fostered the rapid expansion of irrigated agriculture and settlement in
the western United States by subsidizing water cost. Crop subsidies produced provided additional
incentives for irrigation development. A recent consequence of this shift in public interest for
farmers in California was a new federal law, enacted in 1992, that reallocated 9.8 x 108 m3
annually from existing surface water supplies for the maintenance of adequate water quality and
in-stream flows for fish. This corresponds to a 30% reduction in the federal water allocation for
about 800 000 ha of irrigated agriculture in the southern portion of the western San Joaquin
Valley (Don Upton, Westlands Water District, private communication, 1993). This reallocation
was in addition to smaller, but significant reallocations to preserve and expand wildlife refuges.
California farmers that want to irrigate must now cope with a smaller supply of good quality
surface waters. Consequently, their interest in using marginal quality waters will increase.
Fortunately, there is considerable fanner experience with the use of such waters for irrigation.
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Likewise, the applied and basic research information about water quality effects on soils and
plants is also extensive (1). However, the use of marginal quality waters for irrigation will increase
irrigation-induced water quality problems. Irrigation degrades water quality for later users. No
matter how carefully irrigation waters are managed, there will be inevitable local and interregional
ecological impacts on surface and subsurface waters. Depending on local geological conditions,
these impacts can involve toxic effects of selected trace elements, in addition to those generated
by increased salinity. Serious negative impacts can occur on wildlife, on downstream water users,
and on groundwater quality.
Since the 1970s, irrigated agriculture in the western United States has had to contend with its
ecological and environmental impacts. I will illustrate these impacts using three examples: 1) the
development and construction of major canals to deliver water to new irrigated lands in North
Dakota, 2) the construction of a desalting plant in Yuma, Arizona, to treat subsurface drainage
water, and 3) the impacts of toxic trace elements on the disposal of salt and subsurface drainage
water in the San Joaquin Valley of California. All three cases involved international treaties and
resulted in extensive negotiations among federal and state agencies, the latter including farmer
controlled, local irrigation districts.
Ecological Impacts of Irrigation
North Dakota/Canada. The development of the Garrison Diversion Unit has been delayed for
about fifteen years because Canadians do not want any biota (fish and other aquatic species)
transferred (2) from the Missouri River drainage basin to the Hudson River drainage basin
(HRDB). The'routes of biota transfer include irrigation return flows, major floods causing canal
spills, and recreational fishing. The overall plan for the Garrison Diversion Unit is to deliver water
from the Missouri River to lands in southeastern North Dakota via canals located on lands near
to, or within, the HRDB.
The Snake Creek Pumping Plant, completed in 1974, is located adjacent to Lake Sakakawea
created by the Garrison Dam on the Missouri River. The 110 km McClusky Canal, through which
water will flow towards the east, was completed in 1978. In about 1973, Canada requested a
moratorium on all further construction until the United States and Canadian Governments could
reach an understanding that Canadian rights and interests were fully protected in accordance with
the provisions of the 1909 Boundary Waters Treaty. In 1986, the project was reformulated by
Public Law 99-294, whereupon the Canadian Government requested and obtained additional
ecological studies. The primary concern was the same as before: interregional biota transfer.
Three examples of the several sources and routes of concern to the Canadians were: 1) return
flows from irrigated areas within or near the HBDB, 2) bait bucket transfer resulting from
recreational fishing in the Skyeston canal, and spills from the Sykeston canal for which two of the
three proposed alignments were within the HBDB, and 3) from Missouri River water delivered to
municipalities within the HBDB (e. g. Grand Forks and Fargo). In 1990, a joint technical
committee proposed several means to reduce the chances for biota transfer. Examples included
the following: proposing alternative locations for the Sykeston canal, reducing the irrigated area
within the HBDB and routing any irrigation return flows to the Missouri River, and citing the
water treatment plant within the Missouri River drainage basin which treats Missouri River water
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to be used by cities within the HBDB. The technical committee also proposed to meet annually to
review project plans and activities to determine what, if any, international issues required further
consideration by both nations.
Arizona/Mexico. Surface waters in the Colorado River basin are used for irrigation in seven
states in southwestern United States and in Mexico. Annual water allocations from the Colorado
total about 20 x 109 m? This includes an allocation of 1.8 x 109 m3 to Mexico by a treaty
concluded in 1944. However, the estimated annual flow is probably between 16 x 109 nv* and 18
x 109 m^. Consequently there is no water to waste. Any potential water loss, such as a reduction
in irrigation return flows to the river for the purpose of improving water quality, becomes a major
interstate and international problem (3).
From the United States perspective, the 1944 international treaty only addressed the amount of
water allocated to Mexico. Water quality constraints were added as a result of about 13 years of
negotiations between Mexico and the United States beginning in the early 1960s. The underlying
problem was the increasing salinity of the Colorado River water. The salinity increases from about
200 mg/L in Colorado to about 900 mg/L for waters diverted at the Morelos Dam for irrigation of
lands in the Mexicali Valley of Mexico. In Minute 242 of the U. S. - Mexico treaty, concluded in
1973, the two countries agreed that the quality of the water delivered to Mexico would have an
average salinity of no more than 115 ±30 g/m3 higher than the annual average salinity of water
arriving at the Imperial Dam, about 30 km upstream from the Morelos Dam (4). The 115 g/m3
increment was an estimate of the salt contribution from irrigation return flows generated by
irrigation of lands near Yuma which lie next to the river.
The delivery to Mexico averaged 5.2 x 109 m3/yr from 1951 to 1960, while from 1961 to 1970 it
was 1.85 x 109 m3/yr (5). The flow in 1961 was reduced to fill the reservoir behind the newly
constructed Glen Canyon Dam. This flow reduction coincided with the beginning of the discharge
of pumped saline groundwaters (6200 g/m3; 270 x 106 m3/yr) into the Colorado River from the
Wellton-Mohawk Irrigation and Drainage District, located about 70 km east of Yuma, AZ. These
groundwaters were salinized by their use for irrigation prior to the arrival of surface water
supplies from the Colorado River in 1952. By 1961, groundwater pumping and discharge into
the Colorado River was necessary to control the water table levels at depths that did not damage
crops. In 1960, the average salinity of water delivered to Mexico was about 800 g/m3; in 1962 it
was 1500 g/m3. Mexico objected. The result of the subsequent negotiation was the 115 g/m3
increment specified in Minute No. 242.
The implementation of this agreement, within the United States, resulted in extended negotiations
and debates among scientists, engineers, and policy makers (3). The simplest solution would have
been to bypass the Wellton-Mohawk drainage water to the ocean. This was unacceptable because
some or all of the users of Colorado River water in the U. S. would have had to agree to a
reduction in their allotment. Another simple solution, which was not seriously considered, would
have been to discontinue irrigation entirely of the 26 000 ha in the Wellton-Mohawk Irrigation
and Drainage District. With considerable justification, Arizonans pointed out that the salt
contributed by this district to the Colorado River was no larger than some other districts in the
Colorado River Basin. Another option that was not considered was using the drainage flows for
irrigation of salt tolerant plants within the Wellton-Mohawk Irrigation and Drainage District and
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collecting the drainage water and disposing it in evaporation basins.
The plan, proposed by the U. S. Bureau of Reclamation (USBR), was to reduce drainage flows
to 220 x 106 m3/yr, about a 20% reduction, through improved irrigation efficiency, to desalt part
of this drain flow, mix the product water with untreated water and return the mix with a salt
content of about 900 mg/L to the Colorado River. The brine reject, about 50 x 106 m3/yr with a
salt concentration of 9630 mg/L, was to be discharged into the ocean via a cement lined canal (3).
Agricultural scientists working for the Agricultural Research Service (ARS) of the U. S.
Department of Agriculture (USDA) proposed to achieve about the same drainage water volume
as the volume of the brine reject from the desalting plant through a vigorous effort to increase
irrigation efficiency. An efficiency increase from 68% to 90% would have been required on the
fine textured valley soils and from 28% to 80% would have been required on the coarse textured
mesa soils. The cost of improving irrigation efficiency was considerably less than the cost of
building and operating the desalting plant. In 1974, the Technical Advisory Team concluded that
the benefit-cost ratio of improving irrigation efficiency as compared to desalting exceeded 6.
However, the crucial question was whether a voluntary program provided sufficient reliability to
assure drainage flows would not be exceeded at some future time. This problem was summarized
as follows (3): "What if the system improvements were completed but the farm operator (not
necessarily the same person who agreed to the program) failed to make good use of them or to
maintain them in the future?" "Should mandatory restrictions in drain flow be imposed to force
compliance, or more subtly, would external pressures force such a restraint at the expense of the
farmers in the district?"
The sudden increase in the salinity of the irrigation water delivered to Mexico in 1961 generated a
13 year search for acceptable solutions. In the end, the 'solution' put considerably more emphasis
on an expensive desalting plant, costing about $264 million in 1992 dollars, than on improving
on-farm irrigation practices costing about $45 million in 1992 dollars (6). The latter money
funded a technical assistance program for farmers where the Federal government paid for 75%
of the cost for physical facilities to improve the irrigation system. The plant will generate annually
96.6 x 106 m3/yr of water with a salt content of about 670 mg/L and 36.3 x 106 m3/yr of brine
with a salt content of 9 400 mg/L at a cost of about $490/ML ($610/acre-foot). From the societal
viewpoint, the 'solution' reflected the difficulty of creating a political and institutional framework
that fostered sustainable reductions in return flows though changes in farm management practices
at a cost that likely would have been considerably less than the desalting plant option.
San Joaquin Valley, California. Following the North Dakota and Arizona experiences, the next
step up the learning curve of offsite impacts of irrigated agriculture occurred in 1983 when
selenium in subsurface drainage water was linked to adverse impacts on aquatic organisms and
waterfowl at Kesterson Reservoir (7). The source of the selenium was subsurface drainage water
discharged into the Kesterson Reservoir, starting in 1979, from an irrigated area near Mendota,
CA. The parent material for the soils in the area included shales derived from ocean sediments.
Consequently the native soils were saline and contained a rich suite of trace elements including,
but not limited to, boron, selenium, arsenic, molybdenum, and arsenic.
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The selenate form of selenium, present in the soils of the west side of the San Joaquin Valley, is
relatively mobile. Water entering the Kesterson Reservoir had a selenium content of about 380
ug/L (8). Bioaccumulation of selenium in the ecosystem at the Kesterson Reservoir resulted in
deformed and dead bird embryos (9). Because of the negative effects on migratory birds, which
are protected by an international treaty, the Migratory Bird Treaty Act, inflow of drainage water
was terminated in 1986 by blocking the drainage collector system serving 16 000 ha of irrigated
lands near Mendota, CA.
Another outcome of the problem at Kesterson Reservoir was the formation of a state/federal
team, called the San Joaquin Valley Drainage Program (SJVDP). The objectives of SJVDP were
to develop recommended management alternatives to achieve an equitable balance between
irrigated agriculture and its associated water quality impacts on the west side of the San Joaquin
Valley. The proposed management alternatives (8) focused on in-valley actions which would
manage the problems for several decades. No alternatives were proposed for long-term solutions
such as salt export to the ocean. The logic for first focusing on interim, in-valley actions was that
their development, including the development of the associated regional drainage infrastructure,
would be necessary for any eventual salt export from the valley.
Although developing the expertise and infrastructure necessary to carry out the in-valley actions
will be helpful in developing an acceptable plan for salt export, the hope is that history has
provided sufficient lessons so that past societal mistakes are not repeated. The SJVDP project
manager Ed Imhoff suggested that the drainage problem developed for several reasons (8): "(1)
continued hopes for a master drain, (2) expectations of a technological breakthrough in drainage
water treatment, (3) the need for information, and (4) a lack of cooperation among parties
affected." These issues will take many years to resolve.
Some of the alternative actions recommended by the SJVDP are based on unproven technology
and thus a modicum of hope. The actions for the land-locked subareas included a combination of
the following: 1) practicing source control through improved irrigation fostered by tiered water
pricing and water marketing, 2) using moderately saline drain water to irrigate salt tolerant trees
and halophytes, 3) disposing saline drain water into evaporation ponds, 4) pumping groundwater
from the semiconfined aquifer for irrigation, and S) retiring irrigated lands with poor drainage
characteristics, high salinity and selenium levels.
In order to put these actions into perspective it is necessary to describe the geohydrology and
history of the San Joaquin Valley. This portion of the valley is about 420 km long and 80 km
wide and is bounded on the east by the Sierra Nevada and on the west by the Coast Ranges. It
consists of two drainage basins: 1) the northerly San Joaquin Basin which drains into the San
Joaquin River and then into the Sacramento-San Joaquin River Delta and San Francisco Bay, and
2) the southerly Tulare Basin which normally has no outlet. Rainfall ranges from about 120 mm in
the south to 250 mm in the north. The soils on the west side of the valley are derived from marine
sediments which contain salts and at least 28 trace elements (8). The underground flow system is
divided into an upper semi-confined zone and a lower confined zone by the Corcoran Clay
Member. Its base ranges in depth from about 120 m in the valley trough to more than 270 m
along the Coast Range with a thickness that varies from 6 to 60 m. Extensive pumping from
above and below the Corcoran Clay Member for irrigation lasted until the late 1960s and resulted
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in land subsidence and a lowering of the water table as much as 200 feet.
Beginning in 1950, large new sources of irrigation water became available. The Central Valley
Project, built and operated by the U. S. Bureau of Reclamation, redistributed much of the valley's
streamflow and imported more water from northern California. The last facility, the California
Aqueduct, began delivery of water in 1968. Many of the water transport facilities were jointly
constructed and are operated by the Federal Government and the State of California. These
facilities provide water to irrigate about 1 030 000 ha on the west side of the valley. The salt
content of the water is about 350 tng/L which is considered to be good; but, because of the large
volume of irrigation water, about 2 Mg of salt are imported per year. With a reliable supply of
surface water, groundwater pumping decreased and the water table rose: the area with water
tables less than 1.5 m deep expanded from about 200 000 ha in 1977 to about 300 000 ha in 1987
(10). Leaching of native salts in the soil and salts imported in the irrigation water have increased
the ground-water salinity in the upper portion of the semiconfined aquifer. Most of these salts are
now located in a zone 10 to 50 m below the ground surface (11). During the past two decades,
groundwater pumping provided a back-up supply during periods of drought. In the future,
continual groundwater usage will become common as the surface water allocation decreases.
Source control. The portion of the applied irrigation water that percolates past the crop root
zone is the major source of recharge to the groundwater system. The amount of percolation
required for leaching is small. Because the salt content of surface water supplies is about 400
mg/L, the leaching requirements for the crops grown are small, about 2 - 5% of the total amount
of water applied. However, this is generally insufficient to achieve maximum yields because of
nonuniform water application due to the spatially variable water infiltration rates and water
holding capacity of the soil. To compensate, farmers apply an additional 15 - 30%. Although this
maximizes on-farm profits, it also increases drainage problems.
Irrigation should only restore the water lost to evapotranspiration (ET) between irrigation events,
plus the small amount needed for leaching. To achieve this requires knowing ET and having the
means of controlling the amount of applied water. Weather data provided by the California
Irrigation Management Irrigation System combined with crop coefficient values and periodic
checks on soil water status are the best sources of available information for determining the
amount of water to apply (12). However, controlling the amount of applied water is a challenge.
Precision of water application in terms of amount and uniformity of infiltration depends on the
irrigation system. For surface irrigation the farmer controls the time and rate of water application,
and the length of the furrow, or border. However, the nonuniformity of water infiltration due to
spatial variability of soil physical properties prevents the application of the desired irrigation to all
parts of the field (13, 14). The infiltration rate is usually higher during the first irrigation
following tillage than for subsequent irrigations. Water is usually on the field longer at the upper
end than at the lower end, so the opportunity time for infiltration is greater at the upper end of the
field. Although these factors limit the control of water application, there are several management
practices for surface irrigation systems which can improve control: 1) using sprinklers for the first
irrigation after the soil has been tilled, i. e. for either preirrigation before, planting, or for the
germination irrigation, or both, 2) shortening furrow or border lengths to decrease the differences
in opportunity time, 3) using tailwater pumpback systems to reduce runoff, and 4) improving
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irrigation scheduling by using CIMIS weather information and by measuring the soil and plant
water status (12).
Changing from surface to pressurized irrigation systems may provide another alternative for
drainage reduction. Pressurized irrigation systems deliver water to the soil through sprinklers or
drip emitters. The uniformity of application depends on system design and maintenance over
which the farmer can impose control (15). For sprinklers, however, uniformity is affected by
wind which prevents precise control. Higher capital costs for pressurized systems impedes
conversion from surface to pressurized irrigation systems, particularly if costs such as
groundwater degradation or drainage water disposal are not assessed to the farmer.
Managing the water table by limiting tile discharge provides another management option to
reduce drainage volumes. Limiting discharge would increase the opportunity time for crop uptake
of water that would otherwise become tile discharge. Studies in California and Texas have shown
that cotton, a salt tolerant crop, is capable of utilizing saline water from the water table (Ayars
16, 17, 18). Drainage systems would need to be retrofitted with valves to control discharge.
Limiting discharge should increase the opportunity time for crop uptake of water which would
otherwise become tile discharge. However, redistribution of water and salt may increase soil
salinity and reduce crop yields where infiltration rates are low. Where infiltration rates are high,
the water table will tend to rise; in areas with low infiltration rates, water tables will tend to drop.
These differences in water table would result in lateral water and soil movement to areas where
infiltration rates are low (19). Only through operation of such a system for several years will
experience be obtained to determine if this redistribution is significant.
Economic incentives for conserving water though improved on-farm irrigation practices can be
created through tiered water pricing. An economic analysis (20) indicates drainage volumes could
decrease with little effect on profitability. This conclusion is supported by field data obtained in
the Broadview Water District in 1989 (21).
Improved irrigation practices may result in increased crop yields and profitability. Cotton yields in
1987 for the 32 cotton fields in Broadview Water District ranged from 1.23 to 2.05 Mg/ha. These
yields were negatively correlated (p < 0.05) with the mean and standard deviation of salinity and
sodicity parameters measured at 20 sites in each field (22). The standard deviation data reflects
infiltration variability: the higher the infiltration variability, the higher the expected standard
deviation of either salinity, or sodicity. Consequently, the standard deviation data indicate
infiltration variability limits water availability for plant growth due to inadequate water storage
and development of excessive salinity where infiltration rates are low. These data suggest
improved crop yields can provide an economic incentive to adopt irrigation practices which
improve infiltration uniformity.
Drainage water reuse: potentials. Historically, water that is suitable for many specialized
irrigation situations has gone unused. The yield-threshold levels of salinity often used as standards
for irrigation water quality reflect the response of crops to the average root zone salinity after the
establishment of the crop. However, for many crops, salt tolerance increases as the crop matures.
Consequently saline waters that fall in the range of 1500 - 7000 mg/L (2 - 8 dS/m) can be used on
selected crops if the timing is properly managed (1), and if adverse effects on soil physical
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properties can be managed through tillage, amendment, and cropping practices (23).
Deterioration of soil physical properties can be expected if irrigation waters are sodic as well as
saline. Deverel et al. (24) described the composition of subsurface agricultural drainage water for
the Coast Range alluvium, the transitional basin rim, and the basin trough of the San Joaquin
Valley. Electrical conductivity (EC) ranged from a median of 1.9 dS/m to 6.1 dS/m in the three
zones, while the maximum observed value was 68 dS/m. The composition of drainage water was
largely dominated by sodium and sulfate, although chloride was dominant in some places.
Consequently the drainage waters tend to be both saline and sodic. For example, in the Tulare
Lake Basin, the EC of the subsurface drainage water delivered to evaporation basins is about 12
dS/m with an SAR of 31.
The objective of drainwater reuse for irrigation is the reduction of the volume requiring ultimate
disposal thereby reducing disposal and treatment costs and offsite ecological impacts. Reuse is
facilitated if good quality water is available, or if sufficient rainfall occurs at certain times of the
year to periodically meet some of the crop's water needs and leaching requirements. Reuse is also
facilitated if salt tolerant crops are grown in the region. Good quality surface water supplies
would be used to grow high-value, salt sensitive crops such as lettuce and onion and to provide
the initial irrigation of moderately salt sensitive crops. For example, Grattan et al. (25) reported
improved fruit quality of tomatoes with no significant yield loss when irrigated with a saline (79
dS/m) irrigation. Saline drainage water captured in the tile drainage system would be used to
irrigate salt tolerant crops such as barley, cotton, trees, and desert halophytes. The drainage water
with EC's greater than about 10 dS/m would be placed into evaporation ponds.
Drainage water reuse: problems. Problems with the drainage-water reuse strategy include the
untimely availability of the subsurface drainage water, deleterious effects on soil physical
properties, and toxic effects on wildlife at or near locations where drainage water it is stored for
later use, or where it stored for evaporation.
Crop water requirements that can be met by saline drainagt water tend to occur when drainage
flows are low. Preirrigation generates the largest volume of drainage water and the peak of the
preirrigation season occurs during the winter months. A separate subsurface drainage water
collection and distribution system together with an adequate storage system would be required to
make a sufficient amount of the saline drainage water available when it can be used. If the tile
discharge could be controlled, then water storage within the soil profile could reduce, but likely
not eliminate, the need for surface storage ponds. Using sprinklers for preirrigation would be
another method to reduce the amount of drainage water generated during the winter months. The
alternative of blending, that is pumping saline drainage water into the nearest field ditch or canal
containing good quality surface water, would not be recommended for irrigation waters with
salinities greater than about 3 dS/m. Such a strategy reduces the amount of the good quality
water available for plant growth. This is particularly true for salt sensitive crops in general and for
more tolerant crops during the seedling establishment and early growth states (26).
Drainage water reuse should be undertaken only if long-term deleterious effects on soil properties
can be avoided with proper soil management. Reuse of a saline-sodic drainage water ( EC > 5
dS/m, SAR > 15) (Goyal and Rains, personal communication, 1993) resulted in poor soil physical
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conditions of a clay loam soil after preirrigation with a nonsaline irrigation water. This made it
impossible to prepare a good seed bed. Consequently, poor seed germination and plant stands
were obtained which limited crop yields. Gypsum could have been applied to the soil surface
before preirrigation to maintain good soil physical properties. This technique has been used for
sixteen years in Israel (27) without causing significant losses in crop yield on silty loam soils
irrigated with saline-sodic groundwaters (EC of 4.6 dS/m and SAR of 26).
The ecological impacts of evaporation ponds pose the greatest challenges associated with
drainage water reuse strategies. Elevated selenium concentrations have been documented to
occur in mammals, birds and their eggs, snakes, and frogs that feed in areas that receive
subsurface drainage water (28). In the summer of 1993, the Central Valley Water Quality Control
Board revised the waste discharge requirements which apply to about 23 existing evaporation
ponds. However, objections have been raised. The State Water Resources Control Board has
been requested to hold a hearing at which several issues are expected to be discussed: 1) the
inadequate time allowed to review the waste discharge requirements before they were approved,
2) the amount of fresh water habitat required to compensate for the negative effects of the
evaporation ponds on wildlife, and 3) the selenium levels in the evaporation ponds which will
determine when the ponds must be closed.
Conjunctive use of surface and groundwater. Most of the irrigated area on the west side of
the San Joaquin Valley does not have a subsurface tile drainage system. Considering the learning
curve a farmer faces in using saline drainage water for irrigation, together with the ecological
hazards and management problems generated by evaporation ponds, farmers have good reason to
control water tables by improved irrigation methods together with using ground-water for
irrigation to meet some of the crop water needs. Using two different methods, two groups óf
scientists (29, 30) calculated independently the hydraulic conductivity for the Corcoran Clay
Member and obtained 82 mm/yr and 49 mm/yr, respectively. This rate would provide a leaching
requirement of about 5 - 10% which is adequate for irrigation with good quality surface water on
the west side of the San Joaquin Valley. Inducing vertical water flow to lower the water table,
thereby reducing or eliminating subsurface drainage flows from tile drainage systems, can
theoretically be done by increasing groundwater pumping which increases the downward
hydraulic head gradient. The water quality below and immediately above the Corcoran Clay
Member is quite good so the pumped water has utility. This practice has increased during recent
years of drought when surface water supplies were limited. As expected, the shallow water table
elevations have dropped. In the long term, the consequences of this option will be degradation of
groundwater quality. The time interval for the zone of contaminated water to completely displace
usable (TDS < 2 500 mg/L) ground water ranges from 25 to 450 years with a mean of
approximately 140 years (31). Using a higher level of TDS as a criteria of acceptability would
increase these time estimates.
The conjunctive use of surface and groundwater raises an interesting question. Are either surface
or subsurface storage of salt in the San Joaquin Valley acceptable? The hydrology of the region
imposes constraints on the answer. One set of management options, land retirement - source
control - drainage water reuse - evaporation basins, results in both above- and below-ground salt
storage. Subsurface tile drainage systems in the San Joaquin Valley do not capture all the
subsurface drainage water (32). Furthermore, in areas where improved irrigation practices are
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adopted and coupled with conjunctive use of surface- and ground-water, the water table could
drop to levels below existing tile drains. In this case, salts would only be stored below ground.
Finally, because considerably less than half of the southern portion of the west side of the San
Joaquin Valley does not currently have tile drainage systems, salt storage below ground has been
and continues to be the predominate mode of salt disposal. Consequently, the answer to the
question involves the acceptability of irrigation on the west side of the San Joaquin Valley.
Terminating irrigation would be difficult because of the social, political, and economic issues that
would be involved.
Concluding Comments
As the above examples illustrate, the new public emphasis is on water conservation and protection
of water quality and ecosystems. The North Dakota/Canada example illustrates the results of this
new emphasis, or paradigm, on the planning phase of a new irrigation project. This is simpler, in
many respects, than its application to existing irrigation projects as illustrated by the
Arizona/Mexico and California examples. Deciding not to irrigate in a certain region, because of
potential environmental impacts, is simpler than deciding to terminate irrigation in a region where
irrigation has been in place for several decades.
Where irrigation systems are in place, the political and social constraints imposed by prior state
and federal agreements, including farmer expectations to be able to continue irrigation of their
private lands, place large constraints on options that will be considered practical and politically
feasible. While the new paradigm as applied to California's irrigated agriculture focuses on saving
water, improving surface water quality, and providing ecologically sound habitats, it seemingly
places considerably less emphasis on the quality and quantity of underground water supplies. Few
strategies to manage and protect it have been developed, largely because ground water is not a
highly visible resource, nor a resource whose importance is fully recognized.
The new paridigm as applied in California encourages irrigated agriculture to conserve water
using the mechanisms of tiered water pricing, water marketing, reduced water allocation to
agriculture, removal of selected irrigated lands from production, evaporation basins for salt
storage, and conjunctive use of surface- and ground-water. Increased use of ground-water by
agriculture will increase ground-water degradation. Although it will take a long time before
ground-waters become too saline for irrigation, when they do some of the possible consequences
are interesting: 1) Unless more surface water is made available, irrigated agriculture will need to
reduce its water use in direct proportion to the amount of groundwater pumped for irrigation. The
irrigated area can be expected to decline. 2) Society will discover that it is expensive to desalt
groundwater if it becomes necessary to do so because of the limited availability of good quality
water. The Wellton-Mohawk example illustrates this point. 3) Water treatment plants require
some means of disposing the saline brine, or dry salts, removed from the water. If these treatment
plants were to be located in the San Joaquin Valley, the search for an acceptable means of salt
export from the valley and means for disposal will again become an issue.
However unique the experiences in North Dakota, Arizona, and California may be, they underline
a basic reality of irrigation: it degrades water for later users. Plants remove water from the soil,
but not salt. The sustainability of irrigated agriculture depends on flushing salts out of the root
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zone, "...irrigated agriculture over time cannot avoid causing an adverse offsite effect. This effect
must be acknowledged: it can be minimized, internalized, or rejected, but it cannot be ignored. If
irrigation is a desired use of water, then its waste waters must be treated and/or disposal provided
for" (7).
The negative environmental/ecological impacts of irrigation require purposeful planning and, if
irrigation is begun, continual efforts must be made to monitor the negative impacts, to improve
irrigation management, and to educate the public and farmers. The planning phase needs to
resolve whether the negative impacts can be minimized in ways which are feasible and acceptable
to most parties. Funds should be committed for monitoring of surface and groundwater quality
and, if artificial drainage is necessary, for the construction of the drainage water disposal system.
State and federal agencies should periodically review and publicize the environmental costs as
well as the agricultural benefits. Continual efforts must be made to improve irrigation
management and to minimize and mitigate the negative impacts of irrigation on surrounding lands,
waters, and wildlife. Without a comprehensive, long-term strategy of improved management,
monitoring, and education, drainage water disposal issues become the bane of irrigated
agriculture.
Those of us with expertise in the hydrological and agricultural sciences have several unique and
important roles. We must provide information about the various on-farm options to minimize
offsite effects of salts and other residuals (nitrate, pesticides, trace elements) contained in
agricultural drainage. We must help farmers select and use the appropriate management options to
minimize .the offsite effects. We must be aware of the monitoring results and be prepared to
respond by developing new, or modified, on-farm management options. We may need to become
the catalyst to cause the formation of study teams to develop and to proactively distribute position
papers that address issues requiring inputs from several disciplines such as geohydrology,
hydrobiology, soil and crop sciences, economics, agricultural engineering, and natural resource
and farm management. We also have a role in telling future generations what the economic and
environmental tradeoffs of irrigated agriculture are and will continue to be.
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Technologies to Assess the Quantity and Quality of Salinity
N.G. Minashina. Dokuchaev Soil Science Institute, 7 Pyzhevsky Lane, 109017
Moscow, Russia. Association of Scientists "Ecology and Peace".
Abstract.
The paper includes description of the experience carrying out for many years experiments with salt
investigations. It characterizes different stages of field, laboratory and camera work. The most essential part
of the salt soil survey, analyze, and mathematical treatment are described. It is given some sketch on concrete
example of investigation of quantity and some characteristics of quality sodium salts in soils irrigated by
subsoil watering.
Introduction. The experience gained by today in analyzing the salt-affected soils and in characterizing the
forms and quantities of salts in soils is mainly based upon two basic analysis systems applied in the USA and
Russia. The experience of American researches has been summarized in the USDA Hand-book 60 (L. A.
Richards, 1954). The Russian soil science bas accumulated a vast number of data owing to the studies carried
out by K.K. Gedroits (1923), V.AKovda (1946), AN.Rozanov (1959). When compared these
technologies reveal some differences inmethodical approach. The approach adopted in the USA makes sense
as related to the analysis of salinity and those soil properties, which govern the salt movement in soils under
irrigation and drainage, thus abstracting from natural conditions. In Russian approach parallel with the salt
analysis special attention is paid to the genesis of salt-affeaed soils and their links with natural soil formation
factors and anthropogenic impacts. This is especially important to forecast the amelioration-induced changes
in soil salinity. The principles of soil classification applied in Russia, including the soil genesis, the depth of
the salt-bearing horizon, its thickness and salt amount help to judge about the degree of salinity, i, e, the soil
quality suitable for ameliorative and agricultural purposes and to assess the salt behavior in soils under
reclamation. In this case not only the salt features but also the composition, properties and forms of the
genetic soil profile as well as zonal, hydrogeological and lithological conditions are taken into complete
account. To be able to solve technological problems it is necessary to operate with quantitative indices.

Materials u d Methods. Approaches to solve the tMskofawamtiUttivedeurmiaMtiom.hviK] of
tackling the problems as related to determine the salt quantity in soils is rather difficult. It needs combined
efforts approaching the existed analysis systems. For this purpose joint Soviet-American investigations were
started in 1975, but unfortunately they haven't been completed.
The assessment of soil salinity includes several stages of investigation They are follows:
1. Preliminary acquaintance with investigation object in field.
2. Realization of salt soil survey and collection of soil samples.
3. Analyze of salts in samples and treatment of dates.
4. Choice and basing of observation plots, testing point, sampling depth in connection purpose.
5. Installation of the set and carrying out observation.
6 Treatment of dates and their demonstration.
7. Using of the receive materials, conclusion and recommendation.
It is impossible to write all the stages in the paper.
The assessment of soil salinity proved to be the main component of soil survey for elaborating new projects
and technologies of amelioration, irrigation as well as for reconstructing irrigation and drainage systems and
estimating the salt resistance of crops. The most precise investigation results obtained permit to avoid
practically negative after-effects both in ecological and economic terms.
Different approaches are used to asses the soil salinity in definite successive stages of research. At the first
stage one must consistently examine the soil genesis by using techniques of traditional soil mapping.
Preliminary assessment of soil salinity usually given according to visual features the condition and
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composition of the plant cover, it is later testified by instrumental methods applicable for determining the salt
quantity in soils (Rozanov, 1969).
To study the salt quantity and quality comprehensively, it is vital to choose optimal observation number and
location the testing point within an experimental field then methods for the salt analysis . The research is
completed byprocessing the dates and makeup practical recommendations.
The observation number choice in investigations of anisotropic objects with variations in time and space is a
component of the sampling technique and the experimental design. This problem is unlikely to be solved
apart from the particular purposes and definite conditions ( restrictions). It is also impossible to show the
universal method suitable forany particular situation.
Thus this is a problem of optimization within the alternative: to achieve the precision of measurement needed
with the least cost.
Carrying out actually possible number of observations with mere registration of the precision obtained is
often the only approach to such a problem. This approach should be considered as passive. In the basic
investigations however the results of which are used for practical recommendations it is necessary to manage
the sampling process,i.e. to use the active approach.
In any case me are facing problem, the solution of which requires determination of the optimal observation
number for estimation of arithmetic mean with the preliminary given error, For tin's case Dmitriev (1972)
offered the expression:
tp
M-Pp
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100*-S 2
"7= =
= v„ ; where from n = (
)
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100-S
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where M -is mean, Pp-given relative probability error, the degree offreedom of Students criterion tp is
(n-1), S - is variance, V - variation coefficient. Relation
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probabilities. Thus when level of significance Po,93 is 5% and variation coefficients are 1,5,10,20,30% ,
a should be equal to3,7,18,64,138 respectively.
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is used to compare two means. Denoting K= ~j

we have

t,2
11= ^ . The number of samples and their location in an area should be different and depends, on the object
of investigation and the nature of the soil. For steady-state soil the number of sample locations maybe less,
than for non- stationary ones.
Salt distribution in soil, where salt processes have achieved equilibrium with certain conditions is close to the
normal distribution. But for the separate horizons affected by seasonal and irrigation facton the character of
salt distribution changes from normal to lognormal. Any investigation of salt dynamics should be based on a
good soil map..
Lnpracticechoicethe testing number and point location, the technology to assess the soil salinity depend on
research purposes to be achieved. In some cases the investigationresultsappear to be subjective reflecting
knowledge and experimental skill of each researcher. Only the further studies and combined experience can
provide an important insight into the objective assessment of soil salinity. Just for tins reason joint SovietAmerican investigations were taken as the first step in solving this problem.
The choice of experimental fields, test plots, number and point location is very important part of any
technologies to assess of soil salinity. That permits to find the most representative object ofresearchwhich is
determined by tasks to be solved. In the coarse of soil mapping characteristics of the territory under survey
are worked out and the soil contours are identified. When studying the salt movement in soils the choice of
observation number is dependent on such factors as relief, sou and lithological conditions, the effects of
hydrotechnical installations, technologies of amelioration, irrigation, etc. In this connection the experimental
fields and test plots are mainly chosen to provide equal conditions besides the investigation factor which
influences the salt movement in soils.
To carry out experiments aimed to study the technology of tillage or crop salt-resistance the soil conditions
must be the most homogeneous among comparable variations. For this purpose the small plot experiments
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appear to be suitable. In meliorative investigations carried out in great polygons it is impossible to choose
areas of homogeneous soil cover. For instance, the experimental fields can embrace tens and even hundreds
hectares to study efficiency of drainage systems as a whole or separate collectors and drains etc.. In this case
the soils must be typified within the experimental field before to choose test plots, observation number and
testing point location taking into consideration soil-lithological conditions and factors of influencing the salt
movement in soils. Asarule, there exist a different number of soil-lithological types in experiment variations.
The results obtained are compared and estimated according to similar components of the soil cover at the same
relief elements, the position according to distance from canal, collector, drain etc. The salt content is
determined for every soil-lithological type of all the experiment variants. The obtained data are compared as
based upon the corresponding number of soil-lithological types and their locations in different experimental
fields. If this number accounts, for example, 3 soil-lithological types in one experimental field and in the
other one there are the same three soils and new one obtain final results comparison make up for each of
them inparallel variations. Forth are characterized separately. This approach helps judging about structural
peculiarities in the efficiency of melioration technologies and installation depending on the complicated soil
cover, influence of forms and sizes of experimental fields, crop rotation and etc.
To study the salt distribution in soils it is especially important to determine the time of soil examination in
terms of the salinity assessment. Soil sampling is taken twice a year for researching of seasonal dynamic,
namely at the end of spring when the soil contains minimum salts and at the beginning of autumn when there
is maximum salts resulting from the evaporation during the summer period. It is for unleaching watering in
conditions of. Central Asia To study the influence of each watering measure of the salt amount is determined
before and after the each irrigation.
One cannot but notice that the concept of salt quantity is considered to be very relative however paradoxical it
is. Some salts, sulfates and nitrates in particular, are capable to be transformed depending on the soil
condition, redox potential. For instance, sulfates are transformed into sulfides and free sulfur, nitrates into
nitrites and even in molecular nitrogen, which is volatilized in gaseous state. Some changes are induced
during analysis of soils. That is why the content of water-soluble salts is determined with some level of
probability.
Metkoos for deutmimimg the soil salimity. Two basic methods are widespread to determine the salt
content in soils: the method of soil water extract (Gedroits, 1955) and the method of electroconductivity in the
soil paste, adopted in the USA (Richards, 1954).Potentiometric methods, including that to determine the salts
sum through electroconductivity of the soil paste, are used in field and laboratory. Some ions are defined by
means of ion-selective electrodes(Cl,Na,N03, etc.).
It is worthy to emphasize that all the potentiometric methods to determine the salt content and its components
are considered to be indirect ones. The salt characteristics is changeable in dependence on a great number of
factors. They are usedfor soil physico-chemical investigations and thequalitative characteristics ofthesalinity
degree. But these methods are thought to be insufficient for studying the salt balance and for giving
uantitative characteristics of the salt movement,
'he other system of methods, widely used in Russia, Central Asian and Transcaucasian countries is described
here, namely the water extraction in water: soil ratio as 5:1. This method permits to extract all water-soluble
salts from the soil solution and the soil solid phase. All kinds of sodium salts (chlorides, sulfates,
carbonates), magnesium (sulfates,chlorides), calcium (chlorides) and nitrates are capable to be whole
extracted. In water extraa a part of little dissolved salts are also extracted as calcium and magnesium
carbonates, calcium sulfates (gypsum, CaSOt •2H20). Their content in the soil solution in natural condition
doesn't exceed 0.025% from the soil weight. But about 1% of gypsum maybe dissolved in a water extract
(5:1) and 0.2% of Ca(HC03)2 and even more at a high content of chlorides in the soil solution. The cations
ratio is changed in the water extract as compared to that in soil solutions at their natural moistening. Ca:Na
ratio becomes higher. Under definite conditions an exchange of cations between exchange complex (E.C.)
and solution can take place as well. As a result secondary salts are formed: E.C- 2Na+CaSO« = E.C.-Ca
+Na2SOi Thus, maximum salts is extracted and among them are those in the soil solution, in the soil solid
phase as well as those formed resulting from exchangeable reactions. A great share of calcium salts extracted
by water is not toxic for plants. The plant growth and development is depressively affected by the sodium
and magnesium salt amount of 0,1% of dry soil and more. It is trouble to assess the degree of soil salinity
when there is a high content of calcium salts in a water extract. Special nomogram is offered to calculate the
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sum of sodium and magnesium salts extracted by water, thus automatically deducting the amount of calcium
salts (Minashina, 1970). The calculation takes less 30 seconds.
The formation of secondary salts due to exchangeable reactions in water extracts is not of practical
significance for soils of Central Asia. These soils have practically no exchangeable sodium. They are rich in
carbonates, gypsiferous with a low exchange capacity (5-10 meq/100g).The most salt-affected soils are
widely spread in Central Asia. They consist about50% of the total areas under irrigation.
In the other regions where the soils are characterized by a high exchange capacity (30-40 meq/100g), it is
different. For example within the zone of chernozems and chestnutsoils, alkaline soils and solonetzes contain
up to 20-30% of absorbed sodium. Determination of the salt quantity in such soils appears to be more
complicated. It is feasible to observe some amount of water-soluble sodium salts, secondary formed due to
exchangeable reactions. Besides, in soils, which are rich in organic substances, for instance in solonchakous
chernozems and chernozemic-medowsoils, containedNa2SOt the process of sulfur reduction can take place
under anaerobic conditions. In the course of the further transformation sodium bicarbonates and carbonates
can appear. The calcium saltsenabletobeprecipitated in alkali condition into the solid phase as CaCOs. Due
to this reaction the quantitative characteristics of the salt distribution and movement is found to be more
complicated in soils within the chernozem zone as compared to the zone of sierozems, desert calcareous and
gypsiferous soils.

Assessmeat of tee salt qaaatity ia soils with a low excaaage capacity. The soil salinity is
assessed both by the sum of salts and by separate components of the salt composition. The experience
showed that it is not obligatory to make a total analysis of all salts extracted by water. It is quite enough to
analyze some salt components which are easilv dissolved, highly concentrated due to the evaporation of the
soil water, cause osmotic pressure in soil solutions and the most toxic for plants. To this salts we relate NaCl.
Na2S04, NaN03, NaïCfo , MgSO». MgCl2 and CaCl2 Thus, to determine the content of toxic salts in
calcareous gypsiferous soils it is sufficient to analyze Na and Mg ions. In many cases of sodium salinity only
sodium can be determined The method waswideiy used in stationer experiments (V.Yu.Margulis, 1975). ff
soils subjected to magnesium salinity it is necessary to determine Mg-ionas well.
Whenstudying the soil water-salt regime of total salt analysis(NaJC,Mg,Ca,SO» ,C1,N03. HC03, C03)
is combined with a short one (Na or Na+Mg). In shorten modification it is possible to analyze only the cation
composition (Na, Mg, Ca). Until recent time, in practice of Central Asia they preferrer to analyze the anion
composition: HCO3 , CI and SCM . For gypsiferous soils, widely spread in Central Asia, such method is not
applicable and led to wrong practical conclusions. This method doesn't permit to determine the composition
of sulfate salts and to identify toxic sodium salts among the total sum including calcium ones .which are not
toxic due to low dissolubility in natural condition. At present the assessment of soil salinity proved to be
convenient to determining by the sodium content for the most soils.

Tae depth of salt testiag ia soils aad groaadwaters. For studying the soil salinity and the salt
movement the thickness of soil layer is chosen depending on tasks to be solved. The salt seasonal dynamics is
usually studied within the aeration zone and the upper layer of groundwaters if their table is at the depth of
higher4m. In irrigated areas of Central Asia abroad 55% irrigated lands have the groundwater table at depth
3m and high from the soil surface ..For scientific purpose and the salt forecast it is need to research salt
distribution in the aeration and water saturation zones up to the waterproof layer. In practical case of watersalt
management irrigated lands salt soil survey are carried out up to the water table. Sampling by genetic horizons
through out the soil profile raises the accuracy of the salt distribution analysis. Soil samples are mainly taken
in the following soil layers: 0-10cm, 10-25,25-50,50-75,75-100 cm and deeper up to the groundwater table
in every 50 cm interval. The groundwater is also probed by layers. Scientific purpose the investigation depth
is more up to waterproof layer under saturation zone.
Trratmeat of aaalysis dates. Analytical dates are grouped according to soil samples taken at the depth of
different salt genetic horizons. In oases of Central Asia desert for soils irrigated by farrows the horizons are
following:
1. Soil horizon of seasonal salt accumulation. This is the upper active part of the root-zone where the salts
are accumulated as result water transpiration and physical evaporation. The thickness of this horizon varies
depending on proper soils and plants (the thickness of root layer) and the irrigation technique as well. It
averages about 60 cm for cotton.
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2. Soilhorizon of aeration, characterized by water-salt transit of ascending and discending flows of capillary
and gravitation water. The lower boundary of aeration zone is determined by the ground water table. In
alluvialplains of Central Asia it is 1-1.5 m to 2.5 m.at the end of spring in soils under irrigation. The soil
salinity doesn't change considerably during the year within the layer between the lower boundary of the root
zone and the groundwater table.
3. Soil horizon of periodical water saturation and aeration. In April when the groundwater table is the most
high this horizon is saturated with gravitation water, on the contrary it is aerated in October. Its thickness is
dependent on the groundwater table fluctuation and comprises 1-3 m in oases of Central Asia. The salt
quantity is seasonally changed here, thus showing an increase when the groundwater table is found to be
rather high, and decrease after lowering of the ground water table. That is especially characteristic of soils with
the unleaching regime of irrigation during the vegetation season.
4. Zone of constant saturation with groundwater, The salt quantity doesn't change seasonally, butfluctuations
of many years take place here due to changes in the irrigation technology, crop rotations, hydrotechmcal
installations and the other factors. The lower boundary of this zone is confined to 10-15 m in Murgab oasis of
Central Asia (Minashina, 1963). This is the zone of vertical water-salt exchange. Depth of different salt
horizons are conditioned by management of irrigated lands and soil factors They are found by special analyze.
The lateral salt distribution is studied by means of a set soil points (profiles), chosen occasionally within soil
contours and experimental fields, or regularly taking into consideration such factors as the distance from
canals, collectors, drains, different microrelief elements, including artificially formed ones (furrow crest and
bottom), etc. The number of samples is determined mathematically. It is not enough examined to only the
one typical soil profile because salt distribution is very variabled. Estimation of arithmetic mean owing the
data of several soil profiles (3-5) appears to be unsufficiant. That is not reflecting variations of the salt
quantity in space.. The salt distribution in the soil under irrigation are submitted by different mathematical
laws, and what is more, the low of such distribution can be changed in time within the same area. The
distribution of sodium salts, chlorides and nitrates are very changeable because of their high dissollubility and
mobility. ktmsrespecttheionsarerangedinfollowingsorder:N03>Cl>Na>SCM>Mg>Ca. Calcium is less
variable. Determination of the distributional pattern for the samples under consideration is one of the main
tasks in investigations using statistics. The routine method of this problem solution is as follows. Range of
the observation set is divided into K-parts (classes) Then the observation number of the set within the
particular class is evaluated. The number obtained is used to estimate the random value frequency occurrence
in the given interval. Comparison of these frequencies on the base of Student's test, % • etc. with those
determined by theoretical distribution enables us judge whether the selected set is well described by the
theoretical one. Choice of K is the main difficulty of this approach.
Actually comparison of differential functions of frequency distribution takes place here. However, nothing
prevents the integral function comparison, these functions are usually called accumulation. The problem of
number of classes is excluded in this case. By comparison of the selective function of accumulation with that
of the theoretical one according to Kolmogorov' s criterion X one can determine the probability of the selective
function to be consistent with the theoretical one. Assume the selected set of the value parameters is compiled
on the base of the sufficient amount of the random value X independent observations.
Xl< X2<
<Xo
It should be determined then whether these data are consistent with the concept claiming value X to have the
definite and continuous integral function of distribution, F(x). Assume this concept is valid. Let Fa(z)
denote the step function of the cumulative frequencies of the set.
0, X<Xi
F«(x) = k/n, Xk < X * Xk+i
1, X > Xn
and form difference | Fn(x) - F ( x ) | .
Maximum value of this difference D =max | Fo(x) - F(x)| represents random value, marginal probability
of which was determined by Kolmogorov.
So assessment of salinity throw sou cover can be expressed by means polinomes (distribution curves),
including all dates. Variations of soil salinity proved to be quantitatively analyzed as based on integral
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distribution or cumulative frequencies, Such method needs no investigations to determine law of mathematical
distribution. It is suitable for every salt distributions even for that which have different number of dates and
classes.
AccordingtocriterionJl , proposed by Kolmogorov and Smirnov (Plokhinsky, 1970) one can determine the
probability of differences by the salt contains and their distributions for different variants. It is no need to
determine number of freedom degrees and any tables to choice X standard criterion, in this case the values X
prove to be equal accounting for 1.36, 1.63 and 1.9S, and corresponding to three degrees of marginal
probability: 0.95,0.99 and 0.999. This criterion^, may be only used when there are many tens of dates to
be compared different distributions not less than20, at least.
By comparison of empiric distribution of two variants (or with that of the theoretical one), when the number
of classes and dates is equal, the criterion can be expressed by the following formula:
max|d|

Vn

max | l f l - Z f l

|

Vn

where | d | is maximum difference between cumulative frequencies of distribution forthe same class; > - the
total numberdatesof empirical distribution. To determine the criterion A. it is necessary to make up the rows
of the cumulative frequencies for the two compared distributions Xf i and Zf i ' to choose the highest
differences between them and divide it by ya.
When the number of classes and observation dates is not equal, this criterion X calculated by the formula:
X =max|— - —
where - —

| * \ / —

the sum of frequencies for each class of the first distribution, divided by the total observation

dates;—— the same for the second distribution; m a x | - — - -—- | -maximum value (without taking into
account a sign of difference); au , ta -total number of observations for the first and second distributions.
Results aad discussion. The above mentioned principles of the technology to assess the soil salinity have
been widely used in different field experiments carried out in Central Asia (in the Golodnaya steppe in
Uzbekistan, in Murgub oasis in Turkmenistan). (Margulis, 1975; Yegorov, Minashina, Motuzov, 1976;
Yegorov, Minashina, Rozhkov, 1976; Minashina, 1981; Minashina, Sapargeldiev,1983). They are illustrated
here for example by results obtained for experiments studied the influence of the subsoil irrigation on the salt
accumulation in soils. The experiments have been carried out onnewly irrigated lands at the zone of the South
Golodnaya steppe irrigation canal. Soils were presented by light sierozems from loess-like deposits. The test
area appeared to be homogeneous according to the soil mechanical composition and lithological stratification
of the soil profile, farrow irrigation was initially used for 7-8 years, as combined with great losses of water
due to infiltration, because the virgin soil is of great porosity penetrated by root and soil fauna. The water
table is very quickly risen. It is hampered cultivation of the soil. For research purpose the surface irrigation set
was reconstructed under subsoil irrigation. The set of perforated tubes was installed, at depth of 45 cm below
the soil surface. The tubes have outlets every 10 cm. Tube space is 120 cm. Water is seeped from the tubes
into soil, saturates it and partly is infiltrated up to ground water table. Between watering the soil water is risen
by capillaries and suction by plantrootes. The ground water table is fluctuated from 3,5 -4 to 1 - 1,5 m from
soil surface. The loess soil have very good capillary properties. The capillary water is moving easily up to 2-3
m from ground water table and available to plants.
Area of the experimental field is 40 hectares. It was chosen three plots by 1 hectare each to research salts in
the soil, samples of soil were taken at each plot at 20 points (profiles) up to ground water table twice a year: in
spring before or immediate after sowing of cotton and in autumn before harvesting. Observation made up
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during 1975-1978 years. At the same time to determine the salt quantity the entire experimental field (40 ha)
was studied by 60 testing points (profiles) and in 3 experimental plots i ha each 20 testing points «ere taken
from every plot before the experiment. The comparison of data obtained for each plot and for the whole
experimentalfieldrevealed no differences (Fir. 1), X = 0,64. Further investigations were carried out in 3
experimental plots The soil-water extract 5.1 was used to determine the salt content in soils. The soil content
originally a little amount of sodium salts. Its dynamics within the upper 0-45 cm soil layer (all 180 samples)
is also illustrated by Fig. 2, which shows empiric cumulative curves of salt distribution. The salt content is
shown in tables 1 for two seasons. It is clearly seen that the salts are accumulated in the vegetation period. In
summerthereispractically no precipitation. The soil is moistened by irrigation and ground waters. In X- IV
months 1975-1976 atmospheric precipitations were 336 mm, for the same period in 1976-1977 249 mm and
in 1977-1978 about 495 mm. The salt quantity in the upper part of the soil profile gets declined depending on
the amount of precipitations. In 1977-1978 when the amount of rain water was the greatest, the salt content
was decreased owing to leaching from the upper soil horizon, but the salt appeared to be accumulated at the
depth of 45-100 cm.
The composition of salts under study was presented by sodium chlorides and sulfates almost in equal amount.
However the ratio quantity of sodium chlorides to total sodium salts in the upper horizon changed from 0,40 0,45 in spring to 0,52-0,70 in autumn. This is explained by the fact that chlorides are more easily migrated
due to ascending flow in the dry time of the year and discending one resulted from leaching by winter-spring
precipitations. The total sum of salts is also increased in the upper horizon towards to autumn. According to
Kovda, such seasonal migration is characterized by a seasonal salt coefficient of accumulation. The low ofthe
distribution for different ions under the same conditions differs greatly. In 1975-1977 this coefficient for the
sum of sodium salts was varied within 1.2-1.8 and for Ci-ion 1.5-3.2. In the middle part of the soil profile
the coefficient accounted for 1. Only in 1978 when the winter-summer rainfalls were abundant, the salts were
leached downwards and accumulated within the 45-100 cm soil layer, they appeared in the upper horizon
together with capillary water in vegetation period, seasonal salt coefficient of accumulation for sodium was
2.1 and for CI ion 5.6. Unfortunately there is no opportunity to describe the behavior of the other salt
components.
Table 1. Parameters of salinity soil of root-zone (0-45 cm)
(sodium salts, meq/lOOg). n=180

Season

Average mean

Mode

Standard error

1975

Spring
Autumn

0,574
1,086

0,446
0,726

0.245
0.603

1976

Spring
Autumn

0,968
1.163

0.710
0.814

0,458
0.441

1977

Spring
Autumn

1.063
1,664

0,822
0.814

0.474
0.374

1978

Spring
Autumn

0,431
0,930

0.163
0.453

0,413
0.730

Thus, the results of our study permit to conclude that the subsoil irrigation seems to be reasonable for
employment when the amount of winter-spring precipitations is found to be sufficient for salt leaching at the
depth not less than 100 cm. In case of drainage the salts can be removed by discending water flow from
tubes. Under such conditions the root zone is not affected by salinity.
Coaclasio». The technology to assess the salt quantity and soil salinity permits to obtain characteristics of
soils at high level probability atall diapason their variation. The water extract method from each sample taken
from a field is expensive of course. But it has the advantage of high mobility in spice and time and no limit in
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quantity of samples or their location which may be changed during experiments. It is cheaper then cost of field
experiments, permits to exclude mistakes in estimation and gain time to receive true variable picture.
Significance of experience of soil scientists which use mathematical methods in the soil investigations are
remained also important as it was before when they operated only typical profiles, high experience of soil
scientists permits correctly to choice the object of investigations, their number and with less cost to receive
higher level of probability.
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Technology for Reclamation of Clayey Soil Affected by
Secondary Salinity in Cuba.
R. Cabrera*, G. Cervera, J. R. Pérez, R. Villegas. National Sugarcane
Research Institute, Van Troi 17203, Boyeros, Habana, Cuba.

Abstract. In the Republic of Cuba more than 1 000 000 ha of its agricultural lands are affected
by secondary salinization and near 60 % of this area is clayey. Particularly, the Guantanamo
Valley has a big extension of soil with serious salinity and dry problems, that inhibits the
normal growth of the crops. The geological history of the territory, its natural characteristics
and the intensification of bad design irrigation, helped the soil salinization and the lost of
several harvests. To revert this process in experimental plots, a detailed research of soil and
hydrogeologic was carried out since 1986 till 1993, with different salts and water table levels,
determining the measures for avoiding the secondary salinization and the technology for
reclamation and improvement of clayey soil. Results show that the principal measures are:
the construction of a deep collector and parcelary drainage, the deep soil preparation with
subsoiling and ameliorator application (cachaza), and the management of water regime for
accelerating the desalinization, in relation with salt initial level.
Introduction. Nowadays salinity is one of the more aggravating aspects in the agricultural
field, being it a problem all over the world that affects with bigger influence in the arid and
semiarid regions of the planet due to the unfavorable natural conditions prevailing in these
zones (1,7). The necessity of an intensive agriculture has provoked the use of fragile land
which without an adecuated management has degradeted quickly.
This problem in Cuba reaches more than 14 % of its agricultural lands, where 600 000 ha are
affected by secondary salinization in clayey soils, principally in three regions: the Northern
part of the Central Province, Cauto Valley and Guantanamo Valley, the last two in the Oriental
part of Cuba.
Salinization in Guantanamo Valley responds to the accelerated increase of the irrigation systems during the last 25 years, which made possible the elevation of the watertable and the
resulting soils salinization (10). This is due to its semiarid climate, the unfavorable hydrogeological conditions and the deterioration of the territory drainage capacity by human action,
principally in the sugar cane plantations, with 17 200 ha affected (6). In order to develop
successfully the irrigation agriculture under these conditions and to obtain the best technologies
for desalinization, several researches in experimental plots were carried out, using water
managemenet, soil preparation combined with different ameliorators and deep drainage,
determining the measures to achieve the acceleration of the saline soils improvement.
Materials and Methods. Guantanamo Province at Southeast of the Oriental Region of Cuba,
is located at 75° 30' of latitude and 20° 38' of longitude, having only 25 % of plain topography in its territory (Guantanamo Valley), with a strong salinity and dry conditions. The Valley
is of a large purse shape, closing at the South of Guantanamo Bay and surrounded by three
mountain systems. The Valley moisture soil regime could be considered as Dry Tropudic (Ud)
in its Northern part (premountain zone); Aridic Tropustic (Sa) between 50-20 m of sea level
and Typic Aridic (At) below 20 m up to the sea. The temperature is typic of tropical climate
with 38.2°c maximum and an annual brainfall average of no more than 800 mm at its Southern
part.
The principal soils are Fluvisols eutric or salic (Fie, Fls), Gleysols mollic (GLm) and Solonchaks mollic or sodic (SCm, SCn); all them developed in the alluvial plain, with 55-75 % of
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hydromorfic clay and are very complex because of its gleyzation, salinity and sodicity grades.
The top horizon (A) has a smaller aggregated layer, passing abruptly to a cracked compact
horizon with a dilatation-contraction tendency.
To support the procedures criteria of salinity researches, the works were carried out in two experimental plots (figure 1), which were chosen by their representativity of soils and hydrogeological conditions in the region, fixed by the reports of Hydraulic Resource Institute (6) and
Soil Institute (12).
In one plot (Paraguay), area 1, with annual rainfall of 600 mm, at the beginning completely
degradated without crops, a research took place on different methods of soils reclamation with
deep drainage systems (2.5 m of depth) and later the observations continued during the agricultural period after reclamation. In the reclamation process (application of artificial leaching and
natural leaching) different variations of land preparation were used, with and without subsoiling and
different doses of organic ameliorator (cachaza and mosto, both sugarmill residuals) and gypsum.
In the other plot (Cecilia), area 2, more to the North and with annual rainfalls of 785 mm, with
salinity tenors varying from slight to medium, the secondary salinity tendency and the response
of sugar cane to saline soil were characterized, using 20 experimental plots of 200 m2 with
different watertable depths and salinity.
The soils of both experimental areas (table 1) are deep, with clayey texture and showing low
capacity of infiltration. The measures taken were made to determine the hydro-saline balance
elements, including the physic, hydrophysic and chemical properties.
Table 1 Average hydrophysic determinations of both areas
Texture
Bulk
PoroLand
Depth
Dens
sity
Capacity Sand
Loam Clay
(cm.)
(t/m3)
(g/g)
(g/g)
(%)
(%)
(%)
0-35
35-70
70-110
110-180

1.07
1.32
1.42
1.47

0.580
0.486
0.454
0.430

0.425
0.443
-

3.3
2.6
2.0
1.5

31.2
32.8
29.1
29.4

65.5
65.6
68.9
69.1

The analysis methods consist in the use of statistics determinations, such as: summary statistics, multifactor analysis of variance, multiple regression, covariance analysis and the solutions
of differential equations. The determination of the elements by balance hydro-saline equations
followed the conventional measures (1, 8, 9).
Results and Discussion. Salinity of Guantanamo Valley fields associates with tectonic movements in the geological history of the territory which provoked the formation of salined layers
with highly mineralized water catched in the subsoil. This has been proved by the land observations made, which defined that up to the 20-25 m geomorphologically there are alluvial
plains of marine origin, being the Paraguay Sugarmill the most affected zone by this process.
During the emersion period (since Teriary) of the territory, the salts accumulated in some
sediments, which are still preserved in the underground water of the zone due that the natural
leaching processes were and still are very slow because of the scarce rainfalls and the low
infiltration.
Since the beginning of the century in Paraguay Sugarmill (before, The Canos Sugarmill) a
drainage system existed, and the irrigation applied through overflow method concurring in the
more rainy period (4, 6). Taking this into consideration, it could be infered that the sugarmill
owners created proper conditions for the salt leaching (with sugar cane), which allowed them
to reverse the accumulation process that took place in the remaing part of the year because of
little drainage depth (1-1.5 m).
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Figure 1- Saline soils in Guantanamo Valley.
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At the end of 1960, the agricultural mechanization made its introduction in a great scale in
Cuba, compressing the areas and, as a consequence, not only eliminated the artificial drainage
but also the natural drainage suffered serious damages. Besides, the irrigation channels enlarged in more than four times while the drainage diminished in the same proportion. The
superficial technic changed by aspersion of high pressure, replacing the leaching tendency. The
human action provoked the watertable creation, which being in continual exchange with mineralized underground water affected the soil fertility and degradated big sugar cane plantations.
As a consequence, the first reason of the soils salinization in the region is the underground
water highly mineralized by the unfavorable hydrogeological conditions for low permeability
of the aquiferous layers in this zone, where the vertical hydric exchange stands over the horizontal. Figure 2 shows the relation of watertable observations in Cecila Experimental Plot and
the saline regime of the soil in a four year period. This figure also shows that between 1.8 2.0 m of depth exists a critical level for a yearly infiltration magnitude in the order of 8001000 mm.
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Figure 2- Relation between salinity increase (S) and water table depth (WT).
This critical level is impossible to obtain in irrigation agriculture due to the hydrogeological
conditions of the South part of the Valley with a poor underground draining, unless the watertable is regulated by a deep drainage system. As the underground water in the South part of the
Guantana-mo Valley is saline (5-35 g/1) the quick salinization process in the last years (as from
1970) could be easily understood, because its level increases abruptly by the low permeability
of the aquiferous layers with poor underground draining in proportion with the volumes
managed during irrigation. In agreement with literature reports, the critical depth of 2 m
coincides with the results obtained by Valdivia (13), in the dry zone of the Peruvian alluvial
soils and with those by Baron el al- (2) for lands under irrigation, even though it somewhat
differs of Kovda (7) results who fixed it in 2.5 m.
There are some reports of smaller depths as those of Marismas de Guadalquivir (8), and of the
Nile's Delta (9), but this is because of a not too strong mineralization of the watertable or to a
considerable management of water in the system which allows the coverage of the rapid in-
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crease by capilarity.
This critic depth in an irrigation agriculture and the unfavorable hydrogeologic conditions
above mentioned presuppose the necessity of artificial drainage capable of supporting or depressing rapidly any increase in the underground water level. To achieve such condition
without the use of irrigation overdose, it is necessary to have a constructive depth of drainage
of 2.5 m relying upon the spacing of the geofiltration conditions of each zone and the magnitude of the water filtration to watertable.
In the analysis of the balance equation (1), with a bigger volume of water percolated in the
system, the infiltration components prevailed over the watertable evaporation and, for that
reason, the critical depth could be smaller if the irrigation system is managed by way of the
use of an overdose up to 30-50 %, but the depth of watertable that does not provoke salinization by the secondary way could diminish up to 1.4 - 1.6 m, with a constructive depth of
drainage between 1.8 - 2.0 m. Of course, this overdose established in a permanent way during
the whole period of agricultural exploitation with the corresponding increase of the water
necessity for irrigation in a zone in which it is very scarce.
The deep drainage is the only way to avoid seconday salinization and even to reverse the
process. This is shown in figure 3 where with the superficial drainage system (Area 2) the
irrigation action increased the watertable and provoked that the hydrosaline regime lead to
salinization. The opposite could be seen in Area 1 where with a deep drainage system the
tendency of the hydrosaline regime is to the leaching, even without the irrigation application
(Plot 3 of Area 1).
The Guantanamo Valley rainfall regime shows a little annual magnitude but it falls concentrated in a determined period of the year, provoking a certain overdose volume which reaches 1015 % annually. According with Bawer criteria (3), this value is enough to show the natural
tendency to leaching if the watertable is above 2.0 m. This defines an important aspect of
improvement because the soils in this part of the Valley in natural state shows low permeability
and a compact horizon in the 30-35 cm of depth difficulting the natural leaching process. This
condition could be improved according to the results obtained in the Paraguay Plot, where
when making the combined deep subsoiling with cachaza ameliorator doses of 100 t/ha increased the permeability from 2-5 mm/hour up to 15-24 mm/hour, with a greater volume of
water which percolates under the radical layer, provoking an acceleration of 2.5 times of
natural leaching (figure 4). Where cachaza was not applied, the subsoiling effect was quickly
eliminated allthough in the treatment with cachaza the effect keeps on after six years.
Conc.f/.)
—x
Area 2, with superficial drainage and sprinkling irrigation
—x
Area 1, plot 1, with deep drainage, subsoiling and leaching
—Area 1, plot 3, idem plot 1 but without irrigation
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Figure 3-Dynamic of salinity (1.0 m), in different conditions of drainage and deep soil preparation.
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Notwithstanding the relation between soil salinity and sugar cane yields, in the real field conditions, salts are very dynamic in time because of the corresponding management of the hydric
regime; this aspect could have part on the final yields. When adjusting the experimental results (including Cecilia Plot and Paraguay Plot) of 44 salined parcels in three vegetative periods and the average moisture in the whole period, the following expression for relative yield
(R) in C266-70 variety is:
R=36.3+267.7S.-508S 1 +70.8Hp-302.5S I 2 +360.5S 2 +14.3Hp 2
r2adj. =0.956 p=0.00 F=213.24 ese=4.55
With this equation and the affectation criteria grouped, it is possible to define the relative
yields which permit a faster agricultural reclamation, according to different initial salt levels
and a determined hydric regime management in medium salt soils. Therefore, with less than
0.3 % of salts it is not necessary to apply great volumes of water with overdoses, as established by Pizarro (11), because in first harvest the raining action and superficial irrigation
provoke a diminishment of salt in the radical layer of up to less than 0.15 %, with worthless
yield losses. When the salts initial level oscillates between 0.3-0.5 %, certain level of loss
exists and in order to diminish it, is preferable to accelerate the desalinization process, applying an overdose of 25 % with irrigation in first harvest only, reaching less than 0.15 % of salt
in a year, with relative yield loss between 15-25 %. When the salts level is between 0.5-0.7
%, sugar cane suffers considerably, here it is necessary to give an overdose of 50 % with
irrigation (partial norm of 750 m3/ha), including a previous one before planting, making a go
down to 0.3-0.4 % of salts in the first layer (0-20 cm), keeping on the leaching with overdoses
norm in the more deep layers. In this way the sugar cane plant crop reaches the salts level in
lesser than 0.15 %, with relative yield loss between 25-40 %. This grouping for chlorhydricsulfatic type of salinity and high level of sodium, is of vital importance for establishing the
technologies of recuperation and improvement of the saline soils dedicated to the sugar cane in
Cuba.
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Beyond 0.8 % of salt for obtaining sugar cane crop, it is preferable for the complete reclamation to use soil capital leaching by overflow method, applying big volumes of water in a short
period of time (1,7, 11). The experimental results with different technologies show that leaching is effective up to a depth of 140 cm. Outstanding among the iones that suffer more diminishment, in a descendent order, are: chlorine, magnesium and sodium (figure 5). The use of
different ameliorators shows that the sugarmill residual (cachaza and mosto) are more effective
in the leaching process than gypsum and, of course, in the treatment without ameliorator (table
2). When analyzing the soluble salts, chlorine, soluble sodium, exchange sodium and toxic
salts, there exists a greater diminishment of all these elements after the leaching as proved by
covariance analysis. The doses with better results were when using cachaza (solid ameliorator)
100-150 t/ha and mosto (liquid ameliorator) 500-750 m3/ha.
Movement of the salts in the region soils: Theorically in the soils with heterogeneous structure in their vacuum system, the salts movement takes place principally by cracks walls as a
function of the water movements on them, saturating the microporic blocks, when the quantity
of water passing through the cracks is bigger; in that period of time the cracks close (total
saturation). In the process of evapotranspiration, the soluble salts in the microporic blocks
migrate by diffusion towards to the walls of the cracks, establishing certain equilibrium between both porosities after an established lapse of time. This movement was described by
Hydroeconomic Ministry of Russia (5) in monolith conditions.
Initial (Mav 1985)

El**

E3«' • * < *
Anions

Before leaching (Dec. 1986)

rjrgj^ in*„•' E^*r
Cations

Figure 5- Salts composition (meq/100 g) by depth in different periods of the work.
The algorithm that bases the equations system and which describes the salts movements considering cracks in Guantanamo Valley soils is:
5c
52c 5c 5M 5c.
nase - = D* — - V . - + - + —
(2)
5t
5z2 5z 5t 5t
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and the exchange between cracks and the microporic blocks of the soil is:
5c,
5M
na (1-x) — = -a (c-c.)
(3)
5t
at
where
na:active porosity (%)
x :cracking (%)
c :soluble salts of microporic blocks (%)
cl:soluble salts of the cracks (%)
D*: diffusion coefficient (nVday)
t :time (day)
z : layer (m)
M concentration of exchange capacity (%)
a :exchange coefficient between cracks and microporic (d"1)
VQ:velocity of filtration (m/day)
In the validation of the mathematic model using the hydrosaline balance results of different
leaching processes, the bundary conditions obtained are:
Table 2. Effectiveness of soil leaching with different ameliorators use.
Effectivity value T (%)
Treatment Layer Sol. Cl"
Na
Toxic
Exchange ANOVA
(cm) salt
salts
sodium
Control

0-60
0-100

8.8
3.6

12.1
3.9

8.1
3.7

3.6
1.7

C

-0.3

Cachaza
50tiha

0-60
0-100

31.4 39.1 27.0
9.5 14.9 10.7

31.3
9.8

10.3
5.2

B

+0.8

Cachaza
100t/ha

0-60
0-100

39.3 49.1
14.1 39.1

43.5
17.6

41.6
16.0

16.8
7.5

A

+ 1.4

Cachaza
150 t/ha

0-60
0-100

39.5 51.4 47.4
15.1 22.3 14.6

41.6
16.9

19.9
7.8

A

+ 1.8

Mosto
0-60
250 m3/ha 0-100

27.8 34.4
11.1 13.4

32.8
14.6

26.9
9.1

10.7
4.9

B

+ 1.2

Mosto
0-60
500 m3/ha 0-100

32.2 56.9
15.9 35.5

37.6
15.7

44.3
16.8

25.6
8.8

A

+ 1.4

Mosto
0-60
750 m3/ha 0-100

29.9 65.6
12.6 40.4

40.6
13.2

41.6
17.4

23.7
8.4

A

+2.0

Gypsum
20 t/ha

21.1 34.7
7.2 13.5

25.2
8.3

43.2
17.3

23.8
8.2

B

+0.1

0-60
0-100

13.6
5.7

Org. mater,
increase

for application water period D**0.5 VQ and a » between 0.1-0.05; for evapotranspiration
period: D*= between 10"3 - 10"4 and a=* between 0.05-0.001; the cracks representing between
5-30 % of all porosity. The equilibrium of cracks and microporic blocks in the solution
could be characterized through the coefficient (figure 6). A good example of exchange that
exists between both porosities in the leaching process which shows that the movement should
not only be descendent (as it is shown when sampling in fixed periods after the partial norms)

362

but also of heterogeneous movement of salts, as appreciated in figure 7, when analyzing the
liquid in the pores during all the leaching period.
The most efficient treatment (by the physic point of view) was the one using cachaza (100-150
t/ha) and deep subsoiling, which was even superior to the one with mosto and gypsum. When
there was no ameliorator used, the subsoiling cracks were completely closed, resulting very
dangerous for soil filtration property, existing overflow periods of more than 10 days in each
norm, while in cachaza treatment, this ameliorator stays between the walls cracks and does not
permit its total close; in the evapotranspiration process the cracks open because of cachaza
ameliorator. That is why the use of little leaching partial norm (75-150 mm) is more effective
than big volumes.

Figure 6-Concentration equilibrium between cracks walls and microporic blocks in function of
a coefficient.
The most efficient treatment (by the physic point of view) was the one using cachaza (100-150
t/ha) and deep subsoiling, which was even superior to the one with mosto and gypsum. When
there was no ameliorator used, the subsoiling cracks were completely closed, resulting very
dangerous for soil filtration property, existing overflow periods of more than 10 days in each
norm, while in cachaza treatment, this ameliorator stays between the walls cracks and does not
permit its total close; in the evapotranspiration process the cracks open because of cachaza
ameliorator. That is why the use of little leaching partial norm (75-150 mm) is more effective
than big volumes.
With the results obtained and due to the soils characteristics explained before, the saline
prognostic model was adjusted in function with the coefficients determined in the Paraguay
Plot. This model which takes into account the heterogenity of soils vacuum system and the
exchange between the cracks and the microporic blocks by diffusion, proved in different initial
salt levels
and with different managements of irrigation or rain (by overdoses, big rains or leachings),
showing to be superior than the balance model when elevated volumes of infiltrated water exist
(figure 8).
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Table 3 shows a summary of the main values obtained in each analysis point. This shows that
in dependence of the grade of soil preparation, the coefficient differs and also is a function of
the initial salts level in the radical layer. With these results the saline regime could be predicted as a function of the hydro regime of the desired project in agreement with the characteristics of the sugar cane zone soils.
Area 2 (Paraguay Plot) proves the efficiency of the leaching process with the application of
cachaza combined with the deep subsoiling after the process of the capital leaching, with the
planting of the sugar cane in 7.5 ha, obtaining agricultural yields in sugar cane of 195 t/ha in
first harvest, 126 t/ha in second harvest, 75.5 t/ha in third harvest and 91.4 t/ha in fourth
harvest with the variety used (C266-70). These yields are superior in two times to the ones
obtained in Paraguay Sugarmill in the last ten years.
The desalinization continued during the agricultural period stronger in the deeper soil layer
(betweeen 100 and 200 cm) due to the application of the irrigation with superficial methods.
Table 3 - Coefficients obtained in the inverse process of hydro-saline prognostic in Paraguay
Experimental Plot.
Number of Norm
Salts (%)
time application water Initial Final
Prognos.
Point
(days) Rain Irrig. (mm)
Real
Bal. Het.
8.10
8.8
10.4
6.1
8.5
11.7
11.6
5.7
D-6
D-7
D-3
D-15

With deep preparation and ameliorator
546
28
2
145
0.14 0.11
546
28
16
252
0.15 0.11
546
28
10
576
0.25 0.13
546
28
145
1.20 0.91
546
28
11
402
0.42 0.20
546
28
11
1002 0.53 0.14
546
28
11
900
0.35 0.13
546
28
145
0.81 0.60
Without deep preparation and ameliorator
546
28
145
0.85 0.72
546
28
145
0.64 0.57
546
28
145
0.47 0.41
546
28
145
1.20
1.10

0.09
0.10
0.07
0.36
0.16
0.06
0.06
0.25

0.11
0.11
0.13
0.89
0.20
0.14
0.12
0.59

0.26
0.21
0.17
0.34

0.72
0.57
0.40
1.11

Conclusion. The soil improvement in the Guantanamo Valley has to be aimed to control the
regime of the mineralized underground waters in order to avoid secondary salinization through
a systematic deep drainage system capable of regulating its depth below the critical level of 2.0
m.
Due to the specific characteristics of the Valley rainfalls, the tendency of the soils is the natural
leaching, if the watertable level is under 2 m and the velocity of desalinization of the radical
layer increases with combined deep subsoiling with the application of doses of cachaza of 100
t/ha.
The faster agricultural reclamation could be possible when using water management regime,
with overdoses between 0.3-0.7 % of salts in the first year of the sugar cane.
Capital leaching is effective up to 140 cm depth, showing bigger movility among the soluble
salts, the chlorine, magnesium, sodium. The sodium tendency in the exchange complex is to
diminish in the leaching process, with ameliorator use.
It is very important to take into account the cracks in salt movement for hydrosaline regime
models, and for that reason the leaching partial norm should never be bigger than 150 mm.
The desalinization is maintained in the agricultural exploitation period, with greater force in
the deeper layer of the soil (100 - 200 cm) because of the irrigation application with superficial
method, showing the efficiency of the reclamation process, with agricultural yields obtained in
the experimental area.
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Organic Matter and Humic Substances Contents in Chinampa
Soils From Xochimilco-Tlahuac Areas, (Mexico)
N.E. Garcia-Calderon, S. Galicia,

N. Aguilera, and

L. Reyes.

Laboratório de Edafoogia, Facultad de Ciencias, UNAM, 04510, México.
INTRODUCTION.The agricultural stands from lacustrine XochimilcoTlahuac at the present time are considered as ecological relics of
the traditional Xochimilco-Tlahuac-Nahuatl agroecosystems. In these
agroecosystems, small areas were named chinampas,
this term derives
from the Nahuatl language chinamitl.
applied to the small portion
of land fixed and protected against erosion by means of "ahuejotes"

Salix

bonplandiana.

These soils were classified by our Working Group as Antroposols'".
.The Xochimilcas countrymen constructed them before the lO"1
century, and even at the present time the "chinamperos", collect
mud from the channel floor and apply it over the chinampa surface;
these materials are rich in organic matter and in nutriments. These
agriculture stands are a typical example of one of the most
intensive and productive farming systems ever developed by man,
with high yield productivity all over the year, in which soil
fertility has been maintained through regular applications of swamp
muck) aquatic plants and manure.
Unfortunately, the increase in population and urbanism breaks all
kinds of ecosystems. At the present time, most of the lacustrine
areas show medium to high contamination indexes of sodium and
salinity in soils, channel and lagoon waters. The saline-sodic
soils are still very high in organic matter -20-30 per cent or even
more- specially on the depth layers, low bulk density and high CEC
are the principal properties of these dark gray and black soils, as
has been evaluated by the research group of the Laboratory of
Edaphology, Faculty of Sciences, UNAM "'. Therefore, retrieval
rehabilitation to high yield agricultural, commercial and turistic
activities, should be possible with the consequently improvement
of the life conditions of the "chinamperos" that reside on
Xochimilco,
Acalpixca,
San
Gregorio
Atlapulco,
San
Luis
Tlaxialtemalco, Tulyehualco, Tlahuac, Tetelco, Tezompa and Mixquic,
where few of these areas are still present.
Soil organic matter plays and important role over the chinampa
agroecosystem stability, because it has influence in most
biophysicochemical processes: buffer capacity, soil reaction,
available nutrients, bulk density, aereation, aggregation,
fertility and nutrition.
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The aim of this research was to characterize soil organic matter
and the humic substances on some representative chinampa soils with
different degrees of disturbance.
MATERIALS. The soil samples were selected from soil profiles
previously studied(l). In Xochimilco Municipality located at the
Southeast of Mexico City, (19°17'37"-19°18'57 N; 99°09'41"-99°00'16
W) : samples from site l proceed from Texhuilo Place, |21 and from
Tochipa Place in Xochimilco, both has been determined as salinesodic soils. Site No. 2 is situated in San Gregorio Atlapulco, 2a
and 2b are acid to neutral soils, but 2c corresponds to a saline
soil. Site 3, corresponds to a saline-sodic soil from San Luis
Tlaxialtemalco, it was studied by Mercado et al . '". In Tlahuac
Municipality, 26 km at Southeast from Mexico City, (19°16'06" N;
99°00'16" W) , selected samples of Site 4, proceed from Atecuyuc <4)
a saline-sodic soil and Site 5 from a profile collected in Mixguic
<5>
. Some characteristics of the areas are: altitude 2 240 masl,
climate C(w2) (w)b(i), subhumid temperate, 15.9°C mean temperature
and 600-800 mm y' precipitation distributed between June to
September.
METHODS. The soil samples were taken from the upper, middle and
white layers of the soil profiles, air dried and sieved to 2 mm
screen, and were analysed for organic carbon by wet oxidation <IS),
total N by the Kjeldahl method"9.
The separation of the soil humus fractions was carried out
following Duchaufour & Jacguin (1975) ">: the free organic matter
(light fraction CLF) was separated after shaking soil samples
(sieved < 2mm) in CHBr,-etOH mixtures with a density of 1.66 '*>. This
operation was repeated until no floating particles were observed.
Soil residue (heavy fraction) was dispersed again in the
densimetric liguid, and disaggregated with a Fisher, Sonifier
ultrasonic generator. After centrifugation, the suspended fraction
-crude inherited
humin, CH3- was suspended and washed with ethanol,
and the ultrasonic and densimetric treatments were repeated 4
times.
The new heavy soil residue was dried and successively extracted
with 0.1 M Na«P207 and 0.1M NaOH, for the extraction of humic and
fulvic acids, the former being precipitated with H2S0, 1:1 to pH 1.
The soil residue was then subjected to 3 treatments with 60 mM
Na2S204; 3 treatments with IM HC1-HF (1:1) at 60°C and 2 treatments
with IM HF at 60° <*. A new treatment with 0.5 M NaOH yielded an
iron-clay bonded humic fraction (extractable humin, CHI). The last
soil residue was washed with distilled water 2 times, dried at
40°C, and grinded to guantify the organic carbon remanent as CH2
(non-extractable humin).
The spectroscopic measurements in the visible range, as well as the
determination of the E^/E^s ratios and the coagulation threshold
were carried out by the Method of Bel'chikova'"".
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On the samples Tlahuac 0-20 cm and San Luis Tlaxialtemalco 0-20 cm,
screened by # 60 mesh, organic carbon were analysed by dry
combustion in a furnace LECO Mod 521 with a 521-2 60 analyzer and
the humus fraction distribution was carried out by the Method
described by Lowe"", the separation of the fulvic polyphenol
fraction (CFAa) from the other fulvic components was accomplished
through use of polyvinyl pyrrolidone (PVP) adsorbent. Content
carbon in the filtrates obtained by this method was measured in
solution on an Astro Solution Carbon Analyzer, Model 1850, allowing
computation of molecular size distribution. Total and labile
polysaccharides were determined by the methods of Ivarson & Sowden
<IJ)
, modified by Lowe "". The distribution of the organic forms of N
were carried out as Stevenson "" and the mineralizable N by the
Method of Gianello & Bremner"4'.
The mineralogical composition of these samples was determined by
several methods: Jackson, "*, Klute, "6> and Pérez-Mateos,,,7). Soil
fractions of the medium - 20-5/im- and fine silt -5-2jiim-; and of the
> 0.2 /Ltm clay and <0.2/Lim fine clay, were separated by sedimentation
after oxides had been removed by dithionite treatment"51. Fine clays
were separated by centrifugation and ultrasonic dispersed after Mgsaturation. All these fractions were Mg-saturated and K-saturated
and sedimented on glass slides and X-ray diffraction was run on a
Philips PW1394 with cuKa radiation at 40 Kv, 20 mA. After that all
the oriented glass-slide Mg-saturated samples were ethylene glycolsolvated
and the oriented glass-slide K-saturated samples were
heated to 300°C and to 550°C.<"> and <">
Infrared
spectroscopy
(IR)
was
carried
out
on
a
IR
spectrophotometer Perkin Elmer Mod 683 by the KBr pellet method.""
Results and Discussion. The chinampa soils used for this
comparative study showed in general, high carbon contents owing to
several factors involved such as their origin and management
history. In addition, they were also influenced by the mineral
deposits proceeding of the recent vulcanism events during the
quaternary, see (Table 1 ) .
Higher C contents are located on the bottom of the profile related
with the low mineralization of these layers close to the freatic
level. Changes in the humic acid characteristics, such as the
spectroscopic measurements in the visible range, as well as the
determination of the E^/E», ratios and the proportion of CaCl2 0.02M
used to obtain the coagulation threshold, are illustrated in Fig.
1 and Table 1.
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TABLE 1.

SAMPLES

DEPTH
cm

meq
CaCl2/l in
solution

C %

E4:E„

XOCHIMILCO
Site 1
Texhuilo 1

Texhuilo 2

Tochipa

Site 3 San
Luis
Tlaxialtemalco

0.0375

10-20

9.21

3.90

20-30

0.0375

6.81

3.95

110-120

0.0500

18.39

4.40

120-130

0.0625

16.34

5.48

20-30

0.0500

6.87

4.82

130-140

0.0750

17.34

5.33

10-20

0.0500

8.93

3.65

20-30

0.0375

7.52

3.60

60-70

0.0250

5.03

4.15

90-100

0.0250

10.56

4.32

110-120

0.0500

7.11

4.50

120-130

0.0250

10.97

4.40

0-20

0.1500

7.37

4.15

0-20

0.0375

6.75

4.65

20-30

0.0375

7.30

3.60

10-20

0.0625

8.64

4.19

160-170

0.1500

24.65

6.10

TLAHUAC
Site 4
Atecuyuc

Site 5 Mixquic

The spectroscopic values in the visible range showed in the Table
1, and the visible spectra of humic acids, ( Fig. 1) proposed by
Kononova <'°> has been used as a parameter for characterization and
also as the starting point for their study as considered Kumada <2W:
from the E,/E6 ratio calculated. It was observed that the stronger
the light absorption, the more gradual was the inclination of the
curves, Fig. 1; like on the site 3 and on the surface samples from
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site 1, sampled on the suitable chinampa -Texhuilo 1-, that can be
related
with
the
degradation
produced
by
saline-sodic
contamination, where high pH values have influence on the
condensation degree of the aromatic HA compounds on the unsuitable
chinampa -Texhuilo 2- at sample from 20-30 cm, which visible
spectra is overlapping with the curve of the sample from 110-12 0 cm
of Texhuilo 1.
FIG.1. ABS0RTI0N SPECTRA OF HUMIC ACIDS
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Their arrangement from the bottom upward exhibits the progress of
humification, furthermore E,/E4 values of humic acids are considered
to express the degree of humification related with their degree of
aromaticity.
However, humic acids from buried soil layers are often less
humified than those from surface layes on sites 4 and 5. One of the
most striking differences between the studied sites was the less
degree of humification obtained on the Municipality of Tlahuac,
where profile high alkalinity influences their regressive
evolution, in addition to high humidity contents that prevents
organic carbon transformation.
It was proved also that the less relation between the aromatic and
aliphatic structures of humic acids implies a minor tendency to the
formation of insoluble organo-mineral derivates and therefore less
favourable qualities as a building agents of a good soil structure,
as indicates the values of the coagulation threshold obtained for
the humic acids of most of the buried samples contrasting with the
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values for the surface samples of Texhuilo 1, that requires smaller
amounts of CaCl2 to be completelly coagulated as well samples from
Site 4; in accordance to Kumada<M> suggestion that humic acids
becomes more hydrophobic with the progress of humification.
Meanwhile, greater amounts of the electrolyte were necessary to
coagulate some buried samples, specially those from Site 5 exhibit
a lower degree of humification.
TABLE 2. Soil humus fractions
Site

2

"

2b

2c

4

Depth

C

N

cm

%

%

10-20

9.9

0.8

50-60

5.4

190192

%

C/N

CFA"

CLF

CFA

CHA

C(H1)

C(H2)

CCH3)

CHA

11.7

1.82
18.5"

1.36
13.8

2.68
27.2

0.73
7.4

2.85
28.9

0.42
4.2

0.51

0.3

18.6

1.35
25.1

0.72
13.4

1.29
23.9

0.83
15.4

1.10
20.4

0.09
1.7

0.56

2.1

0.1

17.5

0.25
12.1

0.56
26.3

0.55
26.8

0.01
0.38

0.50
23.9

0.22
10.5

1.02

10-20

8.7

0.7

12.4

1.50
17.3

1.65
19.1

1.33
15.4

0.90
10.4

3.10
35.8

0.18
2.08

1.24

50-60

4.3

0.2

18.7

1.43
33.4

0.52
12.2

1.40
32.7

0.08
1.75

0.60
14.0

0.26
6.07

0.37

140142

5.5

0.4

15.7

1.88
34.3

0.28
5.11

1.36
24.8

0.41
7.55

1.27
23.1

0.28
5.11

0.21

10-20

6.7

0.7

10.2

0.26
3.84

1.50
22.5

1.40
21.0

0.78
11.7

2.50
37.5

0.24
3.52

1.07

86-96

2.9

0.4

6.6

0.53
18.5

0.61
21.1

0.59
20.4

0.09
3.18

0.61
20.9

0.46
15.9

1.03

40-50

8.3

0.8

9.9

2.17
26.4

0.62
7.50

1.63
19.7

1.11
13.4

0.46
5.56

2.28
27.6

0.38

50-60

10.1

1.0

10.4

2.87
28.3

0.58
5.72

1.12
11.1

0.87
8.78

0.28
2.76

4.42
43.6

0.51

60-70

18.5

1.4

13.5

13.22
71.4

0.55
2.97

1.34
7.24

0.19
1.03

0.47
2.54

2.74
14.8

0.40

70-80

33.5

1.7

20.1

29.28
87.5

0.15
0.45

0.44
1.31

0.13
0.39

0.20
0.60

3.28
9.80

0.33

* percent C in 100 g of soil C
** fulvic acid/humic acid ratio
The principal soil humus fractions and the distribution of bounded
humic substances showed in Tables 2 and 3, and Figs. 2 and 3
obtained on samples from San Gregorio Atlapulco -site 2- and
Tlahuac -site 4; remarkable increase of C/N ratios with depth
related specially with the increase of C contents. Three profiles
were selected on Site 2, to compare their humus type applying
Duchaufour concepts; soil reaction is the difference between them:
2a and 2b profiles exhibits lower pH -6.2 (1:5 ratio soil:H20) from
10-20 cm; pH of 5.5 and 5.8 on the 50-60 cm-; depth samples on both
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that corresponds to the white layer level -190-192 cm (pH=6.0) and
140-142 cm (pH=4.7); than 2c with a strong alkaline reaction of 9.1
(10-20 cm) and 8.8 on the white layer. High carbon contents
determined on these soils corresponds with a lower rate of
decomposition on the buried layers, but decrease on samples 2a 190192, 2b 140-142 and 2c 86-96 cm are related with the presence of
the white layer at this level. High amounts of non-decomposed fine
plant residues (free organic matter or light C fraction -CLF-) ,
mainly in Tlahuac samples has been detected coinciding with high
proportions of inherited humin (CH3). With the exception of the
samples 60-70 and 70-80 cm from Tlahuac, all the samples studied
have a predominance of bounded humic substances. In general, there
is a higher proportion of C of the humic acids (CHA) than of the
fulvic acids (CFA), with CF/CH ratios values from 0.21 to 1.24
Table 2.

FIG. 2

Soil humus fractions

100%

• CH3
• CH2

75%-'

• cm
El CHA
• CFA
0CLF

50% •

25%

0%

a1a2a3b1b2b3c1c2
site 2

1

2

3

4

site 4

As well CH2 -non extractable humin carbon- have moderatly
concentrations, that confirm the presence of extremely stable
organo-mineral associations, it seems to be a prefferential
accumulation of OM forms with high resitance to biological
degradation. Nevertheless, changes in the soil humic substances on
the more contaminated areas trend to decrease humus stability,
biological activity, producing unfavourable changes in soil
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physical and chemical properties.

TABLE 3. Distribution of bounded humic substances.
S i t e Depth
cm
2a

2b

2c

4

C

Bond
C

X

%

C X

FA

HA

HI

H2

H3

FA+H3

HA+H1+H2

10-20

9.9

8.04
81.54'

1.36
19.92

2.68
33.33

0.73
9.08

2.85
35.45

0.42
5.22

1.78
18.03*
22.14*

6.26
48.37
77.86

50-60

5.4

4.03
74.90

0.72
17.87

1.29
32.01

0.83
20.60

1.10
27.30

0.09
8.23

0.81
15.11
20.10

3.22
59.73
79.90

190-192

2.1

1.84
87.62

0.56
30.43

0.55
29.89

0.01
0.54

0.50
27.17

0.22
11.90

0.78
36.83
42.39

1.06
51.09
57.60

10-20

8.7

7.16
82.30

1.65
23.04

1.33
18.58

0.90
12.57

3.10
43.30

0.18
2.51

1.83
21.13
25.56

5.33
61.54
74.44

50-60

4.3

2.86
66.51

0.52
18.18

1.40
48.95

0.08
2.80

0.60
20.98

0.26
9.09

0.78
18.22
27.27

2.08
48.60
72.73

K0-K2

5.5

3.60
65.45

0.28
7.78

1.36
37.78

0.41
11.39

1.27
35.28

0.28
7.78

1.83
21.13
15.56

5.33
61.54
84.44

10-20

6.7

6.42
95.82

1.50
23.36

1.40
21.18

0.78
12.15

2.50
38.94

0.24
3.66

1.74
26.09
27.02

4.68
72.16
82.90

86-96

2.9

2.36
81.38

0.61
25.85

0.59
25.00

0.09
3.81

0.61
25.85

0.46
19.49

1.07
37.02
45.34

1.29
44.64
54.56

40-50

8.3

6.10
73.49

0.62
10.16

1.63
26.72

1.11
18.20

0.46
7.54

2.28
37.38

2.90
35.07
47.54

3.20

58.69
52.46

50-60

10.1

7.27
71.98

0.58
7.98

1.12
15.41

0.87
11.97

0.28
3.85

4.42
60.80

5.00
49.31
68.78

2.27
22.39
31.22

60-70

18.5

5.29
28.58

0.55
10.40

1.34
25.33

0.19
3.59

0.47
8.88

2.74
51.80

3.29
17.77
62.19

3.00
10.81
37.81

70-80

33.5

4.20
12.54

0.15
3.57

0.44
10.48

0.13
3.10

0.20
4.76

3.28
78.10

3.43
10.27
81.67

0.77
2.30
18.33

* percent C in 100 g of bond C.
» percent C in lOOg of soil C.
• percent C in lOOg of bond C with less humification
The evolution of the humus characteristics from the' chinampa soils
are illustrated in Figs. 2, 3a and 3b; the data shows that
humification follows the indirect pathway, with production of high
stabilized humic substances (HA, Hl, H2) , such humification
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FIG. 3a Distribution of bounded humic substances, San
Gregorio Atlapulco samples
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proccesses are related also with the clay components of smectites
that have considerable influence on their stabilization. Less
humified organic matter has been found in 50-70 cm layer of
Tlahuac, situated close to the freatic level, showing a decrement
on the stability of organo-mineral complexes on the depth samples.
In addition, the high proportions of organic matter extracted on
the other samples, after dithionite and hydrofluoric acid
treatments evidenced the high stability of such soil organo-mineral
complexes™.
Principal properties of surface samples from Tlahuac and San Luis
Tlaxialtemalco are showed on Table 4, both soils are salinealkaline, organic matter content could be considered lower than
other sites, C/N ratios values can be considered as optimum and
both have a high content of labile polyssacharides. The major humus
fractions are summarized in Table 5. The proportion of humic
colloids soluble on alkaline reagents represents a half of the C
content ( Ce % ) ; the humic acid/fulvic acid ratios of these soils
are high; and the fulvic fraction non-adsorbed by PVP (CFAc) is the
dominant in both samples, specially in San Luis Tlaxialtemalco, but
there is a significant content of CFAa-fulvic polyphenol fraction
considered as predominantly aromatic (PVP retained).""

TABLE 4
TLAHUAC

0-20 cm

SAN LUIS
TLAXIALTEMALCO
0-20 cm

8.01

7.53

ash %

86.20

73.83

loss of ignition %

13.80

7.42

Hm %

7.42

6.87

C %

6.75

7.37

N %

0.527

0.664

pH CaCl 2 1:2

C/N

12.81

11.10

TPSS %

1.219

1.180

LPSS %

1.181

1.176

L/T

0.97

1.00

96.85

99.66

LPSS % from TPSS %

TPSS= Total polysaccharide
LPSS= Labile polysaccharide
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TABLE 5
C

9-

*~HA

C

°

%

CFAc %

CFAa %

HA/FA

FA,/FA

Ce %

TLAHUAC

2.425

0.804

0.454

0.350

3.02

0.44

49

SLT

2.949

0.865

0.529

0.336

3.41

0.39

52

As seen in the Tables 6 and 7, the distribution of the soil organic
N forms between 35-49% remain as non-hydrolyzable N or Humin-N'2",
conforming humic substances or retained by the mineral fraction.
Hydrolyzable N forms are mainly unknown-N, amino acid-N in Tlahuac
and NH,-N in San Luis. Much of soil N is recovered as hydrolyzable-N
(25-35%), which in part corresponds to N associated to humic
substances.
Potentially available organic nitrogen in these soils was
determined by rapid steam distillation"4', as an index to aid
prediction of N fertilizer requirements by measuring the nitrogen
mineralization potential that can be considered as suitable for San
Luis Tlaxialtemalco (Site 3 from 0-20 cm.) reaching 50.38 \iq g' of
mineralizable-N and lower in Tlahuac with only 37.05 ng g'.

TABLE 6
TLAHUAC

0-20

SAN LUIS
TLAXIALTEMALCO
0-20 cm

Nt % •= 0.527

Hidrolyzable
N %
0.343
(65.09)"

Non-Hidrol
N %
0.184
(34.91)

Nt % =« 0.664

Hidrolyzable
N %
0.339
(51.05)

Non-Hidrol
N %
0.325
(48.95)

* = percent related to total N
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TABLE 7
DISTRIBUTION OF THE FORMS OF HIDROLYZABLE N
SAMPLES

TOTAL
HIDR. N %

Amino Acid
N %

Amino
Sugar
N %

NH,-N %

HUN %

TLAHUAC
0-20 cm

0.343

0.114
(33.24)"

0.041
(11.95)

0.062
(18.08)

0.126
(36.73)

SAN LUIS
0-20 cm

0.339

0.078
(23.01)

0.008
(2.06)

0.109
(32.15)

0. 145
(42.77)

HUN = Hidrolyzable unknown-N
* = N fraction percent in relation to hidrolyzable N percent

Clay mineralogy X-RD data indicate that smectite is the mineral
dominant in both sites, Figs. 4 and 5; also IR spectra of these
samples suggest the presence of smectites, Fig.6; that can be mixed
with interstratified minerals, as can be seen on the air-dried Mgsaturated clay samples with peaks at about 23 A; also the presence
of a 10 A peak indicated that the specimen has a mix of
montmorillonite and mica. A very low signal at 14.74 A indicates
possible chlorite traces. Other minerals in small quantity are
characteristics of greater granulometric materials: silt correspond
to feldèspars and quartz. If particles are less than about 0.02 fim
in 0, the diffraction maxima becomes broad and diffuse as can be

K-sat

SBO"*:'

Fig..5. X-ray diffractograms of fine clay
from Tlahuac

seen on Figs. 4 and 5; the absence of a definite strong reflection
indicated also the predominance of non crystalline clay minerals.
When particles are greater than about 10 nm in <t>, X-ray patterns

380

become spotty in character because there are not sufficient
crystals in all possible orientations to yield continuous
diffraction cones, as could be proved by petrographic microscopy
observations of these materials composed mainly by diatomaceous
fragments, feldespars, guartz, phytoliths, volcanic glass and
amorphous microaggregates that constitued around 90% of the mineral
components, the rest are heavy minerals represented mainly by brown
hornblende, green hornblende; pyroxenes such as hypesthene,
enstatite
and some augite; olivine and traces of circon and
garnet.

Fig. 6. IR-spectra of clay samples

Conclusions. Different distribution C fractions on the Chinampa
soils has been proved related to better conditions for biological
activity at the profile surface, that increase mineralization; but
high degrees of saline-alkaline contamination produces a reggresive
evolution effect on the humic substances.
Low rate of transformation of the organic debris leads with less
humification conditions on samples from Tlahuac Municipality,
producing a Mor-moder humus.
San Gregorio Atlapulco samples exhibits better conditions of
humification forming humus stable forms with high proportions of
humins conforming clay-humus complexes, mainly with smectite clay
minerals. Humus type can be considered as Mull.
Nevertheless, decrease of C content on the surface and increase of
salinity and sodicity can lead to unfavourable changes on soil
biophysicochemical properties.
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Spectroscopic Studies of
Metal Ion - Humic Substance Complexation in Soil
Nicola Senesi - Istituto di Chimica Agraria, Universita di Ban, via Amendola 165/A, 70126Bari, Italy
Abstract. In this review the application of some spectroscopic techniques, including infrared,
fluorescence, and electron spin resonance spectroscopy, to the study of metal-humic substances in
environmental and laboratory-modeled systems is surveyed. The molecular and mechanistic aspects of metal-humic substance complexation, that is the chemical and physical nature of sites
involved and type of binding, and formation mechanisms and stability of metal-HS complexes are
discussed. Advantages and limitations of each technique are also considered.
Introduction. Metal ion speciation is important in determining the general biological and physicochemical behavior of metal ions in soils. This, in turn, influences bioavailability of metal nutrients
to plants and soil microorganisms, toxicity hazard of potentially toxic metals, migration-accumulation phenomena of metals in the soil-water-organism system, pedogenic processes, geochemical
transfer and mobility pathways1'2.
The distribution of metal ions in the soil is extremely complex and is governed by a variety of
reactions that include complexation with organic and inorganic ligands, ion exchange, adsorption
and desorption processes, precipitation and dissolution of solids, and acid-base equilibria. Complexation reactions involving natural organic matter play a key role in establishing the behavior of
metal ions, particularly in trace concentrations.
Organic compounds in the soil that may form complexes with metal ions may be grouped into
three main classes: (a) organic substances of known molecular structure and chemical properties of
biological origin; (b) xenobiotic organic chemicals deriving from human, agricultural, industrial
and urban activities; and (c) humic substances.
Humic substances (HS) represent a significant proportion of total organic carbon in the global
carbon cycle, constituting the major organic fraction in soils (between 70 and 80%). One of the
most striking characteristics of HS is their ability to interact with metal ions to form water-soluble,
colloidal, and water-insoluble complexes of varying properties and widely differing chemical and
biological stabilities' •. The evidence suggests that almost every aspect of the chemistry of heavy
metals in soils is related in some way to the formation of complexes with HS.
The availability of many metal ions, especially trace elements, to higher plants and to soil microand macro-faunal organisms is strongly influenced by complexation with the soluble and insoluble
fractions of HS in soil. At pH values commonly found in soils, metal ions that would ordinarily be
converted to insoluble forms may be maintained in solution by complexation, thus increasing
bioavailability. On the contrary, the concentration of a toxic metal ion may be reduced to a nontoxic level through complexation to HS, particularly when low-solubility metal complexes are
formed with water-insoluble fractions of soil HS. Complexation reactions with HS that are implicated in the chemical weathering of rocks and minerals have been reviewed4. Complexation of
metal ions in natural matrices also represents a challenging problem for analytical methodology
and procedures of metal determinations in soil samples.
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In this paper, the application of spectroscopic methods, including infrared (IR), fluorescence, and
electron spin resonance (ESR) spectroscopy, to the study of the molecular and mechanistic aspect
of the complexation of trace metal ions by soil humic substances, is briefly reviewed.
Metal Reactivity with Natural Organic Ligands. Inorganic cations may be subdivided into three
categories according to their typical reactivity with natural organic ligands25. "Hard" cations of
group I, that participate preferentially in electrostatic interactions, "soft" cations of group III
which tend to form more covalent bonds, and "borderline cations" of group II that have character
intermediate between hard and soft metals.
Hard cations of group I include alkaline and alkaline-earth metals, that form rather weak, outersphere complexes and only with hard oxygen ligands. Cations such as Ca 2+ , Mg 2+ , and Na+ can
combine significantly with natural organic ligands. The interactions have no significant influence
on speciation of group-I metals in the environment, since the natural concentration of these ions is
much higher than that of organic ligands. Group-I cations may have, however, two important
indirect effects on the complexation of other metals: (a) a competitive effect for oxygen ligands,
with respect to cations of groups II and III; and (b) a counterion effect for negatively charged
polyelectrolyte complexing agents, thus influencing their reactivity by modifying their charge
and/or conformation, as well as their degree of aggregation and dispersion-coagulation.
Borderline metals of group II, which include Fe 2+ , Fe 3+ , Mn2+, Co 2+ , Ni 2+ , Cu2+, Zn 2+ , and
Pb 2+ , possess appreciable affinity for both hard and soft ligands. The concentration of these cations in natural soil and aquatic systems is generally a little lower or similar to that of the organic
complexants. These metals can, therefore, compete for hard ligands with group-I metals, which
are less strongly bound but at higher concentration in the environment, and with group-Ill metals,
which are at lower concentration but more strongly bound.
The metal ions of group III, of which the most environmentally representative are Cd 2 + and
Hg 2+ , possess a strong affinity for intermediate (nitrogen) and soft (sulfur) ligands and are generally found in very low concentration associated to natural organic matter. This implies that groupIll metals can be complexed to N and S sites despite the low concentration of these sites in natural
organic matter.
The most important organic complexing functional groups present in natural organic matter may
be classified according to their affinity for hard, borderline and soft metals 267 . For soft metals the
following order of donor atom affinity is observed: O < N < S, whereas a reverse order is
observed for hard cations. For bidentate ligand sites, affinity for a given soft metal increases with
the overall softness of the donor atoms, in the order: (0,0) < (0,N) < (N,N) < (N,S), whereas
this order is reversed for the hardest metals2. In general, the competitive reactions for a given
ligand essentially involve group I and group II metals for O sites, and metals of groups II and III
for N and S sites, with competition between metals of group I and III being weak2.
The typical affinity sequence of soil organic matter for divalent metal ions (at pH 5) generally
parallels the metal electronegativity values by Pauling8"10. However, the relative affinities are
often dependent on the method used to measure metal bonding, and the pH10. The type, source,
and concentration of organic matter in the various systems can affect metal binding affinity.
Selectivity coefficients for metal binding vary with the amount of metal bound. For example the
strength of binding of Zn2+ and Cu2+ by soil humic acids increases with a decrease in the metal
amount available". At low ligand concentrations, the relatively soft cations Cd2+ and Pb2+ are
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highly preferred by "soft", sulfur-containing ligands in HS, and could compete successfully with
"hard" cations, e.g., even the much abundant Ca2+ ions. The reverse is true, however, for the
Cd2+/Ca2+ competition at high concentration where carboxylate ligands become dominant.
Soil Humic Substances. Humic substances comprise a wide class of naturally occurring, biogenic, structurally complex and heterogeneous, refractory, acidic, yellow to black-colored organic
polyelectrolytes of relatively high molecular weight, that occur in all soils3'4. HS are the products
of the "humification" process that consists in the chemically and biologically mediated synthesis of
compounds originating from the degradation of plant and animal residues and from synthetic activities of microorganisms.
In the environment humic substances are part of a complex chemical system including interactions
with metal ions, clay colloids and non humified organic materials. Thus, an extraction step that
allows separation of HS from other components, followed by a fractionation step, that decreases
heterogeneity of bulk HS, must be achieved prior detailed structural and chemical studies can be
performed. Unfortunately, the isolation process itself involves unavoidable alterations in the
chemistry of HS, such as disruption of interactions with metal ions, and coextraction of tightly
bound inorganic and nonhumified organic materials. For studies of metal-HS complexes, it would
be advantageous to extract the complexes intact, but removal of the metals is generally a declared
objective of the isolation procedure.
Tremendous efforts have been made in the last few years by the International Humic Substances
Society (I.H.S.S.) in order to standardize the isolation and fractionation methods of HS from soil,
and other environmental systems by introduction of a procedure that is highly encouraged to be
adopted universally. On these basis a comprehensive conceptual view of the isolation procedure
and terminology for HS has been recently proposed12. With reference to the isolation procedure
and to the recommendations of IHSS, the two major fractions of HS, once isolated from the environment, are operationally defined in terms of their solubilities as follows: (1) humic acid (HA),
the fraction of HS that is not soluble in water under acid conditions (below pH 2), but soluble at
greater pH; and (2) fulvic acid (FA), the fraction of HS that is soluble under all pH conditions12.
A third fraction, not discussed in this text, is "humin", i.e. the fraction of HS that is not soluble in
water solution at any pH value12.
Since HS consist of a heterogeneous mixture of compounds, no single structural formula is valid,
and it is virtually impossible to describe uniquely the molecular configuration of HA and FA3,4.
According to current concepts it is possible, however, to depict the general structure of a "typical"
molecule of HA or FA on the basis of available compositional, structural, functional, and behavioral data.
Model structures proposed for soil HA and FA413 feature a largely three-dimensional structure, a
highly polyelectrolytic character, several metal complexing sites, and intra- and inter-molecular
association to aluminosilicate mineral surfaces. Also apparent.are aliphatic, polysaccharide and
amino-acidic bridges and chains, heterocyclic nitrogen and a variable degree of aromaticity.
Model and composition for soil FA are suggested simpler than those of soil HA, featuring a lower
aromatic and higher aliphatic character, more carboxylic sites, and lower molecular weight13.
Nature of Metal - Humic Substance Complexes. Humic substances are described as natural
"multiligand" complexing agents, which are distinguished from "simple" ligands based on the fact
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that they contain a large number of complexing sites per molecule2. The principal common molecular characteristics that influence the complexing ability of HS are: potyfunctionality, polyelectrolyte character, hydrophilicity, and the capacity to form intermolecular associations and change
molecular conformation14.
The major ligand sites for a metal ion in HA and FA are oxygen-containing functional groups,
including carboxylic, phenolic, alcoholic and enolic hydroxyls, and carbonyls of various types.
Amino groups and sulfur- and phosphorus-containing groups may also participate in complex
formation15.
Carboxyl groups are believed to play a prominent role in the binding of metal ions by soil HA and
FA. Mixed complexes are probably formed, the most prominent one involving both phenolic and
COOH groups, i.e. a salicylate-type site16-17 (eq. 1). Other possible combinations include two
COOH, for example a phthalic-type site (eq. 2), two phenolic OH, quinone groups, NH2 groups,
sulphydryl groups, and conjugated ketonic structures16"19 (eq. 3).
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The most stable complex is believed to involve the more strongly acidic COOH groups, whereas
the less stable complexes are believed to be associated with weakly acidic COOH and phenolic
groups20.
Metal ions may also coordinate with ligands belonging to two (or more) HS molecules, forming
2:1 complexes (eqs. 4 and 5) and/or chelates (eqs. 6 and 7), and eventually producing an aggregate structure (eq. 8), that may result in the precipitation as the chain grows at high metal to HS
ratios18.
The 2:1 complexes (eqs 4 to 8) may be formed simultaneously with 1:1 complexes described
previously (eqs. 1 to 3).
Two main types of complexes may be formed between metal ions and HS, that are: (a) innersphere complexes, resulting in the formation of bonds with some covalent character between the
ligand atom(s) and the metal ion, both completely or partially dehydrated; and (b) outer-sphere
complexes that result in the electrostatic attraction between the ligand(s) and the metal ion that
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remains hydrated. For simplicity, all reaction schemes described in eqs. 1 to 8 show formation of
inner-sphere complexes, but they also may be represent outer-sphere HS complexes with a solvated cation (eq. 9).
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The electronic and steric environment of the ligand site, as well as various physical and chemical
characteristics of the surrounding medium, can exert a considerable influence on the overall
complexation process2. In a given HS macromolecule, identical coordinating groups can be bound
to different types of aliphatic chains and aromatic rings of various structure, which can exert dif-
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fering electronic effects. The steric microenvironment of the binding site, and particularly its size,
will depend on the geometry, steric conformation, and flexibility of the whole complexant molecule. This is influenced by the formation-disruption of hydrogen bonds and metal bridges, which
can vary with pH, ionic strength, and concentration of the metal to be complexed. The hydration
of hydrophilic sites and electrostatic effects - the electric field determined by the extent of ionization of major acidic complexing groups - also can influence the formation process and stability of
complexes2. The relative importance of these different effects varies with the degree of site occupation by metallic cations and represents the fundamental difference between HS complexants and
"simple" ligands.
Infrared Spectroscopy. The formation of metal-HS complexes may be studied by the shifts
observed for vibrational frequencies in the IR spectrum. These can be used to identify the absorbing functional groups involved in the complexation and, possibly, provide information on the type
of interaction occurring between the metal and HS in the complex formed21.
IR spectroscopy provides large evidence of the prominent role played by COOH groups in metal
ion complexation by HA and FA. Both Fe 3+ - and Al3+-soil FA complexes prepared with increasing metakFA ratios feature a decrease in intensity of the IR bands at 1725 cm'1 (C = 0 stretching)
and 1200 cm"' (C-0 stretching and OH deformation), with respect to those at 1625 and 1400 cm"1
(symmetric and asymmetric COO" stretching), that indicates conversion of COOH to COO"
groups22. Similar results are obtained in several successive IR studies on the complexation of FA
and HA from different soils to several divalent and trivalent metal ions including Cu2+, Mn 2+ ,
Zn 2+ , Pb 2+ , Co 2+ , Ni 2+ , Ca 2+ , Mg 2+ , S r + , Fe3 + , A1J+ 23"38. The participation of carboxyl
groups of HS in metal complexation is confirmed by IR spectra of deuterated HA and Cu2+ and
Fe3+-HA complexes in D,0, and FT-IR spectra of HA and its Cu2+-HA complex in aqueous
solution (Figure 1) 34,35 .
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Figure 1. FT-IR spectra in H,0 (CaF, cells) of a soil humic acid (a) and its complex with Cu
(b)35.
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The COO" to the COOH absorption ratio in the IR spectra of a number of metal-HA complexes
prepared at the same HA:metal ratio is dependent on the nature of the metal ion complexed and
varies in the decreasing order: Fe 3+ > Cu2+ > Al3+ > Ca2+ > Mg2+ 25. Results of a successive IR study suggest the following order, Cu > Zn > Fe > Co > Mn, for metal interaction
with carboxylate in various HA complexes27.
The frequency of the asymmetric and symmetric stretching vibrations of COO" may help to solve
the controversy existing as to whether the COO" linkages are ionic or covalent. With increasing
covalency in metal carboxylate complexes, the COO" asymmetrical stretching band shifts to a
higher frequency and the symmetrical stretching band to lower frequency39. Absorption bands
ranging from 1585 cm"1 for Ca2+ to 1625 cm'1 for Al 3+ indicate a different degree of bonding
covalency for the various metals examined40. Covalent bonds for Cu2+ in HA and FA are formed
preferentially at low levels of metal ion, whereas bonding becomes increasingly ionic as the
system is saturated with the metal29. Interpretations in the 1620 cm"1 region are, however, complicated by interference from other groups, as it will be discussed further in this section. More
recently, evidence by has been obtained by DRIFT spectroscopy of the covalent character of CuHA bonds, indicated by the much larger separation between the asymmetrical and symmetrical
COO" stretching band of Cu-HA complex with respect to Na-humate41.
The nature of the carboxylate binding site in HS can be evaluated by measuring the separation
between the two frequencies of the antisymmetric and symmetric stretching vibrations for the
metal complexed COO" group (near 1600 and 1400 c m ' , respectively), with respect to the
uncomplexed carboxylate ion. This separation is larger in unidentate complexes (structure I),
smaller in bidentate (chelate) complexes (structure II) and comparable in bridging complexes
(structure III)39 (eq. 10). A large separation is measured (Figure 2) for Cu2+
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and Fe3+ complexes of a soil HA, thus suggesting the formation of unidentate metal complexes42
as later confirmed Fe 3+ -, Co 2+ -, and Zn2+-FA complexes33. These results are also consistent with
metal chelation involving either two adjacent COOH groups (phtalate type) or a COOH and adjacent phenolic OH group (salicylate type), each forming single bonds with the metal ion33'42. The
disappearance of a small band at 1855 cm"1 attributed to cyclic anhydrides, in highly loaded
(metal:HA ratio > 1) metal-HA complexes would confirm the formation of phtalate-like metal
chelates29.
A decrease in intensity and/or a shift of the IR absorption near 3440 c m ' is expected to occur
where oxygen of phenolic OH groups are involved in metal binding, alone or together with COOH
groups. Several authors27"30 observed a net shift in the OH band, from 3500-3400 cm"1 in HA or
FA, to 3300-3200 cm"1 in HA- or FA-complexes with Zn 2+ , Fe3 + , Cu 2+ , Pb 2+ , and Mn 2+ .
Phenolic and/or alcoholic OH groups may thus form covalent bonds with the metal ion. The extent
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Figure 2. IR spectra of a soil humic acid (a) and its complexes with Cu2+ (b) and Fe 3+ (c)42.
of the OH stretching shift toward lower frequencies depends on the type of metal and followed the
order: Mn (3383) < Co (3354) < Cu (3334) < Fe (3325), whereas an unespected increase
(3442) was measured for Zn27.
Modifications observed for the typical band at 1070 cm"1 suggested that polysaccharide structures
in FA can also be involved in metal complexation30.
Several authors28'29,31-32 attributed the very sharp IR bands observed in the region 1130-1080 cm"1
and at about 890 cm"1 for HA or FA complexes with Cu 2+ , Zn 2+ , Al 3+ , or Fe3 + , to metaloxygen vibration of hydroxylated and/or hydrated metal ion bound to HA or FA. Additional IR
bands are measured at low wavenumbers (853, 817, 781, 697 cm"1) in Cu2+-HA complexes prepared at pH 7, that are assigned to Cu2+-OH vibrations25'26. A regular increase in IR absorptions
of Al-HA complexes is observed near 730 and 980 cm"1, that is attributed to formation of additional Al-0 bonding with increasing the pH value during complexation43.
The observed shift to a lower frequency for the band at 1610 cm"1 in Cu2+-FA complexes is attributed to the C = 0 group vibration in conjugated ketones weakened by resonance between C-OCu and C=0-Cu in the complexes29. In an IR study of FA-metal-clay complexes, evidence is
provided that 8-diketone groups in the FA may form metal chelates similar to acethylacetonates44.
The chelate ring is planar and symmetrical and the two C-0 bonds are equivalent as are the two CC bonds in the ring, thus providing strong possibilities for resonance and stability (eq. 3).
IR evidence is obtained of metal binding sites involving N or S ligands in nitrogen-and sulphurrich HS33,45,46'. The band at 1920 cm'1, attributed to -NH group vibrations, disappears in complexes of a soil FA with Fe 3 + , Zn 2+ , and Co 2+ ions, thus suggesting the formation of coordinate
covalent bonds between -NH groups and metal ions33. IR evidence is obtained of the involvement
of sulphonic groups in metal-sludge FA interactions by the presence of typical bands of metal
sulfonates at 1120-1130, 1070 and 620 cm"1 45-46.
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In conclusion, the complexity and heterogeneity of HS is still cause of some ambiguity and uncertainty in the interpretation of IR spectra of their metal complexes. IR spectrometry can, however,
provide useful information about the nature and reactivity of HS structural components that interact with metal ions and on the molecular arrangement of the binding sites in HS involved in metal
complexation. Application of FT-IR and DRIFT techniques shows very promising in future studies
of metal ion binding by HS. The utilization of IR spectroscopy in conjunction with selective group
blocking techniques and, especially, together with chemical derivatization methods has the potential for considerably enhancing the quality of IR spectra and facilitating their interpretation, thus
providing IR data more informative on metal-HS complexation.
Fluorescence Spectroscopy. In general, metal ions, especially paramagnetic transition metal ions
such as Cu2+, Fe 3+ , Fe 2+ , Co 2+ , Ni 2+ , Cr3"1", and VO a+ , are able to quench the fluorescence of
organic ligands by enhancing the rate of some non-radiative processes that compete with fluorescence, such as intersystem crossing47"49. Wavelength shifts of fluorescence emission maximum
and/or excitation peaks are often observed upon interaction of HS with some paramagnetic metal
ions47.
Titration curves of HS fluorescence quenching vs concentration of added quencher have been used
to obtain complexing capacity of HS ligands and the stability constant of HS-metal complex. Early
investigations show that Cu 2+ , Fe 2+ and Ni2+ are strong quenchers of soil FA and HA fluorescence, Co2+ and Mn2+ ions have a small effect, whereas cations like K + , Na + , Ca2+, and Ba2+
show no quenching effect5051. This suggests that Cu2+ and Fe 2+ form more stable complexes than
Mn2+ and Co2+ with soil HA and FA50.
Several investigators found that fluorescence quenching of FA and HA from different sources by
various metal ions, including Cu2+, Pb 2+ , Co 2+ , Ni 2+ , and Mn 2+ , increases as pH increases52"54.
A static quenching mechanism, depending primarily on the fraction of FA ligand sites complexing
the metal ions, seems to be favored against a dynamic quenching mechanism occurring by collision of FA fluorophores with the metal ions55. Pb 2+ and Mn2+ behave as less effective quencher
than Cu2+ at the same level of FA binding, i.e. the Pb2+ and Mn2+ require a concentration much
higher than Cu2+ to give the same degree of quenching52-55. This confirms that the "close" association of metal ion and ligand is a necessary requirement for effective quenching. Strongly bound
paramagnetic Cu2+ and diamagnetic Pb 2+ are more effective than weakly bound paramagnetic
Ni 2+ , Co 2+ , and Mn2+ for quenching FA fluorescence, whereas the weakly bound and diamagnetic Cd2+ has no effect on fluorescence of FA. The greater quenching ability of Cu2+ is attributed
to its capacity to form strong inner-sphere complexes that involve in the binding several weak sites
causing conformational changes making available additional, internal binding sites of FA53. Mn 2+ ,
and likely Co 2+ , are suggested to form outer-sphere complexes with FA not involving weakly
acidic phenolic sites, where the ion is farther from the fluorophore, and thus exhibits low quenching ability54. Additional data indicate that the most strongly acidic carboxyl groups react first with
Cu2+, as would occur in bidentate chelation sites with salicylic or phthalic acid type structures55.
Fluorescence quenching by Mn2+ decreases as the molecular weight of soil FA increases, as a
function of the FA nature5*.
No single ligand seems to adequately describe Cu2+ -FA complexing over the entire pH range,
thus a mixed mode of coordination is proposed, with the dominant binding sites varying with pH
and metal to ligand ratio57. Comparison of FA-metal binding curves with those for model ligands
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indicates that potentially fluorescing groups such as salicylates or phthalates are unlikely to be
directly involved in Cu2+ complexing at low pH. Aromatic amino acid groups, such as tyrosine
and phenylamine moieties, and citrate and malonate moieties in FA may provide important binding sites for Cu2+ at pH 3 to 7. At high pH, either polydentate fluorescing moieties are directly
involved in complexing, or weakly complexing fluorescent centers become involved because of
their close proximity to a strong donor site57.
In conclusion, fluorescence spectroscopy has several advantages over most other methods for
speciation studies of metal-HS complexation in aqueous media. The method is relatively rapid
since no separation is required between bound and free metal ion. Errors associated with the
separation step in most speciation methods are avoided. Neither supporting electrolyte nor buffer,
nor adsorbing material are required to be added to the samples. The method is sensitive enough
for application to unmodified, natural organic ligands without preconcentration. Unlike most other
methods, fluorescence spectroscopy allows the direct measurement of the complexing capacity of
the ligand through the determination of the concentration of free ligands, thus differentiating free
and bound ligands. The major disadvantage of fluorescence spectroscopy is that it is very effective
only with strongly binding, paramagnetic metal ions, such as Cu 2+ . This limitation can be,
however, overcome by the use of fluorescent probes, such as the lanthanide ion probe, that is
conveniently applied in biochemical studies and shows particularly promising for studies of the
metal binding sites in HS in environmental conditions and at natural concentrations of both metal
and HS58.
Electron Spin Resonance Spectroscopy. Electron Spin Resonance (ËSR) is a technique of absorption spectroscopy for detecting paramagnetism due to the magnetic moments of unpaired (odd)
electrons, thus the method is applicable to transition metal ions in organic complexed forms in
which they maintain unpaired electron(s), in either solid or solution state. The ESR technique has
been extensively applied to elucidate the chemical and geometrical properties of naturally-occurring and laboratory-prepared synthetic complexes formed by HA and FA of various origin and
nature with paramagnetic transition metal ions of great chemical and biological importance to
agriculture and environment, including Fe, Cu, Mn, V, and Mo59,60. ESR analysis of metal-HS
associations has provided useful and, in some cases, unique information about binding mechanisms
of metals to HS, oxidation states of metals bound, symmetry and type of coordination sites in HS,
identity of ligand atoms and groups involved in metal complexing, and degree of mobility of HSbound metals, i.e. stability of metal-HS complexes formed. The method of paramagnetic metal
"probe" addition has also been widely applied to the study of the "residual" binding capacity of
natural HA and FA, in order to ascertain some molecular and quantitative aspects of the complexation. They include the nature of HS binding sites involved in the various experimental conditions
and the stability of complexes formed towards competitive physical and chemical treatments,
including proton and metal ion-exchange59,60.
Iron Complexes. ESR analysis indicate that Fe3+ may be complexed in at least two non-equivalent
oxygen sites in HA and FA of various nature and origin. ESR data are consistent with high-spin
Fe3+ ions bound to carboxylic groups and, possibly, polyphenols of HA of FA in tetrahedral or
octahedral sites in low symmetry (rhombic) ligandfield31-32-38-61"71(Figure 3). This form of iron
exhibits considerable resistance to proton and metal exchange and to reduction, suggesting that
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Fe 3+ is strongly bound and protected by HS in inner-sphere complexes61 . ESR data also indicate
the presence of neighbouring high spin Fe 3+ ions in octahedral sites with no or only small axial
distortion from cubic symmetry 61'62'68 (Figure 3). Fe3 *" in such sites is easily complexed and
reduced by chemical agents, thus suggesting Fe 3+ ions loosely held onto HS surfaces61. ESR
analysis suggest the existence in some samples of natural HS and Fe 3+ -added HS of Fe3+ ions in
sites with near-orthorhombic symmetry and high-spin Fe3+ ions in largely distorted sites in strong
axially symmetric crystal fields66,67,69"71.
HS of any origin possess a high residual binding capacity toward Fe3+ ion which can form complexes stable against various physical and chemical treatments. ESR data indicate that most of the
added Fe to a soil FA is bound to surface octahedral sites61. At pH 4 and 6, Fe 3+ can form innersphere complexes mostly with carboxylic and phenolic OH groups of soil FA and the Fe in all
complexes occurs in the trivalent form64.
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Figure 3. ESR spectrum (scan range, 10000 G) recorded at RT of a natural soil fulvic acid61.
Copper Complexes. ESR data indicate the presence of inner-sphere complexes for Cu2+ in HS and
are consistent with Cu2+ ions held by ligands arranged in a square planar (distorted octahedral)
coordination around the central ion (tetragonal symmetry) *i-JMMMMMVi-n (pig ure 4). information regarding the nature of the binding and the kind of ligand atoms coordinating to the Cu2+
centers can be derived from the interpretation of ESR parameters calculated from the experimental
spectra. Data obtained suggest a generally high covalent bond contribution consistent with either
fully oxygenated binding sites and/or sites involving one or more nitrogen ligand atoms. Carboxyls, phenolic hydroxyls, carbonyls, and eventually water molecules are generally indicated as the
main oxygenated functional groups participating in the Cu2+ binding by HS31,38,62,64,66,67,69,71,75"77.
ESR patterns indicate that more than one type of binding sites in HS may be involved in Cu2+
complexation at high Cu2+ loading59,60. Two classes of oxygenated binding sites of different affinities for Cu2+ ion existed in soil FA78. At low metal-to-FA ratio, sites of high binding strength
coordinate to Cu 2+ , with four (or three) oxygen atoms of carboxylate, phenolate or carbonyl
groups. At large Cu-to-FA ratios, however, numerous weaker sites predominate and probably only
two FA donor atoms are bonded to each Cu2+ ion.
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Figure 4. ESR spectrum (scan range, 2000 G) recorded at 77 K of a soil fungal humiclike
polymer showing Cu2+ complexes (a' refers to a higher gain spectrum)67
Nitrogen-containing sites can be important in Cu2+-complexes of some soil HA and FA31'66,74,76
and particularly in HA-type polymers synthesized by soil fungi67, due to proteinaceous components which are rich in these materials. ESR evidence of Cu2+-tetraporphyrine complexes highly
resistant to acid washing in HA isolated from mineral soils is provided73. This implies that biologically stable porphyrine structures, originating from plant chlorophyll and incorporated into HS,
may be extensively involved in copper fixation by HS in soil.
ESR data for Cu2+-HA complexes at low levels of Cu2+ loading support formation of bonding of
high covalent character involving amino groups79. In contrast, ESR results for Cu2+ bonded to
HS at high Cu2+ loading would indicate a preferential coordination to O-containing ligands in
sites with low covalency, where the metal ion exhibits a high degree of mobility79. The correlation
between the ESR parameter and the nature of the coordination site around Cu2+ ion for model
compounds with varying N- and O-ligands, and natural HS is also illustrated79.
Large ESR evidence has been obtained of the capacity of Cu2+ ions to replace Mn 2+ , V0 2 + , and
Fe 3+ from FA and HA, when these materials are treated with excess Cu2+ ions, and to form
complexes of various stability toward protons or competing cations31,32,6169,71,77.
Manganese Complexes. Naturally-occurring and laboratory-prepared complexes of Mn2+ with HA
and FA exhibit ESR spectra consistent with Mn2+ bound by electrostatic forces in outer-sphere
complexes in highly symmetrical, undistorted octahedral sites, probably involving carboxylate
and/or phenolate groups (Figure 5)62.69,71,79-81 Manganese complexed in this form would result
easily available to plant roots and microorganisms. Most Mn2+ seem to be adsorbed by a soil FA
at low pH in outer-sphere, but at pH > 8, or T > 50 °C, Mn2+ in inner-sphere multiligand
complexation sites82.
HS isolated from various sources exhibit a high residual complexing capacity for added
Mn2+ *9-71'80. Mn2+ is bound in water-stable forms, but, unlike Fe 3+ and Cu 2+ , it may be completely displaced by protons or strongly complexed metal ions.
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500 G

Figure 5. ESR spectrum (scan range, 8000 G) recorded at 77 K of a laboratory-prepared Mn2+
complex of a paleosol humic acid, acid-leached after metal saturation69.
Vanadium Complexes. Large ESR evidence is accumulated on the formation of complexes of
vanadyl (V0 2+ ) ions occuring in both natural and vanadium-enriched HA and FA of various
origin38-62,66,67-74'79'83"85 (Figure 6). The ESR parameters of this spectrum are consistent with the
vanadyl group held in inner-sphere complex in an equatorial plane by either four oxygen donor
atoms, possibly including water molecules, or, more rarely, by both oxygen and nitrogen ligands.

Figure 6. ESR spectrum (scan range, 2000 G) recorded at 77 K of a natural soil humic acid
showing V0 2 + complexes (a' refers to a higher gain spectrum)38.
ESR spectroscopy has provided evidence of the ability of HS to reduce the metavanadate ion,
VOy, the most stable form of vanadium under typical soil conditions, to V 0 2 + in acidic
media74,79,85. The V0 2 + ion can be complexed, partially or predominantly depending on the pH of
the medium, in forms that are protected from oxidation even at very high pH values.
A classification into three groups has been proposed for the binding sites for V0 2 + ions in HS of
different nature and source84. ESR parameters of V0 2 + ion complexes in a number of soil HA
and FA fractions79,83 suggest relatively strong ligand fields and high covalency, consistent with
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phenolate or possibly nitrogen donor groups. This renders V0 2 + ions difficult to remove from
these sites, even with acid leaching. Catechols are suggested to represent model ligands that can
form extremely stable complexes with V0 2 + . In contrast, naturally-occurring and laboratory
prepared V0 2 + complexes of HA and FA of different origin are characterized by weak ligand
fields and low covalency, probably involving carboxylate groups and, perhaps, water
molecules38,62,66,67,84. Thus, V0 2 + ions in this type of complexes are relatively labile and exchangeable 31,71. Finally, some laboratory-prepared V02+-peat HA complexes74 exhibit values of
ESR parameters indicating the presence of binding sites having properties intermediate between
those previously discussed, probably arising from a combination of phenolate and carboxylate
ligands.
Molybdenum Complexes. ESR studies suggest that HA can reduce molybdate to Mo (V) and
complex Mo (V) species in strongly acidic media74,86. Mo(III) formation is also detected by
ESR86. This finding is highly significant because there are little definite evidence of Mo (III)
formation in natural systems and also indicate that Mo(III) species can be formed and remain
stable in the solid state even in aerobic conditions when protected in HS complexes.
In conclusion, major advantages of ESR spectroscopy are its high sensitivity and the ability to
measure spectra directly with minimal or no pretreatment. ESR evidence suggests that small quantities of metal ions can bond selectively in inner-sphere complexes at the most preferred sites for
the metal, whereas in the presence of high amounts of metal added, the. high degree of site occupation generally results in a loss of relative selectivity. The ESR data also show that high pH
values, generating a greater availability of negatively-charged O-ligands, favors inner-sphere
complexation for metals that are retained as hydrated ions at lower pH. Inner-sphere coordination
is also preferred when competing water ligands are removed by dehydration, thus forcing the
metal to enter into direct bonding with HS ligands. Most ESR evidence indicates that Cu2+ and
V0 2 + , together with Fe3 + , tend to form inner-sphere complexes with HS at all experimental
condition used, whereas Mn2+-HS complexes are condition dependent. ESR data confirm that the
more electronegative the metal ion, the stronger the metal bound to HS, the higher the degree of
bond covalency.
The intrinsic limitation to the ESR technique is that it is applicable only to paramagnetic metal
ions that give a detectable ESR signal. No data are available in the literature on the detection by
ESR of paramagnetic metal ions other than Fe, Cu, Mn, V, and Mo complexed in HS. However,
the absence of a detectable ESR signal in a sample does not prove the absence of paramagnetic
species, since relaxation and other effects can prevent its observation by ESR. The major limitation of the ESR experiment is the inability to resolve signal component lines that may overlap to
such an extent that information is lost. Temperature is also a critical parameter in the ESR experiment, since sensitivity for paramagnetic species increases with lowering sample temperature,
according to Curie's law. ESR measurements are often made at either liquid nitrogen (77 K), or
liquid helium (4.2 K) temperature.
The technique of ESR has been underutilized for the study of metal-HS complexation chemistry in
soil systems. Further extension of ESR investigations to these systems will provide new information on metal speciation in solution and on metals at liquid-solid interfacies, as well as on mechanisms of HS-induced metal reduction in natural systems. Modeling chemical bonding in binding
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sites using suitable paramagnetic metal ion probes and/or model ligand compounds will add to the
knowledge of the nature of complexation reactions of non-paramagnetic metal ions of environmental and/or agricultural importance with natural humic substances.
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Polymer Bridging: A Mechanism of Clay and Soil Structure
Stabilization by Polysaccharides
C. Chenul, J. Guerif2, and A.M. Jaunetl. IStation de Science du Sol, INRA,
Versailles, France, ^Station d'Agronomie, INRA, Laon, France..

Introduction
The organization of soil particles into water-stable aggregates provides a stable porous structure
that contributes to the physical fertility of cultivated soils. Under rainfall soil aggregates tend to
break up into smaller units. This breakdown is due to several mechanisms, which can occur
separately or simultaneously: (i) slaking, i.e., the disagregation due to compression of entrappedair during wetting, (ii) differential swelling of clays, (iii) dispersion of clays and (iv), breakdown
by raindrop impact.
Aggregate stability is strongly correlated with soil organic matter content (1,2). Organic matter was
shown to enhance the resistance of aggregates towards slaking, dispersion, as well as towards
mechanical disruption (3,4). The basic mechanisms involved are (i) increased interparticle bonds
confering greater cohesion of the aggregate units, or, (ii) decreased wettability of aggregate
surfaces, thereby reducing the rate of aggregates rewetting and their subsequent slaking (5). Humic
substances, as well as lipids and waxes, are responsible for decreases in wettability (6,7).
Polysaccharides, which rather have a hydrophilic character, more likely increase the strength of
interparticle bonds in aggregates (8). By comparison with synthetic organic polymers, used as soil
conditionners, whose interaction with clay minerals has been extensively studied, polysaccharides
were assumed to form polymer bridges between soil clay particles (8).
The aims of the present study were to investigate the mechanisms of soil stabilization by
polysaccharides. A first objective was to demonstrate whether polysaccharide increased the
interparticle strength of clay minerals, and to which extent clay microstructure was affected by
polysaccharides. Experimental clay-polysaccharides associations were used for this purpose. A
second objective was to assess whether the same mechanisms occured with natural soil aggregates.
We hypothesize that knowledge of the precise mechanism of structure stabilization by
polysaccharides should allow relationships between the nature, or the location, of polysaccharides
and their efficiency to be drawn.

Materials and methods
Polysaccharides
Several microbially produced or plant-derived polysaccharides, of known origin and structure,
were used as models of soil microbial polysaccharides (Table 1). Most experiments were
conducted with scleroglucan, from the extracellular sheath of Sclerotium fungi (Sanofi, France), a
neutral, • 2.10° 8 MW, 3(1-3) glucan (9). All polysaccharide soulutions were stabilized against
microbial degradation with sodium azide 5mg/L.
Preparation of clay-polysaccharide associations or complexes
The clay minerals consisted in kaolinite (St Austell) or montmorillonite (Wyoming) prepared as
previously described (10). We named "associations" simple mixtures of clays and polysaccharides,
and "complexes" the associations in which all the polysaccharide was adsorbed to the clay. The
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associations were prepared by mixing dilute suspensions of clay minerals with polysaccharide
solutions of known concentration, at a 0.05% w/w solid to liquid ratio. To obtain complexes, the
polysaccharide in excess was discarded by centrifugation and the material was repeatedly washed
with deionized water (11). The amounts of adsorbed polysaccharide were known from previous
adsorption isotherms (11, 12)
The5 clay-polysaccharide slurries, either simple associations or complexes, were then submitted to
10 Pa on pressure plates to remove the water and the resulting cores were either equilibrated with
the chosen matric potential, or air dried.
polysaccharide
scleroglucan
xanthan

alginate
dextran
levan
pullulan
guar
agarose

amylopectin

origin

composition

fungi
(Sclerotium)

charge molecular conformation
weigth
lineral ordered
0
2.10 6
(helix)

P(l-3).P(l-6)
glucose
bacteria
(3(1-4) glucose+
(Xanthomonas) (mannose,
glucuronic acid)
side chains
algae, bacteria (l-4)mannuronic
~
(Azotobacter)
acid&
glucururonic acid
bacteria
0
a(l-6),cc(l-3)
{Leuconostoc) glucose
bacteria
0
P(2-6),(2-l)
{Streptococcus) fructose
fungi
0
a(l-4),a(l-6)
(Pullularia,
glucose
Aerobasidium)
plant seed
P(l-4)mannose, 0,.+, a(l-6)galactose
algae
0
a(l-3)anhydro

plant (starch)

polygalacturonic plant (pectins
and root
acid
mucilages)

galactose, P(l-4)
galactose
a(l-4),cc(l-6
glucose
galacturonic acid

0

n.10 6

106

lineral ordered
(helix)

source
Sanofi
Rhone
Poulenc

random coil (Na,
H) or ordered with
divalents (gels)
random coil

Sigma

107

random coil

Sigma

104

random coil

Sigma

1106

Sigma

n. 105

lineral ordered
(helix)

Rhone
Poulenc

105

lineral ordered
(helix)

Sigma

105

random coil

Sigma

105

random coil (Na,
H) or ordered with
divalents (gels)

Sigma

'

Table 1 - Main characteristics of the polysccharides used

Water-stability of clay-polysaccharide associations or complexes
Air-dried cores were cut into cubes 2-4mm width. Water-stability was assessed by immersing 2g
aggregates in deionized water during 5mn (kaolinite) or 24h ( montmorillonite) and then by wet
sieving with 0.2 or 0.1 and 2 mm apertures. Results are the mean of 4 replicates. In this procedure
both slaking and dispersion of the clay occured.
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Modulus of rupture of clay-polysaccharide associations or complexes
The mechanical strength of clays, as affected by polysaccharide, was investigated by measuring the
modulus of rupture of clay briquets according to Richards (13). Air-dried cores were cut into
briquets (30x3x5 mm). The briquets were supported by two horizontal and parallel blades and the
breaking force was applied at a constant speed by a third blade above the bricket, parallel to the
supporting blades and centrally spaced (11). A force transducer linked to the breaking blade
measured the force necessary to induce the rupture. The modulus of rupture was calculated
according to:
S = 3 F d 121 e 2
where: S is the modulus of rupture (Pa), F is the breaking force (N), 1 is the distance between the
two lower supports (m), e is the thickness of the briquet (m), and d is its width (m)
Measurements were repeated on 10 to 40 briquets for each sample.
Microstructure
The clay-polysaccharide associations or complexes were examined with Scanning Electron
Microscopy (SEM) and Transmission Electron microscopy (TEM) using preparative methods that
ensured preservation of the wet-state fabrics. For SEM, millimetric samples were frozen by
immersion in a N slush (-180°C), fractured and partially sublimated in a cryochamber (Hexland
cryotrans system), to be observed at -180°c in the refrigerated column of the Philips 525 SEM (14).
For TEM, the samples were embedded in Spurr resin after progressive replacement of water by
solvents (14). Ultrathin sections (50-80 ran) were deposited on gold grids and were stained for
polysaccharides using silver proteinate after periodic acid oxidation (15). Observations were made
with a Philips EM 420 at 100 or 120 keV.
Aggregate treatment with polysaccharides
The soil used was a cultivated silty loam soil susceptible to crusting under rainfall and situated near
Versailles. Clods were collected from the 0-20cm upper horizon, forced througth a 4 mm sieve,
slowly air-dried and 3-4 mm aggregates were separated.
Polysaccharide additions: 50 g aliquots of these dry aggregates were sprayed with scleroglucan
solutions (0.1-4 mg polysaccharide/ml). The spraying rewetted the aggregates to 0.2 g/g +/- 0.008,
that is near the soil WHC, and polysaccharide additions of 0.02 - 0.4 mg/g soil were thereby
obtained. The aggregates were gently rolled while spraying to ensure a better repartition of the
polysaccharide at the surface of aggregates. Aggregates were allowed to air dry for 48h before
stability tests were performed.
Water-stability of soil aggregates
To evaluate the effects of polysaccharides on the elementary mechanisms of aggregate breakdown
in silty soils, we used a combination of pretreatments and sievings according to Le Bissonnais
(16). Breakdown by slaking:: aggregates were immersed in deionized water for 5 mn. After
emptying the water, the aggregates were removed on a 100|im sieve in ethanol. The fraction
>100(im was oven dried and its size-distribution was measured by dry sieving.
Breakdown by microcraking : aggregates were capillary rewetted for 5 mn before imersion in
water. The procedure was then continued as above. Breakdown is there due to moderate slaking
and swelling of clays (17)
Mechanical breakdown: The aggregates were rewetted under vaccum, which was non-destructive,
immersed in water and shaken for 5 to 30mn on a rotary shaker. The procedure was then pursued
as above.
All treatments were performed on 5 g dry aggregates and the results are the mean of 5 replicates.
Results were expressed, either as the size distribution, or as the mean weigth diameter, which is
MWD = X (fraction of sample on sieve x mean intersieve apperture).Under the conditions
employed the MWD ranged 5, for completely unstable aggregates, to 300.
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Results and discussion
Stabilization of clay by polysaccharides
Mechanism of stabilization
The water-stability of kaolinite, which is very sensitive to slaking, was increased by the adsorption
and addition of polysaccharide, along with an increased mechanical strength of the clay (Fig 1). In
a first range of concentrations, the modulus of rupture of kaolinite increased linearly with the
amount of adsorbed scleroglucan, then it reached a plateau at nearly 60% of maximum adsorption.
Since no change in water nor air-filled porosity occured in this domain (11), the gain in strength
was explained by interparticle polymer bridges, which increased in numbers from a complex at
0.93 mg/g clay to one at 29 mg/g. The modulus of rupture was, at maximum adsorption, 20 times
its original value. Higher additions of scleroglucan further increased the strength (Fig. 1). Above 29
mg polysaccharide/g clay, all adsorption sites were saturated, thus polysaccharide to
polysaccharide bonds were necesarilly involved and their strength was considerable. The water
stability and mechanical strength of Ca-montmorillonite were both enhanced by adsorbed
polysaccharide, but relative increases were smaller because the clay had itself strong cohesion and
resistance to slaking and dispersion (Fig. 1).
The observation of kaolinite or montmorillonite -scleroglucan associations by Low temperature
SEM and TEM showed that the polysaccharide was located in the porosity between the clay
particles (Fig.2). Scleroglucan was observed as fibers with 1-25 nm diameter and 20-400 nm
length, in good aggreement with litterature data (refs in 14). The fibers were anchored to one or
several clay surfaces or to other polysaccharide fibers (Fig. 2a). As the polysaccharide content
increased, the density of fibers in the porosity increased as well, and they were more
interconnected. At the higher polysaccharide contents, the clay particles were bridged by a strongly
interconnected polysaccharide matrix (Fig.2b).
The polysaccharide scleroglucan has an ordered linear conformation (9), which promotes the
formation of weak intermolecular linkages (H-bonding or Van der Waals forces), these may result
in highly viscous solutions or weak gels (18). As a consequence of their very large dimensions
(Table 1 and Fig. 2) and linear shape, scleroglucan molecules that were already adsorbed on clay
surfaces were still able to contract linkages with other mineral surfaces or other scleroglucan
molecules. Plurimolecular structure thereby provided bridging. The plurimolecular structures were
probably formed during the progressive removal of water on the pressure plates, as the clay
particles and their polysaccharide coatings came closer.
Relation between polysaccharide characteristics and water-stability
The ability of a wide range of high molecular weigth polysaccharides to stabilize kaolinite againts
slaking was compared at a 10 mg/g rate of addition. Very limited stabilization was achieved by
random coil type neutral or anionic polysacchaides, such as levan, pullulan, dextran, amylopectin
or Na-polygalacturonate (Fig. 3 and Table 1). Great stability was imparted on the contrary, by
ordered conformation polysaccharides, regardless of their charge, such as scleroglucan, xanthan,
guars agrose and alginates (Fig. 3). However, in the present experiments charge effects were
minimized because the kaolinite has a very low cation exchange capacity (0.1 meq/g). Polymer
bridges were probably formed, as with scleroglucan during the initial adsorption, and increased
during shrinkage. Intermolecular linkages are physical ones for neutral polysaccharides and ionic
ones, involving divalent cations, for anionic polysacharides such as alginate and polygalacturonate.
Stabilization of soil aggregates by polysaccharides
The immersion of initially dry soil aggregates severely disruptedthem to small-sized units
(<0.5mm)(Fig. 4). As scleroglucan was added the amount of fraction disrupted to <0.1mm
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Figure 1 : Water-stability and modulus of rupture of kaolinite and Ca-montmorillonite
as a function of polysaccharide content

Figure 2: Visualisation of adsorbed polysaccharide molecules (scleroglucan; ana
interparticle polymer bridges with TEM. a) montmorillonite (complex at maximum
adsorption), b) kaolinite (50 mg/g association). Black dots (arrows) are silver grains precipitated
on sugars. Barrepresents0.1 urn (lOOnm)
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decreased, and an increasing proportion of the initial aggregates, or of their millimetric sub-units,
was preserved (Fig.4). The addition of polysaccharide also increased the resistance of aggregates
to microcracking and to mechanical breakdown, i.e., mechanical abrasion (Table 2).
The polysaccharide was added by spraying a solution on the surface of aggregates. To determine
whether it resulted in an homogeneous distribution within the aggregates, five freshly prepared
aggregates were examined by Low Temperature SEM. Serial observations were made from the
surface to the center of aggregates. Fibrous matrices, characteristic of the polysaccharide, were
located in the periphery of aggregates, within 0 to 0.5 mm depth from the surface (Fig. 5). No
polysaccharide was identified in the center of aggregates. In the periphery, fibers of scleroglucan
were interconnected and anchored to mineral surfaces, same as in experimental clay-polysaccharide
associations. The spraying of polysaccharide solutions resulted in the formation of a
polysaccharide-enriched cortex at the periphery of aggregates, and to its stabilization, probably by
adsorption of polysaccharides and polymer bridging. This cortex resisted abrasion when
aggregates were agitated (Fig.4), and withstood the compression forces exterted by entrapped-air
upon rapid immersion.The overall stabilization of 3-4 mm aggregates was due to a small fraction of
the volume of aggregates being held by the polysaccharide.

scleroglucan
xanthan
cationic guar
neutral guar
anionic guar
agarose
Ca-alginate
Na-alginate
Ca-polygalacturonate
Na-polygalacturonate
amylopectin
dextran
pullulan
levan
pure kaolinite

zm

H >2mm
S 0.1-2mm
D<0.1mm

0

I
I
=F =F =F =F T
10 20 30 40 50 60 70

stable aggregates (%)
Figure 3. Water-stability of kaolinite as influenced by polysaccharides, added at
t0mg/g clay rate
Conclusion
This study demonstrated that polysaccharides may stabilize soil aggregates by adsorbing to clay or
other mineral particles and by forming polymer bridges between the particles. Bridges result from
the linkage of polysaccharide molecules to mineral surfaces, as well as to other polysaccharide
molecules. Knowledge of this elementary mechanism of stabilization allowed relationships between
the characteristics and efficiency of polysaccharides to be drawn. Charge, molecular weigth, and
also conformation determine the ability of polysaccharides to link to clay particles and to build up
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%
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Figure 4. Size distribution of soil aggregates resulting from slaking,
as affected by scleroglucan additions
disagregation
mechanism
procedure
soil
+ scleroglucan

slaking

microcracking

immersion of dry
aggregates

immersion of
capillary-rewetted
aggregates
65.1 +/-4
256.1 +/-15

23.9 +/-3.2
182.2 +/- 13.7

mechanical
breakdown
agitation in water of
vacuum -rewetted
aggregates
56 +/- 3.2
108. 1 +/- 7.1

Table 2. Effect of added polysaccharide scleroglucan (0.4 mg/g soil) on the
resistance of soil aggregates towards elementary mechanisms of breakdown

Figure 5. Presence of added polysaccharide in the peripheral area of soil
aggregates treated by spraying. Low temperature SEM.White bar= 10 um PS=
polysaccharide fibers
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plurimolecular matrices. Bridges are plurimolecular assemblages that provide considerable strength
to interparticle bonds towards the destructive action of water. They allow long range bonding to
take place between several clay particles, or even between larger mineral particles. This may
explain why polysaccharides are able to bing microaggregates together and are involved at
macroagregation scales (1). Polymer brigding was shown to be involved in the stabilization of
natural soil aggregates as well, and an uneven location of the polysaccharide allowed an overall
preservation of aggregates.
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Organic substances in organo-mineral fractions: Structural
studies by pyrolysis-mass spectrometry and influence on
soil properties
P. Leinweber* and H.-R. Schuiten
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Driverstrasse 22, P.O. Box 1553, 49364 Vechta (Germany),
Fachhochschule
Fresenius, Department of Trace Analysis, Dambachtal 20, 65193 Wiesbaden
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Introduction
Large proportions of soil organic matter (SOM) are intimately associated with soil minerals
forming organo-mineral complexes, which influence biological, chemical and physical
properties of soils. The chemical structures of mineral-associated organic matter and the
types of chemical bonds between mineral and organic constituents are not well understood
(SCHNTTZER 1991). Therefore, advances in explaining ecologically relevant soil properties
depend on a better understanding of the structures of organo-mineral complexes and its
effects on the whole soils. This can be achieved by the investigation of physically separated
organo-mineral particle-size fractions using novel analytical tools such as pyrolysis-mass
spectrometry (Py-MS) in an integrated approach with thermal (DTA, TG), other
spectroscopic (CPMAS C-13-NMR), wet chemical, microbiological and physical methods.
Materials and methods
Our studies have been carried out using samples from different soils in Canada (Bainsville
and Armadale), New Zealand (Maungatua) and from a number long-term fertilization
experiments in Germany (34- to 109-year-old, pleistocene parent materials such as sand,
sandy loam, loam and loess). The whole soil samples, characterized with respect to their
basic chemical (pH, C and N contents, nutrient status) and physical properties have been
separated into organo-mineral particle-size fractions. Chemical properties of organic
substances in these fractions have been investigated by temperature-resolved pyrolysis-field
ionization mass spectrometry (Py-FIMS), differential thermal analysis, thermogravimetry
(DTA, TG), CPMAS C-13-NMR spectroscopy, and by microbial decomposition studies. The
thermal and spectroscopic investigations have been accomplished by determinations of cation
exchange capacities, heavy metal contents and heavy metal adsorption, and by regression and
correlation analyses to physical properties of the whole soil samples such as soil density and
porosity, water retention, consistency limits and compressibility.
Results and discussion
Methodological

aspects of pyrolysis-field

ionization mass

spectrometry

Since Py-FIMS is a novel tool for the investigation of soil organic matter, suitable in
particular to studies of nonextracted, chemically unchanged whole soil samples and
physically separated organo-mineral fractions, we have carried out extensive
methodological investigations to check the relevance of Py-FI mass spectral data for the
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molecular-chemical composition of SOM. In a first step, the relative errors were calculated
for measurements of sample weight (9.7%), pyrolysis residue (0.7%), volatile matter (6.4%)
and total ion intensity per mg sample C (17.3%). The close relationships between total ion
intensities and C concentrations in the samples (r = 0.723***, n = 38) showed that the
registered signals significantly reflected a wide range of organic matter contents in different
organo-mineral fractions (SORGE et al. 1993). Moreover, the weight losses, calculated from
molecular masses and ion intensities in Py-FTMS were closely correlated to the weight losses
determined directly by thermogravimetry. From these regression equations it can be
concluded that at least 50% of organic matter has been pyrolyzed and registered as molecular
ions in the mass-spectrometer. Furthermore, in the Armadale and Bainsville particle-size
fractions -34-100% of organic matter has been volatilized during Py-FIMS. Since the
characteristic marker signals of six important compound classes of SOM summed up to
-50% of total ion intensity, it is derived indirectly that -17-50% of SOM of the samples has
been identified in the present mass spectrometric analyses. Direct quantifications of SOM
constituents are complicated by the lack of internal standards since the material to be quantified is still unknown (SCHULTEN 1993). Besides these difficulties due to inherent properties
of SOM, the ion intensities and signal patterns of Py-FTMS can be influenced by the mineral
composition of the samples. High ratios of illite, Ca-montmorillonite and Fe-oxide to organic
C (100:1.2) caused reductions in the numbers of different mass signals and in the ion intensities in the higher mass range. Minor effects have been observed for quartz, kaolinite and
basalt. Therefore, Py-FTMS is applied at present most successfully to comparisons of SOM
composition in samples with minimal differences in mineral composition e.g. fertilization
treatments from field experiments. Limitations can arise in case of high concentrations of
swelling clay minerals (e.g. Vertisols) and Fe-oxides (Ferralsols) ('SCHULTEN & LEINWEBER
1993).
Influence of mineral matrix on the retention of organic matter in particle-size
fractions
The influence of the mineral matrix on the retention of SOM in particle-size fractions is
derived from the abundances of important compound classes in different organo-mineral particle-size fractions. In Figure 1, we have compiled the relative ion intensities of six
compound classes of SOM from all particle-size fractions which so far have been analysed by
Py-FTMS under identical experimental conditions. Clear increases in the relative ion
intensities of phenols, lignin monomers, carbohydrates and N-containing compounds are
observed with decreasing particle-size of the fractions <63 nm. Sand fractions were often
richer in phenols, lignin monomers and carbohydrates than coarse silt. This is explained by
the dominance of primary plant materials in sand, as can be also concluded from the lowtemperature pyrolysis of SOM with maximal volatilization at 350°C. The proportions of
lignin dimers generally decreased from sand to clay. For alkylaromatics and lipids the
influence of soil type and soil age appeared larger than variations in particle-size. For
instance, the fractions from the 13- and 34-year-old soil of the Hu3-pot experiment at
Rostock were poor in alkylaromatics, which therefore, are likely products of rather longterm maturation of humic materials, in agreement with recently proposed structural concepts
of humic acids (SCHULTEN & SCHNITZER 1993). The exceptionally high proportions of lipids
in the fractions from the Armadale Bh-horizon indicated the vertical movement of long-chain
fatty acids, sterols and alkanes, alkenes and their precipitation in the spodic horizon. This
corresponded to the Py-FI mass spectra of other spodic Bh-horizons (BEYER et al. 1993), and
to spectra of an interlayer clay-organic complex isolated from an spodosol A-horizon (THENG
et al. 1993).
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Fig. 1. Distribution of six important compound classes of soil organic matter in organo-mineral
particle-size fractions from a Greyzem (Eternal Rye Cultivation experiment, Halle, Germany, Ap,o,
Untreated,», farmyard manure), a Syrozem (Hu3-Pot experiment, Rostock, Germany,a, 13th year,»,
34th year, a Gleysol (Bainsville, Ottawa, Canada, Ap) before (i) and after extraction of pedogene
Fe- and Al-oxides ( A ) and from a Podzol (Armadale, Prince Edward Island, Canada, Bh, • ).
The question arises via which chemical bonds the SOM compounds are adsorbed by
the mineral surfaces. In this context the role of threevalent Fe- and Al-oxides has been
emphasized, in particular based on in vitro experiments (SCHWERTMANN et al. 1986). We
extracted pedogene Fe- and Al-oxides using dithionite/citrate/bicarbonate (DCB; Fed, Ald)
from the Bainsville particle-size fractions. The proportions of Fed and Ald accounted for 2030% of total Fe and 1-8% of total Al in the samples <20 jon. About 18-46% of organic C
were removed together with Fed and Ald. Despite the reduced C-concentrations, during PyFIMS the organic substances of the extraction residues yielded total ion intensities per mg
sample larger by. factors of 1.4-2.6. Moreover, the thermograms showed that the pyrolysis
temperatures have been influenced by the removal of Fed and Ald. This is visualized by the
difference Py-FI thermograms in Figure 2. Positive intensity differences are due to larger
abundances in the nonextracted samples whereas negative values indicate relative
enrichments in the extraction residues. In particular the thermal evolution of lipids,
alkylaromatics and lignin dimers clearly shifted from 500°C to 450°C as the congruent
positive and negative peaks in Figure 2a-d show. Furthermore, enhanced volatilization is also
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observed at 300-350°C, e.g. for N-containing compounds in clay, for phenols, lignin
monomers in coarse silt, and in the sand fraction. Since lipids, alkylaromatics and lignin
dimers were (a) more selectively extracted with DCB and (b) volatilized at lower pyrolysis
temperature in the remaining organic matter, these SOM constituents appeared preferentially
associated with pedogene Fe- and Al-oxides. However, the resistance of 50-80% of SOM
versus Fed and Ald extraction indicated that other organo-mineral bonds, cleaved at 300400°C and 450-550°C, were significant for the retention of organics in these fractions.
Recently, the mass spectral and other supporting chemical data are used to calculate possible
arrangements of building blocks in organo-mineral complexes using computer simulation
programs.

200

300

400

Temperature [ ' C ]

500

600

700

>

Fig. 2. Difference-thermograms of the relative ion intensities of carbohydrates ( • ) , phenols, lignin
monomers (*), lignin dimers (A), lipids (•), alkylaromatics (o) and N-containing compounds (o)
in particle-size fractions from the Ap-horizon of an Aquoll (Bainsville, Ottawa, Canada).
(Calculation for each compound class as follows: (a) Sums of the registered marker molecules are set
to 100%; (b) Calculation of the relative intensity for each single spectrum; (c) The differencethermograms shown are obtained by subtraction of the thermogramms of the sample after Fej and
Aljj extraction from the corresponding thermograms of the nonextracted sample.
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Physico-chemical properties of organo-mineral particle-size fractions
Cation exchange capacity (CEC) and heavy metal adsorption account for important
chemical properties of soil which are influenced by SOM. The buffered CECs (pH 8.1) of
particle-size fractions from 9 long-term field experiments decreased with increasing
equivalent diameters from clay (largest value: 809 mmolc kg-') to sand (lowest value: 10
mmol c kg'). They were correlated to the organic C contents, indicating that large proportion
of CEC can be assigned to the organic components of the fractions (1400-3000 mmolc kg-1).
Since these values were significantly lower that the CECs reported for extracted humic
materials (-3000-7000 mmolc kg-1) it can be concluded that exchange sites of SOM were
consumed for its bonding onto mineral surfaces (LEINWEBER et al. 1993). Decreasing the pH
of the system to 7.2 lead to decreases in the CECs of all particle-size fractions.
The contents of heavy metals in, and their adsorption by, organo-mineral particlesize fractions have been investigated using samples from the long-term experiments at Halle,
located in Middle Germany in a region with large inputs of contaminants from industry and
traffic. The contents of Zn, Pb, Cu, Ni, and Cd were largest in clay and decreased with increasing particle size. Significantly larger values in the fractions from farmyard manuretreated plots indicated considerable input of heavy metals with the organic manure. The
distribution in size fractions again showed the prominence of clay for the retention of these
metals. This was also confirmed by batch-experiments carried out with 0,05-16,7 mg V' Cd,
Ni and 0,5-167 mg l-1 Pb. The adsorption isotherms fitted well to the Freundlich-equation.
The contents of adsorbed metals were closely correlated to (a) C-contents and (b) CECs at
pH 8.1 and pH 7.2. This showed that (a) SOM contents in general, and (b) only some compounds of the very heterogenous SOM, also involved in cation exchange reactions, determined the adsorption capacity of the fractions for these heavy metals. For selection of important adsorption sites we correlated the Cd-adsorption (mg kg-' sample C') to the relative
abundances of Py-FI mass signals ranging from m/z 50-550 (n = 29 organo-mineral particlesize fractions and whole soil samples). In this way, significant positive correlations have
been calculated for the following mass signals: m/z 60, 84, 98, 138, 150, 178, 180, 192,
234, 256 and 272. These were indicative of carbohydrates, phenols, monomelic and dimeric
lignins and n-C16 fatty acid. Our preliminary results demonstrate that mass spectral data can
be used to investigate the role of specific SOM constituents in physico-chemical reactions of
soils.
Influence on the physical soil behaviour
Relationships between C and N contents in organo-mineral particle-size fractions and
physical soil properties have not been reported so far. In six long-term experiments with
textures ranging from sand to loam and silt, and with widely different SOM contents due to
extremely different management, significant correlations have been calculated between Cand N contents of some size fractions and the most important physical soil properties. The
correlation coefficients were largest in regression equations with coarse clay, coarse silt and
sand (Figure 3). In the pot experiment Hu3 with uniform texture, the physical soil properties
were stronger correlated to C and N in clay than in any other fractions. In summary, linear
and multiple regression equations showed that medium silt organic matter appeared of lower
importance for the physical soil behaviour.
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Fig. 3. Correlation coefficients of linear regressions between soil density (o), specific gravity (•),
water retention at pF 1.7, 2.0, 2.3, 4.2 (•) and organic C contents in organo-mineral particle-srze
fractions.
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Role of Humin-Clay Interactions on Surface Reactivity in
Chilean Andisols
M. de la Luz Mora, V. Castro, and J. Canales. Departamento de Ciencias
Quimicas. Universidad de la Frontera. Casilla 54-D Temuco Chile.
INTRODUCTION
The high P adsorption capacity of allophanic soils is closely related to their surface acidity
(Mora et al. 1992) and the presence of Al(Fe)-humus complexes (Wada,1980). However, previous
studies have established that humic acid inhibite phsophate adsorption (Sibanda and Young, 1986) and
that humic coatings on synthetic allophanic compounds reduced phosphate adsorption capacity due to
the blocking effect over active sites from allophane, aluminum and iron oxides (Mora et al., 1992). The
adsorption reaction of phosphate has been described by ligand exchange with surface OH groups which
are in coordination with Fe and Al atoms ( Parfirt, 1978). On the other hand, humic and fulvic acids
also form complexes with Fe and Al by ligand exchange mechanism (Parfitt et al.,1977).
Although the humin fraction in Chilean Andisols is nearly 50% - 70 % of the humic materials,
its role on surface reactivity and phosphate adsorption is unknown.
The objective of this study was to determine the changes in surface acidity and its relation to
phosphate adsorption capacity of two Chilean Andisols subjected to fulvic and humic extraction, and
residual organic matter (huminfraction)remotion.

MATERIALS AND METHODS.
Two Andisols, Vilcun and Osorno soils from southern Chile were sampled to 0-10 cm depth,
sieved to 2 mm mesh and the organic matter content was measured by the Walkey and Black method.
The humic and fulvic acids of the soils were extracted with 0.5 M NaOH solution according to
Schnitzer (1978) and the residual fraction was exhaustively washed with doubly distilled water and
redispersed by ultrasonic. This remainder fraction was treated later with 30 % hydrogen peroxide until
no dark residues were observed in order to remove the humin.
Specific surface area of the soils and its different fractions obtained were determined by a
gravimetric method based on the retention of ethylene glycol monoethyl ether (EGME) (Heilman et
al.,1965).
Titration data were obtained from the suspended sample in 0.1 M KC1 solution giving a final
ivolume of 100 mL. The suspension was one hour equilibrated and then titrated.from their original pH
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with the addition of 0.2 mL of 0.1 M KOH or HCl, every 20 min. Titrations were carried out at
25.00°C and the pH response of the electrode was calibrated with buffer solution of pH 4.01 and 7.00.
Acidity constants were determined from potentiometric titration data and calculated by using
the Constant Capacitance model (Stumm et al.,1980). The number of sites number(Ns) were calculated
from titration curves at 9 pH.
The forms of Fe and Al in the soils were determined by selective dissolution analyses according
to methods given by Blakemore et al.(1987). Pyrophosphate reagent (p) (0.1M, pH 10) was used at a
soil/solution of 1:100, with shaking for 16 h and then centrifiiging. Acid-oxalate reagent (o) (0.2 M,pH
3) was used at a ratio of 1:100 with shaking for 4 h in the dark. Dithionite-citrate reagent (d) (1 g
sodium dithionite, 22% sodium citrate in 50 mL) was used at a ratio of 1:50 with shaking for 16 h and
diluted supernatants were allowed to stand for two days. Si, Al and Fe concentrations present in
solution after each treatments were determined by atomic absorption spectroscopy.

RESULTS AND DISCUSSION
The organic C content of both soils were similar being 8.0% and 8.5% for Osorno and Vilcun,
respectively. However, fulvic acids (FA) and humic acids (HA) levels were significantly higher in
Vilcun than Osomo soil (Table 1), suggesting that humin content is higher in the latter. In addition,
previous results indicate that HA and FA in Vilcun soil have lesser molecular weight than in Osorno
soil, and consequently they have a major functional acidic groups (COOH, OH) concentration available
for binding to Al and Fe from surface active sites.(Mora et al.,1993)
TABLE 1. Organic content of the Chilean Andisols.
Soils

C

Osorno

8.0

HA
%
4.0

Vilcun

8.5

6.0

FA
3.0
5.0

The contents of Al, Fe and Si obtained for both soils and theirfractionsby selective dissolution
methods (Table 2) indicate that Vilcun soil presents a higher soluble component, due to that this
volcanic soil is younger than Osorno soil. Consequently, the amorphous material as allophane and
ferrihydrite is higher in Vilcun soil (Table 3). Thus, the allophane content estimated by using Si0
(Parfitt and Wilson, 1985) was nearly 80 % higher in Vilcun than Osorno soil and ferrihydrite
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concentration estimated by using the factor 1.7 (Parfitt and Childs,1988) the Fe 0 values indicated 4%
for Vilcun soil and nearly 2% for Osorno soil.
Al-humus complexes estimated by pyrophosphate-extractable Al content was also higher in
Vilcun than Osorno soil. However, Fe-humus complexes estimated by pyrophosphate-extractable Fe
content was higher in Osorno soil, but it substantially decreased when the HA and FA were removed.
On the contrary, Fep was similar in Vilcun soil with and without HA and FA (Vilcun S/HA,FA),
suggesting that Fe-humus complexes are mainly Fe-humin type.

TABLE 2. Dissolution of Al, Fe and Si from soils and its fractions
Soils

Alo

Sio

Feo

Alp

Fep

Aid

Fed

1.0

2.7 '

%2.2

Osorno

0.6

0.9

0.9

0.5

Osorno S/HA,FA*

1.0

0.7

1.1

0.2

0.2

0.6

3.2

Osorno S/OM**

0.9

0.5

1.1

~

-

0.5

3.6

Vilcun

2.7

1.4

1.2

1.4

0.3

1.6

3.4

Vilcun S/HA,FA*

2.4

1.0

2.5

0.5

0.2

J.5

4.8

Vilcun S/OM**

2.0

1.3

2.5

~

1.4

4.9

—

* Soil without FA and HA
** Soil without humin
~ Less 0.1 %

TABLE 3. Estimation of allophane and ferrihydrite content
Soil

Al:Sia

Allophane"

Ferrihydrite0

o/ 0

Osorno

2.0

4.2

1.5

Osomo S/OM

2.0

3.5

1.8

Vilcun

1.0

7.0

2.0

Vilcun S/OM

1.8

7.0

4.3

a

(Al0-Alp)/Si0. (Parfitt and Wilson, 1985).
b Estimated from Si0 x Factor. (Parfitt and Wilson, 1985).
c
Estimated from Fe 0 x 1.7. (Parfitt and Childs, 1988).
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The samples showed the characteristic high surface area of volcanic soils and it increased as
organic matter content decreased (Table 4) due to the remotion of the different organic fractions.
However, the active Ns measured from titration curves increased when HA and FA were extracted.
But when huminfractionsof the soils were removed by oxidative method, once again the Ns decrease
at similar values of the total soils. These findings suggest that Al(Fe)-humin associations promote an
increase in the reactivity of Al and Fe sites and when humin is removed an important part of linked Al
and Fe is dissolved.

TABLE 4. Surfaces characteristics of the studied soils
Soils

Ns

Area

cmol/kg

2

pKal c

pK a 2 c

m /g

Osorno

15

215

Osorno S/HA,FA

40

469

3.4

7.4

Osorno S/OM

13

572

6.2

8.0

Vilcun
Vilcun S/HAFA
Vilcun S/OM

3.6

6.6

18

170

3.0

5.7

105

493

2.7

5.2

13

587

61

78

c : Conditional constant (Capacitance constant model)

The pKa values (Table 4) indicate that the surface acidity of total Vilcun soil and its fractions
were higher than those of Osorno soil. A possible explanation is that ferrihydrite content is nearly
twofold higher in Vilcun soil obtained by using dissolutive techniques and 1.7 x Fe 0 factor Parfitt and
Wilson, 1985), reinforcing previous results obtained by Mossbauer method (Mora et al,1990). On the
other hand, ferrihydrite type iron oxides were found mainly as coatings in these soils as it has been
reported by Mora (1992). In addition, humic acids and ferrihydrite coatings on allophane surfaces
promoted a surface acidity increase as it has been demonstrated by using synthetic allophanic model
compounds (Mora et al., 1992).
The phosphate adsorption isotherms of Vilcun and Osorno total soils (Figures 1 and 2) indicate
that Vilcun soil posseses nearly twofold phosphate adsorption capacity higher than Osorno soil, as a
result of the larger amorphous material content and the higher surface acidity found in the former soil.
Mora et al. (1992) have also shown that there is a narrow relation between phosphate adsorption
capacity and surface acidity by using allophanic synthetic model compounds.
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The increase on phosphate adsorption capacity when HA and FA were extracted indicates that
reactive sites are being released and are available for phosphate reactions. Therefore, the mechanism of
HA and FA adsorption involved ligand exchange (Parfitt et al.,1977) and when these organic polymers
are extracted by NaOH, the hydroxyl groups displace carboxylate from the coordination sphere of Al
and Fe ions from clay fraction. The phosphate adsorption mechanism is also described by ligand
exchange (Parfitt, 1978 ) and it is possible that these compounds compete by the same sites. These
findings are in agreement with the previous works that indicate a blocking effect on reactive sites
produced by these organic polymers (Sibanda and Young,1986; Mora et al., 1992a). However, as it
was discussed above, mineralogjcal forms and their surface acidity explain the large differences
between the soils observed in Ns values and therefore in the phosphate adsorbed amounts.
The aluminum and iron associations with the humin fractions occur through the formation of
very stable complexes (Tsutsuki and Kuwatsuka, 1992) and as shown by isotherms for Vilcun
S/HA,FA and Osorno S/HA,FA (Figure 1,2) they have high phosphate adsorption capacity. It is
possible that humin-metal complexes are forming with polimerized and monomelic Al and Fe species
(Inoue (1990) which are found as coatings on clay surfaces.
The Figures 1 and 2 shown that in S/OM fractions ( soil without humin) .of both soils diminished
drastically the phosphate adsorption capacity, indicating that Al and Fe-humus complexes asociate with
Alp and Fep decreas are the most important adsorptive P compounds in 0-10 cm depth (A horizon).
The explanation of this behaviour could be a "peeling-off" of the surfaces by the release of Al and Fe
chemically bound to humus. These findings reinforce those reported by Borie and Zunino (1985) who
postulate that the main P sink in volcanic Chilean soils, is through the association with humus-metal
complexes.
The results of this study allow to postulate the presence from eachother of two types of Al(Fe)humus complexes differing mechanistically in these soils in relation to phosphate adsorption capacity.
Thus, one of them is Al(Fe)-HA(FA) complex which would reduce the phosphate adsorption capacity
by a blocking effect. The other one, highly stabilized Al(Fe)-humin complex, would inhibite the
crystallization of Al and Fe compounds promoting an increased reactivity in phosphate adsorption.
The phosphate adsorption capacity of the inorganic matrix resultant after all the organic matter
was removed in both soils is due to allophane and iron oxides ferrihydrite and probably goethite, as it
shows the differences between Fej and Fe 0 extracted (Table 3,4).
The differences found in amorphous material content were coincident with those in phosphate
adsorption capacity between Vilcun and Osorno soil.
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Figure 1.

P absorption isotherms of the Vilcun soil (Vilcun *), without humics
and fulvic acids (Vilcun S/HA,FA) and without humin fraction
(Vilcun S/OM) at 5.5 pH, 0.1 M KC1 and 25°C
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Figure 2.

P absorption isotherms of the Osomo soil (Osomo *), without
humics and fulvic acids (Osomo S/HA,FA) and without humin
fraction (Osomo S/OM) at 5.5 pH, 0.1 M KC1 and 25°C
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CONCLUSIONS

This study indicates that humic, fulvic acids and humin fractions of the organic matter play a
key role in surface reactivity in Chilean Andisols.
Humic and fulvic acids reduced the phosphate adsorption capacity due to the blocking effect
that they produce on reactive sites. However, highly stabilized huminfractionwith Al and Fe promotes
an increased phosphate adsorption capacity.
Summarizing, the high phosphate adsorption capacity of the metal-humus complexes in Chilean
volcanic soils is due to metal-humin complexes.

SUMMARY

The role of organic matter on surface reactivity of two Chilean Andisols was studied. The soils
were subjected to sequential remotion of fulvic and humic acids (S/HA,FA) and humin (S/OM). Soil
and itsfractionsobtained were analyzed for determining changes in surface reactivity such as number
of active sites, area and pKa values. In addition, Al and Fe forms in the soils were estimated by
selective dissolution treatments and the adsorption capacity was measured by isotherms in the soils and
its fractions.
The results show an increase in surface acidity and the number of active sites when humic and
fulvic acids were extracted associated with an increase in phosphate adsorption capacity of these soils.
This fact indicates that humic and fulvic acids produce a blocking effect on active reactant sites for the
phosphate reactions.
The highest phosphate adsorption capacity in this soils was associated with humin-clay
interactions.
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FOREWORD
Symposium ID20: Rational Use of Sewage Sludge
and Other City Waste Material in Agriculture
A. C. Chang. Department of Soil and Environmental Sciences,University of
California, Riverside, California 92521-0421 USA
Jaime Leal Diaz. Sistemas Productivos Agrox, Privada Margarita 111
Poniente, San Pedro Garza Garcia, Nuevo Leon, Mexico
Wastes have been produced by mankind since ancient nomadic tribes settled into villages and
started utilizing fire and cultivating land. Archaeological evidences have traced the practice of
waste disposal back to antiquity. The concept of community-wide systematic collection,
treatment, and disposal of solid wastes and wastewater, however, did not evolve until the late
19th century. Since then, land application has been a common practice for disposal of municipal
wastes, especially wastewater and residues resulting from treatment of wastewater. Many large
urban centers around the world had applied their wastewaters to land for years. Noted examples
are the "sewage farms" in Paris, France (1869); Berlin, Germany (1874); Melbourne, Australia
(1896). Early promoters of this practice advocated the use of soil as a "treatment" medium and
wastewater as a source of plant nutrients, in contrast to the customary "direct" discharge into a
surface water body. The need for securing a reliable discharge outlet in wastewater disposal,
however, was not always compatible with the seasonal water and nutritional requirements of
plants. While the land application was a cost effective process, early land application systems
were so plagued with both hydraulic and pollutant overloadings and other operational problems
that the pollution was rampant (1). While the advances of wastewater treatment technology in
recent years reduced the pollution potential of treated wastewater effluents, the disposal of
sewage sludge remains problematic.
As the residue of wastewater treatment, sewage sludge represents an agglomeration of
pollutants originally present in the wastewater. Although the volume of sludges is not
extraordinarily large, the sludges are costly to handle and there is no satisfactory solution to
their final disposal. Land application, land filling, ocean dumping, and incineration are all used
to dispose of the sewage sludges. At present, 5.3 million dry tons of sewage sludges are
annually produced in the United States and comparable amounts may be found in the western
European nations. Records of sewage sludge production in other parts of the world have not so
far been compiled. A significant portion of the sludge produced in the U.S. and western Europe
is applied on land (2,3). In a recently published survey of its production, use, and disposal, the
United Kingdom reported that nearly 40% of the nation's sewage sludge are spread on
approximately 0.3% of the agricultural land (4). The remainders are dumped in the ocean
(30%), landfilled (13%), incinerated (7%), and diverted for other beneficial uses (6%). Sewage
sludges contain organic matter, pathogens, trace elements, toxic organic chemicals, essential
plant nutrients, and dissolved minerals. Any of the pollutant groups may limit the land
application of sewage sludge. Potentially hazardous trace elements and toxic chemicals are
most likely to pose long term health problems. If it were not for the potentially hazardous trace
elements and toxic organic pollutants, land application would be ideal for sludge disposal
because this practice could be mutually beneficial for the municipalities and the farmers. While
the agricultural land provides a reliable outlet for the sludge to be assimilated, the N, P, and
organic matter added into the soil creates favorable agronomic conditions for plant growth.

427

Even the municipal sludges produced a long time ago were not free from potentially harmful
elements. Fifty years ago, Rudolfs and Gehm (5) reported typical sludges in the United States
contained 160-400 mg/kg Cu, 80-320 mg/kg Zn dry weight (DW), 930-1860 mg/kg Pb DW
and up to 1,400 mg/kg of Cr DW. If industrial waste contributes significantly to the wastewater
flow, sludge containing 41000 mg/kg of Cr DW, 12000 mg/kg of Cu DW, 26000 mg/kg of Pb
DW, 62000 mg/kg of Zn DW and 1500 mg/kg of Cd DW have been reported (6). In addition to
trace metals, toxic organic pollutants were also prevalent in municipal sludges (7). Based on
limited existing information, Rogers (8) reported that polychlorinated biphenyls, polyaromatic
hydrocarbons, chlorinated aromatics, and pesticide residues occurred in sludges within the
range of 1-10 mg/kg dry weight. The widely used surfactants, alkylbenzene sulphonates and
polyethyloxylates, may be found in the sludges at levels as high as 1000 mg/kg DW. With
rigorous and persistent enforcement of the industrial waste pretreatment standards, however,
the toxic pollutant concentrations of municipal sludges in the United States has declined
considerably (9,10).'
Since the 1970s, the fate and food chain transfer of trace elements via land application of
municipal sludges have been extensively investigated (11,12). With the advancement of
wastewater treatment technology and the desire of maintaining a sustainable environment, there
has been a resurgence of land application of wastes worldwide. As a part of the rule making
effort, the U.S. Environmental Protection Agency compiled over 2300 land application related
technical articles (13). While the technical issues related to land application of sewage sludge are
reasonably well understood, sharp disagreement is found in the strategy of implementing the
practice. U.S. Environmental Protection Agency promulgated Standards for the Disposal of
Sewage Sludge: Final Rules 40 CFR Parts 257 and 503 which established legal requirements
for final use and disposal of sludges when sludge is applied on land, distributed and marketed,
placed in sludge-only landfills, or incinerated (2). The maximum permissible pollutant limits
proposed by U.S. Environmental Protection Agency were different from those of the European
Community and countries in remainder of the world, reflecting a difference in the philosophy of
establishing pollutant loading limits and the complexity of resolving technical issues related to
fate and transport of pollutants (14).
A series of recent activities in developing guidelines for cropland application of wastes by
World Health Organization, the U. S. and the European Community has heightened the
awareness regarding to the safety of using wastes in agricultural production (15,14). The
Symposium on Rational Use of Sewage Sludge and Other City Waste Material on Agriculture in
the 15th World Congress of Soil Science is a fitting forum for scientists around die world to
debate the scientific merits of land application and identify critical technical issues in
implementing this practice.
In the following, there are eight oral presentations that highlight recent developments and
review critically contrasting viewpoints around the world. They shall provide a global
perspective and, hopefully, bring about a meaningful dialog in land application of sewage
sludge.
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Metropolitan Water Reclamation District of Greater
Chicago's Experience on Beneficial Use of Sewage Sludge
- Assessing the Impacts Upon Water, Soil and Crops
C. Lue-Hing*, R. I. Pietz, J. Gschwind, T. C. Granato, and D. R. Zenz.
Metropolitan Water Reclamation District of Greater Chicago, Chicago, IL 60611,
U.S.A.
Introduction.
The Metropolitan Water Reclamation District of
Greater Chicago (District) serves the city of Chicago and 124 adjacent suburban communities covering an area of approximately
2330 km^. The District's sewered population equivalent is 5.5
million and the commercial and industrial population equivalent
is 4.5 million, bringing the total population served by the
District to 10.0 million people.
From this residential and
industrial complex, the District is collecting and treating an
average of 5.7 billion liters (1.5 billion gallons) of sewage
every day.
The solids produced from the treatment of the
District's sewage for ultimate disposition amount to approximately 635 dry Mg day -1 (700 dry tons day - 1 ) (1).
Before 1971, processed sewage solids were either stored in lagoons in liquid form, heat-dried and sold in bulk as a dry fertilizer, or were air-dried (Imhoff digested sludge) and stored on
District property. Additional storage lagoon space in or around
Chicago was not available.
Possible options included incineration, dewatering, drying, landfilling, land application, and improving existing sludge management operations.
In 1967, the
District's governing board formally adopted the environmental
policy of recycling sludge solids to the land in order to beneficially utilize the nutrients contained in the solids.
Several years of surveys, feasibility studies, laboratory experimentation, and field demonstrations were conducted to ascertain the most effective and environmentally safe method of recycling sewage sludge to the land.
The most attractive and reasonable alternative was land application of sewage sludge at a
dedicated site where agricultural crops could be grown. With
this policy as a guide, the District started looking for a suitable site.
Site Selection.
After approximately two years of looking for
sites with suitable acreage, the District was approached by officials from Fulton County, Illinois, who wanted to reclaim some of
the county's strip-mine spoils.
Strip-mined areas represented
7.24% of the total county land area (2). The District agreed to
help the county reduce the strip-mine acreage, and purchased 2856
ha in 1970 from private landowners.
Additional purchases were
made and by 1976, the District owned 6289 ha. The site is approximately 306 km southwest of Chicago.
In 1971, after the purchase of the initial 2856 ha, an extensive
soil and geologic survey was conducted (3).
The survey consisted of 35 borings taken throughout the purchased acreage. One
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boring sample was taken approximately every 81 ha. The boring
samples were taken at 3.05 m intervals, and the depth varied from
6.1 to 15.2 m.
Analyses of the 179 boring samples showed that
the spoils were calcareous with a mean profile pH of 7.7, fine
textured (silty clay loam to clay loam), low in nitrogen, and low
in organic matter. Infiltration of water was low with infiltration rates of 2.26 cm hr - * being observed.
The application of liquid sewage sludge to the mine spoils was
considered desirable because sludge would provide essential plant
nutrients, improve the soil tilth, increase water infiltration,
increase the organic matter content, and thereby increase crop
yields. The calcareous spoil would help reduce the availability
of sludge-applied metals.
Site Design and Preparation.
The prime goal of site design and
development was to prevent contamination of surface and groundwaters. Fields to receive sewage sludge were leveled to a maximum 5% grade to prevent rapid runoff.
A berm was constructed
around each field to contain the applied sludge and any runoff.
Retention basins designed to capture the runoff from an equivalent 100-year storm for the region were constructed to collect
runoff from each field. A desiltation area with a slotted standpipe was constructed adjacent to each runoff retention basin.
This was done so storm runoff was retained in the field to allow
time for silt to settle before the runoff washed into the retention basin.
Sludge Application Nethods.
From 1972 to March 1983, anaerobically digested waste-activated sewage sludge was barged from
the Stickney Water Reclamation Plant down the Illinois River 290
km to Fulton County. The sludge was pumped from barge unloading
facilities 17 km to holding basins at the site. During the application season, sludge was dredged from the holding basins and
pumped to the application fields comprising 1033 ha.
Sewage sludge barged to Fulton County was stored in four holding
basins with a total storage capacity of 6 million m^. The basins
were constructed to permit year-round shipment of sludge to the
Fulton County site.
In addition, the basins would allow the
sludge to age and reduce pathogen content and odor potential.
Sludge from the holding basins was applied to the fields using
traveling sprinklers from 1972 until 1975, when the sprinkler
method was phased out. By 1977, the major method of application
was by incorporation with a heavy duty off-set disk. At each
field a 20.3 cm diameter aluminum irrigation pipe was connected
to the existing spiral weld pipe at the edge of the field by a
reducer and valve. At the end of the irrigation pipe, a 200 m
long, 11.4 cm diameter hose carried the sludge to the terminal
application equipment. The sludge was applied at a rate of approximately 0.26 ha-cm of liquid for each application. Application rates greater than 0.26 ha-cm would result in runoff and
sludge ponding within the field.
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Rising energy costs during the 1970s made the shipment of liquid
sewage sludge at 4% to 6% solids less attractive for sludge
solids disposition at the Fulton County site. Thus, in 1982, it
was decided to terminate the barge shipment of liquid sludge at
the end of the current hauling contract.
The last shipment of
liquid sludge was unloaded and pumped to the holding basins on
March 17, 1983.
The disk incorporation of liquid sludge was
closed down following the 1984 application season. The chemical
composition of typical liquid sludge applied is shown in Table 1,
and the total amount of liquid sludge applied each year is shown
in Table 2.
Table 1. Chemical composition
Fulton County site.
Chemical
Constituent

of

sewage sludge applied at the

Liquid Sluidge1

pH

Air--Dried
Sludge^

7. 5

6.8

ig kg - * dry w t . —
Total Solids (g/kgi)
Total vol. Solids (g/kg)
Total P
Kjeldahl-N

51. 9
465
30 400
40 400

692
253
10 900
7 950

NH3-N
Alk as CaC03
CI
EC (ds/m)
Fe

16
64
7
5
46

800
200
050
240
400

1 240
NA
NA
NA
28 300

Zn
Cu
Ni
Mn
K

3 600
1 770
462
420
3 100

1 820
781
202
614
2 240

Na

Cr

1 730
10 400
28 400
765
4 120

594
22 030
58 790
374
1 115

Cd
Al
Hg

283
12 250
4

92.3
11 100
2

Mg
Ca
Pb

^Mean values for liquid sludge applied in 1979.
2
Mean values for air-dried sludge applied in 1990.
foA «= No analysis.
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Table 2. Yearly amounts
County site.

Year

Liquid Sludge

of

sewage sludge applied at the Fulton

Dewatered
Holding Basin Sludge

Air-Dried
Sludge

-Mg Dry wt1972
1973
1974
1975
1976
1977
1978
1979
1980
1981
1982
1983
1984
1985
1986
1987
1988
1989
1990
1991
1992
Totals

22
37
59
53
58
74
64
47
49
37
33

502
574
646
839
857
338
305
209
762
956
131
134
208
0
0
0
0
0
0
0
0

539 462

15
11
8
13
10
11
19
23
15
41
29

0
0
0
0
0
0
0
605
728
211
305
0
545
644
653
102
319
967
307
570
230

209 186

1
19
23
63
40
77
81

0
0
0
0
0
0
0
0
0
0
0
0
148
0
0
307
519
497
121
405
709

306 708

The supernatant that accumulated above the sludge solids in the
holding basins was removed, and applied by an overland flow gated
irrigation pipe system to 718 ha of pasture and hay fields. This
system was installed in 1976 in order to develop a higher concentration of solids in the holding basins, thus ensuring a consistent high solids concentration for the liquid sludge application
system.
Since 1987, air-dried sludge at 60% to 70% solids has been
shipped to the Fulton County site.
This sludge is unloaded from
barges on the Illinois River and transported directly to a specific field. The stockpiled sludge is then loaded into a sideshoot manure spreader for surface application, and incorporated
into the soil by disking.
The yearly amount of air-dried sludge
applied is shown in Table 2.
After termination of the liquid sludge shipments, the sludge
solids in the four holding basins are being removed and applied
to adjacent application fields.
The yearly amount of dewatered
holding basin sludge applied to site fields is shown in Table 2.
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At present, sludge solids have been removed from three of the!
four holding basins.
After sludge removal, the basin interiors
were planted to a vegetative cover, and a large drainage notch
was cut through the basin dike to permit gravity discharge of any
accumulated rainwater.
Cropping Program. Crops are grown on 1748 ha, which includes the
acreage for sewage sludge and supernatant applications. During
the liquid sludge application system, a crop rotation consisting
of corn and winter wheat was used. In a three year rotation, the
field would receive solids applications during two years and
crops of winter wheat and corn could be harvested. A typical
example would be during year one, corn would be grown and harvested. In year two, sludge would be applied until August.
Then, winter wheat would be planted in September. In year three,
the winter wheat would be harvested in July, and sludge application would be made from August to November. This rotation was
necessary because disk incorporation of sludge would disturb the
soil surface and destroy a growing crop.
In 1979, regulations published by the U.S. Environmental Protection Agency (4) required that soil pH be maintained at 6.5, and
where the accumulative application limits for Cd were exceeded,
the crops grown could only be used for animal feed. Since that
regulation, all crops harvested from sludge application fields at
the Fulton County site have been sold as animal feed, or as feedstock for the production of alcohol used as a gasoline extender.
Monitoring. Prior to applying any sludge on the property, the
District met with state and local regulatory officials to design
a monitoring program to be instituted at the Fulton County site.
A program was instituted to monitor groundwaters, surface waters,
soils, and crops.
An important requirement of the monitoring
program was to establish baseline or preexisting conditions for
groundwater, surface waters, soils, and crops.
Groundwaters. Part of the environmental protection system established in 1971 was the installation of 24 groundwater monitoring wells. Figure 1 shows the locations of these wells at the
site. The wells were sealed, steel cased units with submersible
electric pumps installed at depths of 10.7 to 21 m. Water samples were collected monthly from 1971 to 1986, and then quarterly
after 1987. The collected samples are analyzed for 25 chemical
and physical characteristics and static water elevations are determined.
Sampling of the unsaturated (vadose) zone is also done at the
Fulton County site.
Fifteen porous cup samplers were installed
between 1976 and 1977 at depths of 0.3, 1.2, and 4.6 m at selected locations throughout the site, designated as LC in Figure
1. Soil water samples are collected at the same frequency as are
those for groundwaters.
These samples are analyzed for P, N
forms, and selected metals.
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Figure 1.

Water monitoring locations at the Fulton County site.
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Figure 2 shows the NO2 + NO3-N
in two monitoring wells at the
site from 1971 to 1992. Well
15 is located next to a mine spoil
application field that has received a cumulative sludge application of 1257 Mg h a - 1 through 1992, and well 22 is located next to
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Figure 2. Yearly means for N 0 2 + N0 3 ~N in two wells
at the Fulton County site.
a non-mined field that has
received a cumulative sludge application of 769 Mg h a - 1 through 1992. These two wells are considered
representative of those at the site. The yearly means for NO2 +
NO3-N give no indication of contamination from sludge applications.
An early study of site gr oundwaters by Pietz et al. (5) revealed
that former strip-mining operations
for coal in the Pennsylvania
geologic formations had significantly
affected the groundwater
quality in mine spoil are as at the Fulton County site. Electrical conductivity,
alkali nity and concentrations
of Cl~, SC>42~
Kjeldahl-N, NH3-N, K, Na, Ca, Mg, Zn, Cd, Cr, Ni, Mn, Pb, and Fe
were significantly (P ^ 0 01) higher in mine spoil groundwaters.
Peterson et al. (6) evalu ated ten years of groundwater monitoring
data from eight wells loc ated
in mined land, and eight wells in
non-mined land at the sit e.
They noted that the application of
-1
9.4 to 576 Mg h a
sludge solids had no detectable impact on the
groundwater quality of th e 16 wells.
Patterson et al. (7) evaluated the hydrological ch aracteristics of the Fulton County site,
including surface and gro undwaters.
They observed no changes in
groundwater quality relat ed to sludge applications.
Surface Waters. Surface water
sampling
is an extensive part of
the monitoring network at the Fulton County site. Surface water
monitoring locations are shown in Figure 1. The U.S. Geological
Survey was contracted
to install and operate a stream gauging
network at the site.
In Figure
1, these locations are SI, S2,
S3, and R3. A surface water monitoring network
as established
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consisting of 12 streams and 10 reservoirs that were sampled
monthly from 1971 to 1981, and then three times per year since
1982. In addition, there are 14 surface water sites that have
been sampled three times per year since 1976. In' Figure 1, these
sites are designated as SP.
The watershed areas for two major reservoirs, R3 and R4, are 1610
and 729 ha, respectively (Figure 1 ) . Both reservoirs receive
drainage from other farm pastures and croplands not on site property. Figure 3 shows the total P levels in water discharging
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Figure 3. Yearly means for total P in two reservoirs
at the Fulton County site.
from R3 and R4 for 1971 to 1992.
Except for the rise in total P
at R4 in 1989 due to contamination from an adjacent pasture area,
the total P levels in these reservoirs remain unaffected by
sludge application.
Patte rson et al. (7) rep orted that th e analyses of water s amples
colle cted at four stream -monito ring st ations a t the Fulton County
site showe d no changing trend s sinee sludge appl ication activities bega n. They also report ed tha t there were no diffe rences
in st ream quality betwe en the upstr earn and down stream g auging
stati ons a ttribut ed to s ludge. Coup a nd Macy (8) c onducted trend
analy ses o f site surface water quality data. They found th at the
conce ntrat ions of N0 2 + N03-N in the stream disch arging f rom R3
(Figu re 1) were lower than those observed at the ups treeam
gaugi ng st ation ( Si) on Big Cre ek.
Runoff Retention Basins. Sixty-five runoff'retention basins were
constructed to collect runoff from the sludge application fields.
Runoff water is released only after it meets applicable standards
established by the IEPA of £99 mg/L -1 total suspended solids, £33
mg/L - * biological oxygen demand, £500 fecal coliform counts 100
mL~l, and pH within limits of 6.0 to 10.0.
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Soils and Crops. Soil sampling to determine the effects of applied sewage sludge on the chemical composition of application
fields is part of the monitoring program. Soil sampling of site
fields was initiated in 1972, with samples being collected in the
spring of each year prior to any sludge or supernatant applications. At present, 73 fields are sampled annually. Soil samples
are analyzed for pH, electrical conductivity, exchangeable bases
(1 M NH 4 OAc), available P (HC1, NH4F), cation exchange capacity,
O.lN HC1 extractable metals, exchangeable NH4-N and NO2 + NO3-N,
and organic carbon (Walkley and Black).
The Fulton County site has application fields on two major land
types, strip-mined and non-mined.
The chemical composition of
fields on each of these land types differs markedly. Strip-mined
areas at 0 to 15 cm depth had an original pH of 7.4, an organic
carbon content of 6.1 g kg - 1 , a cation exchange capacity of 14.3
cmol kg~l, and a bulk density of 1.61 Mg m - ^. Non-mined areas
had a pH of 6.5, an organic carbon content of 16.4 g kg - l, a
cation exchange capacity of 19.5 cmol kg - *, and a bulk density of
1.29 Mg m~3.
Soil texture in strip-mined fields varies from
loam, silty clay loam, and clay loam, and in non-mined fields the
texture varies from loam to silt loam.
The publication of
federal sludge regulations in 1979 (4) has resulted in sludge
application fields being limed when needed to a pH of 6.5.
The change in soil chemical characteristics with sludge application to a typical mine spoil field, from 1972 to 1991, is shown
in Table 3. Field 9 received a cumulative application of 1021.9
Mg ha~l dry solids.
The change in soil chemical characteristics
with sludge application to a typical non-mined field, from 1972
to 1991, is shown in Table 4.
Field 22 received a cumulative
sludge application of 454.8 Mg ha--'- dry solids. However, in
contrast to field 9, where sludge has been applied continuously,
the last sludge application in field 22 was made in 1984.
Non-mined fields such as field 22 are currently leased to local
farmers. The data in Tables 3 and 4 indicate that sludge application positively affects soil quality by increasing organic matter and nutrient content.
The effect of sludge application on the cation exchange capacity
of fields 9 and 22 is shown in Figure 4. The cation exchange
capacity in both fields has increased with sludge application.
Crop sampling of sludge-amended fields is done on an annual basis
as a part of the monitoring program. The intent is to determine
the accumulation of sludge-applied metals in crops grown at the
site. Plant tissue sampling at the site was initiated in 1972.
Typically, grain samples are collected from all harvested crops;
for corn, leaf samples are also collected after tasselling.
Metals determined in crop samples are Cd, Cr, Cu, Hg, Fe, Pb, Ni,
Mn, and Zn. Also determined are K, Ca, Mg, Na, Al, total N, and
total P.

438

Table 3.
field 9.

Selected

soil

chemical

Sludge Applied
Year

Annual

Cumulative

Mg h a - 1 dry solids
1972
1973
1974
1975
1976
1977
1978
1979
1980
1981
1982
1983
1984
1985
1986
1987
1988
1989
1990
1991

4.7
1.1
36.5
15.0
45.7
28.2
67.4
0.0
93.2
54.0
66.0
28.0
26.4
78.4
0.0
55.1
84.2
166.4
0.0
171.6

4.7
5.8
42.3
57.3
103.0
131.2
198.6
198.6
291.8
345.8
411.8
439.8
466.2
544.6
544.6
599.7
683.9
850.3
850.3
1021.9

isoil samples are collected
sludge application.
NA - No analysis.

characteristics in mine spoil

Soil Chemical Characteri sties1
Organic-C

Avail. P

-mg/kg -1_

g kg"1
8.1
8.6
6.4
11.1
12.7
18.0
28.1
40.3
35.3
39.2
48.4
53.8
53.2
51.4
55.7
49.2
52.7
50.3
63.3
55.0

Exch. K

NA
NA
11
148
34
153
165
257
250
224
256
224
228
136
239
198
203
189
NA
NA

357
NA
84
136
128
158
216
256
258
316
298
315
320
316
332
274
340
408
525
412

in the spring of each year prior to

Table 5 shows the metal analyses of 1990 corn grain from site
fields with cumulative sludge application rates ranging from 0 to
932 Mg ha - 1 .
Table 6 shows the metal analyses of 1990 wheat
grain from site fields with cumulative sludge applications
ranging from 0 to 882 Mg ha - 1 .
Crop Yields.
Typical crops of the area include corn, winter
wheat, soybeans, and hay for livestock forage. The District's
intent in growing crops was to utilize sludge-applied nutrients
and provide some economic return for the project. Table 7 shows
the annual mean yields for corn and wheat grown at the site.
Data from non-amended, commercially fertilized fields is also
included where available.
Yields from crops were quite variable because of the many site
and climatic factors involved.
Crop yields under traveling
sprinkler application of liquid sludge' were reduced by applying
sludge to leaf surfaces of crops (9).
In the late 1970's, it
became apparent that mine spoil factors such as shallow rooting
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Table 4.
field 22.

Selected

soil

chemical

Soil Chemical Characteristics1

Sludge Applied
Year

1972
1973
1974
1975
1976
1977
1978
1979
1980
1981
1982
1983
1984
1985
1986
1987
1988
1989
1990
1991

Annual

characteristics in non-mined

Cumulative

Organic-C

Mg h a - 1 dry solids

g kg *

5.2
1.3
14.1
28.4
47.9
16.8
58.7
63.8
44.6
43.2
63.4
41.0
26.4
0.0
0.0
0.0
0.0
0.0
0.0
0.0

12.9
11.9
12.3
10.0
12.4
19.6
26.0
37.6
42.0
41.8
47.8
57.6
47.6
54.9
50.5
57.3
49.1
50.0
43.6
47.5

5.2
6.5
20.6
49.0
96.9
113.7
172.4
236.2
280.8
324.0
387.4
428.4
454.8
454.8
454.8
454.8
454.8
454.8
454.8
454.8

Avail. P

Exch. K

--mg/kg
NA
NA
40
127
78
222
235
434
327
343
261
256
298
156
268
176
221
179
NA
NA

276
NA
89
179
120
180
149
239
352
358
373
428
408
336
306
314
292
336
392
426

i

Soil samples are collected in the spring of each year prior to
sludge application.
NA - No analysis.
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Figure 4. Cation exchange capacity in two sludge
application fields at the Fulton County site.
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Table 5.
fields.

Metal analyses

Cumulat ive
Sludge Applied

of

Cd

1990

Cr

corn grain from Fulton County

Cu

Table 6.
fields.

<0.01
0.02
0.01
0.08
0.22
0.04
0.16
0.07
0.12
0.12
0.05
0.27
0.31
0.43
0.19
0.29
0.39
0.54
0.48

Metal analyses

Cumulative
Sludge Applied
Mg h a - 1 dry solids
0
577
613
655
734
800
882

Ni

Zn

0.02
0.07
0.03
0.04
0.02
0.05
0.04
0.07
0.01
0.05
0.05
0.04
0.03
0.13
0.06
0.04
0.05
0.19
0.03

0.46
1.78
0.13
0.85
0.91
0.71
0.45
0.30
1.25
0.80
0.13
1.43
0.92
1.53
0.40
1.18
0.68
3.09
1.71

19
19
20
24
30
22
24
25
35
33
24
30
34
32
28
32
33
33
36

kg"1

Mg ha~l dr y soli
0
0
0
388
422
455
473
531
546
578
618
644
722
754
787
815
850
876
932

Pb

Cd

0.02
1.39
2.38
2.22
1.27
3.64
1.99

0.12
0.79
0.05
0.77
0.54
0.14
0.42
0.02
0.14
0.14
0.13
0.02
0.12
0.11
0.02
0.04
0.09
0.70
0.06

of

1.4
1.7
1.2
2.0
1.8
1.8
1.5
1.7
2.2
2.1
1.7
1.7
2.0
2.4
1.9
2.0
1.7
2.2
2.1

1990 wheat grain from Fulton County

Cr

<0.01
<0.01
<0.01
<0.01
<0.01
<0.01
<0.01
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Cu

Pb

mg kg-14.7
0.03
4.0
0.03
6.0
0.04
6.0
0.04
4.1
0.06
6.2
0.04
4.6
0.04

Ni

Zn

0.32
0.44
1.55
1.58
1.50
3.88
1.55

41
50
69
65
52
76
61

Table 7. Mean annual
County site.

yields

for

corn

and wheat at the Fulton

Wheat

Corn
Year

Rain

1972
1973
1974
1975
1976
1977
1978
1979
1980
1981
1982
1983
1984
1985
1986
1987
1988
1989
1990
1991
1992

cm
87
116
82
135
106
59
73
69.0
82.2
89.1
105.7
96.8
91.4
98
96
66
53
61
127.8
98.0
91.9

SSJ

CF'

SS

CF

-Mg ha -1.
5.59
4.91

3.21
2.06
0.93
09
96
53
10
28
71
73
09
NA 3
26
98
00
25
,38
,09
80
,96
,22

0.90
3.32
4.06
5.89
2.93
6.14

2.99
99
60
84
71
NA
2.44
4.35

1.72

2.55
1.97
3.33
6.42
6.58

1.75
1.18

1.20

•'•Sewage sludge amended fields.
^Commercially fertilized fields,
3
No crops were grown in 1983.
depth, solubl e salts , moisture stress, and plant nutrient interaction s were import ant parameters , which either alone or in
combin ation w ith ex isting climati c conditions affected yields,
The ex tremely hetero geneous spoil material impos es physical and
chemie al fact ors on plant growth no t normally obse rved in productive a griculu ral soi Is (10). Mine spoil was comp acted by stripmining operat ions, a nd had surface (0 to 15 cm) bulk densities
greate r than 1.60 Mg „-3
At 30 cm or more, the bulk densities
vary f rom 1.7 5 to 2 10 Mg m - 3
The compactio n of mine spoil
limite d the r ooting depth of crops to the depth of tillage.
This realization resulted in a change in cropping practices at
the Fulton County site.
Wheat was grown on mine spoil fields
because it could adapt better to the shallow rooting depth, it
could grow during the winter and spring months when moisture was
not usually limiting, and it could be harvested in summer before
moisture became limited in the tillage zone. Corn was grown on
non-mined fields. These fields had productive agricultural soils
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with a deep rooting depth, and more available moisture for the
deep rooting system of the corn plant.
The higher yields for
corn after 1978 (Table 7) reflect the change in cropping practices at the site.
Conclusion. The District has found through its experience with
the beneficial use of sewage sludge at its Fulton County site
that this method of sludge management can be environmentally
acceptable and afford municipalities a reliable method for
ultimate disposition of their sludge production.
Soil, crop,
groundwater, and surface water data from the District's Fulton
County site show that a dedicated sludge application to land site
can be operated without negative impact upon the surrounding environment.
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Environmental Aspects of Land Application of Wastewater
from Mexico City Metropolitan Area: A Bibliographical
Review and Analysis of Implications.
Gutierrez Ruiz M. E.*d), Ch. Siebe(2) and I. SommerO)(I) Instituto de Geografla, UNAM, Cd. Universitaha, México, D.F. CP 04510. (2)
Institute de Geologia, UNAM, Cd. Universitaria, México, D.F. CP 045JO.
ABSTRACT
A bibliographical review on the effects of land application of wastewater from Mexico City
Metropolitan Area, is presented. Since the seventies a big concern about the risk associated with
wastewater irrigation has been developing, therefore several researchers are carrying out studies,
specially those related with heavy metal contents in water, soils, crops and human urine and blood.
Most of these studies are not easily available to international scientific societies consequently, the
aim of this review is to present a summary on the actual knowledge. The study area is described
and the information reported is analyzed, evaluating tendencies, analogies and differences based on
international experiences. It was found that Pb, Cd, Cu and Zn levels in soils and crops at present
do not represent risks, but metals have been accumulating in the upper layer of soils were organic
matter is also increasing. Metal contents in feedstocks fall also in ranges considered as "normal".
Nutrient contribution of wastewater is very important to crop production. Salt content in
wastewater is intensifying soil salinization in impeded drainage areas. Exposure to raw wastewater
increases the risk of intestinal infections. The levels of Cd, Pb and Mn in blood and partly in urine
are associated significantly with wastewater exposition (a relation with aerosol dispersion is
suggested). The health risks must be avoided enhancing the water management. Further research
on aerosol processes and levels and behavior of organic and inorganic species in the environment specially pesticides and As, Cd, Se and B- is needed.
INTRODUCTION
Land application of sewage effluent is a treatment process that has been practiced for many years.
It is an important alternative that is gaining popularity because it allows disposal of the sewage
effluent, and fulfills the increasing demand of water for agricultural purposes. The use of
wastewater may have beneficial effects as it supplies plant nutrients and essential micronutrients.
The increase of organic matter improves the soil structure and fertility. Also other benefits have
been reported such as removal of bacteria and detergent residues from the effluent, and
improvement of soil water and groundwater^). In some cases, reuse of sewage effluent has caused
pathogen, salt or heavy metal pollution, which may be detrimental to the crop, the soil, the
underlying groundwater or human and animal health.
Many citizens and governmental technicians resist land irrigation technology because of negative
experiences reported, but also due to mistrust, misinformation or individual value judgments. The
cost of constructing, operating and maintaining a land treatment facility is generally considered to
be lower than corresponding conventional wastewater treatment systems^1). In the UK, treatment
and disposal of sewage sludge from biological wafer plants accounts for approximately 50% of the

445

total cost of sewage treatment, and the major US sludge disposal route is land application^). Due
to the fact that toxic substances are concentrated in the solid phase during wastewater treatment
and sludge-disposal options in underdeveloped countries are limited by economic and
administrative constraints, the sludge management can be more risky than irrigation with
wastewater. In Morelos, Mexico, large quantities of sludge from a wastewater treatment plant
containing pathogens, toxic substances as ionic aluminum, have been deposited in open areas,
causing damage on soils and problems to the inhabitants^).
Considering the actual economical and social conditions of Mexico, reuse of domestic wastewater
to irrigate agricultural lands could conform a practical option. The following facts support this
proposal: a) in the whole country 184 nP/s of wastewater are generated (105 m3/s from domestic
sources and 79 m3/s from industry). It is predicted^) to reach 207 m3/s by the year 2 000; b)
municipal authorities in Mexico are faced with increasing restrictions on handling sewage effluents,
with practically no funds. The cost of constructing, operating and maintaining conventional water
treatment plants is considerably expensive for the Mexican municipalities. Foreign loans, as federal
and private funds, are being used for the implementation of water treatment plants. Approximately
50 % of 361 plants with an average capacity of 20 m3/s, are not operating regularlyW possibly due
to economic and technical limitations, specially the lack of human resources, c) the agricultural
potential of Mexico is very poor, due to its topographic and climatic conditions: 1 072 320 km2 are
arid or semi-arid (5). With an annual precipitation lower than 600 mm this surface is equivalent to
53.07% of the country territory. The cultivated fertile area occupies approximately 270 182 km2;
58 031 km2 are irrigated W, of which only 1 564.53 km2 with wastewater (6) d) cost of fertilizers
is increasing and technical support for their use by farmers is limited.
Nevertheless and due to the fact that in Mexico sewage effluents do not receive any preliminary
treatment and can contain toxic substances from industry, the reuse of wastewater in each case
must be carefully evaluated. The evaluation must consider composition of the wastewater, local
conditions, hydraulic infrastructure, and long term experiences. Industrial discharges to municipal
drainage are controlled since 1973 by the "Regulation for the Prevention and Control of Water
Pollution". This law has been reinforced with 33 new regulations established by the National
Institute of Ecology (INE) and published between 1988 and 199l(7), but in spite of governmental
and private efforts, the fulfillment of these regulations will take some years. Since 1912 wastewater
has been reused to irrigate agricultural lands of the Mezquital Valley with an important increase of
the irrigated area between 1925 and 1938. At present, it conforms the largest area irrigated.
Starting in the seventies many investigations have been carried out in the area, but most of these
studies are either unpublished reports or Masters and Ph.D. thesis and therefore not easily available
to international scientific societies. The aim of this paper is to present a summary of the actual
knowledge and an estimation of its implications on environment and public health.

DESCRIPTION OF THE STUDY AREA
Irrigation system (Fig. 1)
Mexico City is located in an originally closed hydrologie basin, which was artificially opened. A
series of lakes occupied approximately 1500 km2 in the Basin before the Spanish conquest <8).
Now a highly urbanized area (MCMZ) formed by the Federal District and 8 municipalities, with a
population of 15 047 685 (9), covers much of the lacustrine sediments and portions of the
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surrounding mountains. After the Second World War, Mexico began to be an industrial country,
and most of the industry developed in the Basin of Mexico. The centralizing tendency has
continued until today. The population of Mexico is 82 763 740 inhabitants^) and 18.2 % live in
the MCMZ. In 1970 half of the industrial investment took place in the MCMZ (0.49% of the
national territory)^ °). More than 90% of liquid industrial wastes, approximately
1.5 X 106 tons*an_1, are discharged untreated. The sewer system of Mexico City is commingled
with industrial wastewater and, during the rainy season, with storm water runoff. More than 90%
of liquid industrial wastes, which total approximately 1.5 million tons, annually, are discharged
untreated to the sewer system^*) formed by three main conduits: the "Gran Canal de
Desague"(GCD), the "Emisor Poniente"(EP) and the "Emisor Central"(EC). The wastewater flows
to the north of the Metropolitan Area towards the Tula River, tributary of the Panuco River. The
wastewater and the river's water used to irrigate are controlled by several dams. The most
important ones for clear water are Taxhimay and Requena and those for wastewater control are
Vicente Aguirre, Rojo Gomez and Endhó. During its storage in the three interconnected dams and
its transport, wastewater receives a kind of primary treatment (specially in the Endhó dam).
The GCD is an open channel; it started operating at the beginning of this century and carries most
of the wastewater from the MCMZ during the dry season. Originally, the wastewater flowed by
gravity but now pumping is necessary. In the border of the MCMZ (27.25 km) the wastewater is
used in the Irrigation District88 (ID88). This channel discharges into the Salado River, a tributary
of the Tula River integrated to the irrigation system of the Rural Development District 063
(RD063). The EP is a totally open channel and it conduits principally storm water in rainy season
and wastewater in the dry season. It carries wastewater from the Los Remedios River and
discharges into the El Salto River connected with the irrigation system network. Recent research at
the confluence of the Gran Canal and the Rio de los Remedios appears to confirm that infiltration
of contaminated water has begun; that is why the government is planning to replace these two open
sewer canals with pipes in the next years(°). The EC is an underground duct 68 km long, built
during the 1970's to allow disposal of flood waters during the rainy season. Today it handles both
runoff and wastewater during the rainy season, and discharges into the El Salto
Once it has crossed the Mezquital Valley, the running wastewater flows toward the Gulf of Mexico
through the Tula-Moctezuma-Panuco River System. At present, an important project to use the
wastewater potential to generate electricity, is being planned in Zimapan.
Between 1914 and 1926 there were 14 000 ha of irrigated land that increased to 28 000 ha in 1950
and by 1965 had reached 42 460 ha(12). At present the area irrigated with wastewater or with
waste and rainfall water (mixed) is approximately of 84 594 ha(13>14). This area is divided into two
separate zones. One zone is the D063 located in the lower part of the Mezquital Valley in
southwestern Hidalgo State, that includes in Tula the Irrigation District 03 (ID03) established in
1945, in Alfajayucan the Irrigation District 100 (ID 100), and a small irrigated area in Ixmiquilpan.
The surface of ID03 is 45 214 ha, of ID100, is 31 482 ha, and of Ixmiquilpan, 3 500 ha. The other
area, ID88 was established in 1966 and includes 4 398 ha of the Chiconautla-Chalco-Texcoco area
in the State of Mexico (in the limits of the MCMZ). The hydraulic network is old and complex; it
was built empirically by local farmers and later technically improved (12).
Location characteristics
The Mezquital Valley is located 109 km north of Mexico City; it includes several
intercommunication valleys, naturally drained by the river and its tributaries, as part of the
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Fig. 1 Waste Water System of Mexico City Metropolitan Area

00
IRRIGATION
DISTRICT

p',

1 100

Panuco River system. Local geology has been grouped*15) in: a) sediments of clastic materials that
have fluvial and alluvial origins, and local lens of volcanic ash and limestone (high permeability);
b) rocks mainly constituted by clastic materials, with lens of volcanic ash and lava spreads (medium
permeability); c) tertiary formations integrated by lava spreads with ash associations of basaltic and
andesitic composition, volcanic rocks with a composition that varies between riolite and basalt,
with local deposits of clay, silt and limestone (practically impermeable); d) limestone and marble
limestone formations in the north and southwest of the area (low permeability). Mean annual
temperature of the Mezquital Valley is 17.4°C(16) and mean annual precipitation is 502 mm,
descending from 700 mm in the southeastern part to less than 400 mm in the North. The
evapotranspiration is approximately 81.03 cm. The remarkable difference in water availability
between the dry and rainy season (June to September) makes irrigation essential to achieve high
yields. The climate favors natural vegetation of xerophytic scrub land of different types,
predominantly grassland, cactus, agaves, Joshua palms (Yucca sp), and creosote bush (Larrea sp).
Mezquites are so common that they gave the name to the valley. Natural vegetation is now only
present on hills, while most of the lowlands are under irrigated crops. The main crops grown in the
area are alfalfa and maize (60-80% of the whole area), beans, oats, barley, wheat, and some
vegetables as chili pepper, Italian squash and tomatoes. Alfalfa is a very popular crop because it
has a long vegetative cycle, is tolerant to boron, accepts more water than other crops and has a
secure market because it is used as dairy cattle fodder, which in turn supplies milk to the MCMZ.
Cultivation of vegetables,which are eaten raw, is forbidden (17). This sanitary disposition is not
always followed but at present, due to the Cholera and in spite of the farmer's complaints, the
sanitary control of the local and federal authorities is more strict. The most common pesticides
used on crops are Parathion. In the Endhó reservoir surroundings, Malathion is used to control the
mosquito (CuUex), it is being substituted by biological control (Bacillus turgensus)(l*\ The water
application rates vary between 1 500 and 2 000 mm*ha-l*a~1 according to crop requirements, soil
textures and depths and water availability throughout the year. The mean volume of water used for
irrigation between 1979 and 1984 (15) was 1 178 200 800 m 3 *a _1 . Irrigation is performed by two
methods: furrows and border strips. Wastewater irrigation has resulted in a significant
improvement of yields where 4.8 t/ha of corn and 96.2 t/ha of alfalfa are achieved in contrast with
2.9-4.0 t/ ha and 67.8-80 t/ha respectively in areas irrigated with clear water, or 0.37 t/ha corn
under rain-fed agriculture*19). Because of the high productivity of land irrigated with wastewater,
the banks award additional loans to the owners*11).
Soil properties
Soils reflect local geology and topography. Soils of the Mezquital Valley originate from colluvial
and alluvial materials transported from the hills, resulting in profiles of varied depth. On the other
hand, upland areas have soils formed in situ with a scant depth of less than 25cm*12). Three soil
types predominate: typic Pellusterts (fine clayey, montmorillonitic, thermic), petrocalcic
Calciustolls (fine loamy, mixed, thermic) and pachic Haplustolls (fine loamy, mixed, thermic) which
correspond to eutric Vertisols, rendzic and mollic Leptosols and haplic and calcic Feozems in the
FAO classification. In the JD88 there are haplic and calcic Feozems, and eutric Cambisols. The
general soil characteristics of D063 show pH-values ranging from 6.86-8.60 with some values
higher than 9, being mainly slightly alkaline*10'12*20'21). The electric conductivity in the
saturation extract ranges generally between 1.0 and 3.4 mS/cm, but at some sites with ground
water near to the surface and clayey soil textures (Usterts) salinization has occurred due
to impeded drainage conditions, showing electric conductivities from 8 to 40 mS/cm. These sites
449

represent aprox. 2 000 ha of the whole area(22). Organic matter content varies from 1.6 to
3.3 % (2°) and in unirrigated soil from 0.3 % to 2.58 %( 1 0 ). While the Pellusterts are either free of
carbonates or contain not more than 2% CaCC^, the Haplustolls show 1 to 3% CaCC>3 and the
Calciustolls are calcareous and contain up to 18% CaCC>3 in the Ap-horizon, and more than 50%
in the petrocalcic horizon. The soils have medium to high cation exchange capacities (200 - >400
meq/kg), and soil textures range from loam to silty clay loam (Calciustolls and Haplustolls) and
loamy clay (Pellusterts). The clay mineralogy is dominated by smectites (80-97%), but also illite
and kaolinite are present20). A cartography of selected general soil parameters elaborated by
geostatistical analysis on a data base from 1976-1985(24), containing annual routine analysis of
soils from 204 sampling sites is available(23).
Concerning the general soil properties of ID88, the most important differences with ID03 and
ID 100 are: higher carbonates and total Mg concentrations; slightly higher pH, electric conductivity
and exchangeable sodium; lower cationic exchange capacity, organic matter, organic nitrogen and
total and available phosphorus (10).
Irrigation water
Table 1 shows a compilation of the main irrigation water characteristics^4). Wastewater entering
the Valley of Tula shows a turbidity level of 182 NTU, while the outcoming of the Endhó reservoir
and the drainage water show a marked decrease to 10 and 13 NTU. Color changes from yellowgreenish (wastewater) to yellowish (Endhó-dam) and colorless (drainage), and the odor from fetid
to odorless. pH ranges between 7.15 to 7.5 and electric conductivity between 0.4 (Requena dam)
to 1.7 mS/cm (drainage) annual mean, but it can reach values of 2.25 mS/cm. The dominating
soluble cation is Na+ followed by Ca2+, and the dominating soluble anions are HC0 3 " and CI". The
salinity hazard is considered as medium to high(25) and SAR level is marginally sodic. Nitrate ions
concentration is negligible in the wastewater, but reaches 1.84 meq/L in the drainage water,
indicating an oxidation process. The boron contents vary from 0.25 to 0.78 mg/L, fat and oil
concentrations vary from 5.3 to 14.1 mg/L, organic carbon from 5.2 to 18.9 mg/L, methylen blue
active substances from 7.5 to 25.7 mg/L. In another report C1) DDT, Aldrin, Endrin,
Methoxychlor, p p'-DDE and 2,4-D were not detected in irrigation water but Amoeba cysts were
found in the Tlamaco Juandhó Canal. A decrease of Biochemical Oxygen Demand from the GCD
canal (246 mg/L) to the Tlahuelilpan drain (7.3 mg/L) was observed as expected. The fat and oil
values were very high in the GCD canal (59.2 mg/L). A turbidity range of 3.00-224.25 and grease
range of 2.26-23 mg/L were found and their concentrations were related with the clean/sewage
water ratio(15). Later, higher values of boron were informed: 2.83 mg/L (15) and 0.97 mg/L(26)
The first value exceeds the recommended concentration by US EPA and Mexican regulation (0.75
mg/L under continuous irrigation and 2.0 mg/L under irrigation for 20 years).
DISCUSSION
The reported concentrations of nutrients and potentially toxic elements (heavy metals) in water,
soils and crops irrigated with wastewater vary in a wide range. The values reported and
conclusions are affected by different factors, mainly by: sampling plan (site selection, number of
observations, season and sampling techniques), laboratory conditions^7) (sample storage, selected
analytical techniques and methods and quality assurance) and the interpretation of the results).
Contamination of samples and the lack of accuracy and precision on the determinations are
common factors that affect the data quality, specially when the concentration of the analyte is very
low and the matrix is complex (28).
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Table 1. General characteristics of the irrigation water <24)

turbidity
color
odor
classification
pH value
elect, conduct.
Ca2+
Mg2+
Na +
K+
C032"
HCO3SO4 2 -

cr

N03soluble solids
susp. solids
sediment solids
total solids
Boron
Fats and oils
organic carbon
ABS
PO4 2 " (total)
N total
N-NH3
N- NO3-

NTU units

[uS/cm]
[meq/L]
[meq/L]
[meq/L]
[meq/L]
[meq/L]
[meq/L]
[meq/L]
[meq/L]
[meq/L]
[mg/LI

fag/Li
[mg/L]

fatfLl
rmg^i
fag/Ll
[mg/L]

fag/Li
rmg^i
\msJU
[mg/L]
fmg^l

Endhó reservoir drainage water
untreated
(Tepa-Lagunilla)
sewage
(TlaniacoJuandhó)
182
10
13
yellow-greenish
yellowish
colorless
fetid
fetid
odorless
C3S2
C3S1
C3S1
7.4
7.15
7.5
1483
760
17.20
2-66
2.39
5.05
2.1
1.87
3.14
8.9
3.12
8.38
1.09
0.53
0.66
2.11
1.24
2.25
4.84
3.18
3.9
0.45
0.48
0.81
2.9
7.85
6.43
0.01
0.01
1.84
1009
502
1114
251
228
268
128
78
80
1488
608
1312
0.78
0.33
0.25
14.1
5.27
7.6
18.9
25.7
18.5
1.68
39
22
10.9
29.3
15.6
17.5
8.21
2.43
0.015
0.015
10.11

Since 1974, several studies on effects of wastewater use in ID03, ID 100 and ID88 have been
carried out (6,8,10,11,12,5,19,20,21,22,23,26,30,31,32,33,34,35,36,37,38,39,40,41,42,43,44,45,46,47,48,49).xhe

investigations were done according to different strategies, thus limiting the possibilities of
comparison of the reported values. Specially, digestion methods, matrix interferences and detection
limits of the analytical instruments played an important role (Table 2). The distance between the
wastewater sample site and MCMZ were also different, varying biodegradation and dilution
processes and, in consequence, the amounts of soluble heavy metal ions. Selected soils had
different pedogenetic background; depth considered in the sampling unit and type of the irrigation
wastewater were also different. In relation to plant tissue analysis, the main source of variation was
the behavior of selected species and the sample pretreatment (washed and unwashed).
Nevertheless, general tendencies can be observed and it is possible to compare some results.
Several researchers selected sampling sites at random; others reported data out of governmental
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institutions and, in two studies^10-20), certain factors that allow separate evaluation of nutrients and
heavy metal sources in soils such as wastewater, soil parent material and others, were considered.
One of these, was an investigation carried out in 1982 (10), this study considered three different
geographic zones (control, ID88 and ID03), soils and crops irrigated with three different types of

Table 2. Techniques and methods reported 1or heavy metals analyses
Author/reference
SRH (1974)
(30)

Mascarefio (1974)
(36)
Mendoza(1981)
(11)
Gutierrez (1982)
(10)
Mendez (1982)
(26)
Sanchez Duron (1985)
(15)

extraction
determination
washing
extraction
determination
washing
extraction
determination
washing
extraction
determination
washing
extraction
determination
washing
extraction
determination
washing
extraction

water analysis
HNCh/HClOi
AAS

soil analysis
n.r.
AAS

n.r.

0.05N, HC1 +
0.025N, H 9 S 0 4
AAS

AAS
n.r.
n.r.

n.r.
AAS
n.r.
n.r.
HN03

plant analysis
n.r.
AAS
n.r.
n.r.

AAS
n.r.
n.r.
n.r.
n.r.
n.r.
n.r.
HNO-s/HClCu
HNCh/HClCu
AAS (flame, GF)
AAS (flame GF)
detergent
n.r.
n.r.
AAS & XrayF(Pb) AAS & XrayF(Pb)
HC1 2%
n.r.
n.r.
n.r.
n.r.
n.r.
0.05N, HC1 +
wet digestion
0.025N, H 7 S C M

Garcia (1989)
(38)
Colli (1990)
(33)
Hernandez etal. (1990)
(35)
Cajusteetal. (1991)
(31)
Carrilloetal. (1992)
(32)
Floresetal. (1992)
(12)
Siebe (1994)
(20)

determination
washing
extraction
determination
washing
extraction
determination
washing
extraction
determination
washing
extraction
determination
washing
extraction
determination
washing
extraction
determination
washing

AAS

AAS

n.r.
AAS

HC1+H 9 S0 4
AAS
HF/HCIO.1
AAS

AAS

4NHNO-!
AAS

HNO-,
AAS

4NHNf>i
AAS

HNOT

AAS
dest. H 7 0
n.r.
AAS
n.r.
HNO-t/HClOi
AAS
unwashed

HF/HCICu
AAS
HNO^/HClOi
ASS (Flame.GF)

HCl/HNCh
ASS (Flame,GF)

n.r. not reported/ AAS Atomic Absoption Spechtroscopy/ GF Graphite Furnace
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420°Qdiy digestion)
ASS (Flame.GF)
0.1NHC1

water (rain and well waters, mixed wastewater and wastewater) and three kinds of soil samples
(superficial irrigated, superficial unirrigated and sub superficial). In 1993(2°), soil samples from
pedosequencies with different irrigation times (16,20,40, 65, 80 years) and different water quality
(rain and well water and wastewater), were evaluated.
Soil Fertility
In the eighties statistically significative differences between soils irrigated with rain or well waters
and unirrigated soils (control area) and soils irrigated with wastewater and unirrigated soils (ID03,
ID88) were reported. The following values show significative increments of the means between
uncultivated soils (rainwater) and wastewater irrigated soils of the ID03: pH (7.7 to 8.1), %
organic carbon (1.5 to 2.4 with a maximum value of 3.3) and % organic nitrogen (0.16 to 0.26
with a maximum 0.36). Other increases such as exchangeable sodium (21.6-36.4 meq/kg), total
phosphorus (876 to 1070 mg/kg) and available phosphorus (48 to 70 mg/kg) are observed. The
differences between regions (control area vs. ID03) of these parameters were also significative.
After a decade, a comparison of sites which have been irrigated at different time periods with
unirrigated fields was carried out (20), obtaining a significant increase of organic carbon (from 1.6
to 3.3 %) after 80 years of wastewater irrigation. According to that, total nitrogen also increased in
the soils with longer times under irrigation. The extractable phosphorus (0.5 N NaHCC^) showed a
higher and more significant increase than the first study, from 3-34 mg/kg P in non-irrigated soils
to 60-97 mg/kg in soils which have been irrigated with untreated wastewater for more than 80
years. The absence of this tendency in the 1982's study can be related to the fact that the analysis
of available P was carried out in soils with different times of irrigation thus, obtaining a lower mean
value than the one of unirrigated soils. In both studies an increase in Na+ saturation is reported, but
only one informs that the degree of Ca2+saturation diminished (2°).
Some analogous results concerning nutrient uptake by forage plants were found in 1982 and 1993.
Both works report an enrichment of P, Na (statistically significant) and a slight enrichment of K.
Lower levels of absorption of Ca and Mg were observed in alfalfa grown under wastewater
irrigation than those grown with clear water. A nitrogen increase was only reported in 1982(10).A11
these nutrients were classified (based on agricultural and livestock criteria) into a sufficient to
intermediate range, exception made of Na which was considered high. The concentrations of Na,
P, Mg, Ca, K and N were classified as medium-high levels in a normal range, for the following
crops: oats, eucalyptus, beans, corn, wheat and beet on ID03 and ID88 (10). Considering a mean
irrigation of 2 000 mm*ha"1*a"1 for alfalfa, and the mean concentrations of N and P in the water
(Table 1), irrigation with wastewater from Endhó reservoir is providing 320 kg*ha"l*a"l of N and
140 kg*ha_1*a"l of P. With untreated wastewater the values increase, 580 kgfha'^a" 1 of N and
250 kgfha^+a"1 of P. These values represent between 63 and 81% of the total amount of N
removed by alfalfa per year, and more than twice the amount of P.
The total N increase in the soils after 80 years of wastewater irrigation are far below the N
calculated surplus added yearly to the soils (even without considering the microbial N-fixation).
This fact can be taken as an evidence that important N-looses either by NO3" lixiviation and/or
denitrification occur. At present, there are no data available on nitrate-nitrogen in ground water,
even when it is a parameter of major concern on the regulation of sewage land disposal (50>-
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Heavy metals
WATER:

The mean Pb concentrations reported in the untreated wastewater by 4 of 7 authors (Fig. 2) are
< 0.2 mg/L. Extreme concentrations do not exceed 0.4 mg/LO1-20*26'30). The mean Cu
concentration found by 6 of 8 authors is 0.25 mg/L and extreme concentrations are < 0.6
mg/L*11'20»26-30-33). Medium Zn concentrations are around 0.4 mg/L (30,33,20)an(j <o.i
mg/L(26'36). Extreme values reach concentrations of 1.2 to 1.8 mg (50,36) The mean Cd
concentration reported by 3 authors is 0.03 mg/L O5>30> 38)> whereas other authors report values
<0.03 mg/L(n> 33> an even< 0.005mg/L or at 0.003mg/L(20>36)- Extremely high values of dissolved
metals in wastewater were reported in 1991: Pb=68, Cu=117, Zn =18 and Cd=5(mg/L)(31). The
toxicity levels established by Mexican Regulations*7*51) for the reused wastewater in agriculture are
Cu =0.2 , Pb=0.5, Zn=2.0 and Cd=0.01 (mg/L). The levels of Pb are below the safety limits
established, excepting in two cases*33'38); those of Cu are slightly surpassed in most of the
reported investigations (Fig. 2). Only two researchers report Cadmium concentrations lower than
the accepted limit and for Zn, all the results are inside the accepted range.
In the most recent study*20) the fluctuations of Pb, Cu and Zn concentrations in wastewater
channels in a 6 months period were analogous. In August a maximum concentration of Pb, Cu and
Zn is observed in one of the channels. The rest of the channels present very homogenous
concentration throughout the six month period. All these similarities indicate that these ions behave
similarly in different channels under similar conditions (such as pH and pE). The wastewater from
the outlet of the Endhó dam contained 3 to 5 times less Pb, 5 to 10 times less Cu and 6 to 15 times
less Zn than the water entering the ID03. This evidences that during the storage period in the dam,
biodegradation of wastewater takes place, removing heavy metals by precipitation and/or
sedimentation of solids to which the metals are adsorbed or coprecipitated. In 1974 reports, Cr and
Mn in wastewater vary from 0.01 to 0.11 and from 0.01 to 0.15 mg/L, respectively (30,36) i n 1975
higher mean values were detected: 0.214 mg/L for Cr and 0.32 mg/L for Mn (36> 4 7 ). Recently in
1991, very high concentrations were reported (31) for raw water, Mn=323 and Cr=112.
Nevertheless, last year(2°) very similar concentrations of chromium than those found in 1974, were
informed for untreated wastewater and for "pseudotreated" water in the Endhó dam (from 11±0.02
to 0.01mg/L).
SOILS:

The means for heavy metal concentrations extracted by acid or dry digestion (Fig. 3), are less than
75 mg/kg of Pb with extreme values of 300 mg/kg, found in an atypical sample with higher metal
contents than the rest. Most of the reported levels fall into the common range established for
uncontaminated soils (up to 200 mg/kg) (52) Only in one study, more than 50% of the sample
values are above the upper limit (detection limit =100 mg/kg). The higher medians correspond to
total digestions (HF/HCIO4). All medium cadmium values for these soils are far above the upper
limit of the common range for uncontaminated soils, and comparable with the levels reported for
soil treated with sludges during 5 years(53). More than 50% of the sample values fall into the range
from 2 to 5 mg/kg.. For copper, all values fall into the common range for uncontaminated soils
(70-90 mg/kg). As in the other cases, total digested soils present the highest concentrations with
extreme values from 125 to 250 mg/kg (26). Zn concentrations also correspond to the common
range for uncontaminated soils, and the tendency observed is similar to the ones for Pb, Cd and Cu,
but in this case the values of total contents are more similar to those obtained by quasi total
digestions.
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Less aggressive extractions than those carried with concentrated acids were done by three
investigators (19>20>35), who used EDTA. The reported concentrations range between 10-75 mg/kg
Pb, 5-37 mg/kg Cu and 10-110 mg/kg Zn (Fig.4). The difference in the pH of the extracting
solution, 7.5(35) 7.0(10) and 4.5(2°) makes the intercomparision of results difficult, in view that the
extractability of metals depends on pH and pE (54). The soil carbonates content can be dissolved at
pH 4.5(55). EDTA is primarily intended for the removal of organic and/or carbonate metal forms
but also extracts substantial concentration of Ca, Cu, Pb and Zn phosphates and hydroxides^2-55).
Other factors that could influence the efficiency of leaching are the extraction duration and the
ratio of soil to volume of extractant <2).
Mexican authors have reported the relation between heavy metal content in soils of BD03 and the
duration of wastewater application. The data obtained in 1990(35) were compared with other
studies^10»26), concluding that Cu, Cr, Pb, Cd, and Zn concentrations decreased along time. Ni and
Fe concentrations kept stable and Co and Mn increased. In Fig.4 it is possible to observe that the
high levels reported in 1982<26) biased that conclusion, and these data are not enough to establish
any tendency. Although, the comparison of the differences between soils with the same genetic
development and irrigated with wastewater or with well or rain waters (10>2°), shows that the levels
of total and available Cu, Zn, Pb and Cd, in fact are increasing. According to Siebe 1994(20) the
changes became significant after 35 years of irrigation. Correlations in soils (0.01 significance level)
were found between organic matter and Cu, Zn and Pb (total and available); and between P and the
same metals (10'. The accumulation of organic matter in the surface is related to the increases of
heavy metals in the Ap horizons^10'12-20). The study of the distribution of heavy metals in this
horizon, shows that the concentrations were higher at the inlet and decreased towards the outlet of
water in a parceK20>32). This is due to the flooding irrigation technique applied, which implicates a
higher water table at the inlet than at the outlet of the field.
No significant metal increase related to wastewater irrigation in soils of the ID88 was found. The
levels of total nutrients and toxic elements are lower in ID88 than in ID03 and their availability is
smaller. Higher pHs, more content of CO32" and shorter wastewater irrigation period (13 years)
explain these differences. The solubility of Pb, Cd, Cu and Zn compounds are highly affected by the
pH, an increase of one pH unit diminishes the solubility 100 times for Cu and Zn (52).
The adsorption isotherms obtained for Cd, Pb and Zn on Vertisols and Leptosols in ID03 (2°) show
a good fit to the Freundlich model but not to Langmuir's. Copper does not behave according to
either of these models. The forms of the Cu, Zn and Cd graphs are a concave curve (type L), and
the Pb isotherm is a curve with a larger initial slope (type H). The L-curve isotherm is
characterized by an initial slope that does not increase with the concentration of metal in the soil
solution because the high relative affinity of the soil particles for the adsorbate at low surface
coverage begins to diminish by metal-soil bondings and physical take up of soil surface by the metal
ions adsorbed (steric factor)(56>57>58). In spite that the adsorption isotherms cannot be used to
deduce much about surface speciation of trace elements in soils, some ideas are suggested. The
curves slope rises with the increase of wastewater irrigation period (from 20 to 80 years),
considering that the pHs of the study area are above 7, the humic and fulvic acids could be
coordinated with metals, increasing the soil adsorption capacity <59). The organic matter
accumulation is one of the most important factors in contributing to, and competing for the
sorption of trace elements and under special conditions may regulate their mobility.
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Concentrations of EDTA-extractable Pb,Cu,and Zn reported by different authors in soils
irrigated with wastewater.

The stability of Pb, Cd and Zn complexes with organic matter, grows as the pH increases(59).The
adsorption affinity sequence observed for these soils, Pl> > C u » Cd> Zn agrees with a succession
of inner sphere surface complexes calculated based on Mosono softness scale (Pb soft acid, Cu and
Cd borderline acids, and Zn borderline-hard acid)(58) and also with the order of the stability
constants of metallo-organic complexes reported by several authors(59>60). Lead was the only
element not desorbed by Ca 2+ , so an irreversible Pb sorption by the soil can be proposed. Due to
the lack of more information coupled with the limited solubility of lead in a basic medium, it is not
possible to reject its precipitation or coprecipitation (mixed solid formation, inclusion and
adsorption on the surface of the precipitate solid)(61). The Langmuir Cu isotherm at low
concentration, specially observed in Leptosols (increase-decrease-increase), does not correspond to
the curve (type S) expected when the soluble humic acids in solution compete with organic colloids
for Cu. The upturn observed suggests a behavior that maintains Cu in solution "with no apparent
adsorption, a condition which could be met by precipitation" (61). The unirrigated Leptosols
presented more affinity to metals than unirrigated Venisols with higher CEC maybe due to the
higher concentration of calcite in Leptosols that could enhance the sorption, through selected sites
and/or by nucleation on its surface.
In the same study a sequential extraction in soils was carried out (20>62) (1 M NH4NO3 24 hours
mobile fraction; 1 M NH4OAc 24 hours at pH 6, exchangeable metals; 0.1M NH20H.HC1 at pH
6.0, metals occluded in manganese oxides; 0.025 NH4-I1DTA at pH 4.6, organic fractions in soils
with CaC0 3 <5 %; 0.2 M NH4-oxalate pH 3.25, metals occluded in amorphous iron oxides; 0.1 M
ascorbic acid in 0.2 M oxalate buffer at pH 3.25, metals associated to crystalline iron oxides; and
HNO3 + HCl, residual fraction). Observing the extracted proportions of heavy metals, a similar
patron can be recognized for unirrigated Leptosols, Vertisols and Feozems. The principal fractions
were those related to (Fe 2+ and Fe3+) oxides and the residual fraction. After 80 years of irrigation
this situation changed and the EDTA fraction dominated in all soils. In similar cases were sludges
were applied instead of raw water, the residual fraction also diminished and the NaOH and EDTA
fractions increased®. Under the acidic extracting conditions (pH=4.6) lower than previous
extractions, the EDTA extracted metal from organic complexes and carbonates, phosphates and
hydroxides. The non selective nature of EDTA was already discussed. Lower concentration of
metals extracted with NaOH ("organic compounds") than with EDTA was obtained in sludges
from a water treatment plant located in Cuernavaca, Mexico
(63)
In soils irrigated during 80 years, 1.9-5.8 u,gCd/Kg and 0.12 (igCu/Kg were extracted with
NH4NO3 ("soluble fraction")(2°). Zn and Pb were not detected. These values fall all below the
tolerance limits considered by different authors (64- 65>66), although the concentrations are
increasing along time. This fraction is the most important for the control of phytotoxicity, because
it is the more related to soluble species present in soil solution and can be absorbed by plant roots.
The heavy metal concentrations in solution are highly correlated with the uptake by plants^)
The ion levels in soil solution are mainly governed by the mineral phase, regardless of the
important role of adsorbed ions and microorganisms*52). With time metals can form insoluble
chelates, depending on pH and pE soil conditions*2). The humic acid complexes, are an important
storage for heavy metals in soils as previously mentioned, however the organic matter
cannot be of great importance in overall control of trace elements solubility, due to the fact
that in the majority of soils studied, including the irrigated with wastewater during 80 years, the
organic carbon does not exceed the range 1.6-3.3%; and the presence of toxic metals in newly
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formed organic chelates protect them against microbial attack avoiding their availability and
favoring their accumulation*67). The species for Pb, Cu, Cd and Zn present in an alkaline soil
solution under oxic conditions*57) that can be compared with alkaline soils of ID03, ID 100 and
ID88 are: Pb= PbC0 3 °, PbHC03+, Pb(C03)22-, PbOH+; Cd= Cd 2+ , CdCl+, CdS0 4 °, CdHC0 3 + ;
Cu=CuC0 3 °, fulvic acid complexes, CuB(OH)4+, Cu(B(OH)4)2°; and Zn=ZnHC0 3 + , ZnC0 3 °,
Zn2+, ZnS04°, ZnB(OH)4+. Only Cu forms soluble organic complexes; nevertheless in soils with
pH<7 others soluble metallo-organic complexes can be formed*55). The solid minerals that could
control the activity of Pb and Cd in soils under study (pHs7) are: PbC0 3 , Cd 3 (P0 4 ) 2 and CdC0 3 .
For Cu and Zn the formation of definite metal compounds such as Zn 5 (OH) 6 (C0 3 ) 2 ,
Cu 2 (OH) 2 C0 3 could be expected*52-55). The Smectites and other clays of the area studied could
contain Pb, Cu and Zn coprecipitated*57).
PLANTS

Metal uptake by alfalfa is reviewed since all authors included this crop in their studies (Fig. 5). The
reported values of heavy metals in alfalfa differ widely, specially for Pb, Cd and Cu. Lead
concentrations found by some authors*26»30-38'35) vary from 5 to 39 mg/kg; whereas
others*10*20-33) report lower values of 0.4, 0.029-0.34 and 0.17-0.42 mg/kg, respectively. Cd
concentrations of more than 1 mg/kg were determined*11'30), medium values of 0.6 mg/kg*35) and
0.5 mg/kg*10); and lower levels of 0.04 mg/kg(36) and 0.07-0.19 mg/kg(20). Copper concentrations
found in alfalfa range from toxic levels of more than 60 mg/kg*36) to high levels of 25-30 mg/kg
(11,26) an( i medium values of 7-20 mg/kg( 10 . 20 ' 30 ' 32 ' 35 ). In 1982, only increments of Zn and Cu
uptake in alfalfa and grass were reported*10), meanwhile in 1994 increments in Cd, Pb and Zn and a
decrease in Cu were observed *2°). No evidence of season effect on metal uptake in alfalfa and
grass was found*10). Chlorosis symptoms were noticed in parcels of ID03 with excedent irrigation
table and lime-induced chlorosis and B phytotoxicity in ID88(10> 68 ). The Cu, Mn, Zn levels in
unwashed alfalfa and grass fall in normal ranges for Livestock and Poultry feedstuffs*10> 6 9 ). The
insolubility of heavy metal due to the soil conditions, in addition to the extremely low levels found
by the majority of researchers, suggest that some of the alfalfa analysis could be influenced by soil
contamination or experimental errors.
PUBLIC HEALTH ASPECTS

Evaluations on disease incidences in the ID03 in comparison with other areas in the seventies
showed no significant differences due to general low hygienic conditions*11). In 1976 *46), an
increase in the incidence of amoebiasis and gastroenteritis in Tula as a consequence of the
introduction of wastewater to the Requena dam, was reported. A cross-sectional study of diarrheal
diseases and parasitic infections of farmers and their families in this zone*43'44), found that
exposure to raw wastewater (10 8 Fecal coliforms/100 mL and 70 Ascaris eggs/L) greatly
increased risk to Ascaris infection in all age groups, an increase of diarrheal diseases in children
under 15 years, a small increase in Entamoeba histolytica infection in children aged 5 to 14 years,
and has no effect on Giardia infection. The use of wastewater retained in the Endhó and Rojo
Gomez dams is associated with reductions in the risk level to Ascaris infection and diarrheal
diseases to a level which is not significantly different to the level in the control population
(households practicing rain-fed agriculture). However, the storage reservoirs were not as effective
in reducing the risk to Entamoeba, histolytica and Giardia infections, which is attributed to the
worse conditions of drinking water and sanitary conditions in the region.
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Concentrations of Pb,Cd,Cu and Zn in alfalfa tissue reported by diffent authors, compared
with normal and toxic levels (Siebe, 1993) .

In 1993*45), concentrations of Cd, Pb and Mn in blood and urine in three exposed groups (peasants
exposed to raw wastewater irrigation, peasants exposed to retained wastewater out of the dam
system and peasants practicing rain-fed agriculture), were studied. Also cross correlations with
concentrations found in different agricultural products, were carried out. Exposure time, direct
contact with water during irrigation, concentrations in drinking water as well as habits like
consumption of tined food, alcohol and tobbaco, and cooking into lead-glazed pottery, were
considered. The elevated concentrations of Cd, Pb and Mn in blood and, partly, in urine, were
associated significantly with the use of irrigation wastewater. Spinach and chard can be an
important human intake source as well as the consumption of visceras Significant correlations were
found between time exposure and direct contact with the water*70). At long term, drinking water
also resulted an important factor related to metal exposure. Aerosols have not been studied in spite
that depending on meteorological condition *71), are an important source of metal intake*29)
(inhalation and deposition of metal aerosols, enhance absorption by human beings).
ORGANIC POLLUTANTS
Into the ID 03, only grease and oil as well as methylene blue active substances (that include
detergents) have been measured in the irrigation water*24'26). Another study*41) reports
concentrations of 2-3 mg/L tetrachloro ethylene, 1-48 mg/L trichloroethylene and 5 mg/L
l.ldicloroethylene in two of the main wastewater outlets from Mexico city. No data on pesticides
and other organic pollutants in soils and plants of ID03, ID100 or ID88 have been reported.
•

•

•
•

•

•

•

CONCLUSIONS
The wastewater land application in Central Mexico has been beneficial in providing additional
nutrients to soil, and crops, enhancing the soil conditions; and supplying water to a semi-arid
region. Farmers have a more stable water source than in other Mexican regions and so they
achieve higher crop yields.
The metal levels in wastewater irrigated soils are increasing, but after 80 years their adsorption
and/or precipitation of metals diminishing their availability to plants.
In impeded drainage soils, the wastewater irrigation is enhancing the salinity.
The wastewater contains several pollutants, specially soluble salts, heavy metal, detergents and
other organic compounds. Salinity and Cu and Cd contents are above the safety limits.
The concentration of heavy metals in wastewater irrigated crops (washed and unwashed) are
below international toxic levels, but are increasing with irrigation time. No phytotoxicity
symptoms (Pb, Cd, Cu and Zn) have been observed.
During the storage period in the dams, removing of heavy metals takes place by precipitation or
sedimentation of solids to which the metals are adsorbed. This "pseudotreatment"is relatively
efficient.
As concluded in other studies.the most serious problems caused by the wastewater use are
related to health risk due to pathogen microorganisms. Sanitary conditions of the area could
also be related to gastrointestinal diseases. A continuous epidemiological monitoring in humans
beings and animals is necessary.
There is a lack of information on different themes. Specially the behavior of As, B, Se and Cd
in water, soil solution and plants should be studied more. Monitoring levels of detergents,
fertilizer, pesticides and other organic substances in water, plants and soils are recommended.
Also further research should be focused on these aspects and in the development of suitable
water treatment technologies, according to social and economic conditions of the area. Little
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attention has been given to the eventual groundwater pollution. Monitoring of wells and
springs, should be done, particularly near probable sources of significant contamination in areas
of high aquifer vulnerability. The eventual pollution by nitrates, organic and fecal coliforms
must be considered.
• It is possible to reduce the negative aspects and to materialize the benefits of wastewater land
application by the improvement of irrigation systems (specially replacing the open sewer canals
with pipes) and wastewater quality (through installation of water treatment plants in the
industries of MCMZ, use of biodegradable detergents, and construction of more dams or
lagoons). Also other measures can be very helpful, like the amelioration of urban planning
(restricting at short time as possible the urban occupation into the influence perimeter of canals
and dams), the improvement of hygienical conditions and attitudes of the inhabitants; and the
reinforcement of the production of other crops than vegetables through economical incentives.
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Application of Municipal Sewage Sludge to Low Fertility
Forest Soils: the Fate of Nitrogen and Heavy Metals
K. C. Cameron, R. G. MacLaren, and J. A. Adams. Department of Soil
Science, P. O. Box 84, Lincoln University, Canterbury, New Zealand.

Introduction. The Chnstchurch (New Zealand) City Council is responsible for a metropolitan
sewerage system which collects, treats and disposes of sewage from a population of 285,000 plus a
wide range of commercial and industrial developments. Since the late 1960's, the stabilised sewage
sludge produced at the City Council's treatment plant has been disposed onto 190 ha of farm land
surrounding the plant. This land is operated as a farm, with beef cattle being grazed on pasture
grown on the sludge conditioned soils. However, after more than 20 years, the application of
sludge to the farm is exceeding the capacity of the soil to accommodate it. In particular, heavy
metals are now reaching and exceeding the concentration limits set down in the guidelines issued
by the New Zealand Department of Health (1). Regular monitoring of cattle that have grazed on
the sludge amended soils of the farm have shown no increased levels of heavy metals in the
animals. Nevertheless there is concern that further elevation of the concentrations of these
elements in the soil will inhibit pasture growth.
In 1989 the Chnstchurch City Council commissioned a study to investigate all the possible options
for sludge disposal or reuse and to formulate a long-term Sludge Management Plan. The Options
Study identified five options which could meet the objectives of sludge disposal while safeguarding
public health and protecting the environment. Of these options, the application of sludge to forest
land was considered worthy of further study. Previous studies have shown benefits to tree growth
following application of sewage sludge to forest soils (2, 3, 4), and this method of sludge disposal
is cunently being used by authorities in several parts of the world. It was therefore decided to
implement studies to evaluate the applicability of overseas experience to the soils, climatic
conditions and forests of the Canterbury region of New Zealand. There were several main
objectives of the study as a whole, including public health, aesthetic (visual, odour etc.) and
management/operational aspects. This paper examines some of the potential environmental
problems associated with this type of sludge disposal/reuse. In particular, we examine the fate of
nitrogen and heavy metals applied to the soil in the sludge, especially their accumulation in and/or
leaching from the soil.
Materials and Methods, (a) Sites and soils. The sludge disposal experiments are located in
Pinus radiata plantations of various age classes in two forests near Christchurch in the South
Island of New Zealand. The soils at Chaneys forest are mapped as Waikuku loamy sand (5) (Typic
Ultipsamment), however in much of the forest the original topsoil has been eroded or substantially
disturbed during planting and/or harvesting of the forest. Some chemical properties of the soil
found under 23 year old trees are shown in Table 1. The depth of litter and humus layers decreases
with decreasing tree age and under recently planted trees (1-2 years old) they are completely
absent. In general, the soils of Chaneys forest are moderately acid with low organic matter
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contents and low cation exchange capacities (apart from the litter and humus layers) and have
relatively low nitrogen and heavy metal concentrations. Soil textures are loamy sand over sand to
considerable depth.
Table 1. Some properties of the Waikuku soil in Chaneys forest
Depth
pH
Org.C
Total N
C.E.C.
Cdb
cm
cmolc/kg
mg/kg
%
%
39.7
<0.1
4.7
0.82
59.4
L/Ha
0.5
0.04
<0.1
0 - 10
5.0
3.1
<0.1
10-20
4.8
0.4
0.03
1.7
<0.1
20-30
5.0
0.2
0.02
1.6
30 -40
0.2
<0.1
5.3
0.02
1.4
40 -50
0.1
003
<0.1
5.4
1.3
b
Litter/Humus layer (4 cm)
total metal concentration

Crb
mg/kg
4.2
8.5
8.7
8.5
8.2
8.3

Cub
mg/kg
6.2
2.5
2.5
2.5
2.5
2.5

Ni b
mg/kg
2.5
5.5
5.2
5.3
4.8
5.1

Pbb
mg/kg
16.0
9.3
8.2
10.6
6.9
5.4

Zn b
mg/kg
45
26
26
2.3
22
24

The soils of Eyrewell forest are mapped as Lismore silt loams (6) (Umbric Dystochrept) and
consist of relatively shallow (20 -40 cm) depths of silt loam material overlying coarse gravels.
However, existing management of the forest soils involving loosening and disruption of the
structure of the soil and subsoil gravels by deep ripping has left a mix of soil, stones and boulders
with little resemblance to the original soil. Some chemical properties of the soil found under the 23
year old trees are shown in Table 2. Compared to the soils at Chaneys forest, the soils at Eyrewell
are shallower and generally more acidic. However the soils at Eyrewell have higher contents of
organic matter and higher cation exchange capacities.
Table 2. Some properties of the Lismore soil in Eyrewell forest
Org.C Total N
Depth
pH
C.E.C.
Cdb
cm
cmolc/kg
mg/kg
%
%
45.0
0.63
<0.1
4.3
72.5
L/Ha
3.4
<0.1
0 - 10
4.5
0.13
15.2
<0.1
10-20
4.7
2.7
0.07
12.3
20-30
<0.1
5.0
2.8
0.04
13.5
b
a
Litter/Humus layer (3 cm)
total metal concentration

Cr»
mg/kg
8.3
9.9
10.8
11.4

Cu b
mg/kg
15.3
2.5
2.5
2.5

Ni b
mg/kg
3.3
5.5
6.7
7.3

Pb b
mg/kg
10.2
10.2
10.5
18.6

Zn b
mg/kg
37
37
44
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(b) Sewage sludge The sludge produced at the treatment plant is treated in enclosed tanks using
mesophilic anaerobic digestion. The sludge is then stored in open lagoons for between 6 weeks
and 3 months to allow settlement and dewatering. At the time of removal from the lagoons, the
sludge has up to 15 % solids and water is usually added to provide a liquid sludge with 8 % solids
to facilitate disposal to the land. The average nutrient and heavy metal content of the sludge (on a
dry weight basis) is shown in Table 3.
(c) Treatments. In each forest, experimental plots (30 m x 100 m) were located in three age
classes of Pinus radiata. approximately 1, 12 and 23 year old. Sludge application to the
experimental plots was carried out using an irrigation spay gun. Within each age class of trees,
three different treatments were applied to duplicate plots: (NO) control - no sludge applied; (N1)
sludge applied to add 200 kg N/ha per application; (N2) sludge applied to add 400 kg N/ha per
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application. Initial applications of sludge to the plots were made in February 1992 and, to the plots
in the 12 and 23 year old plantings a further three applications were made at approximately 3
monthly intervals in May (approx. day 90), August (approx day 190) and November (approx. day
260). The total N applied to treatments N1 and N2 was therefore 800 and 1600 kg N/ha
respectively). However, because of damage caused by the sludge application to 1 year old trees,
no further sludge applications were made to the plots in the 1 year old plantings at Eyrewell forest
and only one further application was made to the corresponding plots at Chaneys forest.
Table 3. Mean sludge composition (dry weight basis)
Nitrogen (N)
Phosphorus (P)
Potassium (K)

4.7 %

1.3 %
0.3 %

Cadmium
Chromium (Cr)
Copper (Cu)
Nickel (Ni)
Lead (Pb)
Zinc (Zn)

6mg/kg
1500mg/kg
500 mg/kg
150mg/kg
450 mg/kg
1700 mg/kg

(d) Monitoring and analyses. Topsoils (0-10 cm) and, where present, litter/humus layers were
sampled at monthly intervals throughout the first year of the experiment. Approximately 15-20
sub-samples were taken per plot using a corer or a trowel and bulked to give a single composite
representative sample. In addition, prior to the first sludge application and again after 1 year, 0 50 cm deep cores of soil were taken and separated into 10 cm depth increments.
Immediately on receipt by the laboratory, a sub-sample of the field-moist soil was taken for the
determination of 2M KCl-extractable nitrate and ammonium-N concentrations (7). The remaining
soil was air-dried and ground to pass a 2 mm sieve. The air-dried samples were analysed for soil
pH in water (8)and total nitrogen using a modified Kjeldahl digestion (8). ' Total' Cd, Cr, Cu, Ni,
Pb and Zn were determined using perchloric/nitric acid digestion (9) followed by filtration and
determination of metal concentrations using flame atomic absorption spectrophotometry. It is
recognised that strong acid extractants such as that described above will exclude metals present
within silicate crystal lattices. However such methods are considered to give reliable measures of
the amounts of metals added to soils in non-silicate forms (10), and are therefore likely to
determine those metals in potentially "bioavailable" or "labile" forms.
In order to be able to determine the amounts of nitrogen and metals leached through the soils,
lysimeters constructed from p.v.c. were installed in all experimental plots at both forests. Figure 1
shows a cross-sectional view of a lysimeter in place in the forest floor. The undisturbed soil
monolith lysimeters (200 mm diameter, 250 mm depth) were sampled and sealed into the p.v.c.
casings using the procedures described by Cameron et al. (11). To ensure that the lysimeters
received the correct rates ofsludge application, they were covered temporarily while the plots were
treated with sludge using the irrigation spray gun. Accurately measured volumes of sludge were
then applied evenly to the surface of individual lysimeters. This procedure was considered
necessary because of the size of the lysimeters and the potential variability in sludge application
from the irrigation gun in the forest environment.
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Leachates from the lysimeters were collected at variable intervals throughout the year depending
on rainfall/drainage events. All leachates were analysed for nitrate and ammonium-N and on
occasions for heavy metal concentrations.

ground surface

drainage collection plate

leachate collection vessel-

Figure 1. Cross-sectional view of Iysimeter installation
Results and Discussion. The results described in this paper were obtained during the first year's
monitoring of the experiments and cover the period from the initial sludge application until three
months following the final (fourth) application. No further sludge applications have been made to
the plots at either site, but monitoring of soils and leachates is continuing and the longer-term
results will be presented at a later date.
(a) Rainfall and drainage. The total amounts of rainfall at the experimental sites and the amounts
of drainage collected from the lysimeters during the first year's monitoring are shown in Table 4.
Table 4. Rainfall and drainage (mm) at Chaneys and Eyrewell forests
Rainfall
Drainage
1 year-old trees
12 year-old trees
23 year-old trees
s.e. = standard error

Chaneys
610

Eyrewell
666

± s.e.
186 ± 7.4
175 ± 27.0
133 ± 16.1

± s.e.
180 ± 7.5
139 ± 13.0
186 ± 18.0

Total rainfall was slightly higher at Eyrewell than at Chaneys forest but there was little difference
between forests in the amounts of drainage collected. Differences in drainage between plots with
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different tree age classes were not significant. The bulk of the rainfall and drainage occurred
during the late autumn to early spring period (May to September, Figure 2). There was relatively
little drainage during the first three months of the experiment or after September.
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Figure 2. Monthly rainfall and average drainage at Chaneys forest
(b) Nitrogen leaching. The total amounts of nitrogen leached at the two forests during the first
year of the experiment are shown in Tables 5 and 6. At both sites, tree age class and sludge
treatment had significant effects on the amount of nitrogen leached. Application of sludge clearly
increased the amount of nitrogen leached through the soil. However, the amount of nitrogen
leached from the sludge-treated plots represented only a small proportion of the total nitrogen
applied. At Eyrewell, depending on treatment/tree age class the proportion of applied nitrogen
leached ranged from 0.3 to 3.5 %; at Chaneys the corresponding range was somewhat higher,
between 2.2 and 9.2 %. These figures are within the range of values for first-year nitrogen
leaching losses reported previously for similar studies in North America. For example, although
much higher rates of sludge application (> 5000 kg N/ha) were used than in the present study,
Riekerk (12) reported 8 % nitrogen leaching loss from sludge applied to a loamy sand in a Douglas
fir plantation. Similarly, Brockway et al.'s (13) model for nitrogen transformation and utilization
during the first year following sludge application indicates that from a sludge application of
2000 kg N/ha to Douglas fir plantations in the Pacific Northwest region, approximately 4 % of the
nitrogen would be lost by leaching as nitrate-nitrogen. However the same model showed no
leaching loss for a sludge application of 1000 kg N/ha. In the present study, a substantial
proportion of the nitrogen applied (over 9 % from plots in the 12 year-old trees) at Chaneys forest
was lost by leaching, at a sludge application rate of only 800 kg N/ha (N2 Table 5)
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Table 5. Total amounts of nitrogen (kg N/ha) leached from lysimeters at Chaneys forest
Tree age class
1 year-old
12 year old
23 year-old
Means

NO
2.2
4.0
2.0
2.7

Sludge treatment
N1
6.5
78.6
45.4
43.5

N2
12.5
41.0
53.0
35.5

Means
7.1
41.2
33.4

ANOVA main effects - age class p < 0.001, sludge treatment p < 0.001

Table 6. Total amounts of nitrogen (kg N/ha) leached from lysimeters at Eyrewell forest
Tree age class
1 year-old
12 year old
23 year-old
Means

NO
1.3
0.7
1.8
1.3

Sludge treatment
N1
2.1
3.9
22.3
9.4

N2
2.7
6.0
58.2
22.3

Means
2.0
3.5
27.4

ANOVA main effects - age class p < 0.001, sludge treatment p < 0.001

At Chaneys forest there was no significant difference in the amount of nitrogen leached between
the N1 and N2 treatments. This is probably related to the unfavourable physical conditions
(surface sealing) created by the heavy applications of sludge in the N2 treatment, resulting in lower
nitrification rates than in the N1 treatment. At both sites, the lower amounts of nitrogen leached
from the 1 year-old tree plots reflects the smaller amounts of sludge applied to these plots (1
application at Eyrewell and 2 applications at Chaneys).

u
CO

I
NO N1 N2
1 year-old

NO
N1
N2
12 y e a r - o l d

NO N1 N2
2 3 year-old

Figure 3 Forms of nitrogen leached from experimental plots in Chaneys forest
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Although some ammonium-N was determined in lysimeter leachates, on those plots where
significant amounts of nitrogen were leached, the dominant form of nitrogen leached was nitrate-N.
This is shown clearly in the data from Chaneys forest (Figure 3). The data from Eyrewell was
similar. Where relatively small amounts of nitrogen leaching were observed, i.e from the control
(NO) plots and from the plots in the 1 year-old plantings, ammonium-N accounted for much higher
proportions (between 30 and 75 %) of the total nitrogen leached.
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Figure 4. Nitrate-N in leachates from plots on 12 year-old plantings at Chaneys forest
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Figure 5. Nitrate-N in leachates from plots on 23 year-old plantings at Eyrewell forest
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Nitrate-N concentrations in the leachates varied greatly between sludge treatments, particularly in
the 12 and 23 year-old plots which received all 4 applications of sludge. Examples of data from
the 12 year-old plots at Chaneys forest and from the 23 year-old plots at Eyrewell are shown in
Figs 4 and 5. Nitrate-N concentrations in leachates from the control (NO) plots were generally
very low, predominantly below 1 mg N/L. For the sludge-treated plots (N1 and N2), leachate
nitrate-N concentrations remained low for the first three months of the experiment but then
increased throughout the rest of the first year. These increases were particularly large from
approximately day 250 (October) onwards, corresponding with a general increase in soil
temperatures during spring and summer. By the end of the first year, nitrate-N concentrations in
leachates from some plots approached or exceeded 100 mg N/L. Such concentrations are well
above the WHO recommended limits for drinking water (< 10 mg N/L) and are higher than many
values recorded previously in a variety of nitrogen leaching studies (14). It is significant to note
that for the plots that received only 1 or 2 sludge applications (1 year-old trees), leachate-N
concentrations generally remained below 10 mg N/L (eg Eyrewell forest, Figure 6). This supports
the conclusions of Brockway et al. (13) that when sludge applications are limited to 400 or 500 kg
N/ha, nitrate concentrations in soil leachate remain below 10 mg N/L.
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Figure 6. Nitrate-N in leachates from plots on 1 year-old plantings at Eyrewell forest
(c) Soil nitrogen. Application of sludge had a considerable effect on the concentrations of mineral
nitrogen present in the forest litter layer and in the underlying mineral soil. Extractable ammoniumN and nitrate-N concentrations in the plots on 23 year-old plantings at Eyrewell forest are shown
in Figures 7 and 8. Similar trends were observed in plots in the 12 year-old plantings and in the
equivalent plots at Chaneys forest. As approximately 25 % of the total nitrogen in the sewage
sludge is present in the form of ammonium-N it is not surprising that ammonium-N concentrations
in the forest litter/sludge layer were increased substantially by the sludge applications (Fig. 7a).
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Figure 7. Extractable ammonium-N in litter and soil at Eyrewell forest (23 year-old trees)
The peaks seen in Figure 7 correspond to samples taken one month after sludge applications and
there is clear evidence that following application, ammonium-N level concentrations declined
relatively quickly. By the end of the first year of the experiment (3 months after the 4th sludge
application) there appeared to be little difference in ammonium-N concentrations between the
control and sludge-treated plots (Fig. 7a). The decline in ammonium-N concentrations with time in
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Figure 8. Extractable nitrate-N in litter and soil at Eyrewell forest (23 year-old trees)
the litter could be due to a number of factors, including tree uptake, leaching into the mineral soil
below, nitrification, immobilisation and possibly by volatilisation as ammonia gas. As noted above,
the amounts of ammonium-N leached from the lysimeters (i.e. below 25 cm) were not large.
However some movement downwards did take place and there was some increase in ammonium-N
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concentrations in the 0-10 cm layer of mineral soil immediately below the forest litter Fig. 7b). In
comparison with the data shown in Fig.7., the amounts of extractable ammonium-N in the mineral
soil at Chaneys forest were generally lower than those determined at Eyrewell. This is most likely
a reflection of the much smaller cation exchange capacities at Chaneys compared with Eyrewell
(Tables 1 and 2).
The sludge applications appeared to have very little effect on litter nitrate-N concentrations for the
first 7 months of the experiment (Fig. 8) suggesting that nitrification was not a major factor in
reduced ammonium-N concentrations. However, any nitrate produced during this period would
have been readily leached downwards and indeed the lysimeter data supports this contention. A
substantial proportion (50-80 %) of the nitrogen leaching occurred during the period April to
September (winter). After this period some accumulation of nitrate in the litter layer and
underlying mineral soil was observed (Fig. 8), most likely as a result of the effect of warmer spring
and summer temperatures on the rate of nitrification coupled with lower amounts of drainage. It is
interesting to note that during the same period, although the amounts of nitrogen leached were
relatively low, leachate nitrate concentrations increased dramatically (Figs. 4 and 5).
Table 7. Total nitrogen concentrations (%) in litter and 0-10 cm soil layers at Chaneys forest
NO
Tree age class
1 year-old
12 year old
23 year-old

Litter

Soil
0.05
0.01
0.05

0.89
0.68

Sludge treatment
Nl
Litter
Soil
0.04
0.02
0.83
0.03
1.06

N2
Litter

Soil
0.04
0.02
0.05

2.06
2.25

Table 8. Total nitrogen concentrations (%) in litter and 0-10 cm soil layers at Eyrewell forest
NO
Tree age class
1 year-old
12 year old
23 year-old

Litter
0.82
0.65

Soil
0.17
0.09
0.14

Sludge treatment
Nl
Litter
Soil
0.19
1.96
0.22
1.96
0.16

N2
Litter
2.27
2.15

Soil
0.19
0.18
0.16

In plots on the 1 year-old plantings (which received only 1 or 2 sludge applications), some
enhancement of ammonium-N concentrations in the soil (no litter layer present) was observed after
sludge application. This was followed by a decrease to background ammonium-N concentrations
during the next few months. There was no noticeable effect of sludge application on soil nitrate
concentrations on these plots at either Chaneys or Eyrewell forests.
One year after the initial sludge applications, total nitrogen concentrations were determined in the
forest litter/sludge layer (where present) and in the underlying mineral soil of all experimental plots.
The four applications of sludge made to plots on the 12 and 23 year-old plantings had a
considerable effect on the total nitrogen concentration in the litter/sludge layer (Tables 7 and 8).
Litter nitrogen concentrations were increased by approximately 2-3 times compared to the
controls, however there was no detectable increase in total nitrogen in the underlying mineral soil.
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The data also failed to show any significant build-up of nitrogen in the soil on the 1 year-old
plantings. This is most likely due to a combination of the following factors: (i) smaller amounts of
nitrogen applied compared to the 12 and 23 year-old plantings, (ii) dilution of nitrogen by taking a
0-10 cm sample in the absence of a recognisable litter layer, and (iii) substantial retention of sludge
by the above ground vegetation.

(d) Heavy metal leaching. Heavy metal (Cd, Cr, Cu, Ni, Pb and Zn) concentrations in the
lysimeter leachates from Chaneys forest were determined at four samplings during the first year of
the experiment. At Eyrewell forest only two samplings were analysed. Metal concentrations in the
leachates were generally very low and, for some of the metals, barely above the limits of detection.
There were no observable increases in leachate cadmium or lead concentrations as a result of
adding sludge to the soil at either forest. However in the case of the other four metals, some
statistically significant increases in concentration did occur as a result of sludge application. This
was particularly true of zinc, which showed substantial increases in concentration at all four of the
samplings from Chaneys forest, and at one sampling from Eyrewell (Figure 9). The zinc
concentrations shown in Fig. 9 are the mean values taken across all three age classes of trees.
There were also significant main effects of tree age class, the plots on 1 year-old plantings (which
received less sludge) generally showing smaller amounts of leaching. Copper, chromium and nickel
also showed some significant increases in concentration as a result of sludge application but not as
large or as consistently as for zinc.
It is interesting to note that Sidle and Kardos (15) have also observed significant leaching of zinc
down the soil profile in a sludge-treated mixed hardwood forest. In their study, zinc movement
was detected to a depth of 120 cm, and the sludge applications also resulted in increased copper
and cadmium leaching. Although in several studies of sludge application to cultivated agricultural
land, movement of heavy metals down the soil profile has been slight (e.g. 16, 17 and 18), in the
forest environment leaching can clearly take place. Chang et al. (19) have noted that forest soils
often have lower cation exchange capacities, lower pH and more large, continuous, waterconducting pores than cultivated soils, all factors likely to increase the potential for metal leaching.
However, in the present study, mean leachate metal concentrations, including concentrations in
leachates from sludge treated plots remained below the New Zealand standards for drinking water
(20). Since any metals leached completely from the soil are likely to be further diluted by
groundwater, the likelihood of forest sludge application causing significant heavy metal
contamination of water is remote.
(e) Heavy metal accumulation in soil Sampling of soil and litter one year after the initial sludge
application revealed that virtually all of the metals applied in the sludge remained in the surface
litter/sludge layer, with no detectable increases in concentration in the underlying mineral soil.
Data for Chaneys forest is shown in Table 9. Similar trends were observed at Eyrewell. Harris and
Urie (21) have also noted that in an aspen (Populus grandidentata) forest, the surface humus layer
effectively immobilises a high proportion of metals applied in sewage sludge. The total amounts of
metals lost by leaching in the current study would have been extremely small and negligible
compared to the amounts added in the sludge. The lack of detectable increases in heavy metal
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Figure 9. Zinc concentrations in lysimeter leachates from Chaneys and Eyrewell forests

concentrations in plots on the 1 year-old plantings is most likely due to the same factors as
discussed above for total nitrogen. In plots on the 12 and 23 year-old plantings, the increases in
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Table 9. Total metal concentrations (mg/kg) in litter and 0-10 cm soil layers at Chaneys
forest
NO
Tree age class
Cadmium
1 year-old
12 year-old
23 year-old
Chromium
1 year-old
12 year-old
23 year-old
Copper
1 year-old
12 year-old
23 year-old
Nickel
1 vear-old
12 year-old
23 year-old
Lead
1 year-old
12 year-old
23 year-old
Zinc
1 year-old
12 vear-old
23 year-old

Sludge treatment
N1
Litter
Soil

Litter

Soil

-

0.4
0.3
0.3

2.4
2.4

5
4
5

660
624

2
2
3

147
155

4
4
4

19
24

10
6
9

137
146

21
18
23

462
620

0.1
0.4

16
8

6
9

2
2

11
12

40
38

-

-

-

-

-

-

N2
Litter

Soil

-

0.9
0.5
0.4

0.4
0.2
0.5

3.5
4.3

5
5
5

1222
1669

3
1
2

230
299

7
4
6

35
48

10
6
5

207
310

21
17
19

807
992

5
5
5

-

2
2
2

-

4
6
4

-

8
6
9

-

19
19
18

-

Table 10. pH of litter and 0-10 cm soil layers at Chaneys forest 1 year after initial sludge
application
NO
Tree age class
1 year-old
12 year old
23 vear-old

Litter

Soil
6.1
5.6
5.4

4.8
4.8

Sludge treatment
Nl
Litter
Soil
5.4
5.2
5.7
4.9
5.5

N2
Litter

Soil
6.0
5.2
5.0

6.0
5.7

Table 11. pH of litter and 0-10 cm soil layers at Eyrewell forest 1 year after initial sludge
application
NO
Tree age class
1 year-old
12 year old
23 year-old

Litter
4.4
4.5

Soil
4.8
5.7
5.0

Sludge treatment
Nl
Litter
Soil
5.4
5.5
6.1
4.9
5.8
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N2
Litter
6.5
6.1

Soil
5.0
4.7
5.0

litter concentrations of chromium, copper lead and zinc are substantial, with smaller increases of
nickel and much smaller increase of cadmium (Table 9).
(f) SoilpH. Soil pH determinations showed that applications of the sludge material during the first
year of the experiment had increased the pH of the forest litter/sludge layer by between 1 and 2 pH
units (Tables 10 and 11). However, there was no effect on the pH of the underlying mineral soil.
The increase in pH of the litter/sludge layer could both be beneficial, by increasing the potential to
retain heavy metals within this layer, and disadvantageous, by possibly increasing nitrogen
mineralisation rates in the litter/sludge layer, thus increasing nitrate leaching.
Conclusions. Forest application appears to be a suitable option for the disposal of sewage sludge
in the Canterbury (New Zealand) environment. However, in order to minimise environmental
problems (particularly nitrate contamination of groundwater), the rates of application would need
to be substantially less than the highest rates used in this present experiment. Total applications of
800 or 1600 kg N/ha in a single year resulted in unacceptably high (> 100 mg N/L) nitrate-N
concentrations in drainage leachates. Plots receiving single applications of 200 or 400 kg N/ha
however showed relatively small leaching losses of nitrogen. The applications of sludge resulted in
a considerable build-up of nitrogen in the forest litter layer. The long-term fate of this nitrogen will
have implications for the design and viability of forest sludge application schemes.
In the short-term, heavy metals in the sludge did not appear to pose a significant environmental
problem. Although some leaching of metals, particularly zinc, was observed, the concentrations of
metals in drainage leachates were well below drinking water standards. However, in the long-term,
the build-up of metals in the forest litter layer could be the factor which determines the total
amount of sludge which these forest soils can accept.
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Impacts of Sewage Sludge Application on Drainage Water
Quantity and Quality
A. Bahri. Rural Engineering Research Center, B.P. 10 Ariana 2080, Tunisia
Introduction. Soils in arid and semi-arid areas often have a low-organic content.
Consequently, there are needs for improvement of soil fertility. A way to solve this problem is
to use sewage sludge in agriculture when other organic matter sources are lacking. This is
what is being done in Tunisia where several hectares, particularly in the irrigated schemes, are
already supplied with sewage sludge.
However, when dealing with solid wastes such as sewage sludge and among other aspects of
the problem, we have to consider transport of hazardous components to the groundwater and
to quantify environmental impacts of their application. This is particularly important when
unefficient irrigation is practiced as it is often the case in Tunisia. As a matter of fact, surface
irrigation is the most spread irrigation system with on-farm irrigation efficiencies rather low
and leading to large water and element losses through drainage and percolation. The water is
also often recycled as such or mixed with other water types for irrigation purposes. Because of
high contents of salts, nutrients, organic and mineral trace elements, there are salinization,
alcalinization and/or other pollution hazards for soils and groundwaters, so it is important to
evaluate as accurately as possible the volume and quality of these waters.
In Tunisia, research on drainage in irrigated areas with emphasis on drain spacing and water
and salt balances, have essentially been conducted by the "Research Centre for the Utilization
of Saline Water in Irrigation" (7). Based on lysimeter studies of rainfed cropping systems,
precise water and different elements losses balances have been established (24). However,
these studies must be developed considering the increasing water shortage problems we are
facing, the use of different organic solid wastes in agriculture and their fertilizing and polluting
loads.
Although, in France (15), the Netherlands (8), and in the United States (17, 6), studies have
dealt with the effects of municipal sludge application on groundwater quality, there is a need to
carry out such investigations for Mediterranean conditions. For this purpose, experiments were
conducted, during two years, at the Cherfech agricultural field research station located 25 km
north of Tunis, in the Lower Medjerda Valley, on silty clay loam soils irrigated with brackish
waters; the effect on the volume and quality of drainage waters of a heavy sewage sludge
amendment has been compared to a mineral fertilizers application. The results of these
experiments are presented in this paper.
Materials and Methods.
Soil Characteristics. The USDA classification of the soil is Vertic xerqfluvent. According to
the CRUESI (7) report, soils in the Lower Medjerda Valley are little evolved and of fluviatile
origin with water table at rather shallow depth. They were formed on alluvial sediments
alternately fine and coarse textured of Medjerda river and they are consequently highly
heterogeneous. Three horizons can be distinguished: an upper layer (0-0.40 m) with a high clay
and silt content (70-85 %), a second layer (0.40-0.90 m) of silty clay loam and silt loam with a
prismatic structure and a third one (1.00-1.30 m) loamy-sandy. The main type of clay in the
upper layer is montmorillonite.
The soil bulk density is high (it varies between 1.33 in the upper layer and 1.62 kg.m'3 in the
deep one), total porosity is about 50 % and the surface layer (0-0.10 m) structure stability is
low. Given their fine texture, the soil permeability is medium According to CRUESI data, it is
4.10"6 E S - 1 for layer 0-0.60 m, 8.10"6 ins- 1 for layer 0.60-0.80 m, 8.9.10"6 ins- 1 for layer
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0.80-1.20 m and 4.10 -6 m.s"1 for layer 1.20-1.40 m. The water holding capacity of these soils
is rather high. However, this type of clay leads, after drying, to important shrinking cracks
which affect the soil hydraulic behavior and the pore space evolution.
From a chemical point of view, total calcium carbonate content is high (45 %) and active
calcium carbonate ratio is about 14.9 %. Traces of gypsum have been identified. Carbon (1.17
%), nitrogen (0.14 %) and available phosphorus (0.03 % P2O5) (14) contents are low to
moderate in the surface level. The saturated paste extract composition shows, at the start of
the experiment, that these soils are moderately saline (0.96 ECe 2.60 dS.m"'). The soil
solution geochemical facies is sodium-chloride. The SAR varies between 4.15 and 7.91.
Climate. The Lower Medjerda Valley climate is mediterranean, characterized by mild winters
receiving the major part of the annual rainfall (450 mm on average) and by hot and dry
summers. Total rainfall and distribution is highly variable from year to year. Average annual
evapotranspiration calculated using the Penman equation is about 1370 mm and water deficit is
particularly important from May to October. Rainfall recorded during the summer cropping
season was 6.2 mm in 1987 and 58.7 mm in 1988, distributed in 1988 at the start and end of
the season.
Irrigation water. During the two-year field study (1987/1988), irrigation water from the
Medjerda river was used. This water is characterized by a slightly basic pH and a slightly to
moderately high salinity and sodium adsorption ratio (SAR). The water geochemical facies was
sodium and calcium sulfate-chloride in 1987 and became sodium-chloride in 1988 as salinity
increased. Its nitrate and phosphate contents were low. Table 1 gives the average irrigation
water composition for the two year field-study. The number of samples is equal to 5 in 1987
and to 10 in 1988.
Year
1987
1988

pH
8.0
7.7

EC
1.45
2.40

Table 1:
TDS
0.94
1.60

Average irrigation water com]position ( in meq.1ClNa+ Ca++ Mg++ K+ H C 0 3 - S04=
6.3
5.7
2.6
2.7
6.7
0.2
5.8
7.4
4.4
2.7
14.0
12.4
0.2
7.7
• ! ) •

N030-5.7

SAR
3.1
5.12

EC : electrical conductivity (in dS.m-1 at 25°C); TDS : total dissolved salts (in g.1-1)
Experimental conditions. Drainage water quantity and quality were measured during two years
(1987-88) at the experimental station of Cherfech. Tests were carried out in two plots of 40 m
width and 110 m length each, tile drained at 1.5 m depth; tile spacing was 40 m. An open
collector ditch dug at 2.25 m discharged drainage waters.
The experimental plots were furrow-irrigated; water was usually applied to the furrows during
a 5-8 hours. Furrows averaged 0.3 % in slope. Surface runoff was prevented by halting water
flow when two-thirds of the plot had been irrigated.
In 1987, cropping techniques were the same for the two plots (PI and P2). Mineral fertilizers
applied to the melon crop (Cucumis melo) were about 50 kg of N (as ammonitrate), 112.5 kg
of P9O5 (as superphosphate) and 100 kg of KoO (as potassium sulfate). The irrigation water
supplied through 5 furrow irrigations (gated pipes) was 621.3 mm for PI and 592.7 mm for
P2. Since soils are heterogeneous, the volume of water supplied to PI was larger than that
supplied to P2; we therefore, had to complement P2 at each irrigation. The average melon
yield was 4.56 t.ha"1 on PI and 6.95 t.ha -1 on P2.
In 1988, pepper (Capsicum annuum) was tested on PI and P2. Mineral fertilizers were applied
to PI: 167.5 kg of N split in four applications, 135 kg of P2O5 and 125 kg of KiO while 501.
FM ha"l (about 46.8 t. DM ha"*) of sewage sludge were applied to P2 in April. The sludge,
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anaerobically digested and dried on beds, was coming from the activated sludge treatment
plant of La Cherguia (Tunis). Its physico-chemical characteristics are given in Table 2. This
heavy apphcation of sewage sludge corresponding to a nitrogen amount of 1011 kg.ha"' has
been calculated on the basis of an average nitrogen mineralization rate comprised between 15
and 20 % the first year and for this type of sludge (19, 21). The loading rate was based on N
contribution to the crop to supply the two plots with comparable amounts of nitrogen. Trace
element content of the sewage sludge, compared to the EEC guideline (10) or to USEPA
standards (22), are far below the maximum pollutant limits for land apphcation. The volume of
water supplied during the growing season through 10 furrow irrigations was 878.7 mm on PI
and 893.0 mm on P2. Since the drainage volume was rather important and to limit water
losses, the irrigation method was slightly modified from the fifth watering on by applying water
to half a plot which means 18 furrows and then to the other half rather than to the whole plot
at the same time. The average pepper yield was about 13.40 t.ha"' for PI and 9.02 kg.ha"! for
P2.
Table 2: Physico-chemical characteristics of the sewage sludge used in the experiment (n = 5)
Parameters
WC VM
C
N
C/N
P
Ca
Mg K
Na
Mean (in % DM)
6.3 42.7 21.9 2.16 10.1 0.28 8.7
0.2 0.26 0.2
Pb
Cu
Fe
Mn
Ni
Zn
350
207
37
542
276
17.2
1.61
300- 750- 25001000400 1200 4000
1750
420 300- 2800USEPA
39-85
1200- 1500standards
840 7500
3000 4300
(1) Parameters (in mg.kg-1 DM except Fe (%)); WC : water content (c.v. = 23.8 %, n = 48);
VM : volatile matters (c.v. = 12.6 %, n = 48); FM : fresh matter; DM : dry matter; P : total
phosphorus.
Parameters (1)
Mean
EEC guideline

Cd

4.2
20-40

Co

Cr
131.4

Measurements. Amount and day of irrigation and precipitation were recorded. Discharge was
calculated from instantaneous water flow manually measured every half an hour in the hours
following irrigation, then every hour during the two first discharge days and finally, every two
hours during the following days. The sampling frequency was at each watering for irrigation
and drainage water analysis.
Parameters and analyses methods used were mainly: pH, electrical conductivity (25°), organic
carbon (Anne method), total nitrogen (Kjeldahl method, NF T 90-110), NH4* (distillation or
phenate method - NF T 90-015), NO3" (reduction through Cd-Hg column), NO2"
(sulfanilamide diazotization - NF T 90-013), total phosphorus (Na2S20g-H2S04
mineralization, Murphy and Riley titration - NF T 90-023), major elements after acid (HNO3)
mineralization in sewage sludge; trace elements (Cd, Co, Cu, Cr, Fe, Mn, Ni, Pb and Zn) by
atomic absorption spectrophotometry (Perkin Elmer 2380 atomic absorption
spectrophotometer) directly in waters (with addition of F1NO3), after diacid mineralization (HF
- HCIO4) in sludge.
Results and Discussion.
Drainage water quantity. Throughout the two-year experimental period, drainage was
observed after irrigation of one or adjacent test plots only. No discharge was recorded after
rain.
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For the same irrigation amount, the drainage volume from the two plots was different; the
volume drained by PI was usually much higher than that of P2, particularly in 1987. In fact, for
five irrigations, a leaching fraction (defined as the drainage volume/irrigation volume +
precipitation, LF = Vd / Vi+R) equal to 42.6 % (± 4.8 %) for PI and 26.5 % (± 3.7 %) for P2
was found. On the other hand, LF values increased slightly during this first investigation
period. In 1988, leaching fraction values varied much more because of the change in irrigation
methods: 40.3 % (± 16.7 %) for PI and 34.0 % (± 17.5 %) for P2. P2 values were still smaller
but the difference was less important: the sludge application increased drainage volumes
temporarily. Li other respects, we noticed a sharp decrease of the leaching fraction for the two
plots after the change in irrigation methods. In fact, we got a 25 % reduction in water losses
from the fifth irrigation on.
The drain discharge was generally very rapid with a time interval of about one hour (30'- 2 h)
between the beginning of irrigation and drain flow, except for the first watering where drainage
flow started 2 to 4 hours later. This shows that much water was passing through cracks
without mixing with the soil matrix. Total drainage lasted 5-10 days; the draining stage of
micropores lasted often an extra day on PI. Drainage discharge curves (Figure la and b) show
a peak 5 to 9 hours after irrigation started. Flow rate peaks are at 2.8 LsT* for PI and 1.6 l.s'1
for P2 which means 6.7 and 3.8 l.s"l.ha'' respectively. They change to about 1.5 l.s~' for PI
and 1.0 l.s'1 for P2 after the modification of irrigation methods, that is 3.6 and 2.4 l.s"l.ha"l
respectively. Then, the discharge curves keep going down for two days after irrigation.
Cumulative drainage curves show the same properties. Drainage volumes ranged between 20
and 60 mm for each irrigation event.
So, two drainage stages may be distinguished:
- a first intense drainage stage characterized by very short peak flows where water flows
towards drains through macropores and cracks and which last a few hours;
- a second longer stage (5-10 days) which corresponds to matrix flow after soil profile has
been saturated.
Drainage water quality. Salt, nutrient, and trace element contents of the drainage water are
presented here as well as the balances of the elements present in irrigation and drainage waters.
The drainage water was characterized by a slightly basic pH varying between 7.0 and 8.0;
mean values for 1987 and 1988 were 7.8 and 7.5 respectively.
1. Drainage salt content. A comparison of the drainage water quality for the two plots shows
that salt contents of the water leached out from P2 is systematically higher than that of PI.
This difference has been noticed for many years and may be due to soil texture differences. On
the other hand, the concentration has annual and seasonal variations. For instance, drainage
water salinity recorded in 1987 (3.67 g.1"1 for PI and 4.10 g.1"* for P2), when irrigation water
was of better quality, is higher than recorded in 1988 (3.25 g.1"1 for PI and 3.88 g.H for P2).
Electrical conductivity ranged between 5.0 and 7.0 dS.m'1 in 1987 and between 4.5 and 6.5
dS.m"! in 1988 (when it was ranging between 4.3 and 5.5 dS.m"! for PI and between 4.5 and
6.6 dS.m'1 for P2). On another hand, a decreasing trend has been noticed during 1988.
At each irrigation event and first discharge day, electrical conductivity dropped to a minimum
followed by a maximum 2 to 3 days later before decreasing again progressively. This maximum
corresponds to a better water-soil contact and to a higher salt dissolution. Chloride (Figure 2)
and to a lesser extent sodium followed the same evolution. There was a general decreasing
trend for chloride, sodium, magnesium and sulfate concentrations during the growing season
while bicarbonate concentration increased slightly; calcium fluctuated without any major trend
(Figure 3 a and b). The different ion concentrations remained higher in the P2 drainage water
compared to that of PI. The drainage water facies was sodium-chloride. The SAR ranged
between 7 and 12 with higher values at P2.
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Figure 1. Amounts of water drained by PI (Vdl) and P2 (Vd2) at each watering and
cumulative volumes drained (Vdcl, Vdc2) for 1987 and 1988.
2. Salt balances. Salt balances were calculated by multiplying each element's concentration by
the discharged volume and by summing up over the irrigation-drainage period. A comparison
of the two-year salt balances indicates that the quantity of total dissolved salts leached out in
1987 by drainage water is higher than that supplied by irrigation water, especially for PI (Table
3).
Table 3: Water and salt balances for PI and P2.
Year
1987
1988

Plot

Vi

PI
P2
PI
P2

(mm)
621
593
879
893

T.D.S.
(kg.ha-1)
5840
5571
13495
13744
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Vd
(mm)
265
158
384
331

T.D.S.
(kg.ha-1)
9408
6432
12096
12192

Balance
(kg.ha-1)
-3568
-861
1400
1552

Cl-(meq/l)

4

t a — j — j m

720

EC 1

<- EC 2

-*-Cl 1

- " " O !

Figure 2. Evolution of the electrical conductivity (EC) and chloride concentration in drainage
at PI (Cll) and P2 (C12) in relation to irrigation in 1988.
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Figure 3. Evolution of concentrations of ions in drainage at PI (a) and P2 (b) during the
summer cropping season during 1988.
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In 1988, since the irrigation water salinity was higher than in 1987, the quantity of salt supplied
increased, that resulted in a moderate soil salinization. This phenomenon was in particular
observed at surface levels. In other respects, since sludge application implied an increase in
drainage volume on one hand and since P2 drainage water salinity was higher than that of PI,
the difference between the PI and P2 salt balance was thus reduced. The quantity of salts
drained was proportional to the discharged water volume.
Balances for different ions were also established for 1988 (Table 4). The balances show that
chloride is prevailing in the irrigation water followed by sulfate, sodium, bicarbonate, calcium,
magnesium and potassium. The same sequence was found in drainage water except for calcium
which was found in a slightly higher quantity than bicarbonate. The comparison of ions applied
and drained shows that the balance is positive for all elements except sodium. The calcium
applied through mineral fertilizers is negligible compared to the contents in soil and sewage
sludge. Sulfur and chloride were not analyzed in sewage sludge.
The balance for each drainage period shows that the quantity of salts supplied by irrigation
becomes higher than that leached out by drainage from the fifth irrigation stage on. This
phenomenon can be explained by the change in irrigation methods.
Table 4: Balances for ions applied by fertilizers (MF), sewage sludge (SS), irrigation (I) and
drained water (D) in 1988 in kg.ha-1.
S04
Plot
HC03
CI
Ca
Mg
K
Na
51
MF
PI
138
100
P2
4072
103
94
SS
122
I

PI
P2

1427
1448

3335
3407

4374
4454

1308
1334

468
477

78
79

2505
2545

D

PI
P2

983
780

3294
3246

3887
4120

999
1020

386
365

36
21

2511
2640

PI
P2

444
668

179
161

487
334

4386

82
215

142
180

6
-2

MF+I-D
SS+I-D

360

3. Nitrogen and phosphorus drainage water concentration. Ammonium, nitrate and nitrite
concentrations in the drainage were measured. Ammonium and nitrite content were negligible
while the nitrate form was prevailing. Similar results relative to nutrient losses under typical
agricultural management practices have been reported (18) as well as in a study relative to
nitrogen leachate composition of sludge-amended soil incubated under laboratory conditions
(16).
In 1987, the nitrate concentration of the drainage water varied between 1.8 and 5.0 mg.1"*; the
contents for PI were slightly higher than those for P2. In 1988, nitrate concentrations
increased during the entire cropping season (Figure 4a and b); PI concentrations were slightly
higher than those for P2 until tie third irrigation. After the third irrigation, P2 contents became
clearly higher indicating the beginning of sludge mineralization. We noticed a small decrase of
the concentration at the tenth irrigation (4/10/1988) which may correspond to a slowing down
of sludge nitrogen mineralization. The NO3-N concentrations varied between 3.8 and 19.6 mg
N.l- 1 for PI and between 2.5 and 26.0 mg N.H for P2.
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Figure 4. Variation of the nitrates concentration (NO3-N) and mass transport (NO3-NC) in
drainage related to the cumulative drainage at PI (Vdcl) and P2 (Vdc2) during the
1988 cropping season.
As for phosphate, the P concentration was about 0.03 mg.l~' in the water drained from the two
plots. These results coincide with other results (13) where it was also found that phosphorus,
nitrite and ammonium contents were small compared to nitrate.
4. Drainage nutrient balance. The amount of nitrate discharged from the two plots was
practically equal: they were about 41.7 kg N.ha"1 for PI and 40.5 kg N.ha"1 for P2. The total
amount of nitrates lost by leaching from the two plots was within the range of results derived
from experiments between 1971 and 1974 (20) on these same plots, however with different
crops (melon, beans, sorghum, wheat, sunflower and sugarbeets). At that time, total nitrogen
losses to drainage were ranging between 7.4 and 74.2 kg N.ha"1 and averaging 33.0 kg N.ha"
'; PI losses were also higher than those for P2 for most of the crops.
Since nitrates supplied by irrigation were about 6.2 kg N.ha"1 for PI and 6.3 kg N.ha".1 for P2,
the quantity depleted from sou, organic amendment, mineral fertilizers and not taken up by
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plants was equal to 35.6 kg N.ha"1 for PI and 34.2 kg N.ha"1 for P2. Phosphate losses were
very small, about 125 g P.ha"1 for PI and 108 g Pha" r forP2.
5. Trace element contents and balances for drainage. Average concentrations in drainage for
Cd, Co, Cr, Cu, Fe, Mn, Ni and Zn at the two plots in year 1988 are shown in Table 5. The
contents are low and do not show any significant difference between the plots. A study
conducted on trace element movement in soil columns under leaching conditions has led to the
conclusion that mobility of trace elements from inorganic sources was slightly greater than that
of the sewage sludge (12). Trace elements supplied by sewage sludge are therefore strongly
held back by the soil against displacement.
Research on trace metal accumulation in agricultural soils amended with municipal sewage
sludge has showed that most metals tend to remain close to the soil surface. Similar features
have been found in sludge-amended soils in Tunisia. Trace elements did concentrate in surface
levels of the clayey-sandy to sandy-clay sludge-amended soils of la Soukra experimental
station, particularly zinc, lead and copper (3). The same was observed with a 50 t. FM/ha
sludge application on silty clay loam soils of Cherfech experimental station (4). Cu contents of
plant tissue were mainly affected (5). These concentrations remained below the maximum
pollutant concentrations in soils recommended by the EEC guideline (10) and the plant toxicity
thresholds.
The analytical results of trace elements content in drainage water are within limits
recommended for waters used in irrigation (2).
Plot
PI
P2

Table 5: Mean trace element contents in drainage (m » l - l ) i n 1988
Cr
Ni
Cd
Co
Cu
Fe
Mn
0.01
0.006
0.03
0.02
0.04
0.02
0.04
0.006
0.04
0.01
0.02
0.05
0.02
0.04

Zn
0.01
0.01

The amounts of trace elements leached by drainage are shown in Table 6.

Plot
PI
P2

Table 6: Amount of trace elements leached by the
Cr
Cd
Co
Cu
23
115
42
81
20
40
80
116

drainage waters (g.ha-1).
Ni
Fe
Mn
150
65
146
152
146
53

Zn
27
36

Relatively small amounts of trace elements moved downward within the soil profile. Similar
results have been obtained for a heavy application of feedlot manure wastes (1) and for sludgeamended soils (11, 9 and 23).
Conclusion. The heavy sludge application affected the quantity and quality of drainage. It led
to increased drainage volumes by improving water infiltration; while the change in irrigation
methods has significantly (25 %) reduced effluent volume on the two plots. In 1988, the
overall salt concentration trend during the cropping season displays a decrease while the nitrate
trend shows an increase; the P2 drainage nitrate content becomes higher than that of PI due to
the sludge mineralization. Salt and nitrate losses were reduced by the change in irrigation
methods. Nutrient balances show that nitrogen and potassium are leached in higher amounts
than phosphorus which is strongly held back by the soil. Nutrient losses are about 41 kg N.ha"
l
, 0.12 kg P.ha"1 and 28.5 kg fCha"1, i.e., 41 kg of N, 0.27 kg of P 2 0 5 and 34.3 kg of KoO.
Therefore, the heavy shidge application mainly affected the nitrate content of drainage ana is
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likely to lead to groundwater pollution by nitrates. Pollution risks introduced by municipal
sewage sludge and mineral fertilizers application are similar when comparable amounts of
nitrogen have been supplied.
From the quantity of nitrate leached out by the sludge-amended plot, we may say that the
supposed sludge nitrogen mineralization rate (15-20 %) for the first year was correct. Further
experiments have to be carried out in order to check the nitrogen mineralization rate in
different conditions and for the years to come.
Since surface irrigation is the most common irrigation method, investigations have to continue
trying to improve its efficiency and to limit water and nutrient losses through drainage.
Management and agricultural practices which lessen risks of groundwater pollution and
contamination by salts, nitrates, pesticides, organic compounds and pathogens have to be
studied. Other irrigations systems also have to be tested with the same concerns in mind.
Drainage water reuse is not without risks because of the high salinity. Recycling is possible if
water of a better quality is used during the crop development stages which are more salt
tolerant and for leaching purposes.
Mineral trace elements were held back by the soil and did not migrate within the soil profile.
These results suggest that contamination of groundwater by mineral trace element is not likely
in heavy-textured soils amended with sewage sludge, at least not in the short-term. However,
studies have to be done in order to estimate the time-scale for negative environmental impacts
of sewage sludge application. Rational use of sewage sludge needs elaboration of standards
fixing the limiting organic and mineral trace elements concentration for sewage sludge and soils
in our specific conditions.
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Risk Assessment of Sewage Sludge Utilization on
Agricultural Land in Scotland
W. Towers. Land Use Division, Macaulay Land Use Research Institute,
Craigiebuckler, Aberdeen, AB9 2QJ, Scotland, United Kingdom.
Abstract The patterns of sewage sludge disposal throughout the European Community will
undergo dramatic changes within the next decade because of changing policies. Of all the European
regions, Scotland will face some of the greatest difficulties because of the current reliance on
disposal at sea. There is an urgent need for an objective means by which the amount of land
suitable for sludge utilization can be quantified and the degree and types of risks involved assessed.
A rule-based risk assessment classification has been developed, based on the FAO land evaluation
methodology and applied to two contrasting soil datasets viz. the national soils inventory database
and a selected part of the 1:25000 soils map coverage of Scotland. Application of the rule base to
the national dataset produces the first estimates of the amount and location of land suitable for
sludge application in Scotland and an indication of the impact of the different rules. In addition,
significant insights are gained into the effect on these estimates of potential policy revisions.
Interpretations made from the soil map provide tools for both the short- and long-term planning of
sludge utilization at a local level. These analyses, at a wide range of geographic scales, help provide
policy makers and sludge producers with the necessary background information to allow them to
adopt the most environmentally secure and sustainable long-term sludge disposal strategies. They
also provide a potentially important input to the debate on the restructuring of the Scottish Water
Industry.
Introduction. Sewage sludge disposal within the European Community is currently high on the
political and environmental agenda. The principal reason for this is the implementation of the EC
Urban Waste Water Treatment (UWWT) Directive [1] which will have major implications for all
the organizations charged with the treatment and disposal of waste water throughout Europe. The
following are among the main provisions of the Directive:
1.
2.
3.
4.

agglomerations with a population of more than 2000 shall require a collecting system;
sewage treatment will have to meet new higher standards;
the disposal of sludge to sea either by ship or pipeline is to be phased out by the end of 1998;
sludge arising from waste water treatment shall be re-used whenever appropriate. Disposal
routes shall minimize the adverse effects on the environment.

The combined effects of these are to increase the amount of sludge being produced and at the same
time reducing the number of disposal options.
Of all the EC regions, Scotland faces some of the biggest problems [2]. Historically the land
disposal option has not been as popular in Scotland as in England and Wales; 20 per cent of the
sludge produced in Scotland goes to land compared to 50 per cent elsewhere in the United
Kingdom. Most centres of population and industry occur at or near the Scottish coast and the cheap
uid convenient sea disposal option accounts for between 70 and 75 per cent of sludge produced in
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Scotland (Figure 1). Although Scotland has a low population density (5.1 million people in c.77 000
square km.), approximately 70 per cent of it is concentrated on 15 per cent of the land within the
Central Belt of Scotland, encompassing much of Fife and Lothian Regions and parts of Strathclyde
and Central Regions (Figure 2) .The two largest cities, Glasgow (population 700 000) and Edinburgh
(population 435 000) occur in this zone. Approximately 100 000 tonnes of dry solids or 3 million
wet tonnes of sludge are currently produced each year in Scotland. This figure is expected to double
by the year 2005 [3].
In readiness for this change the Regional authorities charged with sewage sludge disposal have
undertaken sewage sludge disposal strategies. The preferred best practicable environmental option
(BPEO) identified in these studies varies from region to region, but there is a majority in favour
of recycling to land through agriculture, forestry or land reclamation. Thus there is a clear need for
an objective means by which the degree of risk associated with this activity can be assessed and
to provide estimates of suitable and available land for sludge utilization.
International and national legislation exists in various forms to protect the environment from the
potentially deleterious effects of sludge use on land [4,5,6,7]. These are subject to periodic review
and revision and current concerns within the UK on the effect of heavy metals on microbial activity
in the soil and the long-term fertility of the soil may lead to reductions in permitted heavy metal
limits.
Materials and Methods.
1. Methodology
A rule-based risk assessment classification utilizing and modifying some aspects of existing work
[8,9,10] has been formulated which will allow assessments to be made given any particular
combination of environmental attributes [11]. The risks associated with sludge utilization vary
according to a range of environmental conditions; the factors which affect and control sludge
behaviour on land have been identified in a number of review papers [12,13,14]. Although the exact
mechanisms controlling the behaviour of sludge components in the environment are not understood,
as Brookes and Verstraete [15] state, this should not necessarily hamper our ability to develop
concepts of general validity which can be used in environmental planning.
The concepts of land qualities and land characteristics [16]- attributes of land which can be
measured or estimated and which influence the suitability of land for a specified use - is utilized
in the risk assessment procedure. The land qualities and characteristics used in this classification
are listed in Figures 3 and 4. The criteria within the Hydrology Of Soil Types (HOST)
classification system [17], comprising largely soil physical properties coupled with hydrogeological
data is used in predicting the movement of potential pollutants within soil and the risks that poses
to water quality. It forms the basis of the assessments of surface run-off and of ground water
pollution.
An equally important consideration involves the constraints and limitations of the data which are
to be assessed; the classification must reflect what is realistically achievable from the resources
available [18]. In this context, the site-specific components in Figure 4 are very data intensive;
however, sufficient data does exist for general trends and probabilities of occurrence to be explored.
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Critical values have been established for each of the land qualities and characteristics to allow
assessment into four risk categories: low, moderate, high and unacceptable. These are based on
expert assessment and reflect current knowledge, thinking and, to an extent, legislation and are to
be viewed as liable to change should any of these alter through time. The rules are applied to
appropriate datasets in a stepwize fashion in the order as indicated in the tables, with sites which
do not meet the threshold or critical values being successively extracted and classified as
unacceptable. The philosophy, structure and components of the classification are described in more
detail in [11].
2. Datasets
a) National Soils. Inventory Database
The National Soils Inventory Database, contains comprehensive site and soil descriptions at 3035
locations throughout Scotland, located at the 5km intersects of the National Grid. Additionally at
every 10km (and some of the 5km intersects), soil analytical data are available. The full range of
data for each site are listed in Appendix 1.
The dataset is a systematic aligned square grid sample of the entire range of site conditions found
in Scotland [19]. The sites are free from sample bias and have not been selected on the basis of a
subjective assessment of 'representativeness'. It is the only soils points database covering the entire
land mass of Scotland which allows national and regional relationships between soil, vegetation,
land use and other environmental attributes to be explored. Some interesting regional trends and
comparisons do emerge and these will be described and discussed. The database provide statistical
summaries on a national and regional basis and can be used to estimate the percentage cover of
features. Clearly the larger the sample size, the greater the degree of confidence in area estimates.
The point data are scarce, but that is partly balanced by the fact they are all 'hard', rather than
indirect measurements (soft data) [20}.
b) Soil Map Information
The second dataset comprises a small part of the extensive soil map coverage which exists for
Scottish soils. The soil classification scheme adopted in Scotland [21] relies on the recognition of
central concepts of soil classes and comparison with them; it is therefore typological rather than
definitional in character [22]. Many soil attributes are implied rather than explicitly expressed.
During systematic mapping, the first differentiating criterion is the nature and mode of formation
of the soil parent material; this initial grouping (the soil association) is then differentiated on the
nature and sequence of its component horizons and internal drainage (soil series).
Sets of maps have been published at scales ranging from 1:25 000 to 1:250 000. A number of
interpretations have subsequently been made from these datasets, for example land capability for
agriculture [23] and land capability for forestry [24], both of which are used as national and
regional policy instruments. Increasingly soil data are being used in environmental protection issues
[25,26,27] and the application of this rule base represents a further development. This work focusses
on the interpretation of six 1:25 000 soil maps centred on the city of Edinburgh and covering a total
of 600 square kilometres.
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The soils of the pilot study area are primarily dystric or eutric cambisols and gleysols, developed
on fine-textured glacial till derived from a suite of sedimentary rocks of Carboniferous age. Similar
soils developed on sands and gravels and derived from the same rocks are less extensive. A range
of soils derived from andesitic lavas occur on the higher, steeply sloping ground in the south of the
area. Much of the remainder of the area is very gently rolling with most slopes between 0 and 5
degrees. There has been a long history of cultivation and the land is highly productive with high
yields of wheat and barley regularly achieved.
Results and Discussion.
1. National Soils Inventory Database
Table 1 indicates the effect of applying the critical threshold values of six of the decision rules in
the rulebase to the dataset and extracting those sites which fail to meet at least one of the critical
limits between acceptable and unacceptable risk. It is evident that some of the rules extract a much
larger number of sites than others; the second column indicates the number of sites which fall below
the critical threshold value between acceptable and unacceptable risk for each parameter. However
the Same number of sites (2082, 68.6 per cent of the dataset) would be extracted as unacceptable
after the first three rules - soil type, slope and topography - are applied irrespective of the order.
This large number reflects the extensive areas covered by soils with organic surface horizons and/or
steep or rocky ground.
The number of sites extracted as unacceptable by the land cover rule indicates those where,
although the soil and site is physically suitable, the land use is inappropriate. Only land under
improved grassland or arable crops falls into the appropriate category. To be environmentally
acceptable, there must be an identified need for the nutrients present within sludge. Various cover
types of indigenous vegetation and woodland are not considered suitable because of the effect that
sludge would have on species composition. Conversely there are a number of sites (94) where the
land cover type is appropriate, but the physical constraints are unacceptable. The number of sites
remaining (651) can be converted to a valid national estimate (16337 square Km, standard error
0.74%, 95 per cent confidence limits 15230 and 17444) by standard statistical method [28].
Chemical data are only available for a subset of the whole dataset, but these can provide some
indication of the likely impact of two of the site-specific decision rules, in particular those dealing
with topsoil pH values and heavy metal concentrations. Of the 651 sites remaining after applying
the first four strategic rules viz. soil type, slope, topography and land cover, 165 of the 10 km
intersects have data on pH values. Of these only 12 (7.3 per cent) have a pH value below 5 ie.
unacceptable for sludge utilization. However if this lower limit were set at pH 5.5, 24.2 per cent
of the sites would be excluded. Such a shift would have significant effects on sludge utilization
strategies.
The data on metal concentrations provide further interesting insights into potential problems. Metal
concentration values for six of the metals - zinc, lead, nickel, copper, chromium and cadmium which feature in the current EC and UK legislation have been analysed for 165 of the 651 sites.
Only the values for mercury are not available. Of these remaining sites 8 (4.8 per cent) contain
one or more of the metals at concentrations above the UK legislative limit [5] - excluding those
already unsuitable due to low pH values - although a further 40 (24.2 per cent) are in the high
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environmental risk category. Cadmium and to a lesser extent nickel are the principal metals with
high values. At present the UK has adopted maximum permissible concentrations at or near the
upper permitted (mandatory) EC levels [4]. If the lowest EC recommended levels are adopted, 85
(51.5 per cent) of the sites have one or more metals above those levels. Again cadmium and nickel
are the principal metals above the limit. If the maximum permissible metal concentrations in soil
are lowered, the impact on sludge utilization strategies in some areas, most notably in the densely
populated area around Glasgow would be very serious.
2. 1:25 000 Soils map information
a) Soil type and land cover
Table 2 indicates the areas of land which have acceptable or unacceptable levels of risk based on
soil type. The former is dominant with only the histosols, placic podzols, histo-dystric gleysols and
rankers classified as unacceptable. However there is a large reduction when land cover criteria are
applied, with areas of indigenous vegetation or land under woodland excluded. Much of the
indigenous vegetation occurs on steep ground and although the slope parameter has not been applied
to this dataset, much of the steep ground has actually been extracted. Similarily many narrow steep
gullies associated with water courses are unsuitable. The distribution of the acceptable and
unacceptable risk classes are shown on Figure 5.
During the systematic soil survey programme between 1934 and 1984, representative soil profiles
were collected in order to characterize the soils. There are 44 such profiles of soils with acceptable
levels of risk within the study area. Within the classification [11] a scoring scheme using topsoil
pH, organic matter level and topsoil texture has been devised to assess the adsorptive and binding
capacity of soils. Although there are some gaps in the dataset, there is clear evidence that the soils
in this study area generally have a high or moderate binding capacity and there is a low risk of
metal mobility.
b) Risk of surface run-off and pollution of groundwater
The soils which have an acceptable degree of risk have subsequently been assessed on their
hydrology and the effect that different transport mechanisms and pathways in soils may have on
pollutant transport.
Table 3 indicates the extent of areas of agricultural land with the three different risk categories of
surface run-off and of pollution of groundwater. Soils with a high surface run-off risk comprise
surface-water gleysols with a seasonal perched water table caused by the presence of a slowly
permeable layer within 40 centimetres of the soil surface. As a result seasonal lateral saturated flow
occurs in the topsoil and there is a high risk of run-off of the applied sludge when the soil is in this
condition. In contrast the freely drained cambisols, particularly those developed on sands and
gravels, have high infiltration rates and the dominant solute movement is downwards. These soils
have a high acceptance potential for applied sludge and additionally the organic matter within
sludge will increase the nutrient and water holding capacity of these soils. Soils with a moderate
risk largely comprise gleysols and cambisols with imperfect drainage where the impermeable
horizon is between 40 and 100 centimetres from the soil surface. Despite some soils being
classified as high risk, there are times of the year when sludge application can proceed with little
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danger, for example when the soil has a moisture deficit. The likelihood of a damaging run-off
event is higher on soils of high risk.
Much of the study area is not underlain by an aquifer or groundwater and consequently there is
little risk of groundwater pollution. Soils with the highest risk are fluvisols and freely drained
cambisols developed on sands or sands and gravels; they generally occur adjacent to the major
drainage systems where locally important aquifers are found. These soils are readily leached and
vertical movement is rapid when the soil is in a saturated condition. Soils with a moderate risk are
those where the underlying rock is fissured or weathered allowing some leakage to ground water
along cracks.
Very few areas have a low risk of both surface water run-off and of groundwater pollution (6.9
square km). Indeed much of the area has a high risk of one or the other. Sludge can be used on
such sites but these assessments indicate that careful consideration must be given, particularly to
the current moisture status of the soil, before sludge is applied. These assessments identify the
risks, their degree and where they are likely to occur, and provide a tool for the long term planning
of sludge utilization.
A pragmatic approach has been adopted in these analyses in that the delineated soil map units are
assumed to be homogeneous and are given single assessments for risk categories ie. a representative
soil profile has been used as the estimator. Soils can be very heterogeneous and some of the soils
in the study area have been rigorously analysed for their variability [29,30]. Percentage reliabilities
of map units ranged from 43 to 66 per cent although most of the 'impurities' have many similar
properties to the dominant soil. However it is unlikely that the internal variation of the units in the
study area will match those of where the variation studies took place. The results become more
complex when internal variation is incorporated. For example one soil series assessed as having
a moderate risk of run-off actually has 27.6 per cent impurities with a high risk and 12.5 per cent
with a low risk. Further research is required both to quantify likely levels of impurities in other map
units and how to represent them.
Conclusions. Policy changes within the European Community [1] have determined that there is
an urgent requirement for a mechanism to determine the suitability of land for sewage sludge
utilization and an assessment of the type and degree of risk involved. Built into this process is the
assumption that the current legislative requirements [4,5,6,7] will be met and that any changes can
be accomodated. A risk assessment classification has been developed, applied to the national soils
inventory database of Scotland and the following results obtained:
1.
2.
3.
4.

The first estimates of the amount of land suitable for sludge application.
The different impacts of different decision rules.
An indication of the regional differences across Scotland.
An insight into the potential impact of policy revision with reference to permitted heavy metal
concentrations and topsoil pH.

These results are a potentially powerful tool in policy development and implementation at both
national and regional scales. The systematic collection and analyses of soil data in a structured
fashion has allowed an objective, unbiased assessment of the land resource for sludge utilization.
At present the water industry in Scotland is run by nine separate regional authorities (Figure 2) who
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develop their policies in isolation of each other. These arrangements will change within the next
few years and independent strategic analyses of the type outlined in this paper will be necessary
to ensure that policy decisions have access to the best information available. Additional criteria,
for example the N status of the soil, may require to be incorporated into the classification in the
light of recent EC legislation [31].
The interpretations from the soils map data can help direct sludge producers towards the least
vulnerable sites at the local level. Notwithstanding the difficulties associated with soil spatial
heterogeneity, the classification of existing soil map polygons into risk categories/suitability classes
provides a first step in the use of such data in environmental protection. By ranking land according
to the fundamental properties which control sludge behaviour, the most environmentally secure and
sustainable long-term waste disposal strategies on land can be achieved.

This work has given some insight into the appropriateness of use of different datasets at different
scales. Table 4 provides a summary of the range of uses for the two datasets utilized in this paper.
What is fundamentally clear is that although these interpretations provide valuable and probably cost
effective indicative assessments, actual site investigation and soil analyses are required wherever
land is to be utilized for the beneficial reuse of sludge.
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Risk Assessment
Parameter
threshold

Soil type
Slope
Topography
Land Cover
Topsoil pH*
Metal
concentrations*!
Metal
concentrations*2

No of sites
below the
acceptable
threshold
for each
parameter

Cumulative
no of sites
below
(Unacceptable)

No of sites
remaining
(acceptable)

Percentage of
sites remaining
(acceptable)

1909
533
416
2290
48
31

1909
2058
2082
2384
2432
2463

1126
977
953
651
603
572

37.1
32.2
31.4
21.4
19.9
18.8

335

2767

268

8.8

* The dataset is incomplete for these attributes. These figures assume that the proportion which are unacceptable from
the restricted dataset would be replicated over the whole dataset.
1 Under current UK maximum permitted metal concentrations in soil where sewage sludge is applied to land.
2 Under recommended EC maximum permitted metal concentrations in soil where sewage sludge is applied to land.

Table 1

Application of a structured rule-base and Impact of Risk Assessment Parameters on the National Soils
Inventory Database

Soil
Acceptable Risk
Available
Land
Cover

Unavailable
Total

iccepta ble Risk

Total

222.1

-

222.1

54.5

51.2

105.7

276.6

51.2

327.8

Built-up and other developed land
Sea

166.2
106.2

Table 2. Areas of Risk Categories in Edinburgh Study Area - soil and land. cover constraints (square
kilometres).
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Risk of Surface Run-off
Low

Table 3.

Unacceptable

Total

39.6

77.0

-

123.5

Moderate

51.4

-

0.1

-

51.5

High
Unacceptable
Total

38.6
0.3
97.2

8.1
0.1
47.8

-

46.7
0.4
222.1

77.1

Areas of Risk Categories within the 222.1 square kilometres of acceptable and available land in Edinburgh
Study Area (Square kilometres).

Dataset

Geographic Scale

National Soils
nventory Database

National
Regional

1:25 000 soils
map information

Regional
Local

On-site data
Table 4.

High

6.9

Low
Risk of
Groundwater
Pollution

Moderate

Site

Suggested appropriate use of different soils datasets and map information at different scales of risk
assessment.

A. Agriculture -19.8%
B. Land reclamation - 0.2%
C. Forestry - 2.6%
D. Landfill - 3.9%
E. Incineration - 0.9%
F. Sea via pipeline - 2.5%
Source: WRc (Scotland)

Figure 1. Sludge disposal options utilised in Scotland (1990)
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Figure 2. Location Map
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Figure 5. Land classification for sewage sludge utilization based on soil and land cover constraints

APPENDIX I. SCOTTISH NATIONAL SOIL DATABASE
GENERAL INFORMATION
and site description

FEATURES
described for each horizon

profile title
national grid reference
altitude
slope
aspect

- horizon symbol
- depth to base of horizon
- colour
- organic matter (nature and mineral conten
- texture

rockiness class

- structure

bouideriness class
vegetation
flushing
site drainage
soil drainage class
degree of erosion
soil association
soil series
parent material

- moisture status
- consistence
- induration
- cementation
- roots
- stones
- nature of horizon boundary
STANDARD ANALYSES

major soil subgroup
phase
parent rock type
climatic region
land capability classification for agriculture

- loss of ignition
- sand, silt and clay percentages
- texture
calcium
magnesium
sodium

- exchangeable cations <

L

potassium
acidity

- base saturation
-pH
- carbon
- nitrogen
- carbon:nitrogen ratio
- organic matter
- phosphate (total)
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Determination of Environmental Elements in Contaminated Soils by
Aqua Regia Extraction and X-Ray Fluorescence Spectroscopy (X-RF)
S. Haneklaus*, W. Vogel** and E. Schnug*. 'Institute of Plant Nutrition and Soil Science;
Federal Research Station; Bundesallee 50; D-38116 Braunschweig, Germany; **CRB
Analytical Service; Bahnhofstrasse 14; D-37181 Hardegsen, Germany

Introduction
Steadily increasing demands for soil conservation and environmental protection involve,
among others, the problem of waste disposal. However, the pressure to use agriculture as a
way of disposing urban and industrial waste may conflict with requirements to maintain
the rural environment and guarantee health (5) as well as food quality. Therefore it is
essential that comprehensive environmental assessments are made to facilitate the safe
disposal of wastes on soils.
One major problem of sewage sludges is the contamination with heavy metals like Cd,
Cr, Pb, Cu, Zn, Ni and Hg. For the regularly distribution of sewage sludges on farm land it
is obligatory to determine the concentration of these environmental elements in soils.
While the official way of analysis is by wet chemistry via aqua regia extraction, the X-ray
fluorescence spectroscopy (X-RF) technique presents a non-destructive method with the
advantages of high precision and speed.
Materials and Methods
Sampling and sample preparation was carried out according to the instructions of the
national german Sewage Mud Regulation (SMR) (3).
Sample preparation for X-RF analysis:
Samples have been dried in a ventilated oven at 5(P C until constancy of weight and
milled < 60jum using a disc mill. Heavy metal analysis was determined on pressed powdered pellets whereby the fine ground material has been diluted with HOECHST 'Microfine' wax by 20%. Fundamental technical requirements of X-RF machineries are described
by (4). Optimised measuring conditions for high resolution wavelength dispersive X-RF
are given in Table 1. For matrix corrections the software package "OXIQUANT' (2;9) has
been used.
Sample preparation for ICP analysis:
Analytical procedure of heavy metal analysis has been determined according to (1) with
aqua regia dissolution and final determination by ICP (Perlrin Elmer 6500 XR).
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Table 1: Measuring conditions and practical detection limits of heavy metals for X-RF
analysis
Spectrometer Type: Philips 1400 Excitation: Rh-anode
E

Line X-tal

Cd
Cr
Cu
Hg
Ni
Pb
Zn

KA
KA
KA
LA
KA
LB
KA

LIF200
LIF200
LIF200
LIF200
LIF200
LIF200
LIF200

Angle + Offset -Offset Kv mA Collim. Det. Conc. range Detection
Oig/g)
limit
15.380
69.475
45.120
35.975
48.755
28.330
41.880

0.42
0.0
0.0
0.0
0.0
1.36
0.58

0.0
3.86
0.46
0.98
2.22
4.48
0.0

60
50
50
60
50
60
50

45
55
55
45
55
45
55

Fine
Fine
Fine
Fine
Fine
Fine
Fine

S*
F *«
FS
FS
F
FS
FS

0-•470
1-• 17450
2-•6700
o. •31.5
1-•2900
0 • 10850
1-•22400

0.8
7.5
5.3
0.1
5.3
6.1
5.7

Remarks: *S=Scintillation Counter; **F=Flow Counter
Comparative studies of soil samples from the International Soil Analytical Exchange,
Wageningen have been conducted. An overview over samples analysed is given in Table 2.
Table 2: Soil samples of the International Soil Sample Exchange (ISE), Wageningen used
for X-RF analyses
Soil sample
Rhodic Ferrasol, Tanzania
River clay soil, Germany
River sediment, Germany
Riverclay soil, Wageningen
Organic soil, France
Garden soil, The Netherland
Garden soil, The Netherland

Report No.
89.2
89.2
89.4
89.4
89.4
90.1
90.4

Soil Sample
Latokep, Hungary
Sandy loam (1), Switzerland
Sandy loam (2), Switzerland
Garden soil, The Netherland
Loess soil, Switzerland
Sandy loam (2), Switzerland
Sandy loam (4), Switzerland

Report No.
90.4
91.1
91.1
91.2
91.2
91.3
91.3

Soil samples from a long term field trial (1980-1990) with low (4 t*ha"ia"11 dm) and high
(12 t*ha' 1 a" 1 dm) application rates of heavily contaminated sewage sludges to a Luvisol
(pH 7.0) and a Cambisol (pH 5,5) have been used to compare the determination of environmental elements by common aqua regia digestion and X-RF technique. The heavy
metal concentrations of the control plots and the actual upper limits of soil contaminations
by environmental elements as defined in the Sewage Mud Regulation (3) are given in
Table 2.
The average contamination of the sludges with heavy metals related to the dry matter
content was: 4.9 Mg/g Cd, 41 /ig/g Ni, 223 Mg/g Pb, 1960 A» g/g Zn, 421 Mg/g Cu and 94
Mg/gCr.
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Table 3: Heavy metal concentration of control plots and upper contamination and upper
contamination thresholds of soils for SMR (3)
Luvisol: pH 7,0
Zn
Ni
Cr
Cd
Pb
Cu
Hg

Cambisol: pH 5.5

43
5.7
14.2
0.14
25
11.3
<LLD

Threshold

41
6.0
14.5
0.15
32
9.2
<LLD

200
50
100
1.5
100
60
1,0

Results and Discussion
The suitability of a method for the determination of environmental elements depends on
parameters like precision, accuracy, repeatability and reproducibility (DIN 32645).
Accuracy and repeatability of the X-RF were derived from control measurements where
total and measured concentrations of standard reference materials have been compared
(Fig. 1).
S

50

0

10

20

30

40

50

Concentration {\iglg) analysed by X-RF
Fig. 1: Comparison of total and measured concentrations of Hg in powdered parts
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From Fig. 1 it is evident that in case of Hg determination the relationship between both
parameters is very close and therefore accuracy and repeatability of the method very high.
For other environmental elements like Cd, Cr, Cu, Ni, Pb and Zn comparable results have
been obtained (11) and are in line with the results of (6).
A ring test of the DIN-board (German Institute for Standardization; A VI 1/UA 3/AK 1)
carried out by 28 laboratories was conducted in order to compare results of X-RF and
aqua regia extraction (Table 4) as the national SMR specifies the aqua regia extraction
for soil analyses required before sewage sludge applications on agricultural farmland.
The comparison of X-RF and wet chemistry by aqua regia data from a ring test reveals
that aqua regia extraction determines lower element concentrations for Cr, Ni, Zn and Pb
(Table 4). Highest deviations occur in case of Cr determination, where losses of > 60%
have to be taken into account using aqua regia extraction.
Table 4: X-RF and aqua regia extracted mean element concentrations (jx g/g) in a soil
sample of a ring test (n=28) (8)

Element

Cr
Ni
Cu
Zn
Cd
Pb

Total content
(MeanofX-RF&ICP)

50
19
11
89
0.27
46

X-RF

aqua regia
extraction

67
19
8
92
0.2
52

25
17
10
88
0.26
47

aqua regia content/
total content

0.50
0.89
0.89
0.99
0.96
1.02

Under the aspect of soil protection it is important to determine the 'true total' concentration of environmental elements in order to evaluate the contamination of soils properly.
'True total' concentrations can be determined by instrumental methods like X-RF or
INAA (8), while 'total analysis' by aqua regia digestion represents a procedure relying on
extraction with unavoidable losses. The nationwide permission of the X-RF method will
furthermore depend on the agreement with results from aqua regia extraction. The relationship between both techniques for heavy metals was therefore tested on standardised
material from ISE, Wageningen.
512

The determination of environmental elements in 14 soil samples from the ISE, Wageningen by aqua regia extraction and X-RF reveals that there is a close relationship
between both parameters (Fig. 2) over a wide concentration range. Using the X-RF data
these values vary from /*g/g 15 to 1500 for Zn, 5 to 150 for Ni, 15 to 1200 for Pb, 10 to 175
for Cu, 25 to 135 for Cr and 0.8 to 10.6 for Cd. Total elemental concentrations reported
represent mean values of all laboratories using extraction methods. This means that both
methodsproduce comparable results for natural and contaminated soils. The investigations of (7) confirm the good correlation between both methods with correlation coefficient of r=0.958 for Cr and r=0.981 for Ni.
The weakest, but still good relationship can be stated for Cd (r=0.917) what can be traced
back to the analytical problem of the X-RF technique in the very low concentration range
but also strong influence of particle size and heterogeneity within the sample.
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Fig 2: Relationship between total analysis by extraction and X-RF analysis for the determination of heavy metals in soils

Longterm field experiments (1980-1991) have been conducted on two soils (Luvisol, pH
7,0; Cambisol, pH 55) contaminated with different application rates of sewage sludge. The
annual amount of dry sewage sludge applied was 4 fha'^a"* and 12 t'ha'^a"^.
Basis data of the field trials are given in Table 3, whereby aqua regia digestion and X-RF
analysis have been conducted for the heavy metal determination.

513

Tab. 5: Descriptive statistics of soil analyses from two soils longterm (1980 - 1990) contaminated with different amounts of sewage sludge (n=4; concentrations in jug/g dry soil)
Annual sewage sludge applications: 4 t/ha
Min.

Max.

Mean

Std.dev.

Min.

YSE

pH53/pH7 ph53/pH7
Zn
Ni

Ma
Cr
Cd
Pb
Cu

177/200
12/12
341/611
60/58
0.8/3.1
51/61
34/41

Mean

Std.dev.

1 U l o J F\

pH53/pH7 pH5.5/pH7
200/214
13.2/13.8
360/631
63/61
1.0/0.8
54/66
37/44

208/230
15/15
388/661
67/67
1.6/4.6
56/73
38/46

Max.

15.2/12.8
1.5/1.5
19.8/22.6
3.8/4.2
0.4/4.6
2.6/5.1
1.9/2.2

pH5.5/pH7 pH53/pH7 pH53/pH7 pH53/pH7
156/176
10.2/12.2
251/485
19/23
0.6/03
32/36
31/34

166/197
11.2/13.8
294/528
22/25
0.7/0.6
41/40
34/38

162/187
10.7/13.1
275/507
20.7/24.1
0.65/037
36.9/37.7
32.4/36.2

4.3/8.7
0.41/0.66
20.1/21.7
1.5/0.9
0.04/0.04
3.6/2.0
1.0/1.3

Min.

Max.

Mean

Std.dev.

Annual sewage sludge applications: 12 t/ha
Min.

Max.

Mean

Std.dev.

Y BÏ7

pH53/pH7 ph53/pH7

Zn
Ni
Ml
Cr
Cd
Pb
Cu

259/304
25/24
360/612
145/122
1.7/1.0
122/113
92/87

385/361
31/27
445/673
161/147
3.2/2.0
139/141
104/112

pH5.5/pH7
325/337
27.5/26
390/634
151/134
23/1.7
128/124
96/97

Tntal A
PH53/pH7

51.5/24.1
23/1.4
39.4/27.7
7.2/103
0.7/0.5
73/123
53/10.6

pH53/pH7 pH53/pH7 pH53/pH7 pH53/pH7
239/276
24/23
293/520
86/70
13/1.6
97/87
85/77

253/3325
30/27
397/668
94/81
2.2/1.8
114/129
97/98

300/305
27.6/24.9
337/577
89/77
1.8/1.7
102/100
90/85

46.8/20.7
2.3/1.7
443/66.4
3.7/4.8
03/0.1
7.8/19.7
5.7/8.8

The results of this experiment as well as a comparison of both techniques investigated in this
study (Table 5) teveal that after 10 years on average the high application rate of sewage
sludge (12 t/ha) led to an 1.5-fold increase in Zn concentrations, a doubling of Ni and Cr and
an 2.5 to 3-fold higher contamination with Cd, Pb and Cu. In relation to the concentrations of
environmental elements in the control plots already low application rates (4 t/ha) increased
contamination with Zn and Cd by factor 4, Cu by 3 and Cr by 1.5. Only a slightly higher
contamination with Pb was detected on both soils.
It is obvious from the data in Table 5 that by applying sludge the data from the X-RF technique exceed the thresholds of the SRM with the lower sewage sludge applications in case of
Zn contamination; all other elements lie below the critical values (cp Table 3) independent
of the analytical method.
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The higher application rate led to a distinct exceed of the official thresholds for all elements
with the exception of Cr determined by X-RF technique and aqua regia extraction. In case of
Cr the aqua regia method indicates values below the critical value of 100/ig/g, whereas the
data derived from the X-RF technique would indicate concentrations which offence according to the SMR. These results stress the need for a precise evaluation of the heavy metal
contamination of agricultural soils for a bias-free assessment of the soil condition.
The direct graphic comparison of X-RF and total analysis data reveals that the X-RF technique in principal yields higher values (Fig. 3); only minor deviations can be stated for Cd, Ni
and Cu. Striking, however, are the values for Pb, Cr and Zn (Fig. 3), which are significantly
higher.
Cambisol (pH 5,5)
400

Cambisol (pH 5,5)

•S 300

8 200 -

£ 100
CD

I

I

S3

Aqua regia analysis
X-RF analysis

Fig. 3: Comparison of results from heavy metal determination by total analysis with aqua
regia extraction and X-RF analysis in soil samples from a longterm field study

Conclusions
The annual accumulation of sewage sludges amounts to 50 billion n r with an average dry
matter content of 4.5 - 5% (10). As costs for waste disposal are tremendous, recyclisation in
agriculture is promoted by communes and is an important contribution of agriculture to the
solution of society problems. In order to avoid adverse effects on food quality or soil fertility
through contamination of soils with environmental elements, precise and reliable as well as
representative soil analysis data are necessary.
The results of the investigations presented conclusively proof that data from heavy metal
determination by X-RF technique and wet chemistry (aqua regia extraction) are highly correlated. Recently beside aqua regia extraction X-RF analysis is permitted for official
515

determination of heavy metals and nutritional elements in Bavaria, a federal state of Germany. The advantages of the X-RF method are that concentrations analysed are closer to the
true content of a sample, speed of analysis and avoiding hazardous analytical wastes like in
case of aqua regia extractions. Furthermore the pellets produced for X-RF determination can
be stored and used for repitition of measurement.
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Abstract.
This paper reviews the evidence for impacts of metals on the growth of selected plants and on the
effects of metals on soil microbial activity and soil fertility in the long-term. Less is known about
adverse long-term effects of metals on soil microorganisms than on crop yields and metal uptake.
This is not surprising, since the effects of metals added to soils in sewage sludge are difficult to
assess, and few long-term experiments exist. Controlled field experiments with sewage sludges exist
in the UK, Sweden, Germany and the USA and the data presented here are from these long-term field
experiments only.
Microbial activity and populations of cyanobacteria (blue-green algae), Rhizobium leguminosarum
biovar trifolii, mycorrhiza and the total microbial biomass have been adversely affected in some cases
below the European Community's maximum allowable concentration limits for metals in
sludge-treated soils. For example, N2-fixation by free living heterotrophic bacteria was found to be
inhibited at metal concentrations of (mg kg'): 127 Zn, 37 Cu, 21 Ni, 3.4 Cd, 52 Cr and 71 Pb. That
by free-living cyanobacteria was reduced by 50% at metal concentrations of (mg kg') 114 Zn, 33 Cu,
17 Ni, 2.9 Cd, 80 Cr and 40 Pb. Rhizobium leguminosarum bv. trifolii numbers decreased by several
orders of magnitude at metal concentrations of (mg kg"1) 130-200 Zn, 27-48 Cu, 11-15 Ni, and 0.81.0 Cd. Soil texture and pH were found to influence the concentrations at which toxicity occurred
to both microorganisms and plants. Higher pH, clay and organic carbon contents in soil reduced
metal toxicity considerably.
The evidence presented in this review of long-term field experiments suggests that adverse effects on
soil microbial parameters were generally found at surprisingly modest concentrations of metals in
soils. It is concluded that prevention of adverse effects on soil microbial processes and ultimately
soil fertility, should be a factor which influences soil protection legislation.
Introduction.
Soils may become contaminated through anthropogenic sources of metals such as smelters, mining,
power stations, industry and the application of metal-containing pesticides and fertilizers and
metal-contaminated sewage sludges to land. Emissions from smelters, power stations and metal
industries usually result in aerial deposition giving a more diffuse type of contamination. A more
concentrated type of deposition occurs when metal-contaminated sewage sludges are applied to land
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or where metal-containing pesticides and fertilizers are extensively used. Heavy metals in sewage
sludges originate mostly from industrial sources, but domestic waste can contain significant amounts
of Zn and Cu.
Approximately 30% of the sludge produced in the United Kingdom annually is disposed of at sea,
with 42% being applied to agricultural land (D.o.E, 1993). This latter is equivalent to about 18
million tonnes (wet weight basis) annually (Newman and Bowden, 1989) and spreading takes place
on about 10% of the total farming land (Alloway, 1990). Sewage sludge can be a valuable source
of plant nutrients such as N, P, Ca and Mg and can act as a soil conditioner. The amount disposed
of onto land is likely to increase significantly in the next five years as dumping at sea from the UK
will be banned in 1998. This picture is likely to be repeated in other countries as a result of
international agreements to cease sea disposal of sludge.
Repeated applications of sewage sludge can result in elevated metal concentrations that persist in the
plough layer (McGrath, 1987). Chang et al., (1984) found that more than 90% of the Cd, Cu, Cr,
Ni, Pb and Zn added in annual sludge treatments over a 6 year period in a field experiment remained
in the cultivated layer (0-15 cm) in both sandy and loam soils. Similarly, between 71 and 96% of
the metals added through sludge applications to a sandy loam soil remained in the cultivated layer
(0-20 cm) even though the last application was made some 25 years earlier (McGrath, 1984; 1987).
Hence, the potentially large heavy metal content of sewage sludges may be a hindrance to their
long-term use as manures in agriculture.
Once the metals are in the soil they are strongly held by the soil particles and there is little removal
by plant uptake or movement down the soil profile (McGrath, 1987). Soil erosion is probably the
major pathway through which large amounts of metals may be lost from the soil. In general, heavy
metals are less mobile and thus less bioavailable in soils with higher organic matter contents and clay
contents (Cottenie et al., 1983; Koskela, 1985). However, they are more mobile in acid soils and
hence, more available for plant uptake, but become less so as the pH is raised (Mulchi et al., 1987).
Some metals such as Zn, Cu, Ni, Co and Cr are essential or beneficial micronutrients for plants,
animals and microorganisms (Alloway, 1990), whereas others such as Cd, Hg and Pb have no known
biological and/or physiological functions. However, all these metals may be toxic at larger
concentrations.
The European Community and other countries have set maximum permissible values for metal
concentrations in agricultural soils through the application of sewage sludge (Table 1). These values
resulted from work on metal uptake by crops, animals and humans, but take little or no account of
the possible effects of metals on the soil microbial populations (DoE, 1981; 1989; Commission for
the European Communities (CEC), 1986; German Ministry of the Environment , 1982; 1992).
Recently, however, concern has increased over the effects of relatively small concentrations of metals
on soil microorganisms and soil microbial activity (e.g. Brookes and McGrath, 1984; McGrath et al.,
1988; Giller et al., 1989; 1993; Koomen et al., 1990; FlieBbach and Reber, 1991).
The long-term effects of metals added to soils in sewage sludge are very difficult to assess, as there
are few such experiments and consequently a lack of good long-term data. Appropriate field
experiments exist in the UK, Sweden, Germany and the USA. In this paper we review the evidence
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from these field experiments on the impact of metals on the growth of selected plants, soil microbial
activity and on long-term soil fertility.

Table 1. Maximum concentrations of metals allowed in agricultural soils treated with sewage sludge.
mg kg'1 soil
Country

Year

Cd

Cu

Cr

Ni

Pb

Zn

Hg

European
Community

1986

1-3

50-140

100-150'

30-75

50-300

150-300

1-1.5

US 2

1993

20

750

1500

210

150

1400

8

1. Now withdrawn.
2. Calculated from maximum cumulative pollutant loading limits, assuming incorporation to 15 cm
depth and average soil bulk density of 1.33 g cm'3, but not including the background concentrations
of these elements in soils.

Field Experiments.
Woburn, England.
This experiment began in 1942. Twenty five applications of anaerobically digested sewage sludge,
naturally contaminated with metals, from a sewage works in West London were added at 8.2 or 16.4
t organic matter (OM) ha'1 yr'1 from 1942-1961. In addition farmyard manure (FYM) at 5.2 or 10.4
t OM ha'1 yr'1 and inorganic fertilizer were also added as treatments. Since 1961 and 1965,
respectively, the sewage sludge and FYM treatments have received only inorganic fertilizers. The soil
is a sandy loam with about 10% clay and 2% organic carbon. The pH was maintained around 6.5
by regular maintenance dressings with lime.
Lee Valley and Luddington, England.
These sludge experiments started in 1968. The soil at Lee Valley is a heavy silt loam with 21% clay,
4% organic carbon and a pH of 5.6-5.9. That at Luddington is a sandy loam with 15% clay, 3%
organic carbon and a pH of 6.5. Both experiments received the same treatments. Sewage sludges
from various sewage works were used and the different treatments received either a single large dose
of 125 t dry solids (DS) ha"1 of four sewage sludges contaminated predominately with Zn (16000 mg
kg'1), or Cu (8000 mg kg'1), or Ni (4000 mg kg'1), or Cr (8000 mg kg'1), or 31 t ha'1 yr'1 of the same
sludges for four years from 1968. In addition, there was a relatively uncontaminated sludge and a
control treatment with inorganic fertilizers only.
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Gleadthorpe, England.
The soil at this site is a sandy loam with 9% clay and 1-2% organic carbon (control soil). This
experiment was started in 1982 and the sewage sludges used were artificially contaminated by adding
metal salts to raw sewage and then dewatering. One application of either Zn or Cu or
Ni-contaminated sludge was made to all plots with a further application to some, but not all, 5 years
later. Apart from these single metal treatments, mixed metal treatments of Zn plus Cu and Zn plus
Ni were also applied. There were also treatments with "uncontaminated" sewage sludge at
approximately 100 t DS ha"1 in 1982 or inorganic fertilizers.
Ultuna, central Sweden.
This experiment began in 1956, and sewage sludge, naturally contaminated with metals, from sewage
works in Uppsala and FYM were both added as treatments at 14 t and 10 t ha"' every 2 years,
respectively, from 1956-1988. Inorganic fertilizers were also added as treatments over the same
period. The site has post glacial soil with 35% clay, 35% silt and 2 1 % fine sand, and a pH of 6.2
and 6.6 in the unfertilized and FYM-treated plots respectively, and pH 5.3 in the sludge treated plot.
The organic carbon content in the sludge-treated soil was 2.7%, whereas the unfertilized and
FYM-treated plots contained 1.2 and 1.9% organic carbon respectively.
Braunschweig, north east Germany.
Two field experiments were begun in 1980 on the same field and both received the same treatments
consisting of inorganic fertilizers or 'moderately' contaminated or metal-contaminated liquid sludge
added at rates of 100 or 300 m3 ha7' yr'1 for 10 years. These were equivalent to 5 or 16 t DS ha"'
yr"1 from 1980-1990. The moderately contaminated sewage sludges used were obtained from a local
sewage works and were naturally contaminated. However, the contaminated sludges were from a
different works in 1980, then from 1981-1990 the same moderately contaminated sludge was
artificially contaminated with metal salts and anaerobically incubated for six weeks before use. One
experimental site (Braunschweig 1) was on an old arable soil with plot pH values ranging from
6.0-7.0 and 0.8-1.5% organic carbon content; the other experimental site (Braunschweig 2) was on
an ex-woodland soil with plot pH values ranging from 5.3-5.7 and 1.6-2.6% organic carbon content.
Both soils are silty loams with 50% silt, 45% sand and 5% clay.
Fairland and Beltsville, Maryland, USA.
Two field experiments were established at Fairland and Beltsville, Maryland, in 1975 and 1976
respectively. The soil at Fairland was a sandy loam with pH values in the plots ranging from 6.4-6.9.
Anaerobically-digested sludge was applied at 112 t ha"'. The soil at Beltsville was a fine sandy loam
with two different types of sludge applications. Some plots received heat-treated sludge from
Annapolis at 224 t ha'1 and these plots had pH values ranging from 5.1-6.0; other plots received
Chicago 'Nu-Earth' sludge at 100 t h a ' and had plot pH values ranging from 5.7-6.6.
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Results and Discussion.
Biological nitrogen fixation.
Fixation of atmospheric dinitrogen is only carried out by prokaryotes that possess the enzyme
nitrogenase (Sprent, 1987). This ability is widely distributed amongst the prokaryotes and includes
free-living heterotrophic bacteria, phototrophic cyanobacteria (or blue-green algae) and organisms
which fix nitrogen in symbiotic associations with plants, the most important of which is the
Rhizobium-legume symbiosis.
Effects of metals on free-living heterotrophic bacteria.
Free-living heterotrophic N,-fixing bacteria are ubiquitous in soil and include species which can fix
nitrogen under aerobic, microaerophilic and anaerobic conditions. Significant decreases in acetylene
reduction activity (ARA) by aerobic and microaerophilic N2-fixers were reported in
metal-contaminated soils from Woburn compared to FYM-treated soils (Brookes et al., 1984). These
reductions occurred at metal concentrations close to the EC upper limits for Zn and Cu, and 3-4 times
the limit for Cd (Table 1). Martensson and Witter, (1990) found heterotrophic N2-fixation to be
severely reduced in metal-contaminated soil compared to FYM-treated soil at Ultuna, central Sweden.
Nitrogen-fixing activity by aerobic diazotrophs in the metal-contaminated soil decreased to 2% of that
measured in the FYM-treated soil. Metal concentrations in the FYM-treated soil were at background
levels, and those in the sludge-treated soil are given in Table 2. However, the pH of the sludgetreated plot was low (pH 5.3) and this may also have affected both numbers of, and N,-fixation by,
free-living heterotrophic bacteria at this site in addition to the metals.
FlieBbach and Reber (1991) also confirmed the great sensitivity of N,-fixation by free-living
heterotrophic bacteria to metals in the old arable soil at Braunschweig in Germany. The metal
concentrations in this soil ranged from (mg kg'1): Zn, 157-381; Cu, 42-102; Ni, 12-25; Cd, 0.7-2.5;
Cr, 41-90; and Pb, 61-88. However, no N2-fixation by free-living heterotrophic bacteria could be
measured in the ex-woodland soil (Braunschweig 2) in the same field. The pH of the soil in these
plots ranged from 5.3-5.7 and the metal concentrations were similar to those in the old arable
experiment (Braunschweig 1).
Recently, Lorenz et al., (1992) tested the possibility of using N,-fixation by free-living heterotrophic
bacteria as a sensitive biological indicator of metal pollution on sludge-treated soils from the Woburn,
Luddington, Lee Valley and Gleadthorpe experiments. The Woburn soils gave the same results as
those of Brookes et al., (1984), but no activity could be found in either the Luddington or Lee Valley
soils. The Gleadthorpe soils gave sporadic activity which did not correlate with the metal
concentrations in these soils. In a further experiment where metal-contaminated soil and FYM-treated
soil, from Woburn, were mixed in various proportions to give soils of increasing metal concentrations,
free-living heterotrophic N,-fixation was significantly inhibited at metal concentrations of (mg kg"1):
127 Zn, 37 Cu, 21 Ni, 3.4 Cd, 52 Cr and 71 Pb. However, it was concluded that free-living
heterotrophic bacteria were not ubiquitous or active enough to be used as indicator organisms for
detecting metal pollution of soil (Lorenz et al., 1992).
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Effects of metals on free-living phototrophic cyanobacteria (blue-green algae).
Phototrophic cyanobacteria are autotrophs which grow on soil surfaces and make use of light to fix
CO, in photosynthesis. Twentyfive years after the last treatments ceased, cyanobacterial N2-fixing
activity was found to be reduced by 30% on metal-contaminated soil from Woburn compared to the
FYM-treated soil (Brookes et ai, 1986). Also, colonization was delayed in the metal-contaminated
soil. A gradient of increasing metal concentrations in soil between plots previously treated with either
FYM or sewage sludge was also sampled, and a smooth decrease in nitrogenase activity with
increasing metal-concentrations was found (Brookes et al, 1986). Nitrogen fixation was reduced by
50% at metal concentrations given in Table 2. Even stronger inhibition of cyanobacteria has been
reported (Mirtensson and Witter, 1990) on the metal-contaminated soil at Ultuna compared to the
FYM-treated control soil (Table 2).
FlieBbach and Reber (1992) reported large decreases in the counts of cyanobacteria in plots of the
two field experiments at Braunschweig, in Germany, to which increasing amounts of 'moderately'
contaminated unamended or metal-contaminated sludge had been added compared to the control NPK
or moderately contaminated unamended low sludge-treated plots. Using the acetylene reduction assay
to assess nitrogenase activity in cyanobacteria, they found that after 30 days incubation, acetylene
reduction and hence N2-fixation, was suppressed by 30 and 70% in the low and high sludge-treated
plots, respectively, at the old arable site (Braunschweig 1, pH 6.1-6.8). In the ex-woodland site
(Braunschweig 2, pH 5.3-5.7) the corresponding suppression was about 25 and 100% respectively
(Table 2). Interestingly, annual additions of the moderately contaminated unamended sludge also
decreased the abundance of cyanobacteria, compared with NPK only. The large amount of available
nitrogen and carbon may suppress N2-fixation in cyanobacteria and also may favour competition by
heterotrophic organisms (FlieBbach and Reber 1992).
Symbiotic nitrogen fixation.
Traditionally, the most important agricultural associations involving Rhizobium or Bradyrhizobium
include the lucerne or alfalfa, pulses such as peas and beans and clover in grass-clover leys. For
example, N2-fixation by white clover (Trifolium repens L.) in agroecosystems can amount to more
than 200 kg N ha'1 yr"1 (Broadbent et al., 1982). This is therefore an important source of nitrogen
in low cost agroecosystems such as grass-clover leys where very little or no additional inorganic
nitrogen fertilizers are required.
Effects of metals on clover growth and nitrogen fixation.
Significant decreases in white clover yields in a mixed grass/clover sward were reported by
Vaidyanathan, (1975) in plots of the Lee Valley experiment contaminated predominantly by Zn seven
years previously. Copper also decreased the yield of clover, but to a lesser extent, whereas Ni and
Cr had no effect. When grown in monoculture at Woburn, white clover yields decreased by 60% on
metal-contaminated sludge treated plots compared to FYM-treated plots more than 20 years after the
sludge had been applied (McGrath et al., 1987) (Table 3).
Red clover failed almost completely at the three harvests taken in 1985 from some of the most
metal-contaminated plots at Luddington, particularly those with 455 and 511 mg Zn kg"1 soil
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sludge-treated soils at the two sites. But it is now known that all the metal concentrations in these
two sites were below those in most of the European experiments, even in the most heavily
contaminated plots (McGrath, 1994). It is therefore possible that the metals were not present in large
enough concentrations to cause adverse effects on yields, N2-fixation or on the free-living B.
japonicum in these two experiments. The increase in numbers of B. japonicum with increasing
applications of sludge was presumably due to the additional substrate from the organic matter in the
sludge. It is important to distinguish between short-term positive effects due to substrate and longerterm negative effects due to metal toxicity.
Giller et al, (1993) found R. loti to be present only in soil from the FYM-treated plot, at Woburn,
and not in the metal-contaminated plot. No R. meliloti were present in either plot which is not
surprising as alfalfa (Medicago sativa) often requires inoculation with R. meliloti when grown in the
UK. In a further experiment, they added equal numbers of R. loti and R. meliloti to gradients of
increasing metal concentrations prepared by mixing metal-contaminated soil with FYM-treated soil
from Woburn. After 50 days exposure, the number of R. meliloti in soil mixtures containing 5/6 or
more sludge soil were an order of magnitude smaller compared to the control FYM-treated soil, but
were still above 105 cells g"1 for all soils. In contrast, R. loti numbers decreased by several orders
of magnitude (i.e. 102 cell g"1 soil) in soil mixtures containing 1/2 or more sludge soil, compared to
the FYM soil, which contained 105 cells g'1 soil. These authors concluded that R. meliloti was less
sensitive to heavy metals than R. loti, which was similar in sensitivity to R. leguminosarum bv.
trifolii, but because these results were for single strains of each species, confirmation was required
with a broader range of strains.
Effects of metals on the soil microbial biomass.
There is a reasonably close linear positive relationship in uncontaminated soils between the organic
carbon contents of soils and their biomass carbon contents (Jenkinson and Ladd, 1981). The soil
microbial biomass is the most labile fraction of the soil organic matter and, therefore, can be a useful
indicator of changes in soil conditions due to changes in soil management practices.
Brookes and McGrath (1984) measured the microbial biomass in soils from the Woburn experiment
some 20 years after the last treatments were applied. They found that in the high metal soils (sludgetreated) the microbial biomass was approximately half that in the low metal soils (FYM-treated).
They also showed that in the low metal soils the usual linear relationship between organic carbon and
biomass carbon existed, but no relationship was seen with the high metal soils. The metal
concentrations at which the biomass was affected are given in Table 4. Also, the rate of respiration
per unit weight of biomass (specific respiration) was much higher in the high metal soils than in the
low metal soils, whereas the adenylate energy charge (thought to indicate the level of metabolic
activity (Eiland, 1985)) was high in both soils (Brookes and McGrath, 1987).
Chander and Brookes (1991a) measured the soil microbial biomass in soils from the Lee Valley and
Luddington experiments where single large doses of sewage sludge contaminated predominately with
single metals were added some 22 years earlier. They found decreased soil microbial biomass in soils
containing larger concentrations of Zn and Cu in the heavier soil at Lee Valley than in the sandy
loam soil at Luddington compared to the respective 'uncontaminated' sludge control soils (Table 4).
There was no effect of Ni at 138 mg kg"1 soil on the soil microbial biomass in both soils. Similarly,
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Table 2. Concentrations of metals in soils at which negative effects on N2-fixation in cyanobacteria
(blue-green algae) were observed.
mg kg'1 soil
Experimental site

Zn

Cd

Cu

Ni

Pb

Cr

Woburn, UK'

114

2.9

33

17

40

80

Ultuna, Sweden2

230

0.7

125

35

40

85

L sludge

42-93

0.36-0.81

-

1.75-4.5

H sludge

132-305

0.58-2.38

-

5.4-17

L sludge

26-81

0.4-0.88

-

1.5-4.6

H sludge

86-240

0.7-2.15

-

3.7-16

Braunschweig 1,
Germany3
Braunschweig 2,
Germany4

1. 50% reduction in N2-fixation; 2. >50% reduction in N2-fixation; 3. Braunschweig 1: 30 and 70%
reduction in N2-fixation in the Low (L) and High (H) rate of sludge application respectively;
4. Braunschweig 2: 25 and 100% reduction in N2-fixation in the L and H respectively.
(Jackson, 1985). In the 'low' Zn treatments, with 238 mg Zn kg'1 soil, there was no decrease in
yield. Other treatments with 118 and 91 mg Ni kg'1 soil also gave poor yields, but only at the first
harvest. However, these plots also contained 128 and 104 mg Zn kg"1 soil, respectively, and it is
likely that this combination of Zn and Ni caused the initial poor establishment. Similarly, at
Gleadthorpe, yields of white clover decreased in Zn and Cu-contaminated soils (Table 3). Zinc and
Cu together at concentrations of (Zn:Cu mg kg'1) 172:47, 173:107 and 209:94 decreased the clover
yields by 20, 31 and 67%, respectively, compared to the controls (Royle et al., 1989). Nickel by
itself had no effect on yields at the largest concentration of 31 mg kg'1 soil, nor were there any yield
decreases in any of the combined Zn and Ni treatments. This may be because, in all cases, the Zn
concentrations were smaller than the concentrations at which yield reductions occurred.
From the above studies, it is not possible to determine whether the metal effects reported on clover
yield were due to phytotoxicity or due to an effect on N2-fixation or the rhizobia in these soils. No
data were collected at the time on the effects of these metals on N2-fixation and/or on the rhizobial
population at Lee Valley, Luddington or Gleadthorpe. However, McGrath et al., (1988) showed that
the yield decreases at Woburn on the metal-contaminated soil were not due to phytotoxicity, as the
clover yields could be restored to those in the control FYM-treated soil by the addition of nitrogen
fertilizer. The reductions in clover yields were due to an effect on N2-fixation which was reduced
in a pot experiment by more than 50% in soils containing more than (mg kg"1): 334 Zn, 99 Cu, 27
Ni and 10 Cd. It seems likely that the metal effects on clover yields at Lee Valley, Luddington and
Gleadthorpe were also due to an effect on N2-fixation rather than phytotoxicity, since the metal
concentrations were similar to those found in the metal-contaminated soil at Woburn.
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Table 3. Minimum concentrations of metals in soils at which yields of clover or the population of
Rhizobium leguminosarum biovar trifolii were decreased.
mg kg"' soil
Experimental site

Zn

Cd

Cu

Ni

Pb

Cr

Wobum, UK'

180
180

6.0
6
.0

70
70

22
22

100

105

281

-

150

-

2

200

1.0

48

15

Braunschweig 2, Germany2

130

0.8

27

11

Gleadthorpe, UK

1

Braunschweig 1, Germany

1. clover yields; 2. rhizobial population.

Rhizobium.
Rhizobia are well adapted to life as free-living soil bacteria and can survive for a long time in the
absence of the host (Nutman, 1975). Rhizobia have the ability to nodulate leguminous plants, but
some nodules can be ineffective and never fix nitrogen due to a deficiency in either the host or
symbiont. These ineffective nodules are usually small (<2 mm) and white in appearance because they
lack leghaemoglobin. Effective nodules are large (>3 mm) and always pink in colour due to the large
amount of leghaemoglobin present.
Effects of metals on Rhizobium leguminosarum biovar trifolii.
The decrease in clover yield reported by McGrath et al., (1987) in metal-contaminated soil at Woburn
was due to a lack of N2-fixation as a result of ineffective nodules on clover plants (McGrath et al.,
1988), whereas plants grown in FYM-treated control soil had effective nodules. Rhizobium
leguminosarum biovar trifolii isolated from nodules on clover plants grown in the metal-contaminated
soil were found to be ineffective in N2-fixation in plant infection tests in the absence of metals (Giller
et al., 1989). No effective rhizobia were present in the metal-contaminated plots, whereas the
FYM-treated control plots, some 2 metres away, had effective rhizobia. In a further experiment
where increasing numbers of effective R. leguminosarum bv. trifolii were added to
metal-contaminated soil from Woburn, and the soils incubated for 2 months in a moist condition in
the laboratory, no effective nodulation was obtained on clover plants where 104 cells g"1 soil or less
were added. Only with the additions of extremely large numbers of effective rhizobia >10 4 cells g"1
soil) did sufficient survive to give effective nodules on clover plants after 2 months. These workers
concluded that effective clover rhizobia were unable to survive in the free-living state outside the
protected root nodule environment in the metal-contaminated soil at Woburn. They also suggested
that Cd, Zn and Cu were likely to be the most toxic metals to rhizobia.
Smith et al., (1990) enumerated the population of indigenous R. leguminosarum bv. trifolii in soils
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from plots of the Luddington experiment. Even though all the plots had clover growing in them
when the soil samples were taken, the numbers of rhizobia were an order of magnitude smaller in the
high Zn-treatment compared to both the control soils. Rhizobial numbers also decreased in the high
Cu soil, but to a lesser extent, whereas Cr and Ni had no effect (Figure 1). Smith et al., (1990)
concluded from their Luddington data that the order of decreasing toxicity to the rhizobial population
was Zn > Cu > Ni > Cr. The metal concentrations reported by these authors in this soil were (mg
kg'1): 542 Zn, 34 Cu, 48 Ni and 160 Cr. No data were given for Cd. However, there is some dispute
as to the metal concentrations in the high Zn plots since Chander and Brookes (1991a), using soils
from the same plots for soil microbial biomass work, reported metal concentrations of (mg kg"1): 281
Zn, 30 Cu, 41 Ni and 1.5 Cd. The Zn concentration was approximately half that reported by Smith
et al, (1990).
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Figure 1. Number of indigenous R. leguminosarum bv. trifolii in soils from Luddington.
Treatments: Inorganic F = Inorganic fertilizers; Cont S = Control sludge; High = soils high in
metals stated.

In the field experiment at Ultuna, R. leguminosarum bv. trifolii numbers were found to be an order
of magnitude smaller in soil previously treated with metal-contaminated sludge (e.g. 2.5xl03 cell g"1
soil) compared to the unfertilized soil (e.g. 1.9xl04 cells g"1 soil) and FYM-treated soil (e.g. 1.8xl04
cell g'1 soil) (Martensson and Witter, 1990). No legumes had been grown on this site for 30 years.
Rhizobia isolated from clover plants grown in the metal-contaminated soil showed a distinct delay
in nodulation in plant infection tests compared to isolates from plants grown in both the unfertilized
and FYM-treated soils. Both the unfertilized and FYM-treated plots contained background metal
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concentrations, whereas those in the sludge-treated plot are the same as those given in Table 2. The
large clay and organic carbon content in the sludge treated soil may have reduced metal toxicity to
rhizobia at this site, even though the pH was low.
More recently, Giller et al, (1993) constructed a gradient of soil with increasing metal concentrations
by mixing metal-contaminated soil and FYM-treated soil, from Woburn, in various proportions. To
these soils they added equal numbers of R. leguminosarum bv. trifolii and monitored their survival
over a 171 day period. At 53 and 171 days, the number of rhizobia in the 2/3 sludge soil had
decreased to <104 cells g"' soil, whereas those in the control FYM soil remained at >106 cells g'1 soil.
A portion of the surviving rhizobia in the soils containing the largest amounts of sludge (i.e. >l/2
sludged soils), at 171 days, may have been ineffective metal-tolerant rhizobia. In earlier studies these
rhizobia were found to number 102 cells g'1 soil in freshly sampled rhizosphere soil from the
metal-contaminated plot at Woburn (Giller et ai, 1989). The metal concentrations in the 2/3 sludge
soil, at which significant reductions in the numbers of rhizobia occurred after 53 days, were (mg kg'1):
228 Zn, 67 Cu, 31 Ni, 6.9 Cd, 81 Cr and 84 Pb.
Chaudri et al., (1993) sampled all the plots of two field experiments at Braunschweig and found R.
leguminosarum bv. trifolii numbers decreased by several orders of magnitude, compared to the control
plots, at metal concentrations well below the current EC limits for these metals (Table 3; Figure 2).
Although several metals increased simultaneously in both field experiments, these authors suggested
that there seemed to have been a strong effect of Zn on the numbers of rhizobia in these soils. Also,
metal toxicity to rhizobia occurred at slightly smaller concentrations in the ex-woodland site
(Braunschweig 2) due to the lower pH compared to the old arable site (Braunschweig 1).
Effects of metals on other species of legumes/rhizobia.
Spring beans (Vicia faba) grown in the metal-contaminated plot at Woburn during 1968 and 1969
(more than 7 years after sludge application ceased) showed no difference in yields compared to the
control FYM-treated plot (Johnston and Wedderburn, 1974). In fact, the yields from these plots were
identical in both years, but both were greater than the yield from the plot treated with NPK fertilizer.
The spring beans were not inoculated with rhizobia nor was nitrogen fertilizer added and therefore,
must have been infected by the indigenous effective population of R. leguminosarum bv. viciae
present in these soils. The yield data for the two years from these plots suggest that R.
leguminosarum bv. viciae is not as sensitive to heavy metals as R. leguminosarum bv. trifolii.
Work on the effects of heavy metals, through the application of sludge, on yields and N2-fixation in
soyabean was carried out in two field experiments (Beltsville and Fairland sites) in Maryland, USA
(Heekman et al, 1986; 1987a, b; Kinkle et al, 1987). Heekman et al, (1986), using soils to which
heat-treated sludge had been applied in pot experiments, found increasing yields and N2-fixation by
soyabean with increasing sludge application rates. In 1983 and 1984 non-nodulating and nodulating
isolines of soyabean were used to determine toxic effects of metals on N2-fixation. No metal toxicity
occurred at Beltsville, but at Fairland there was a 12 to 55% decrease in the %N from N2-fixation
in soyabean in the metal-contaminated plots suggesting metal toxicity (Heekman et al, 1987b).
Kinkle et al, (1987) found that the numbers of Bradyrhizobiumjaponicum increased with increasing
rates of sludge application, and the number of serotypes and their metal sensitivities remained the
same regardless of the treatment. Neither of these studies reported metal concentrations in the
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Cd at 6 mg kg'1 soil in the 'uncontaminated sludge control' soil was found to have no effect on the
microbial biomass in the silty loam soil. Unfortunately, no treatment contained Cd at the Luddington
site and therefore, effects of this metal are not known at this site.
Further work by Chander (1991) and Chander and Brookes (1991b) on soils from Woburn confirmed
the higher specific respiration rate of the microbial biomass in the metal-contaminated soils first
reported by Brookes and McGrath (1987). When glucose and maize straw substrates were added to
the Woburn soils, proportionately more was respired as CO, from contaminated soils compared to
soils from uncontaminated plots (Chander and Brookes, 1991b). Consequently, less new microbial
biomass was formed from the added substrate and it was concluded that the lower efficiency of
conversion of carbon into biomass is one of the explanations for the lower biomass observed in the
metal-contaminated soils. The fact that specific respiration is greater in the experiments on the
metal-contaminated soils means that measurements on soil respiration alone cannot give a good
indication of effects of metals on the size of the microbial biomass. In fact, increased respiration
could be interpreted as an indication of increased stress and /or an increased death rate of microbes.
Soil microbial biomass carbon and nitrogen were found to be reduced by about 60%, in soil from the
metal-contaminated sewage sludge-treated plot at Ultima, Sweden, compared to soil from the control
FYM-treated plot (Witter et al., 1993). The metal concentrations at which these reductions occurred
are given in Table 4.
In both field experiments at Braunschweig in north east Germany, and at both the low and high rates
of sludge application, the microbial biomass increased with increasing additions of 'moderately'
contaminated unamended sludge organic matter each year. In contrast, increases in biomass were less
pronounced or even absent in the inorganic fertilizer treatments and metal-contaminated sludge
treatments, especially at the largest rates of addition. These effects on the biomass were apparent
after only 7 years of sludge addition (Fliefibach and Reber, 1991), at the concentrations shown in
Table 4.
Table 4. Minimum concentrations of metals in soils which negatively affected the soil microbial
biomass.
mg k g ' soil
Experimental site

Zn

Cd

Cu

Ni

Pb

Cr

Woburn, UK

180

6.0

70

22

100

105

Luddington, UK

281

-

150

-

-

-

Lee Valley, UK

857

-

384

-

-

-

Ultuna, Sweden

230

0.7

125

35

40

85

Braunschweig 1, 'Germany

360

2.8

102

23

101

95

Braunschweig 2, Germany

386

2.9

111

24

114

105
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Effects of metals on mycorrhizas.
Koomen et al., (1990) examined the effects of metal-contaminated soil and FYM-treated control soil,
from Woburn, on both native and an introduced species of vesicular-arbuscular mycorrhiza (VAM)
{Glomus mosseae) in pot experiments. They found that in the control soil 60% of the white clover
roots were infected with native VAM compared to only 1% for the metal-contaminated soil. In the
experiment where VAM were introduced into the soils, the control soil had 46% and 21% mycorrhizal
infection in the inoculated and non-inoculated treatments respectively. In contrast, none of the plant
roots were infected with mycorrhizas in the metal-contaminated soil from either treatment. Clover
roots were also sampled in the field, at Woburn, to see if this trend was repeated. When clover roots
were first sampled no mycorrhizal infection was present. But after six months 52% of the root length
sampled from the FYM-treated plots and 69% of the root length from the sludge-treated plots was
infected. Hence, mycorrhizal infection was delayed in both the FYM-treated and sludge-treated plots.
Koomen et al., (1990) suggested that the apparent contradiction between their pot and field
experiments could be explained by the greater time that had elapsed during field samplings which
may have allowed the infection by a small inoculum-density of mycorrhizas present in the
sludge-treated plots to gradually increase to the levels observed on the FYM-treated plots. They
further suggested that the metals could be delaying the development of mycorrhizal infection rather
than completely suppressing it and that the infection that developed in the metal-contaminated soil
after some time was likely to be due to indigenous metal-tolerant mycorrhizas present in the soil.
An isolate of G. mosseae has been found to be tolerant to large concentrations of Zn and Cd in
heavily polluted soils and this was as effective in enhancing the growth of clover as a 'normal' isolate
of G. mosseae with infection levels being comparable after 6 weeks (Gildon and Tinker, 1983).
Reductions in VAM infections of maize with increasing metal-contaminated sludge applications have
also been reported at Braunschweig in Germany, with a relative shift of mycorrhizal infection to the
uncontaminated sub-soil (Kiicke, 1989) possibly to avoid the toxic effects of the metals in the top
soil.
However, caution should be exercised in interpreting these results as large amounts of available-P is
a general property of long-term sludge-treated soils which could have inhibited infection. Also, in
some of the work discussed (Kiicke, 1989) the reductions in VAM infections occurred in plots where
the pHs were low and this may have affected both the infection of the roots and the growth of the
roots themselves. Even after taking these considerations in to account, these studies suggest that there
is a strong negative effect of metals on VA-mycorrhizal infection and development.

Conclusions.
The reported adverse effects on soil microbial parameters were generally found at surprisingly modest
concentrations of metals in soils. Indeed, these were smaller than the concentrations reported by
Chang et al., (1992) that were likely to decrease growth of sensitive crop species. It is concluded
that prevention of effects on soil microbial processes and ultimately soil fertility, should be an aim
of soil protection legislation.
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Development of Limits for Land Application of Municipal
Sewage Sludge: Risk Assessment
James A. Ryan. US Environmental Protection Agency, Risk Reduction
Engineering Laboratory, Cincinnati, Ohio, and
Rufus L. Chaney. US Department of Agricultural, Agricultural Research
Beltsville, Maryland.

Service,

Although the research described in this article has been undertaken by the U.S. Environmental
Protection Agency, it has not been subjected to Agency review. Therefore, it does not necessarily
reflect the views of the Agency. Mention of trade names or commercial products does not constitute
endorsement or recommendation for use.
ABSTRACT. A risk assessment for land application of sewage sludge has been completed to develop
limits for the Clean Water Act Section 503 Rule prepared by the US-Environmental Protection Agency.
The methodology reflects logical pathway analysis of transfer of the pollutants to soils, plants, animals,
and humans. Effects are considering on all receptors independently, and the most conservative
application is considered as a limit. As a specific example of the methodology a detailed analysis of
human health effects from Cd is illustrated. All pathways for the sludge-applied Cd to be transferred to
humans, and all processes in soils, plants, livestock, and humans which have been found to influence
the potential of Cd to injure humans were considered. Using appropriate data from field experiments,
the transfer of soil Cd to diets of individuals who might grow a high fraction of the garden vegetables
and fruits they consume were modelled. The model estimated that garden soils could reach 60 mg
Cd/kg before Highly Exposed Individuals (those who grow 59% of fruits and vegetables and 37% of
potatoes they consume for 50 years on a garden containing the maximum allowed cumulative Cd
application) would consume a lifetime average of 70 \ig Cd/day, the WHO and EPA recommended
maximum daily intake of Cd. Many sources of protection from Cd risk were identified, illustrating the
hidden protection within the analysis. Further, it is illustrated that no individual in the US may fit the
many criteria of the Highly Exposed Individual. From a technical perspective we find this analysis
correct and that all experimental evidence indicates that no individual would be harmed even if sludge
amended soils reached 60 mg Cd/kg.. However, from a philosophical argument (i.e. because soil Cd
has caused human Cd disease, and because pretreatment can restrict sludge Cd to at least as low as 1020 mg/kg) unrelated toriskwe consider it prudent public policy to restrict utilization of sludges with Cd
over these levels.
INTRODUCTION: Efforts toward rational assessments of risk associated with changes in soils are
frustrated by lack of adequate understanding of the dynamics of the interaction of the contaminant and
soil, as well as the underlying social ramifications associated with change. The basic concerns of soils,
ecology, and toxicology assure that few individuals possess the education and experience to address the
complex nature of the contaminants environmental and toxicological behavior from a technical
prospective. Vegter et al. (1988) argues that soil quality standards are normative statements describing
a "desired" quality and therefore, a political choice. Further, they state that unless the interpretation of
scientific investigations reflect some of the a-priori choices of the investigator (i.e. his feelings about a
good quality soil) it is unlikely to yield these values. However, Simms and Beckett (1987) argue that
assessing the effects and consequences of hazards from polluted soil can be based on proper
interpretation of sound scientific data and this information can be utilized to establish safe
concentrations. The core of this debate may be the utility of the scientific method, which operates by
constantly questioning what is known and leads to new information, but does not convey "good or
bad" values, or it may be an unwillingness to accept change. Either way the resolution of this argument
does not define what is known about soil quality and the spectrum of risk or the limits of scientific
understanding that exist Rather its continuation assures that misuse of science in formulation of public
policy will occur, as the decision makers without technical training fail to become informed on the
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technical issues and must rely on conflicting input from the technical community to formulate the
technical issues for input into their decision. Therefore, the decision makers are forced to rely on public
policy issues to develop their response. It is most certain however, that some decision will be made,
with or without technical input The obvious solution is to allow the technically trained person to be the
decision maker. However, his myopic view caused by a preoccupation with the technical perspective
results in an unwillingness to recognize that the basis for policy may be scientific, but as the laws and
regulations are developed, the focus moves away from science to public will. Further, the technically
trained individual's predilection for confidence in the answer is not balanced by the importance of the
question. Decisions which have great economic or social impacts, may require the technical advisors to
"get the right answer", but the need for the right technical answer dissipates when the economic or
social impacts are not critical. In fact it may be acceptable for the decision maker to know trends and
not values associated with a particular endpoint if the decision is not perceived as critical.
It must be recognized that the decision to allow anthropogenic changes in soil is a complex issue
involving technical as well as policy decisions and that the correct decision cannot be reached if the
technical and policy issues are not understood. It becomes apparent that the scientist must communicate
what is known along with what is not known and not allow non-scientific factors -- e.g., the regulatory
outcome — to influence the technical description. Then the informed public through its policy process
can determine what is "good or bad", how to meet regulatory objectives and/or serve political purposes.
At the sametimethe technically trained person as well as the policy maker must recognize that change is
inevitable and as members of society they have a responsibility to guide change in the way that society
dictates. If the scientist merges his "good or bad" values in his evaluation of the technical issues, the
decision is subverted; endlessly confusing rhetoric may result that does not allow the public to have an
informed opinion. At the very least the scientist should identify where science and policy have been
mixed rather than imply that it is all science.
Mindful of the aforementioned factors, a review of the Clean Water Act -503 methodology to assess the
risk from agricultural and nonagricultural land application and distribution and marketing of municipal
sewage sludge will be contrasted with the traditional approach of using the distribution of soil
background concentration to determine when a soil is polluted. As human exposure to environmental
Cd from ingestion of food produced on polluted soil (ie. CWA-503 pathway 2) is of primary concern it
will serve as a focus for the discussion.
TRADITIONAL EXAMPLE. The simplest approach to establishment of limits for pollutants in
soils requires evaluation of levels in soils and picking an endpomt (e.g., 95th %-ile) which should not
be exceeded. For example, if the distribution of soil Cd concentration from Holgmren et al. (1993)
were utilized as a basis for soil Cd limits, it becomes apparent that normal non-polluted soils span a
concentration range of several orders of magnitude. If the 95 * %-ile value is used as an endpoint, soils
above this value will be considered polluted and require special consideration prior to use by society.
This could be removal, remediation or extraordinary management with evaluation of crops produced.
This choice indicates that 5% of present soils comprise a risk to society, and therefore require special
care in their use. A comparison of this value with other evaluations of soil composition illustrates that
in four of the other six data sets, the mean/typical reported soil is polluted with Pb, and in one of the
data sets, the mean soil is polluted with Cd (Table 1).
It becomes apparent that the conclusions drawn by this approach have several short comings and may
require considerable intervention by society. Potential errors associated with the approach include
analytical errors as well as sampling errors, but the biggest would seem to be the basic assumption (eg.
that levels of composition within the normal range for unpolluted soils can be used as endpoints for
determining when a soil represents a threat to the ecology and/or to humans). Until an ecological and/or
human health dose response evaluation have been made and appropriate experiments conducted
illustrating the deleterious effect of levels of pollutants in soil, any endpoint chosen is arbitrary and
most likely incorrect Even with careful evaluation of all information on effects of pollutants in soil, the
endpoint will likely be in error, but will be closer to the truth than an arbitrary decision. It is only when
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we attempt to make these determinations that we can begin to understand the major issues in limiting
soil Cd, and when intervention needs to occur.
TABLE 1 COMPARISON OF SOIL COMPOSITION VALUES FROM VARIOUS
SOURCES
SOURCE

Cd

Zn

Holmgren et al, 1993

0.036
0.2
0.78
0.62
0.35
0.2
0.9
0.5

8.0
53
126
48
29.2
15
75
85
79

5 centile
50 centile
95 centile
Shacklett & Boemgen, 1984 mean
Ure & Berrow, 1982
mean
Sposito & Page, 1984
typical
Logan & Miller, 1983
mean
McGrath, 1986
mean
Davis & Paveley, 1985
mean

Cu
mg/kg.

3.8
18.5
94.9
17
59.8
50
19
18
16

Ni

Pb

4.1
18.2
56.8
13
25.8
30
18
21
16

4.0
11
23
16
33.7
50
19
48
73

CWA-503 METHODOLOGY. Under authority of Sections 405(d) and (e) of the Clean Water Act
as amended (33 U.S.C.A. 1251, et seq.), the Environmental Protection Agency (EPA) promulgated a
regulation to protect public health and the environment from any reasonably anticipated adverse effects
of certain pollutants that may be present in sewage sludge. The Standards for the Use or Disposal of
Sewage Sludge (40 CFR Pan 503) were published in the Federal Register (58 FR 9248) on February
19, 1993. The regulation establishes requirements for the final use or disposal of sewage sludge in
three circumstances. First, the regulation establishes requirements for sewage sludge when sewage
sludge is applied to the land for beneficial purposes. Second, the regulation establishes requirements
for sewage sludge when sewage sludge is disposed on land by placing it in surface disposal sites.
Third, the regulation establishes requirements for sewage sludge when sewage sludge is incinerated.
The standards for each end use or disposal practice consist of general requirements, numerical limits on
the pollutant concentrations in sewage sludge, management practices, operational standards, frequency
of monitoring requirements, recordkeeping requirements, and reporting. The purpose of this paper is
to present a summary of the risk assessment and policy decisions which led to the U.S. numerical limits
for beneficial utilization of sewage sludge on land.
The overall approach utilized for development of sludge pollutant loading limits consisted of the
following general components:
• Delineation of pollutants of concern in sewage sludge.
• Identification of potential pathways for exposure and receptors (humans, soil biota, plants, and
animals) to these pollutants through land application of sewage sludge.
• Identification of effect endpoints (dose-response relationships) for the receptors and pollutants of
concern.
• For each exposure pathway and each pollutant, determine the level of pollutant in the soil which
would protect the highly exposed individual/receptor (HEI) from adverse effects.
• Determine maximum acceptable loading rate of each pollutant based on the most limiting value for
all evaluated pathways.
• From the maximum acceptable loading rates and the sludge concentration distribution of the
National Sewage Sludge Survey (NSSS), the pollutant limits (cumulative soil pollutant application
limit and maximum allowed sludge pollutant concentration) for the CWA-503 Rule were
determined.
Pollutant evaluated. The EPA Office of Science and Technology (OST) began by identify
pollutants that may pose health or environmental hazards when sewage sludge is used or disposed. To
develop this list of pollutants of concern, the following variables were considered: frequency of
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occurrence, aquatic toxicity, phytotoxicity, human health effects, domestic and wildlife effects, and
plant uptake. Originally, four use or disposal practices were identified: land application, landfilling
(now called surface disposal), incineration, and ocean dumping. Experts, who were given broad
latitude in determining which pollutants to evaluate, met during 1984. They evaluated the potential
pollutants of concern for each use or disposal practice by answering the following questions:
• For which pollutants are there sufficient data indicating that such pollutants present a potential
hazard if used or disposed by the practice in question?
• For which pollutants are there sufficient data indicating that such pollutants do not present a
potential hazard or problem to human health or the environment?
• For which pollutants are there insufficient data to make a conclusive recommendation concerning
potential hazard?
Based on the experts' recommendations, 50 pollutants were identified for further analysis.
Additionally, the experts designated which environmental exposure pathways were of concern for each
pollutant. For land application, 10 environmental pathways and 31 pollutants of concern were
identified. From further evaluations an environmental profile, consisted of two sections: a compilation
of data on toxicity, occurrence, and fate and effects for the pollutant; and an evaluation of the hazard
specific to the environmental pathways for the use or disposal practice of concern was developed for
each pollutant (EPA, 1985).
In the final regulatory effort fourteen organic pollutants and 10 inorganic pollutants were evaluated in
the land application Part 503riskassessment. They include the pollutants identified in EPA 1985 plus
two additional organic pollutants:
Aldrin/dieldrin (total)
Arsenic
Benzene
Cadmium
Benzo(a)pyrene
Chromium
Bis(2-ethylhexyl)phthalate
Copper
Chlordane
Lead
DDT/DDE/DDD (total)
Mercury
Heptachlor
Molybdenum
Hexachlorobenzene
Nickel
Hexachlorobutadiene
Selenium
Lindane
Zinc
N-NitrosocUmethylamine
Polychlorinated biphenyls
Toxaphene
Trichloroethylene
Subsequent to the completion of theriskassessment, the organic pollutants were deleted from Part 503.
The justification for the deletion of those pollutants is presented in Appendix B in the Technical Support
Document for Land Application of Sewage Sludge and states: " For an organic pollutant to be deleted
from the regulation for a particular use or disposal practice, one of the following three criteria had to be
satisfied.
1. The pollutant has been banned for use in the United States; has restricted use in the United States:
or is not manufactured for use in the United States.
2. Based on the results of the National Sewage Sludge Survey (NSSS), the pollutant has a low
percent detection in sewage sludge.
3. Based on data from the NSSS, the limit for an organic pollutant in the Part 503 exposure
assessment by use or disposal practice is not expected to be exceeded in sewage sludge that is used
or disposed."
Exposure pathways. For the Part 503 land application risk assessment, 14 pathways of exposure
were considered. They include the 10 pathwaysfromEPA 1985 plus 4 additionally pathways that have
since been developed. Not all of the 14 pathways were evaluated for each pollutant. This resulted
because preliminary analysis indicated the pathway was not critical for the compound and/or data
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needed to make the calculation was not available. For example, only the organic pollutants were
evaluated by the vapor pathway (i.e. #13).
A separate risk assessment was conducted for certain pathways for managed lands (eg., agricultural
land (includes pasture and range land), lawns, and home gardens) and for unmanaged lands (eg.,
forests and reclamation sites). Not every pathway was evaluated for each type of land. For example,
the soil ingestion pathway (Pathway 3) was not evaluated for unmanaged land because children are not
expected to be exposed for a long period to sewage sludge applied to that type of land.
The 14 pathways are:
Pathways

Description of the MEI

1: Sludge - Soil - Plant - Human
2: Sludge - Soil - Plant - Human

Consumers in regions heavily affected by landspreading of sludge.
Farmland converted to residential home garden use 5 years after
reaching maximum sludge application.
Farmland converted to residential use 5 years after reaching
maximum sludge application with children ingesting soil.
Households producing a major portion of their dietary consumption
of animal products on sludge-amended soil.
Households consuming livestock that ingests soil while grazing.
Livestock ingesting food or feed crops.
Grazing livestock ingesting soil.
Crops grown on sludge-amended soil.
Soil biota living in sludge-amended soil.
Animals eating soil biota.
Tractor operator exposed to dust
Water Quality Criteria and human eatingfishand drinking water.
Humans breathing fumes from volatile pollutants in sludge.
Humans drinking water from wells.

3: Sludge - Soil - Human
4: Sludge - Soil - Plant - Animal - Human
5:Sludge - Soil - Animal - Human
6: Sludge - Soil - Plant - Animal
7: Sludge - Soil - Animal
8: Sludge - Soil - Plant
9: Sludge - Soil - Soil -biota
10: Sludge - Soil - Soil-biota - Predator
11: Sludge - Soil - Airborne dust - Human
12: Sludge - Soil - Surface water-Fish and Human
13: Sludge - Soil - Air - Human
14: Sludge - Soil - Ground water - Human

Health and environmental endpoints. Evaluating dose-response data involves quantitatively
characterizing the connection between exposure to a chemical (measured in terms of quantity and
duration) and the extent of toxic injury or disease. Most dose-response relationships are estimated
based on animal studies, because even good epidemiological studies rarely have reliable information on
exposure. Therefore, this discussion focuses primarily on dose-response evaluations based on animal
data.
There are two general approaches to dose-response evaluation, depending on whether the health effects
are based on threshold or nonthreshold characteristics of the chemical. In this context, thresholds refer
to exposure levels below which no adverse health effects occur. For effects that involve altering genetic
material (including carcinogenicity and mutagenicity), the Agency's position is that effects occur at very
low doses; therefore, they are modeled with a no threshold assumption. For most other biological
effects, it is usually (but not always) assumed that "threshold" levels exist
For nonthreshold effects, the key assumption is that the dose-response curve for such chemicals
exhibiting these effects in the human population, achieves zero risk only at zero dose. A mathematical
model is used to extrapolate response data from doses in the observed (experimental) range to response
estimates in the low-dose ranges. Several mathematical models have been developed to estimate
low-dose risks from high-dose experimental risks. Each model is based on general theories of
carcinogenesis rather than on data for specific chemicals. The choice of extrapolation model can have a
significant impact on the dose-response estimate. For this reason, the Agency's cancer assessment
guidelines recommend the use of the multistage model, which yields estimates of risk that are
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conservative, representing a plausible upper limit of risk. With this approach, the estimate of risk is not
likely to be lower than the true risk (Federal Register, 1986).
The potency value, referred to by the Carcinogenic Assessment Group as qi*, is the quantitative
expression derived from the linearized multistage model that gives a plausible upper-bound estimate to
the slope of the dose-response curve in the low-dose range. The qi* is expressed in terms of
risk-per-dose, and has units of (mg/kg'day)-1. EPA's qi* values can be found in the Integrated Risk
Information System (IRIS), accessible through the National Library of Medicine.
Dose-response relationships are assumed to exhibit threshold effects for systemic toxicants or other
compounds exhibiting noncarcinogenic, nonmutagenic health effects. Dose-response evaluations for
substances exhibiting threshold responses involve calculating what is known as the Reference Dose
(oral exposure) or Reference Concentration (inhalation exposure), abbreviated to RfD and RfC,
respectively. This measure is used as a threshold level for critical noncancer effects below which a
significant risk of adverse effects is not expected. The RfDs and RfCs developed by EPA can be found
in IRIS.
The RfD/RfC methodology uses four experimental levels: No Observed Effect Level (NOEL), No
Observed Adverse Effect Level (NOAEL), Lowest Observed Effect Level (LOEL), or Lowest Observed
Adverse Effect Level (LOAEL). Each level is stated in mg/kg body weighfday, and all the levels are
derived from laboratory animal and/or human epidemiology data. When the appropriate level is
determined, it is then divided by an appropriate uncertainty (safety) factor. The magnitude of safety
factors varies according to the nature and quality of the data from which the NOAEL or LOAEL is
derived. The safety factors, ranging from 10 to 10,000, are used to extrapolate from acute to chronic
effects, interspecies sensitivity, and variation in sensitivity in human populations (Barnes and Dourson,
1988). They are also used to extrapolate from a LOAEL to a NOAEL. Ideally, for all threshold effects,
a set of route-specific and effect-specific thresholds should be developed. If information is available for
only one route of exposure, this value is used in a route-to-route extrapolation to estimate the
appropriate threshold.
The risk reference dose (RfD) utilized as an exposure endpoint for the noncarcinogenic inorganic
pollutants in the pathway analysis is the daily intake of a chemical which, during an entire lifetime, is
without appreciable risk on the basis of all the known facts. It is apparent that this value is developed to
protect the most susceptible members of the population and thus allows greater protection for the
majority of the population. Further, it must be recognized that these health endpoints as utilized in this
analysis require a chronic lifetime (50-70 year) exposure for the population at risk
In the case of environmental endpoints for plants, animals and soil biota, the methodologies are not as
well developed. However an attempt was made to be just as conservative in their selection as was done
for humans. The length of exposure required with these was again the lifetime of the receptor (eg.
growing season in the case of annual plants).
Exposure. Exposure evaluation uses data concerning the nature and size of the population exposed to
a substance, the route of exposure (i.e., oral, inhalation, dermal), the extent of exposure (concentration
times time), and the circumstances of exposure.
There are two ways of estimating environmental exposure concentrations:
• Direcdy measuring levels of chemicals (monitoring)
• Using mathematical models to predict concentrations (modeling)
The data that provide the most accurate information about exposure, and the population that is exposed,
come from monitoring the population and their environment. However, such measurements are
expensive and are often limited geographically. The best use of such data is to calibrate mathematical
models that can be more widely applied. Estimating concentrations using mathematical models must
account not only for physical and chemical properties related to fate and transport, but must also
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document mathematical properties (e.g., analytical integration versus statistical approach), spatial
properties (e.g., one, two, or three dimensions), and time properties (steady-state versus
nonsteady-state).
Selecting a model for a given situation from the numerous models on fate, transport, and dispersion
depends on the following criteria: capability of the model to account for important transport,
transformation, and transfer mechanisms; fit of the model to site-specific and substance-specific
parameters; data requirements of the model, compared to availability and reliability of off-site
information; and the form and content of the model output that allow it to address important questions
regarding human or environmental exposures. To the extent possible, selection of the appropriate fate
and transport model should follow guidelines specified for particular media where available; for
example, the Guidelines on Air Quality Models (EPA, 1986).
In the case of the modeling approach, it is important that a causal link between the population and
exposure be established and, ideally, an analysis of population exposure would be necessary.
Population analysis involves describing the size and characteristics (e.g., age/sex distribution), location
(e.g., workplace), and habits (e.g., food consumption) of potentially exposed human and nonhuman
populations.
In defining exposure, the highly exposed individual (HEI) is of critical importance. A HEI is the
human, plant or animal that represents a living organism that, because of individual circumstances, has
the maximum exposure to a given contaminant for a particular disposal practice. While this concept
seems simple, it presents severe methodological problems to a risk assessment Risk assessment is
fundamentally a probabilistic analysis dealing with a random variable. Traditionally, risk assessment
has dealt with two extreme ends of the risk scale. One is the low probability-high consequence risk
(e.g., nuclear reactor meltdown). The other is the high probability-low consequence risk (e.g., car
accidents). The HEI approach which is utilized by the Agency represents another extreme, namely a
low probability-low consequence risk. That is, the probability that an HEI as defined actually exists is
certainly very small, and it may approach zero. Additionally,
the health consequence based on Agency
policy, if this hypothetical person (HEI) does exist, is lO-4, or less for carcinogenic chemicals or no
greater than the RfD for nohcarcinogenic chemicals (i.e. are designed to protect the sensitive individual
from harm). It is possible to discuss the upper 99th percentile (or 90th or 95th), but an improperly
defined HEI (the individual with the greatest exposure) is a concept without statistical relevance and
represents a bounding estimate whose exposure is irrelevant When multiple worst case assumptions
about the HEI are made, do they lead to the 95th percentile, the 99th percentile, the 99.99999th
percentile? At some point, which is a function of the size of the exposed population, there are no
individuals left in the exposed (HEI) population. Thus, exposure to this undefinable group is irrelevant
as no one is at risk. Therefore, the HEI must be defined and corresponds to a very small, but
statistically meaningful, percentage of the population before it is appropriate to create algorithms to
attempt to quantify its exposure. Thus, information on the exposed population becomes critical as well
as information on chemical concentration andtimeof contact data (duration of exposure) in completing
the objective of exposure assessment (EPA, 1991).
In the 503 risk analysis, population size was a function of the pathway and was not easily calculated.
However, as the exposure pathways were designed to evaluate the Highly Exposed Individual (HEI), it
would be assumed that they represent a small part of the population and that the exposure to the general
population would be much less.
Conversion from application rate to sludge concentration. For the land application risk
assessment the limits were presented in units of mass loading (kg/ha), except for Pathways 3,5, and 7,
which were concentration based. In order to develop pollutant concentration in sewage sludge (mg/kg)
from the cumulative pollutant loading rate (kg/ha) it was assumed that the sewage sludge was applied at
a rate of 10 Mt/ha per year for 100 years (i.e. 1000 Mt/ha of sewage sludge had been applied). It is
important to recognize that the sametimeframewill be required before the exposure will be as high as
estimated.
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Pollutant concentration limit. The Agency established the pollutant concentration limit (PCL)
(NOAEL sludge) by using the lower of two numbers, the risk assessment derived pollutant sludge
concentration or the National Sewage Sludge Survey (NSSS) 99th %-ile concentration (i.e. 99% of the
sewage sludges are lower in concentration). Further, the Agency established a Ceiling Concentration
for each pollutant by using the higher of the risk assessment derived pollutant sludge concentration or
the (NSSS) 99th %-ile concentration. These ceiling concentrations were established to prevent land
application of sewage sludges containing high concentration of pollutants, and to prevent "backsliding"
of pretreatment programs.
CWA-503 EXAMPLE. Pathway 2 (sludge-soil-plant-human toxicity) assumes that sludge
pollutants are taken up from the soil through plant roots. Direct adherence of sludge or soil to crop
surfaces is assumed to be niinimal, and the small amounts of pollutants on the plant's surface are
presumably washed off before consumption. The HEI for this pathway is the home gardener who
produces a large portion of his dietary consumption of the plant food groups (potatoes, leafy
vegetables, root crops, garden fruits, nondried legumes, and sweet corn) on sludge-amended soils
which are at the maximum cumulative application. Further, it is assumed that this practice is carried out
for his lifetime. For inorganics, a cumulative reference application rate (RP in kg/ha) is calculated
according to the following equation (EPA, 1989):

RP =

RfD x BW
TBI
X 10 3
RE
X,Uq x DC; x FC.

where:
RP
RfD
BW
TB
RE
10 3
UCj
DCi
FCj

=
=
=
=
=
=
=
=
=

reference (allowed cumulative) application rate of contaminant (kg/ha)
reference dose (mg/kg«day)
human body weight (kg)
total background intake rate of contaminant (mg/day)
relative effectiveness of ingestion exposure (unitless)
conversion factor (ug/mg)
uptake response slope for the food group i (M-g/g DW)[kg/ha]-i
daily dietary consumption of the food group i (g DW/day)
fraction of food group i assumed to originate from sludge-amended soil
(unitless)

Although not expressed in this equation, duration of exposure (DA) and exposure averaging time (AT)
are implied. As the human health endpoint (RfD) is for chronic lifetime exposure for the inorganics DA
and AT must also be considered as lifetime values. Further, the soil has to be at the maximum
cumulative application rate for the entire exposure period.
By assuming that the sludge is mixed into the plow layer of the soil, RP can be converted to a soil
concentration (RLQ by the following equation:
RP
RLC = MS x 1 0 - 9
where:
RLC
RP
MS
10-9

=
=
=
-

reference (allowed cumulative) soil concentration of contaminant (|ig/gDW)
reference application rate of contaminant (kg/ha)
2x10' g/ha = assumed mass of soil in upper 15 cm
conversion factor (kg/^g)
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The variables in the equation utilized to calculate RP can be classified as dose (RfD) or exposure
variables (all others). The risk reference dose (RfD) utilized in pathway 2 require a dietary intake of a
pollutant as a measure of the potential for adverse effects. The Food and Agricultural Organization and
the World Health Organization have defined ADI (acceptable daily intake) as "the daüy intake of a
chemical which, during an entire lifetime, appears to be without appreciable risk on the basis of all the
known facts at the time. It is expressed in milligrams of the chemical per kilogram of body weight
(mg/kg)" (Lu, 1983). It is apparent that this value is developed to protect the more susceptible
members of the population and thus allows greater protection for the majority of the population (Ryan
et.al.,1982; EPA.1988; Barnes and Dourson, 1988). The Agency prefers the term reference dose
(RfD) to avoid the connotation of acceptability. Doses less than the RfD are not likely to be associated
with adverse health risks, and are therefore, less likely to be a regulatory concern. As frequency and/or
magnitude of the exposures exceeding the RfD increases, the probability of adverse effects in the
exposed population increases and therefore becomes of regulatory concern (Hallenbeck and
Cunningham, 1986; EPA., 1988; Barnes and Dourson, 1988). Thus, the calculated RP represents the
maximum allowable application of pollutants in sludge to land before exposure to the HEI has reached a
level of regulatory concern.
Dose. The RfD for Cd (0.001 mg Cd/kg body weighfday or 0.070 mg Cd/70kg body weight*day)
utilized in this assessment has some conservative assumptions associated with its calculation (Ryan,
1982; Chaney and Ryan, 1986; and Chaney and Ryan 1994). The RfD includes a safety factor of about
4-fold, and is designed to protect sensitive individuals. These include the values used to evaluate Cd
induced kidney health effects (urinary (^-microglobulin level associated with proximal tubular
proteinuria) and human Cd adsorption. The best model for allowable Cd intake (Kjellstrom and
Nordberg, 1978) estimated over 400 |ig Cd could be ingested daily for a lifetime without causing
tubular proteinuria. The errors identified indicate that daily intake could exceed 1000 |ig for a lifetime
without injury. Even the malnourished peasant rice farmer in Japan could ingest 200 (ig/day without
Cd health effects (Nogawa et al., 1987). Thus, the use of the current accepted RfD value for Cd is
conservative and could be increased by a factor of 10 without alarm. However, for this evaluation the
conservative 0.001 mg Cd/kg body weight-day is used.
Body Weight. As defined by EPA's Cancer Assessment Group, lifetime exposures for adults are
estimated for a 70 kg adult, which is considered the standard body weight of an adult male (EPA,
1990). Since conservative assumptions are used in determining the values for most of the variables in
this risk assessment, more realistic standards for regulating the expected conditions will be produced by
using standard values for this parameter.
Relative Effectiveness of Dose (RE). Relative effectiveness of ingestion exposure (RE) is a
unitless factor that accounts for the differences in the toxicological effectiveness of the source. These
differences include bioavailability associated with the exposure medium (water versus food), as well as
differences in absorption caused by differences in the route of exposure (inhalation versus ingestion).
Differences in absorption between the routes of inhalation and ingestion can significantly influence: the
quantity of a chemical that reaches a particular targettissue;the length of time it takes to get there; and
the degree and duration of the effect For example, carbon tetrachloride and chloroform were estimated
to be 40 percent and 65 percent as effective, respectively, by inhalation as by ingestion, based on
absorption differences (EPA, 1984).
In addition to route differences, RE can also reflect differences in bioavailability associated with the
exposure matrix. For example, absorption of nickel ingested in water has been estimated to be five
times that of nickel ingested in diet (EPA, 1985). RE also reflects changes in chemical speciation of the
element in the food and changes in absorption caused by the simultaneous presence of other chemicals.
An RE factor should be applied only where well-documented/referenced information is available on the
pollutant's observed relative effectiveness, or its pharmacokinetics. As excessive Cd adsorption is
associated with malnutrition and diets low in Ca, Fe, and Zn (Fox,1988), it is difficult to envision that
the home gardener population would contain individuals who are at risk from high Cd adsorption.

542

Rather persons who consume large amounts of garden vegetables have good diets and are unlikely to be
the sensitive population at risk for dietary Cd. For a fuller discussion of this issue see Chaney and
Ryan, 1994. Thus, the RE for this pathway should be less than 1; however, to be conservative, the
value of 1 was used by US-EPA (1993).
Total Background Intake (TBI). Humans are exposed to pollutants found in sewage sludge
(e.g., cadmium, volatile organic compounds), even if no sewage sludge is applied to agricultural land.
These sources include background levels (natural and/or anthropogenic) in drinking water, food, and
air. The total background intake (TBI) rate of pollutant from all other sources of exposure should be a
summed total of all toxicologically effective intakes from all exposures not related to sewage sludge.
When TBI is subtracted from the weight-adjusted RfD, the remainder defines the increment that can
result from sewage sludge use or disposal without exceeding the threshold. Since conservative
assumptions are used in determining the values for most of the variables in this risk assessment, more
realistic standards for regulating the expected conditions will be produced by using average values for
this parameter. In the case of Cd the value of 0.01614 mg Cd/day was used (EPA 1993).
Dietary Consumntion (DO. The use of dietary exposure information for chronic exposure
situations requires an integration of short term dietary information over time or lifetime dietary
information. The most detailed sources of dietary information include the U.S. Department of
Agriculture (USDA) Nationwide Food Consumption Survey 1977-78 (NFCS), and the Second
National Health and Nutrition Examination Survey, 1976-1980 (NHANES II) which are both short
term dietary information. Pennington (1983) used both of these sources to calculate food consumption
rates for eight age/sex groups, ranging in age from infancy to 65 years. Because Pennington's work is
the most recent and the best documented evaluation of dietary intake, it is considered to be the best
available information. The list provides average, fresh-weight consumption data for over 234 foods
(201 adult foods and 33 infant/junior foods). Although the Pennington (1983) food list provides a very
detailed picture of the human diet, it cannot be used in its published form for risk assessments of the
present type, because the food items listed are complex prepared foods (such as soup, pizza), rather
than the raw commodities (such as vegetables, meats) for which contaminant uptake data are available.
Therefore, to predict the impact of sewage sludge application using available plant uptake data, the
complex diet must be reorganized to determine the respective amounts of these raw commodities that are
consumed.
Previous efforts have been made to reorganize dietary information into food groups. In 1981, the U.S.
EPA Office of Solid Waste (OSW) proposed an approach that grouped the 201 adult foods into the 12
dietary categories (used in the previous FDA Total Diet Study food list) to estimate the amount of
cadmium in the typical U.S. diet. However, the individual foods in the 12 categories are not broken
down according to their contents (e.g., beef and vegetable stew was listed in the "meat, fish, and
poultry" group). In addition, some of the listed items consist largely of added water, such as canned,
reconstituted bouillon (also listed under "meat, fish, and poultry"). Therefore, the resulting
consumption values for each food still did not reflect the raw commodities.
A second approach was presented in the draft Air Quality Criteria Document for Lead (EPA, 1984).
Here, many of the individual foods from the Pennington (1983) diet were fractionally apportioned into
different food groups. For example, the food item "pancakes" was apportioned as follows: 60 percent
food crops, 10 percent dairy, and 30 percent meat, representing the contribution from grains and milk
and eggs, respectively. However, the number of food groups employed was too few for use with the
present methodology; that is, all crops were lumped into a single category. In addition, the
apportionments were made not on the basis of weight of each ingredient as desired for this analysis, but
on the basis of the amount of lead in each ingredient
Therefore, a new analysis of the Pennington (1983) diet was required for this methodology. EPA
converted the list into amounts of unprocessed commodities consumed (EPA, 1989). The percentages
of dry matter and fat for each component were also listed. These components were then aggregated into
the specific commodity groups required for this methodology.
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The Proposed Rule (EPA, 1989) used the highest food consumption group to represent the diet of
individuals from birth to age 70 (Mega Eater). This means that the diet of the teenage male (14-16 yrs)
was used for the food groups: grain, potatoes, root vegetables, dairy, and dairy fat. The diet of the
adult female (25-30 yrs) was used to represent the food groups: lamb and lamb fat The diet of the
adult male (25-30 yrs) was used to represent the food groups: legume vegetables, garden fruit, beef,
pork, poultry, beef fat, poultry fat, and pork fat. The diet of the adult female (60-65 yrs) was used to
represent the food group leafy vegetables. The diet of the adult male (60-65 yrs) was used to represent
the food groups: beef liver, eggs, and beef liver fat This results in an over estimate of dietary
consumption (DC) during a 70 year life time. As illustrated by the comments received, this assumption
was viewed as a bounding estimate for exposure making it impossible to define the exposed population;
thus leading to the conclusion that the exposed population did not exist (W-170,1989).
To develop a more reasonable exposure model, we started with the Pennington (1983) revision of the
total diet study as modified by EPA (1989), averaged the dietary consumption rates across sex in the
14-16, 25-30, and 60-65 age categories and calculated the Estimated Lifetime Average Daily Food
Intake (EPA 1993). Since the data did not cover all possible ages from infancy to 70 years, the age
categories were expanded. To do this, the intake data for infants 6 to 11 months old were used to
represent all infants less than 1 year old; the data for 2-year-olds were used to represent the intake of 1to 5-year-olds; the intake data for ages 14 to 16 were used to represent the intake of 14- to 19-year-olds;
for ages 6 to 13 years, intake was arbitrarily set equal to the average of that for the 1- to 5-year-olds and
the 14- to 19-year-olds; the intake data for 25- to 30-year-olds were used to represent the intake of 20to 44-year-olds; and the intake data for 60- to 65-year-olds were used to represent the intake for 45- to
70-year-olds. The resulting numbers were used to calculate a weighted average intake for each food
group over a lifetime. This weighted average is called the Estimated Lifetime Average Daily Food
Intake (EPA 1993).
The use of the estimated lifetime vs the mega eater diet results in a difference in daily consumption rate
of 52-75% depending on food group and an RP 1.4 times greater than the mega eater (Ryan and
Chaney, 1993). Thus, they conclude that the use of the lifetime DC should be encouraged as it is
logical from the duration of exposure perspective and from a population perspective. Further, as
extrapolation of short term exposure data to estimate long term exposure results in an overestimate of
the true exposure (EPA, 1991) the calculated lifetime DC value which is based on short term dietary
data must be considered a over estimation (conservative estimate) of the true lifetime consumption
value.
Fraction of Food Produced (FC). The subsistence gardener is assumed to produce 37% of his
lifetime consumption of potatoes, 0.43% of his lifetime consumption of flour and cereal and 59% of his
lifetime consumption of all other food groups (leafy vegetables, root crops, garden fruits, nondried
legumes, and sweet corn). As discussed below in the HEI section, changes in the fraction of food
originating from sludge-amended soil (FC) alter the size of the exposed population (HEI) and these
conservative assumptions make for a small number of people within the defined HEI population.
Additionally, changes in this FC have a significant effect on RLC (Figure 1). As illustrated, increases
in FC above 60% have little impact on RLC, whereas reductions in FC lead to large changes in RLC.
Therefore, the 60% FC represent a high end value. An issue which is not apparent is the requirement
that a 60% FC makes the HEI an upper bond estimate of both the population and exposure and may be
an unreasonable requirement (Table 2). Some 49% (0.2115/0.4334) of the HEI's increased exposure
results from leafy vegetables. Leafy vegetables are consumed in a fresh state and it is not possible to
produce them throughout the year, except in extreme situations. Most gardeners are lucky to harvest a
few weeks production, which means that they might have garden produced leafy vegetables for one
month each year. They certainly would not harvest 60% of their yearly consumption during this time
period. Assuming that the gardener may obtain 10% of his leafy vegetables from his home garden, and
allowing 60% for the other food groups, the calculated RP becomes 250 kg/ha rather than 145 kg/ha
(Ryan and Chaney, 1993) . Thus, this failure to consider the maximum practical fraction of leafy
vegetables a gardener can produce allows significant overestimation of both the size of the exposed
population and their exposure. Approximately a factor of 2 (250/145) overestimation of exposure.
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Plant Response ( I I P . Many different kinds of studies have been conducted to determine the
relationship between concentration of metal in the growth medium and plant uptake of that metal.
Studies have been conducted in the field or in pots, and with different forms of metal—metal salts,
metal salt-amended sludges, and nonamended sludges (Logan and Chaney, 1983; Page et al., 1987).
Depending on the study design, widely divergent plant uptake has been observed. Thesefindingsrelate
to the differences between salts and sludge, and between growing plants in pots and growing them in
the field (Chaney and Ryan, 1993). One of the strongest comments the Agency received on their 1989
proposed rule was that data sets were flawed in that they did not utilize field data.(W-170,1989).
FIGURE 1. CHANGE IN FRACTION OF FOOD PRODUCED ON SLUDGE
AMENDED SOIL vs SLUDGE/SOIL Cd CONCENTRATION (RLC) WHERE PLANT
RESPONSE (UC) EQUALS THE GEOMETRIC MEAN OF ALL DATA.
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TABLE 2 EXAMPLE CALCULATION OF RLC FOR Cd BY THE 503
METHODOLOGY
FOOD GROUP
POTATOES
LEAFY VEGETABLE
NONDRIED LEGUME
ROOT VEGETABLE
GARDEN FRUIT
CORN
GRAIN & CEREAL

UC

DC

FC

0.0040 15.60
0.3700
0.1820 1.97
0.5900
0.0016 3.22
0.5900
0.0320 1.59
0.5900
0.0450 4.15
0.5900
0.0586 1.60
0.5900
0.018 89.08
0.0043
TOTAL

UCXDCXFC
0.0231
0.2115
0.0031
0.0233
0.1102
0.0553
0.0069
0.4334

RfD
TBI
RE
BW

= 0.001
= 0.016
= 1.00
= 70.0

RIA = 53.9
RLC = 62.2

To select the input data for UC, the data collected for the previous EPA risk assessment for the land
application of sewage sludge (U.S. EPA, 1989) were reviewed and edited. First, all references for the
data base were obtained and secondary references were replaced with primary references where
possible. Next, the data in the papers were checked against the tabulated data, and changes were made
as needed. Then missing or misleading information was noted with each tabular citation as needed.
These corrected data were used to calculate new uptake slopes and the corrected data base was
supplemented with additional data from the literature.
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Sources from which the data were extracted presented the sewage sludge metal loadings in a variety of
ways, making it difficult to calculate uptake slopes in a systematic manner. For example, some studies
gave the sewage sludge loading rate and a metal analysis of the sewage sludge, making it necessary to
calculate the metal-loading rate (kg/ha). Other studies provided soil metal concentrations, in which
case the depth to which sewage sludge was incorporated had to be assumed to calculate an effective
metal-loading rate. Some studies did not provide the metal concentration in the control plot (i.e., the
plot on which sewage sludge was not applied). In this case, an average background level for that
metal was assumed. To address these differences in the data sources, the following procedures for
extracting data, converting it, and calculating uptake slopes were followed:
1. Once a reference was obtained, a full reference citation was recorded and the pertinent data
were extracted.
2. Ancillary data, such as plant type, soil pH, type of sewage sludge, and application rates, were
recorded.
3. If sewage sludge cumulative application and sewage sludge metal concentration data were
given, the cumulative Cd application rate (kg/ha) was calculated by the formula:
Metal applied (kg/ha) = Sewage sludge cumulative application (mt DW/ha) • sewage sludge
metal concentration (mg/kg) • 10-3
4. If the metal concentration in soil was given, the metal application rate (kg/ha) was calculated
from the formula:
Metal applied (kg/ha) = soil metal concentration (mg/kg) • 2 (conversion factor)
(The conversion factor was based on the assumption that the soil in which the sewage sludge is
incorporated weighs 2,000 mt DW/ha based on an assumed average bulk density of 1.33 g/cm3
and a soil incorporation depth of 15 cm.)
5.. The plant uptake slope was calculated for each study. For studies in which multiple application
rates and tissue concentrations were given, the slope was determined by least squares linear
regression. For studies in which one metal application rate and one plant tissue concentration
were given the uptake slope is:
Increased tissue concentration (mg-pollutant/kg-planttissueDW)
UC=
Metal application rate (kg/ha)
6. Where calculated uptake slopes were negative or less than 0.001, the value of the slope was set
equal to 0.001 as a conservative default.
All of the studies in the data base were placed in one of three categories:
• Type A Studies— Studies conducted in the field with sewage sludge.
• Type B Studies— All other studies conducted with sewage sludge. These include field
studies with sewage sludge spiked with additional metals; and greenhouse studies in which the
plants were grown in pots, not in thefield(referred to in this document as pot studies).
• Type C Studies— All other studies. These studies are primarily those with metal salts or
metal-polluted soils, or mine tailings.
Data derived from sewage sludge applications in the field (Type A Studies) are most appropriate for
use in risk assessments because they most resemble the conditions being regulated. Therefore, field
data were used when available. In all but three cases, the exposure assessment was based entirely on
Type A studies. Data from Type B sewage sludge pot studies were used for mercury and selenium.
Type C data were used for arsenic for all food groups except leafy vegetables, for which Type A data
were available. Although preference was given to sewage sludge studies conducted in the field with
multiple rates and multiple years of application, the limited data base for most pollutants required that
all Type A studies be considered, regardless of duration.
In this effort to develop the data set for UC there are at least four factors that bias the data set (Ryan
and Chaney, 1993). From their discussion it is apparent that the two assumptions [lower bounding
estimate (plant response slope of 0.001 for all non responsive data) and simple linear regression of the
response curve)] and two variables (sludge composition and sludge equilibrium) inclusion in the data
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set of UC indicate that the desired data set for UC has been overestimated. They concluded it was
apparent that even though the previous error caused by utilization of salt pot studies had been
eliminated in the development of the present UC data set, data uncertainties cause the revised UC data
set to overestimate the true long term data set needed for this present analysis. Further, they stated it
was not possible to determine how large an overestimation these conservative approaches cause, but
the new 503 data set may represent upper bound estimates.
With this conservatism built into the 503 data set, it is apparent that any statistical representation of the
data set will also yield a conservative estimate. As the UC data set for any food group appears to
represent a log normal distribution (Figure 2), it is the geometric mean which best represents the
distribution. The arithmetic mean would be more conservative as it generates a larger estimate of UC
(some 80% of the observed values are lower than the arithmetic mean), but as the data within the 503
data set are already conservative estimates of the true values needed for this assessment, our opinion
was that using the arithmetic mean would require adding another layer of conservatism on the already
conservative data set Further, as the exposure is considered to be for a population rather than an
individual the geometric mean is a more appropriate estimate of exposure. Therefore, the use of a
more conservative estimate of the distribution would not appear to be justified and the geometric mean
was used. This may appear to say that the UC value in the exposure assessment is a mid range value
but as discussed it could be considered a bounding estimate (Ryan and Chaney, 1993).
FIGURE 2 PLANT RESPONSE (UC) DISTRIBUTION FOR LEAFY VEGETABLES
FROM THE 503 DATA SET. (EPA,1993)
100
U

10i

a
w
z
o
oW
CO

H
Z
<!
-4
a.

.01
13

.001

—i—

20

80
100
40
60
PERCENTILE
The choices for UC (highest observed, geometric mean of acid soil conditions, geometric mean of
neutral soil conditions, and geometric mean of all possible conditions) has been debated and continue
to be debated. The use of these different UC's and a 60% FC in the calculation of RLC for Cd result
in a range of values from 3 to 115 mg/kg (Ryan and Chaney, 1993). The use of the highest observed
UC would assure safety, but would be a difficult position to defend. Assuming that the UC values for
each of the food groups utilized is independent
the probability of each having the highest UC at the
same time (i.e. in any year) is, 2 x 10-8, and for this to occur 70 times in a row (to account for DA) is
even less likely. Thus this exposure is an upper bound estimate, of a conservative data set. The next
most conservative assumption would be that of the acid garden scenario, which utilizes only the UC's
from experiments with pH < 6.0. At this time there is no information to allow for a probability of
occurrence of continuous production on acid soils
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Of all the soil variables which have been reported to affect plant uptake of sludge applied metals
(organic matter content, cation exchange capacity, soil texture, pH, etc.) only pH has been shown to
have a consistent significant effect (Page et al., 1987). This variation of UC as a function of soil pH is
illustrated for the leafy vegetable food group from the 503 data set (Figure 3). Within the UC 503 data
set (all food groups) the observations on systems with a pH < 6.0 comprised 40% of the total data set
and varied from 15 to 55 % of the observations within a food group. Further a comparison of the soil
pH distribution in the 503 data set with that of normal agricultural soils would imply they were
equivalent (Figure 4). Thus it is apparent that the acid soil system is well represented within the data
set
FIGURE 3 SOIL pH vs PLANT RESPONSE (UC) FOR LEAFY VEGETABLES
FROM THE 503 DATA SET. (EPA,1993)
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FIGURE 4 SOIL pH DISTRIBUTIONS FOR THE 503 DATA SET (ALL FOOD
CROPS) AND THAT OF HOLMGREN et al 1993.
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It is important to recognize that in natural soil systems, as the pH decreases below 5.5 a rapid
(exponential) increase in soluble Al and Mn occurs. This increase in soluble Al and Mn plays havoc
with plant growth and development in all but the hardiest species (Pearson and Adams, 1967).
Therefore, consideration of Cd uptake by plants in these strongly acidic soils becomes questionable as
even without the increased level of metals associated with high accumulative application of sludge,
yield will suffer and little or no edible product will be available for consumption. It would also seem
that even before this reduction in yield associated with extremely acid soils could occur, the visual
symptoms of Zn, Cu or Ni phytotoxicity would be observed and the subsistence gardener would learn
about soil pH and apply limestone. Thus the required duration of exposure (70 yrs) would not occur
and the HEI would not exist Further, if the HEI is defined as the subsistence gardener it would seem
unreasonable to assume that they were unaware of agronomic practices (i.e. pH management) which
would imply they would manage soil pH in the more desirable agronomic range of >6.0. Thus it is
clear that the concept of the acid home gardener (production of large quantities of food on acid soil) is a
hypothetical model. It is hard to believe that anyone who depends on a garden for subsistence will not
somewhere along the way learn about soil pH management and break the insidious chain of events.
This would suggest that only those studies in well managed near neutral pH systems should be
considered. Concerns for deviations of soil pH during the chronic lifetime exposure (70 yrs) (i.e. the
conditions occasional acid and neutral soil conditions could occur and thus a potential HEI may exist)
coupled with the known effect of pH on plant response, resulted in utilizing plant response curves
(UC) from all available sludge field data including both the acid and neutral soil conditions. As the
distribution of pH values within the 503 data set are below pH 6.0 some 40% of the time this would
imply that the garden was acid some 25 to 30 years during the gardeners 70 years of exposure and
therefore, become more tenable conservative exposure.
As discussed above the variables FC and UC both have significant effects on RLC, making the value
change from 2 mg/kg (FC=100% and UC = highest observed for each food group) to in excess of
100,000 mg/kg (FC = 1% and UC = lowest observed for each food group) (Figure 5). What is not
apparent is the effect of the choice of these variables on the size of the exposed population. This needs
to be considered as it is not necessary to worry about exposure to a non existent population.
FIGURE 5. EFFECT OF CHANGE IN FRACTION OF FOOD PRODUCED (FC)
AND PLANT RESPONSE (UC) ON SOIL Cd CONCENTRATION (RLC)
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Population at Risk (HEI): As previously discussed, exposure to a nonexistent population is
irrelevant; therefore, it is necessary to attempt to quantify the number of lifetime subsistence home
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gardeners who could be at the projected exposure. Ryan and Chaney (1993) estimated that less than
0.005% of the population were lifetime subsistence gardener who were gardening on soil which ever
received sludge. This does not consider how many are at the RLC, thus possibly receiving the
calculated exposure, and/or the number of gardeners that utilize good agronomic management
practices. They went on to illustrate that less than 3% of current sludges could ever produce the
required RLC, and that it would take 300 to 600 years of continuous application at agronomic rates
before the soil could become equal to sludge residual and thus RLC.
The implication is that even if there exists a population of subsistence lifetime gardeners who use
sludge, only a small percentage of them could use sludges that have sufficient Cd concentrations to
allow their soil to reach the RLC, and it would take several lifetimes of continuous application at
agronomic rates before the soil reached a concentration equal to the RLC. It is unlikely that continuous
yearly applications will occur for these time frames; therefore soil concentrations are not likely to reach
the RLC and thus, the HEI population most likely does not exist The likely non-existence of the HEI
for Land Application (Agricultural) pathway 2 is an example of the problem of piling conservative
assumption on top of conservative assumption. It may be impossible to define the size of the
population who are the lifetime subsistence gardeners who use sewage sludge and have reached the
maximum sewage sludge application rate (RP), but to have*such a person have the highest
consumption of all food groups which have the highest observed plant response (acid garden) for 70
yrs exposure certainly makes for an infinitely small population and one which cannot be calculated.
These requirement make the exposed population an upper bound estimate. At any rate, it becomes
apparent that the layering on of conservative assumptions about the exposed population makes it
infinitely small and potentially non-existent.
CONCLUSIONS. We have noted the inherent conservatism in the values (FC, DC, UC, etc.) used
to calculate potential Cd exposure. It is clear that exposure to soil Cd has been overestimated and may
represent a bounding estimate. For example, FC is a bounding estimate because of the 60% leafy
vegetable consumption requirement and the use of linear regression to calculate the UC probably
makes it a bounding estimate. As these two variables significantly influence the calculated exposure, it
is apparent that exposure has been overestimated. Further, the conservative estimation of acceptable
dose (designed to protect sensitive individuals in the population), implies that the calculated RLC is an
underestimation of the level required to cause a health effect in the exposed population. Further, It is
possible that the HEI does not exist because of the many conservative characteristics required
simultaneously to be the HEI. However, we don't have definitive examples of these levels of
exposure from sewage sludge and recognize that the value is greater than background soil levels as
well as what was previously believed acceptable. Thus, the calculated RLC is viewed with skepticism
by many readers. However, evaluation of human Cd risk at mining sites where garden soil Cd levels
have reached 360 mg/kg (6 times as high as the RLC; median value of 91 mg/kg), and resulted in
concentrations of Cd in vegetables 15-60timesgreater than those produced in ordinary soil, failed to
provide evidence of adverse health effects in the consuming population (Morgan and Simms, 1988).
Further, an evaluation of the lettuce concentration data of Baker and Bowers (1988) from a Cd polluted
Zn smelter site by Chaney and Ryan (1994) illustrates that only when soil Cd was in excess of 100
mg/kg would exposure potentially represent ariskto the subsistence gardener. These findings imply
that the RLC-Cd generated via the present analysis is conservative and would not result in a potential
for adverse health effect in the exposed population. The RLC is a conservative estimate of the
exposure to sludge-applied Cd necessary to exhibit Cd health effects in sensitive highly exposed
individuals.
The 503 methodology utilized is not new or highly sophisticated, but does cause us to rethink our
preconceived assumptions, how to best represent data and what the research priorities need to be.
There are many uncertainties in theriskassessment These include: ignorance (countered with more
and/or appropriate research); data measurements (countered by quality control); data variation
(countered by generic analysis of relationships); data manipulation (countered by evaluation and
validation of cogent models). Further, it must be recognized that the approaches and endpoints utilized
for each pathway make it impossible to compare safety factors between pathways in more than general
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terms. Therefore, the outputs must be viewed with healthy skepticism, while at the same time
recognized as representing the collective understanding of a technical group who has attempted to
remove its "good or bad" value judgements from the predictions. The risk assessment process used
for development of the 503 sewage sludge regulation is without question better than anything done to
date and represents the best that could be accomplished within the constraints of time, money and
available data.
The alternative use of background soil concentration to establish regulatory levels for soil Cd is
unrelated to environmental risk associated with the level; setting soil Cd based on background soil Cd
must be viewed as arbitrary and unecessarily conservative. In comparison, the CWA-503
methodology allows for a much broader technical understanding of the environmental risk associated
with the endpoint. Additionally it allows an understanding of the scientific data and the areas that
would most benefit from further research. Therefore, the CWA-503 methodology has provided the
regulatory process with the technical evaluation of risk to include with the policy issues in reaching the
regulatory conclusion.
From a Cd mass balance perspective the total reserves and resources of Cd are 1.8x109 kg (EPA,
1975).- If it was uniform distributed over the land surface (1.3xl0 10 ha for total land area or 4.8xl0 9
ha of pasture, range and arable land) and mixed into the plow layer, the average soil increase would be
0.07 mg/kg for total land area or 0.2 mg/kg if only pasture, range and aerble land was affected. A far
cry from the value at which risk would occur. Thus, any human risk from Cd contamination of soils
would be a result of extreme local contamination from a Cd source.
Taken together, the many sources of over-estimation of soil Cd risk to humans indicate that allowing
soil Cd to reach the RLC does not represent a risk, even on a local scale. Therefore, RLC represents a
technical risk basis for a limitation (NOAEL). However, when we compare the RLC to natural soil
levels, and consider the effectiveness of industrial pretreatment in lowering Cd levels in US municipal
sewage sludge (median now 7 mg/kg), it seems clear that permitting land application of sludge with Cd
up to the RLC is not required in order to achieve the beneficial use of municipal sludge. Further,
because soil Cd caused human disease in several locations (i.e. extraordinary subsistence rice diet),
and our understanding about risk of Cd to humans remains imperfect, it is prudent to limit increases in
soil Cd to increments lower than the maximum RLC where these limits would be practicable. It
appears especially absurd to allow sludges at the 99th %-ile level of Cd concentration to be utilized on
cropland when research and experience have shown that Cd levels of 10-20 mg/kg are easily
obtainable. Unquestionably, less increase in Cd ingestion would occur if sludge Cd were limited to
10-20 mg/kg rather than the RLC even if garden foods cannot increase dietary Cd to the RfD;
therefore, a greater margin of safety, or a higher comfort level would result from use of lower Cd
sludges. Limiting Cd in sludges utilized on cropland or gardens to 10-20 mg/kg is a prudent action at
this time. However, these argument for limits lower than the RLC are not based on risk, but rather on
philosophical arguments concemining the necessity and desirability of the change and must be
reconized as such and classified as non risk issues. At the same time, we believe it is necessary to
integrate the diverse technical issues on a technical basis, void of personnel biases, so that technical as
well as policy aspects of the rule can be better understood.
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FOREWORD

Soils develop as a result of interactions of the lithosphere with the hydrosphere,
atmosphere, and biosphere. The top 20 to 50 cm of soil surface is an area of intense
physical, chemical and biological activity. Minerals, organics and microbes, thus,
profoundly affect physical, chemical, and biological properties of soils, the production of
foodstuffs and fibres, the quality of agroecosystems, and human and animal health.
In view of the fact that the information on interactions of soil minerals with
natural organics and microbes was fragmentary and scattered in the literature of soil and
environmental sciences, the symposium "Interactions of Soil Minerals with Natural
Organics and Microbes" was initiated by the elected Program Chair (PMH) of Division
S-9, Soil Mineralogy, of the Soil Science Society of America and was cosponsored by
Division S-2, Soil Chemistry, and Division S-3, Soil Microbiology and Biochemistry.
The symposium was held in Washington, D.C., 1983. The special publication (P.M.
Huang and M. Schnitzer, 1986, Interactions of Soil Minerals with Natural Organics and
Microbes. SSSA Special Publication 17. Soil Sci. Soc. Am., Madison), which arose from
this symposium, served to bring together new knowledge on the fundamentals of
interactions of these three key components of soils.
The International Society of Soil Science established the Working Group MO
entitled "Interactions of Soil Minerals with Organic Components and Microorganisms" in
1990; Professor P.M. Huang (Canada) served as Chairman and Dr. J. Berthelin (France)
and Prof. J.-M. BoUag (USA) as Vice Chairmen. This Working Group, which serves as a
forum for interactions of soil chemists, soil mineralogists, soil microbiologists, soil
biochemists, and environmental and health scientists, is to promote teaching, research,
and technology transfer on the impact of the "Minerals-Organics-Microbes" interactions
on agriculture, environmental quality and ecosystem health.
In 1992, the First Workshop of Working Group MO of the International Society
of Soil Science on "Impact of Interactions of Inorganic, Organic and Microbiological Soil
Components on Environmental Quality" was held in Edmonton, Canada. Well over one
hundred scientists participated at the Workshop. The Organizing Committee received 86
papers from 20 countries located in North America, Central America, South America,
Western Europe, Eastern Europe, Asia, Africa, and Oceania (Australia, Austria, Canada,
Chile, China, Congo, Costa Rica, Egypt, France, Germany, India, Israel, Italy, Japan,
Mexico, the Netherlands, New Zealand, Poland, UK, USA). The Workshop provided a
forum for the exchange of information among soil and environmental scientists from
around the world, who have common interests and scientific pursuits, and for the
subsequent technology transfer for the development of innovative management strategies
for environmental sustainability. Furthermore, the Workshop established avenues of
communication on the subject matter among soil and environmental scientists in
developing and developed countries to protect the global environment. The externally
refereed books, arising from the Workshop, are entitled "Environmental Impacts of Soil
Component Interactions: Vol. 1 — Land Quality, Natural and Anthropogenic Organics;
Vol. 2 —Metals, Other Inorganics, and Microbial Activities". These books are being
published as hard cover volumes by Lewis Publishers. They will be very useful for
teaching, research, and technology transfer on environmental protection at the
international level.
Besides the fundamentals of the interactions of soil minerals with organic
components and microorganisms and their effect on environmental quality, their impact
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on agricultural ecosystems and human and animal health merits increasing attention. In
view of this, a symposium entitled "Interactions of Soil Components, Agricultural
Ecosystems and Health Issues" is jointly organized at this Congress by ISSS Working
Group MO "Interactions of Soil Minerals with Organic Components and
Microorganisms" and ISSS Working Group SG "Soils and Geomedicine".
The ISSS Working Group SG was established in 1986; Professor J. L5g
(Norway) serves as Chairman and Professor R. Dudal (Belgium) as Secretary. The
establishment of this Working Group is to strengthen the linkage between soil science
and solutions of geomedical problems. In collaboration with the Norwegian Academy of
Science and Letters, this Working Group has published proceedings from six symposia:
(1) Commercial fertilizers and geomedical problems, 1987, (2) Health problems in
connection with radiation from radioactive matter in fertilizers, soils and rocks, 1988,
(3) Excess and deficiency of trace elements in relation to human and animal health in
Arctic and Subarctic regions, 1990, (4) Human and animal health in relation to circulation
processes of selenium and cadmium, 1991, (5) Chemical climatology and geomedical
problems, 1992, and (6) Geomedical problems related to aluminum, iron, and manganese,
1994.
The Symposium ID-20 "Interactions of Soil Components, Agricultural
Ecosystems, and Health Issues" at this ISSS Congress focuses on the impact of
interactions of soil minerals with organic components and microorganisms on agricultural
ecosystem health and geomedical problems. It is hoped that this symposium will serve as
a forum for interactions of soil, environmental, and geomedical scientists in this
extremely exciting and critical area of scientific pursuits. Such interactions are expected
to identify gaps in our knowledge and as such provide future direction to stimulate
scientific research and education in this important area of science.

P.M. Huang
Chairman, ISSS Working Group MO
J. Lag
Chairman, ISSS Working Group SG
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GEOMEDICINE, AN EXPANDED APPLICATION OF SOIL
SCIENCE
J. Leg, Agric. University of Norway, N-1432 As, Norway
Introduction
That particular diseases occur in specific areas has been known nearly as long as medical
science has existed. Hippocrates, the founder of medicine, already presented this idea.
Explanation of causes was often difficult, however, because knowledge on diseases and
environmental factors was unsatisfactory.
The word geomedicine was introducted in Germany in the early 1930's, but seldom
used in the following forty years. Intensifying of geomedical research was in Norway
taken up in the first committee of the international program MAB (Man and the Biosphere).
About the same time as we discussed geomedical problems in our MAB committee, nearly
the same types of questions were being debated in Great Britain and North America,
without knowing about each others ideas. In these countries with English speaking people
the expression "environmental geochemistry and health" was used frequently. In
Scandinavia we have continued to apply the term geomedicine which is somewhat more
comprehensive. Under this concept some physical and biological factors and processes are
also included.
We could say that geomedicine is a young science, with very old roots
however. Geomedicine is now defined as the sciene dealing with the influence of ordinary
environmental factors on the geographical distribution of health problems in man and
animals (1). In the search for solutions to geomedical questions, contributions from
different scientific fields are often needed. Discussions on problems across previously
established borderlines between subjects have frequently been found to be valuable.
Geomedical problems have on some occasions had a strong influence on the history
of civilization. Health problems are important factors concerning culture, and some of these
questions are of geomedical character. Compared with big political events these problems
are often overlooked in ordinary historical reports. However, everyday health questions are
of course very important for the common person.
Knowledge on soil science is often necessary for solving geomedical questions.
Soil scientists can also find satisfaction in realizing that their results can be applied in this
direction. Establishing of the working group "Soils and Geomedicine" of The International
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Society of Soil Science (ISSS) shows a wish to strengthen the connection between these
two disciplines. ISSS should perhaps try to intensify even more the activities in
geomedicine.
Previous experience as a basis for practical counter movements in
geomedicine
Many of the geomedical experiences from historic times were connected to vegetation.
Knowledge on toxic plants was widespread. Knowledge on the occurrence and use of
medical plants existed. However, it was often difficult to state if one had to do with exact
knowledge or superstition. Special health problems were explained on the basis of the use
of certain plants as food or feed (2). Some interesting experiences are published in
Scandinavian languages, and not well known in other parts of the world.
Scurvy has been a difficult health problem in Arctic and Subarctic regions. This
disease is mentioned in Nordic literature as early as the tenth century (3). Remedies against
scurvy were based on experiences. In 1632 Peder Clauss0n Friis clarified valuable results
of the use of scurvy-grass (Cochlearia officinalis-) and other plant material (4), and
Pontoppidan (5) presented a relatively broad discussion on the same questions. Scurvygrass is often found along the coast. By catering both for ordinary households and ships
these experiences were taken into account. Generally speaking the Norwegian sailors and
polar researchers escaped comparatively well from scurvy. In common households scurvy
was relatively seldom after potatoes came into regular use.
At the beginning of the twentiethcentury it was clarified that deficiency of vitamin
C (ascorbic acid) was the reason for scurvy.
Another type of old geomedical knowledge concerns osteomalacia caused by
phosphorus deficiency in animal husbandry. In certain districts in southwest Norway this
disease was for a long time very serious. Some farmers thought that pasturing of bog
asphodel (Narthecium ossifragum (L.) Huds.) was the reason. A Latin name used in the
seventeenth century was Gramen Ossifragum ("the grass that breaks bones"). The farmers
had otherwise developed a procedure which counteracted this type of osteomalacia, - they
gave crushed bones to the animals.
In an old Norwegian veterinary book (6) it is pointed out that Narthecium
ossifragum can not be the reason for osteomalacia. When the chemical composition of
bones, rocks and soils was better known, this geomedical problem could be tackled in a
more detailed, scientific way. The chemist Dircks (7) carried out analyses of bones and hay
(8). The geologist J.H.L. Vogt had heard about the use of bone material in the fodder for
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domestic animals. He found extremely low concentrations of the mineral apatite in the rock
in the areas where osteomalacia was especially troublesome (districts with anorthosite), and
he drew the correct conclusion that the disease was caused by scarcity of phosphorus (9,
10).
The plant species Narthecium ossifragum is thus not the direct cause of
osteomalacia, but it can grow in soils with a very low concentration of phosphorus. Both
this species and other plant species growing here, have extra small quantities of
phosphorus. In a few famous textbooks it is mentioned that the relationship of phosphorus
deficiency to osteomalacia was discovered in South Africa soon after World War I, but as
mentioned, this was known in Norway in the nineteenth century.
Another sheep disease seems to be connected to Narthecium ossifragum. "Alveld"
or "illness of the head" may be a result of pasturing this plant (11,12).
The famous Venetianian Marco Polo discovered, during his stay in the Far East late
in the thirteenth century, serious poisoning in domestic animals in some places in China.
The cause was probably the element selenium. Around the middle of the nineteenth century
similar effects were found in USA (13). This damange was bound to certain pasture areas
with specific plant species. But at that time it was not proved which element caused the
toxicity. It was not until early in the 1930's that selenium was identified as the dangerous
matter.
Large variations occur between plant species and plant varieties with regard to the
uptake of different elements and sensibility to deficiency and poisoning situations.
Transport of matter to the soil from the atmosphere
Schwarz and Foltz (14) proved that selenium is necessary for animals. Afterwards a
number of relationships between diseases and selenium deficiency were discovered in rapid
succession in many countries. Keshan disease in China is perhaps best known. Muscular
dystrophy in domestic animals has been prevented in Nordic countries by using selenium
compounds. A system with a mixture of selenium in concentrated feed was established.
Sheep is an animal which depends to a marked degree on feed grown in the same district.
In Norway selenium was first added to concentrates used for sheep, and later on also to
feed for other domestic animals.
To try to find the causes for geographical patterns of selenium problems was an
interesting challenge. Toxic effects were connected to areas with high selenium
concentrations in the bedrock and specific leguminous plant species with capacity to take up
much selenium (15,16).
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Selenium deficiency occurred where the soil is young and the rock is poor in
selenium (see e.g., 17). It was interesting to find that the supply of selenium to the soil
through the atmosperhere was important. In this way a new factor appeared as a basis for
the explanation of selenium problems in nutrition.
Many other elements than selenium are brought to the soil surface from the air.
Goldschmidt (18) has presented a relatively comprehensive discussion of geochemical
circulation of iodine, and he has pointed out tranport through the atmosphere. Selenium and
iodine have many points of resemblance.
Fluorine can, in a similar way as selenium, cause both poisoning and deficiency
situations. Natural poisoning in man and animals occurs in the neighbourhood of
volcanoes. Such situations are well known in Africa and Iceland. Dental caries may be due
to fluorine deficiency. Close to some Norwegian aluminium factories fluorine pollution has
been a problem in animal husbandry (19).
Contrary to selenium, iodine has not been the reason for common drastic
poisonings.
Analyses of a large number of humus samples from Norwegian forest soils showed
decreasing concentrations of sodium and magnesium with increasing distance from the
ocean (20, 21). Similar geographical patterns were found for iodine, bromine, chlorine and
selenium (22-26).
Precipitation water has nearly always been assumed to be very clean, nearly as
clean as distilled water. It was found later that precipitation can contain considerable
amounts of material. From the ocean waves small drops are carried up into the air and then
fall with rain and snow to the soil surface. From 1954 a comparatively large analytical
material on Norwegian precipitation samples was presented, showing comprehensive
geographical variations for chemical composition (27).
Even very small differences in concentrations can now be discovered owing to
improved analytical techniques. In addition to the well known physical factors and
processes, chemical properties of the climate are now also being discussed. Chemical
climatology is a relatively new concept of considerable interest in geomedicine as well as in
soil science (28). The climate has always influenced natural chemical processes. In modern
times industries have caused important chemical changes in the atmosphere too.
Pollution of the environment
Activities of mankind have on many occasions resulted in disturbances of natural
conditions. Pollution of air, water and soil often creates serious problems of geomedical
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character. Man makes complicated difficulties for himself. Literature on pollution has
increased immensely in later times. Only a few principles and scattered examples will be
mentioned here.
When evaluating pollution, an important basis is knowledge of original natural
conditions. It is frequently an advantage to use data from basic chemical registrations. On
many occasions toxic effects of heavy metals are problems. It may be of value to compare
such registrations with knowledge of natural accumulations of dangerous matter. In
Norway we have discovered natural soil poisoning by lead, copper and nickel respectively,
and by mixtures of zinc, cadmium, lead and copper. Oxidation of sulphides may give
poisonous effects due to very low pH (29, 30).
Mining was the first activity which resulted in comprehensive environmental
pollution. There existed many frightening examples of poisonings close to old mines. For
instance in Great Britain, Mediterranian regions and the Middle and Far East many such
examples were found. However, people had at that time insufficient knowledge on the
hazards connected to these activities. It is more difficult now to find excuses for damage
made after knowledge on the causes has been made available.
A lot of the air pollutants are transported quite rapidly down to the soil surface.
Harmful effects in the atmosphere will then be of relatively short duration. The water in
rivers and lakes will be replaced, and the time limited for pollution action. However, soil
pollution has often a long duration. Analytical figures from the industrial centre Odda,
Norway, are instructive (31). A relatively high content of cadmium in soil may be a cause
of special difficulties in breeding and use of horses in this area. Experiments have been
made to calculate the duration of the stay of different elements in the soil. Comparison of
zinc, cadmium, copper and lead showed the shortest retention time for zinc and the longest
for lead, up to several thousand years (32).
Air pollution changing the climatological conditions may result in extra long-lasting
effects. Disturbance of the ozone layer and increase of the greenhouse effect may give
serious consequences.
Fertilizing, liming and other soil science enterprises can result in changes of
chemical composition of the plants. By adding unbalanced fertilizers to the soil, exhaustion
of other elements may be a result. After liming the micronutrients iron, manganese, copper,
zinc and boron are as a rule less available, but molybdenum and selenium are more easily
taken up by the plants.
The chemical composition of food and feed plants is dependent not only on each
element in the soil, but also on the quantitative ratios between different matter. On many
occasions changes in the balance result in geomedical consequences. Both antagonism and
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synergism are of importance in this connection.
Pollution of food and feed by nitrous amines and mycotoxins can be dangerous.
The use of radioactive matter for military and civil purposes has, during and after
World War II, given a new source of environmental pollution. These activities have
resulted in very serious health problems. The Tsjernobyl disaster in 1986 may be
mentioned as an example.
A few examples of use of knowledge on soils for solving geomedical
problems
Interest in the prevention of health problems has grown rapidly in recent times, both in
human and veterinary medicine. To cure acute sufferings was for a long time the dominating task, but prophylaxis has little by little come more into the limelight. Many
geomedical problems have received attention in this connection.
Hunger is a serious problem in many parts of the world. Deficiencies in the
composition of food and feed has often led to chronic sufferings. The avoidance of such
situations is frequently a result of better planning of nutrition of man and animals.
When it was stated that phosphorus deficiency in the anorthosite regions caused
osteomalacia in animals, the prevention by using more of phosphorus fertilizers was easy.
Iodine has been used commonly as a prophylactic for goitre. After the discovery of
selenium as a nutrient in animals, much has been done in order to improve the supply of
this element. In China the feared Keshan disease has been prevented by using selenium
preparates. As mentioned selenium compounds have been added to concentrated feed to
animals. Selenium has not been supposed to be a plant nutrient. In Finland and some other
countries selenium compounds have been mixed into commercial fertilizers in order to
increase the Se concentrations in plants.
Like selenium iodine is not regarded to be needed for the plants, but it is an animal
nutrient. An idea to add iodine to fertilizers has been mentioned. Cobalt is in a similar
position.
Copper and cobalt deficiency and unfavourable relationships between copper and
molybdenum in animal husbandry have often been found in podzol and peatland regions.
Comprehensive investigations of geochemical patterns of different elements have
been carried out. As mentioned it is found that chemical factors of the climate play an
interesting part. The geographical distribution of iodine and selenium in soils fits well with
the experience that goitre in man and muscular dystrophy in animals have been especially
frequent in Norwegian dry inland areas. Similar relationships are discovered in many other
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parts of the world. In human medicine selenium has received much attention. Possible
relations between selenium deficiency and occurence of cardio-vascular diseases and some
types of cancer respectively, have been studied anxiously.
Geological survey institutions have presented interesting geochemical data (see
e.g., 33), and the influence of physical and biological factors are studied. Thorough
knowledge on the chemical composition of food and feed is very important. In Finland a
comprehensive material on food composition has been presented (34). Information on
distribution of different diseases has expanded continuously. Atlases of cancer incidences
are typical examples. Better knowledge on distribution of many other diseases both in man
and animals, are desired.
The general methods of work used e.g. by Beeson and Matrone (35), Kovalskij
(36) and by preparation of the atlas of endemic diseases and environment in China (37) has
been successful. Many other comparisons of soil properties and geomedical problems are
mentioned in survey literature (see e.g., 1).
The progress, both in soil science and medicine, forms a basis for intensified
geomedical research. For example, influence of supply of trace elements from the soil can
now be determined more accurately than earlier.
Future prospects.
Comparison of environmental and disease data will always be important tasks in the
subject of geomedicine. The scattered examples mentioned above show that exact results
have been obtained.
Developing countries have, in all likelihood, a large number of nutritional problems
with geomedical consequences. Registration of deficiencies are on many occasions
insufficient. Better statistics will be of great help when dealing with the reduction of
geomedical sufferings. In addition to elucidation of patterns of drastic illnesses, better
knowledge on less noticeable, chronic diseases is necessary.
In industrialized countries, too, better registrations of patterns of diseases are
needed. More comprehensive information e.g. on the so-called life style illnesses should be
appreciated.
The continual improvements in nutrional sciences seem promising with regard to
solutions of difficult and important geomedical questions.
From the point of view of soil scientists more comprehensive and systematic
investigations are needed. The various soil factors should be specified, and possible
geomedical influences illuminated. Both chemical, physical and biological factors are of
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interest. Figures showing chemical composition of rocks, soils, water and plants can give
valuable bases for the evaluation of nutrition questions. Very high and very low chemical
concentrations, compared with ordinary values, can give important information in this
connection. Circulation of matter from soil to plant and as waste back again to the soil, are
processes which ought to be studied more carefully. Possible health effects of the use of
e.g., pesticides and of large quantities of commercial fertilizers need more attention.
The reason for a number of specific geographical patterns of diseases are not yet
found. As an example may be mentioned the distribution of multiple sclerosis. This illness
is nearly absent in tropical regions. In Norway it has a curious pattern (38). The disease
diabetes mellitus has also a certain geographical distribution in Norway (39). The
frequency is higher in dry inland areas than in coastal districts.
Pollution problems are growing rapidly, especially in developed regions. Some of
these questions have global consequences. As representative examples may be mentioned
pollution of the oceans and the atmosphere. Great emphasis should be made on the
reduction of such activities. Soil pollution, which often has extra long lasting effects, ought
to receive extra attention. New species of contaminants, both organic and inorganic, have
to be considered. We may remember that serious discussions on influence of cadmium
started only a little more than 30 years ago.
The activities already started in geomedicine are likely to provide a modest
beginning to work which may develop to a very valuable help for mankind.
Summary and Conclusions
Geomedicine is a young science with very old roots. Knowledge on soil science is needed
for solving many geomedical questions. Soil scientists will of course be very satisfied
when results of their research are used in practice. Geomedicine is the science dealing with
the influence of ordinary environmental factors on the geographical distribution of health
problems in man and animals.
Geomedical problems have on several occasions influenced the history of
civilization. Hunger and malnutrition are serious for large groups of populations, especially
in developing countries. In addition to prevention of starvation, promotion of better
nourishment quality of food and feed is important. Pollution of the environment, giving
health consequences, has increased rapidly in many industrialized countries. So-called life
style diseases are troublesome on many occasions. Effects of many geochemical, physical
and biological factors and processes should be studied more seriously. Newly started
studies on chemical climatology seem interesting. The use of atomic energy for military
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and civil purposes has resulted in new and very difficult pollution situations.
Previous experience has provided a basis for the solving of some geomedical
problems. Prevention of scurvy and a type of osteomalacia are instructive examples.
Expansion of knowledge on geochemistry, soil chemistry and circulation processes
in nature is of importance when faced with finding solutions to many geomedical problems.
The number of elements and compounds, which are of interest, increases continously. As
an example may be mentioned that the serious discussions of the nutritional value of
selenium and toxic effects of cadmium were first started a little more than thirty years ago.
Several new trace elements are supposed to come into comprehensive discussion in the near
future. In addition to the study of each single matter, investigation of mutual effects of
different elements or groups of elements is necessary. Balance conditions between different
kinds of matter are often important. Attention is drawn to health problems connected to
synthetic organic compounds used in agriculture.
For the promotion of the subject of geomedicine, new organizational activities may
be discussed. Soil scientists may have, as an attractive challenge, to take part in geomedical
work, with fair possibilities for valuable results.
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TRACE ELEMENTS OF ENVIRONMENTAL CONCERN
IN TERRESTRIAL ECOSYSTEMS: AN OVERVIEW
A. L. Page, and A. C. Chang. Department of Soil and Environmental
Sciences, University of California, Riverside, CA, USA.
The term "trace element" is used rather loosely in the geochemical and biochemical literature
to denote a group of otherwise unrelated chemical elements which occur in the natural
environment in low concentrations. In general, trace elements are of environmental concern
because of their harmful effects on biota. In terrestrial ecosystems those generally
considered of environmental concern, to animals are arsenic, cadmium, hexavalent
chromium, fluorine, lead, mercury, molybdenum and selenium. Those considered of
environmental concern to crops and native vegetation include boron, cadmium, copper,
hexavalent chromium, nickel, zinc and possibly selenium. Some trace elements, although
harmful at elevated concentrations, are essential at low concentrations. Elements in this
category are copper, chromium, molybdenum, nickel, selenium and zinc.
The trace elements arsenic, lead, and mercury are non-essential and are not taken up
by crops in amounts harmful to consumers. They are of concern because of their possible
direct ingestion via contaminated soil or vegetation by infants and young children, domestic
animals and wildlife. Of the above elements, lead is of particular concern. Because of the
long history of mining and smelting of lead worldwide, its extensive use in consumer
products, and its past and present use in .paint and as a gasoline additive, surface soils in
many urban regions and near point sources are highly contaminated with lead. Through
direct ingestion of soil by the hand-to-mouth route, toddlers and infants between the ages
of six months to six years are considered to be at risk from this source of lead. Direct
ingestion may also represent a major source of trace elements exposure by foraging
animals. For example, Thornton (1) has shown that as much as 75 percent of the lead and
arsenic intake by cattle foraging on contaminated soils is derived from the direct ingestion
of soil.
Cadmium, molybdenum and selenium are elements which may be taken up by
crops in amounts harmful to humans (cadmium) and animals (cadmium, molybdenum and
selenium). Molybdenum and selenium are essential elements at low concentrations but are
harmful at higher concentrations. Cadmium, on the other hand, has no known
physiological function and is harmful at elevated levels in foods where these foods are
consumed over extended periods of time. Although the number of cases of excessive
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exposure to cadmium from foods grown on contaminated soils is limited, this element is
considered by many to be the element of greatest concern (2). This is so because the margin
of safety between intake of cadmium from a normal diet and intake associated with chronic
cadmium poisoning is reasonably small. Depending upon the source and kind of diet the
margin of safety ranges from about a factor of 2 to 5. Risks associated with elevated levels
of cadmium in the diet are complex and difficult to evaluate. They depend upon the
concentration in the food, the quantity of the particular food consumed, the duration over
which the food is consumed and competing effects of other elements present in the food
consumed. Effects óf chronic exposure take a minimum of a few decades to manifest
themselves. Probably the most widely publicized cases of chronic cadmium poisoning are
those which occurred in Japan and involved the consumption of cadmium enriched rice
grown on fields contaminated by mining waste elevated in cadmium (3, 4). Tailings from a
mine were discharged into a stream. Downstream from the mine, contaminated water and
probably sediment was impounded and used to irrigate rice fields. Most of the cases of
cadmium poisoning occurred in multiparous farm women above middle age who also
showed symptoms of calcium, zinc and iron deficiency. The concentration of cadmium in
the locally grown rice and the number of years of residence in the area were strongly related
to the incidence of the disease.
Molybdenum, essential in the diet of livestock at low concentrations, is toxic at
higher concentrations (5). Ruminant animals are apparently more sensitive to such toxicity.
The amount of molybdenum an animal can tolerate depends on the levels of copper and
sulfate in the diet. If the level of copper is low, concentrations of molybdenum as low as 5
mg/kg in the forage may cause a disorder referrgfc to as molybdenosis or molybdenum
induced copper deficiency. Since molybdenum is more bioavailable in alkaline soils and
copper is less bioavailable, molybdenosis is more likely to occur in animals foraging on
alkaline than acid soils. Many soils in regions throughout the world are naturally high in
molybdenum and produce forage with concentrations sufficiently high to cause
molybdenosis in animals. Likewise soils may become contaminated from anthropogenic
sources and produce forages potentially harmful to domestic animals and livestock.
Selenium, like molybdenum, is an essential element at low concentrations but toxic
at slightly higher concentrations (6). Soils from many regions throughout the world
produce forages that are nutritionally deficient in selenium to animals. In some regions,
however, concentrations of selenium in soils are high enough to produce forage with
amounts of selenium that would be toxic to animals (6). Selenium toxicity to humans due to
environmental exposure has also been reported (7). Worldwide, however, selenium
deficiency appears to be a much more prevalent problem.
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For livestock, the margin of safety between concentrations of selenium in forage
that cause dietary deficiencies and those that cause toxicities is quite narrow. According to
Allaway (8), concentrations of selenium required to prevent selenium deficiency range from
0.04 to 0.20 mg/kg, while if the concentrations of selenium in the forage exceed 4 to 5
mg/kg and make up a substantial portion of the diet, selenium toxicity is likely. According
to Allaway the most desirable level of selenium in forage is between 0.1 and 1.0 mg/kg.
In the western United States high concentrations of selenium in drainage from
irrigated fields has been linked to fish kills and death and deformities of waterfowl (9). The
problem is a consequence of irrigating soils derived from selenium laden sediments of
marine origin. As the irrigation water passes through the soils, selenium is brought into
solution and transported through the drainage network to a terminal reservoir where
evaporation further concentrates the selenium.
The toxicity of trace elements to plants is directly related to the chemical properties
of the soils on which the plants are cultured. In general, except for boron, trace element
toxicities to plants are restricted to acid soils. In fact, trace element deficiencies in soils are
far more common than are trace element toxicities. The elements cadmium, copper, nickel
and zinc may reach concentrations in soils, particularly acid soils, which will cause reduced
growth or even prevent plant growth. Since none of these elements occurs in soil in the
absence of the others, it is difficult to be certain that the cause of phytotoxicity is due to any
one of them individually. Additionally aluminum, which is ubiquitous to virtually all soils,
is known to cause phytotoxicity and could be the cause or contribute to the phytotoxicity.
Boron is an element that is both essential and phytotoxic. Unlike the other
phytotoxic trace elements, boron toxicities are more common in alkaline soils than in acid
soils. Boron toxicities are common to sensitive crops grown on soils in arid and semiarid
regions derived from marine parent materials. Also the concentrations of boron in irrigation
waters in some regions is sufficiently high to cause boron toxicities. Crops differ in their
sensitivities to boron. Sensitive crops are damaged where the soil solution concentration of
boron at saturation exceeds 0.5mg/l (e.g., citrus) while tolerant crops (e.g., alfalfa) do not
experience damage until the soil solution concentration of boron at saturation reaches about
4mg/l (10). Boron is reasonably mobile in soils and in regions of moderate to heavy rainfall
boron present in parent material is leached. Consequently, boron deficiencies are common
to soils in temperate, semi-humid and humid regions.
In summary, in terrestrial ecosystems the trace elements arsenic, lead and mercury
are of environmental concern because of possible direct ingestion of contaminated soil by
infant children (lead) and domestic animals and wildlife (arsenic, lead). The trace elements
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cadmium, molybdenum and selenium are of concern because they are taken up by crops in
amounts potentially harmful to human beings (cadmium) and domestic animals and wildlife
(cadmium, molybdenum and selenium). The trace elements boron, copper, nickel, and zinc
are of concern because of their toxicities to plants.
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RHIZOSPHERIC WEATHERING
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(C.N.R.S.), associée a l'Université de Nancy I, B.P. n°5, F 54501,
Vandoeuvre-lès-Nancy Cedex, France.

Introduction
Since the emergence of pedology, in the last century, soil has no longer been considered as
an inert material but as the result of the interplay of different environmental parameters,
mainly, parent material, climate, organisms (plants, microorganisms, fauna), topography...
leading through time to the differenciation of horizons by humification and weathering
processes (1,2).
The weathering of soil minerals involves physical and chemical processes which
lead through time to the transformation and neoformation of minerals and the functioning of
biogeochemical cycles of elements. Plants and soil organisms (mainly microorganisms)
have been recognized to be involved in both physical (i.e., mechanical) and chemical (i.e.,
dissolution of elements) weathering but also in deposit (accumulation) of elements and
neoformation of minerals (3,4, 5).
Chemolithotrophic bacteria of the nitrogen, sulfur and iron cycles (nitrifying,
sulfur oxidizing, iron oxidizing bacteria) are involved indirectly (by production of nitric and
sulfuric acids and of ferric sulfate) or directly (by oxidation of sulfides) in the weathering
of minerals (4, 6). But a major part of the weathering processes in soils involves
interactions of "plants-microorganisms and minerals" and occurs mainly in the rhizosphere
of plants with the participation of chemoorganotrophic microorganisms (5,7).
The rhizosphere receives large amounts of available energy as plant material and is
where large populations of microorganisms are present and active (8,9, 10). Therefore, at
least to satisfy plant nutritional requirements, exchange-uptake of elements between the
minerals, the soil solution and the plants will take place to a large extent in the rhizosphere
(11, 12). Although the mineral nutrition in higher plant has been extensively studied (11,
12, 13) relatively few studies have been made of the weathering of mineral or organo
mineral soil constituents either by the root system directly or by rhizosphere (symbiotic or
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not) microorganisms (3, 5).
Such weathering processes, involved directly or indirectly in the mobilization of
major and trace elements, can have beneficial or unbeneficial effects on the production of
plant and on water and plant quality with possible impacts on health.
The main purpose of this paper is not to provide an exhautive survey but to
present different aspects of the involvement of roots and rhizosphere microflora in the
mobilization of major and trace elements and to point out with the presentation of some
results different aspects of their incidence.
The rhizosphere scenery
"The development of roots was probably the most dramatic event in the evolution of the
plant kingdom. It made possible the extensive colonization of terrestrial environment" (14)
and therefore the birth and the development of the rhizosphere, this major site of
interactions and activity of the soil plant-system.
Since its first definition (15), the rhizosphere is now considered not only as the
interface between the root surface and the bacteria but as the whole interface between the
roots and the soil. It is determined by all the regions where the interactions between the soil
organisms (mainly the microorganisms) the roots and the soil constituents take place (9,
10, 16). The rhizosphere, considered also as a microbial continuum stretching out into the
soil from the root endodermis is frequently divided into the ectorhizosphere (i.e., the soil
region) and the endorhizosphere which includes the rhizosphere and the epidermis and
cortical cells of the roots that are invaded by microbes (17).
Therefore, the rhizosphere is formed by the association of the following different
living partners and constituents as illutrated by Figure 1. The rhizosphere includes: (a) the
roots, (b) the root exudates and rhizodeposition providing large amounts of easily available
energy to the microorganisms (12 to 40 % of the plant's photosynthate seem common)
(17), (c) the mycorrhizas forming symbiotic association between roots and ecto-or
endomycorrhizal fungi and providing an intimate link between the soil environment and the
functional nutrient absorbing system of the plant, (d) the non symbiotic rhizosphere
microorganisms (bacteria and fungi) of the endo and ectorhizosphere, and (e) the mineral,
organic and organo-mineral soil constituents.
To define a little more accurately the rhizosphere scenery under an aspect of
weathering of soil minerals it is necessary to underline that the carbon flow release from the
plant roots affect the microflora (bacteria, actinomycetes, fungi, protozoa and microalgae)
and the microfauna (nematodes and mites) that are found at significantly elevated
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concentrations in the rhizosphere compared to root free-soil (16,18, 19). The ratio R : S of
the number of any given species present in one unit mass of the rhizosphere soil to the
number present in equivalent amount of root-free soil can be greater than 100 (16, 18,19).
Among the rhizobacteria of endo and ecto-rhizosphere, phosphate, silicate, and carbonate
solubilizing bacteria, ferri-reducing bacteria, organo-metallic degrading bacteria and fungi,
ligand producers, i.e., microorganisms able to dissolve or deposit mineral elements are
significantly present (16, 19). Such communities can reach, depending on the plant, the
season and the microbial community from 107 to 108 colonies forming unit per gram of dry
rhizosphere soil (19). In complement of the important energetic flow, increasing microflora
communities and activities, a second aspect is related to the effect of mycorrhizas that
considerably increased (20) as observed for pine infested by the ectomycorrhizal fungi
Laccaria laccata the amount of soil closely adhering to the roots, therefore promoting the
exchange surfaces between soil constituents (such as mineral constituents) and the
mycorrhizal roots (20).
Finally a last major aspect occuring in the weathering processes concerns on one
hand the release of plant and microbial exudates and metabolites and on the other hand the
nutrient and water fluxes. When a root absorbs water or nutrients form the soil, ions and
molecules move towards plant roots both by mass flow with soil water and by diffusion
(21, 22, 23). Thus a zone is created around an absorbing root in which ions are depleted in
concentration relative to their concentration in the bulk soil. Therefore the chemical
equilibria between the inorganic soil constituents and the solution is modified. Separately or
simultaneously to the occurence of this depletion zone around the roots, the production of
protons, exudates, metabolites released in the rhizosphere by the roots and the
microorganisms can modify the pH by as much as one or two units depending for instance
on the avaible source of nitrogen nutrients or the deficiency in iron (24). Such exudates and
microbial metabolites occur in dissolution processes involving proton exchange reactions
and formation of soluble metal-organic complexes (3, 5, 20).
Thus depending on the environmental conditions, living organisms i.e. plant
roots, mycorrhizas, rhizobacteria and non symbiotic rhizospheric fungi may play a major
role in the weathering of minerals that can have beneficial, neutral or harmful effects on
plant growth and plant and water quality.
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Figure 1. Rhizosphere of pine (Pinus sylvestris) showing the possible interactions between
the roots (Re), the rhizobacteria (B), the ectomycorrhizal fungal filament (F) and mineral
particles (M) and (d) the different soil constituents. Polysaccharides are also present (black
granules after Thierry polysaccharides staining) (20).
Rhizospheric weathering processes and mobilization of mineral elements as
nutrients for plant growth. ,
Different works have shown that plant root systems (25, 26) can be responsible of soil
silicates weathering. After 4 years of exposure in acidic soils a mica (biotite) has lost 20 %
of its weight under the effect of different forest vegetation (27). An order of effectiveness
for the roots of fourteen coniferous and deciduous plant seedlings has been established (26)
in producing kaolinite from biotite during 7-24 months greenhouse experiments. But the
formation of kaolinite under the influence of rhizosphere activity with white cedar,
hemlock, white pine, white spruce, red oak and hard maple was favoured by the
experimental conditions. These works, did not distinguish between the role of the
rhizosphere microorganisms and the plants themselves.
The first steps of this silicate (biotite, phlogopite) weathering processes involved
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the mobilization of interfoliar potassium by ionic exchange reactions. The weathering and
mineral transformation can be discrete and reversible, but can also be non reversible and
lead to the formation of new minerals by modification of the crystallochemical structure
under the effect of acid and complexing agents (20). Formation of vermiculite has been
observed in pine rhizosphere (20). In the same experimental treatment, such transformation
was not detected in non rhizospheric soil. The weathering processes can be related to
physical (mechanical) processes but mainly to chemical processes involving absorption of
mineral and release of organic compounds by the roots that modify the environmental
parameters (pH, Eh) and contribute to the formation of soluble metal-organic complexes
(20).
The root absorption modify the water potential and the ionic concentration in the
rhizosphere. Elements such as potassium and phosphorus are selectively absorbed. The
roots can be considered as an ion sink that modify the chemical equilibria between the
mineral soil constituents and the soil solution promoting the desorption of elements such as
potassium from the phyllosilicates. But the release of protons and organic acids and/or
complexing compounds play a major role (20, 28, 29, 30). Pronounced changes in pH in
the rhizosphere depend on the species, on the nutrient environmental conditions, on the
location of absorption or excretion sites (16, 24, 28, 29). In general, dicots tend to take up
excess cations compared with anions, so that acidification of the rhizosphere is usually
greater than for monocots, which show a cation/anion ratio close to unity. Some plants
specifically respond to iron deficiency by rhizosphere acidification as for many dicots,
some other release phytosiderophores as most monocots do (24, 28, 29). Different acids
have been identified in the rhizosphere of axenic or of non inoculated plants (7,20). Some
of them such as citric or oxalic acids are efficient chelating agents.
But microorganisms are also efficient weathering organisms (3, 4, 5). In the
rhizosphere they can act directly on the minerals by solubilization and insolubilization
processes, but they can also act indirectly by modification of plant growth, plant mineral
nutrition and root exudate production. Such microorganisms promote the availability of
potassium, phosphorus, iron, magnesium and their absorption by the plants (7, 20, 31,
32). It has been observed (33) that some plants unable to produce phytosiderophores can
use iron of microbial siderophores. The dissolution of ferric iron from ferric
oxyhydroxides can be efficiently done by ferrireducing bacteria living in the rhizosphere of
different plants (19) or by mycorrhizal fungi producing trihydroxamate siderophores (34).
Some authors have studied the relative effect and role of symbiotic and non
symbiotic rhizospheric microflora on the weathering of silicates and phosphates (7, 20,31,
35, 36). Such experiments allow also to determine effects on plant nutrition and plant
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growth. In a first experiment with maize (36) in a potassium deficient medium where the
mica biotite was the potassium source, it was observed that maize roots alone (without
microorganism) were able to use potassium from biotite (Table 1).
The inoculation of the roots with a mixed rhizospheric bacterial community and the
endomycorrhizal fungi Glomus mosseae significantly stimulated this potassium uptake and
increased the weathering of biotite. However as the shoot potassium concentration was
always lower in inoculated plants, compared to non-inoculated ones, this suggests that the
increase of plant growth by rhizospheric microbial activity modified the chemical
equilibrium of potassium solubility with the plant acting as a potassium sink. As in other
type of experiments (e.g., 31) a hormonal like effect, due to microbes, may be involved in
the plant growth stimulation. It may also be that some other nutrient elements became'
limiting in the non inoculated plants. In more recent experiments (20, 37) in presence of
pine and of beech it was observed that rhizobacteria {Agrobacterium sp. or Agrobacterium
radiobacter respectively) have increased weathering of phlogopite by production of large
amounts of citric, malic, fumaric, lactic acids in the exudates. Plant mineral nutrition and
plant growth were also stimulated.
In another experiment (38) with pine (Pinus caribea) inoculated or not by a
Bacillus sp. solubilizing phosphate and or by an ectomycorrhizal fungi Pisolithus tinctorius
(Table 1), plant growth was also stimulated either by the bacteria or the mycorrhiza. A
stimulation of phosphorus uptake was also significantly noted. Such results obtained with
pine cultivated on a ferrallitic soil underlined the ability of mycorrhiza and bacteria to
promote the dissolution of insoluble minerals and to increase bioavailability of mineral
nutrients to plants. The effect of the Bacillus has been related to its production of acids and
complexing agents (7).
Rhizospheric mobilization of heavy metals
Living species need metals (Cr, Co, Cu, Fe, Mn, Mo, Ni, Se, Sn, Zn) to maintain their
life as they are responsible for the functioning of enzymatic and metabolic reactions. Their
absence may produce severe deficiency syndromes within a relatively short period of time.
But a number of elements as well as major (e.g. Al) or trace elements (e.g., Cd, Cr, Cu,
Ni...) can be harmful to crops even at quite low concentration. Toxicity may operate by
altering the permeability of cell membranes, by forming antimetabolites, by reacting with
essential metabolites or by substituting in part for other essential ions (e.g. 39). Metal
toxicity can affect soil microflora and mesofauna (40, 41,42,43, 44), plants (44, 45,46),
animals (39, 47).
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Table 1. Shoot weight of maize and pine (mg dry weight plant"J after respectively 7 weeks
and 4 months growth), potassium (K) and phosphorus (P) uptake by shoot (mg plant ' 1 ),
K and P shoot content (%), in two experiments where K and P were respectively present as
biotite and rock phosphate.
Experimental
Treatments

Plant alone

Plant+
mycorrhiza

Plant + bacteria

Plant +
mycorrhiza +
bacteria

Maize
shoot weight
K uptake
K content

450 (a)
1.5 (a)
3.3

979 (b)
2.6 (b)
2.7

1050(b)
1.9(b)
1.8

1170(b)
2.8 (b)
2.4

Pine
Shoot weight
P uptake
P content

360(a)
0.3 (a)
0.8 (a)

870 (b)
2.5 (b)
2.8 (b)

790(b)
2.4 (b)
3.0 (b)

1300(b)
2.6 (b)
2.0 (b)

Two treatments with the same letter on the same line are not significantly different (P =
0.01).

Heavy metals, in addition to the parent soil material are of anthropogenic origin
(dry and wet atmospheric deposition, agronomic practices, etc.). Therefore, as just
mentioned above they are present in minerals, but according to their origin and to the
environmental conditions, they can be mainly precipitated with other soil compounds,
sorbed on metal oxides or hydroxides, clay minerals and organic matter that can serve as
exchangers and complexing agents. They are also adsorbed or absorbed on or in living
organisms (microorganisms, plants, animals) and eventually dissolved in soil solution.
Their bioavailability i.e., their activity to be transferred from a soil compartment to
a living organism is influenced by physico-chemical (e.g. pH, redox potential, nature of
soil constituents, temperature, cation exchange capacity, etc.) and biological (microbial
activity, vegetation etc.) parameters. In this aspect, the soil - root interface, as previously
observed in weathering of soil minerals, is an active boundary. The roots and the
rhizosphere microorganisms, are major factors that must be taken into account in the
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behaviour of heavy metals, their mobility, their toxicity. Some plants (tobacco, lettuce,
spinach) accumulate much more metals than others (48). Dicots generally absorb more
metals than monocots except raygrass that can accumulate large amounts of nickel (49).
Root mucilage and root soluble exudates of maize are able to form either insoluble (50) or
soluble (51) complexes with cadmium. Such reactions can explain either the accumulation
or the mobility and transfer of cadmium or other metals to plant (51).
Symbiotic (mycorrhiza) and non symbiotic (bacteria and fungi) rhizospheric
microorganisms are also probably involved through solubilization or insolubilization
processes in the transfer of heavy metals to the soil solution and to the plants and finally to
the food chain. But as previously reported (43, 52,53) contradictory results of the effect of
mycorrhizas on heavy metal uptake (Zn, Cu, Cd) by plant roots were obtained. Some
results have shown that mycorrhizas increased the uptake of heavy metals by plants but
other have underlined a decrease.
Results of previous experiments (52) have shown that with maize cultivated in
soils with high content in heavy metals, Cu, Zn and Pb uptake by the shoots, were lower
for mycorrhizal plants than non mycorrhizal plants. When maize was cultivated in soil with
lower contents in heavy metals, uptake of metals by mycorrhizal plants were variable.
Mycorrhiza in this situation has promoted uptake of Cu but has no significance effect on Zn
and has decreased Pb uptake. Such results obtained with a reference strain of an
endomycorrhizal fungi Glomus mosseae was not always verified in other experimental
conditions. The results of other experiments (Weissenhorn et al. personal communication)
show that the influence of arbuscular mycorrhizas on plant metal uptake depends on plant
growth conditions, on the fungal partner, on the kind and availability of the metal and
cannot be generalized. But, according to results showing that autochtonous strains of
arbuscular mycorrhizal fungi are able to decrease Cd uptake in a polluted soil (Table 2),
(54), it is suggested that metal tolerant mycorrhizal inoculants (54, 55) may have a
regulation effect and might be considered for soil reclamation.
The involvement of rhizobacteria in heavy metals transfer to the plant has not been
studied even if it is well recognized that bacteria participate in the rhizospheric weathering
of minerals and in the mobilization of different elements such as phosphorus, potassium,
iron, magnesium etc. from rocks and minerals (3, 4, 5, 7, 20).
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Table 2. Metal uptake (Cd, Pb, Zn) (u.g plant_1) of maize (whole plant) cultivated 9 weeks
in a metal contaminated soil. Plants were or were not (M or NM) inoculated by
autochtonous "resistant" strains of arbuscular mycorrhizal fungi. A significant difference (p
< 0.05, t-test) between treatments is indicated by different letters on the same line (54).

Cd
Pb
Zn

Non Mycorrhizal Plant

Mycorrhizal Plant

224 ±19 (a)
163 ±13 (a)
2 581 ±225 (a)

14918(b)
200±ll(a)
2 419 ±96 (a)

The microbial mechanisms involved in the solubilization and insolubilization
processes of heavy metals in the rhizosphere seem for a large part similar to those involved
in the mobilization of major elements. More efficient and/or specific mechanisms must be
involved in biosorption and bioaccumulation (43) and in resistance or tolerance processes
as well as for microorganisms than for plants. Some others can concern the dissolution of
the matrix bearing metals (53).
Conclusions
In the soil system, weathering of minerals and organo-mineral soil constituents, involving
physical, geochemical and mineralogical transformations of minerals occurs in microsites
where living organisms are associated intimately with minerals. As shown in Figure 1, the
plant rhizosphere is a major active microsite where interactions between roots, symbiotic
microorganisms (mycorrhizas), bacteria (rhizobacteria), soil constituents (minerals), soil
solution take place, and are involved in solubilization and insolubilization processes of
mineral elements and the formation of secondary minerals which affect soil texture and
structure properties.
The release of organic acids (aliphatic hydroxycarboxylic, polycarboxylie,
hydroxamic, phenolic acids) by roots and by microorganisms may at least partially
explained mineral element solubilization of major and trace elements. But uptake of release
ions from weathering sites by plant roots and by microorganisms, in complement to
leaching processes by soil solution, allows the weathering process to continue.
If the microbial (bacterial and fungal) effect can be related to dissolution and
accumulation processes, the mycorrhizal effect could also be related to a better soil
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exploration. An increase of the exchange surface between minerals and mycorrhizal roots
could promote the sink effect of the root system.
These rhizospheric weathering processes have the impacts not only on the
bioavailability of major and trace elements, essential nutrients for plants but also on animals
and humans through the food chain. Experimental results have shown that uptake of
potassium, phosphorus, iron, magnesium, has been significantly enhanced by rhizosphere
weathering and in particular by microbial rhizospheric weathering processes. But the plant
growth stimulation cannot be always associated only to the dissolution of phosphorus,
potassium, iron, etc. Other growth promotion factors involved, for instance, nutrient
fluxes or production of plant growth hormone like substances can be important.
Rhizospheric weathering processes are also involved in the mobilization of heavy
metals that can reach toxic levels not only for plant but also for animals and humans.
However, it seems that depending on the plant growth conditions, the fungal partner, the
nature and availability of metals, arbuscular mycorrhizas i.e. endomycorrhizal fungi might
have a regulating effect on uptake of metals by plants.
So that, rhizospheric weathering processes involving roots and microorganisms
can have beneficial, variable or harmful effects on the availability of mineral elements
(nutrients or toxic metals) and plant growth. As a consequence of rhizospheric weathering
processes, heavy metal contamination of the food chain can also occur. If solubilization and
insolubilization processes of mineral elements and the resulting weathering of some
minerals are relatively well known, the specific role of the different partners, the
mechanisms involved and the incidence of environmental parameters, and in particular of
their interactions (competition, synergy etc.) need further investigation.
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A MECHANISTIC MODEL FOR PREDICTING THE TRANSFER
OF HEAVY METALS IN THE SOIL-SOLUTION-PLANT SYSTEM
Q. T. Wu, Department of Soil and Environmental Science, South China
Agricultural University, 510642 Guangzhou, China.
J. L. Morel, and A. Guckert, ENSAIA, Phytotechnie-INRA, 54505 Nancy,
France.
Introduction
The accumulation of heavy metals by plants growing in contaminated soils
depends on the soil supplying these elements to plant roots and on the size and uptake
characteristics of the plant root system. Nutrient uptake model have been developed (1),
modified (2-4), and verified for major and trace elements such as N, P, K, Mg, Zn, and
Cd (2-6). However, to use these models, at least 3 soil parameters and 8 plant parameters
are required. Measurements of some soil and plant parameters are not simple and
compatible with the soil-solution-plant system. For example, it requires a special
centrifugation procedure (7) or a high pressure filtration to obtain soil solution for a low
soil moisture content. The kinetic constants of root uptake are generally not determined
in the soil solution. Furthermore, the computer program may fail to run the soil-plant
data for Cd due to arithmetic errors (5). The studies were conducted to build a relatively
simple model for predicting the transfer of heavy metals in the soil-solution-plant system
and to verify this model for Cd with pot experiments.
Theory and Methods
The process of heavy metal transfer in the soil-solution-plant system is presented
in Fig. 1. The supply by root interception was negligible (2). The element desorptiondissolution from solid phase to solution, the mass-flow and diffusion from soil to root
surface and the root uptake are 3 processes to be quantified for modeling the uptake of
heavy metals by plants.
The desorption-dissolution was quantified by the concentration in solution (C) and
solution to soil ratio (H) relation model(8):
C = CiH-a

(0<a<l)

(1)

586

where Ci is the concentration in solution where H = 1; a is a constant related to the soil
buffer power. The greater a is, the less important is the soil buffer power. From equation
(1) we can calculate the quantity of an element (q) desorbed into the soil solution per unit
soil mass for a given solution to soil ratio (H):
q = C.H = CiH 1 -a = Ci1/ac-l/a

(2)

uptake
Root S u r f a c e mass-flow\
diffusion\

"~ - „ ^
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"~ •» ^

\
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translocation
> Aerial
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^ -^
_ Soil Solid

Solution*
dissolution
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transfer

in

the
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The soil buffer power based on desorption is then :
dq/dc = a(a-l)-1Ci1/aC"1/a

(3)

In the soil-solution-root system, plant roots absorb elements from the solution, resulting
in a continuous decrease of the element concentration in the solution. When the element
concentration in the solution decreases to a minimum value that the plant roots can
uptake, the element quantity that can desorb from the soil solid should be the maximum
available quantity to the plant roots. This quantity can be estimated by the following
integral function:
/.Qnin

dq=

Q= J
Q)

f Hmax

C.dH

J
Ho
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Q = Ci (I-a)' 1 (Hmaxl-a - Hol-a)
= CiVa (l-a)-l (Cminl-Va - Co1"1/*)

(4)

where Q is the available element quantity; C m j n is the minimum concentration in solution
where the net influx reaches zero (2) ; C 0 is the initial concentration in solution ; H m a x
and HQ are the solution to soil ratios corresponding to Cmin and Co , respectively.
Unfortunately, C m j n is unknown for most plants and elements (2). In view of
practical use, we can let H m a x = 100; Ho = 0.1, and get a desorbable quantity:
Q ^ C i O - a ^ O O O 1 - 3 - 0.l!-a)

(5)

The initial concentration in the soil solution (C0) for a given soil moisture content (HQ)
could be estimated by equation (1):
C 0 = CiHo-a

(6)

The average buffer power (b) is then calculated as follows:
b = Q/C0

(7)

The mass-flow transfers the elements to the root surface and uses up the available pool.
Each unit of mass-flow reduces the available pool by:
Co . 1/(0, -b.M) = l/(bM)
where M is the soil mass supplying mass-flow. If mass-flow is homogeneous in soil and
the element concentration in the soil solution decreases simultaneously with the
diminution of available pool, then the decrease of concentration in solution with massflow is:
C + Co (1 - 1/bM )U
(8)
where U is the water quantity adsorbed by the roots.
The total quantity supplied by mass-flow (Qmf) is calculated as follows:
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Qmf=

J

Co • (1 - l/bM)U . dU
0
Co • t(l-l/bM) u - 1]. [In ( 1-1/bM)]-1

-

(9)

The equation (9) can be replaced by a simple empirical equation:
Qf = Q>UB

(10)

where B is a constant related to soil buffer power: if b < 3, B = 0.90; if 3 < b < 10,
B = 0.95; if b > 10, B ~ 0.98; For pot experiments, the two equations give very similar
values (9). This model could also be used to estimate the element loss by leaching.
Under the conditions of the semi-infinite diffusion, the quantity of an element
transferred by diffusion (Qd ) is given by Crank's works (10):
Q d = 2 (C 2 - Ci) (DT/7l)0-5 S

(11)

where (C2 - Ci) is the concentration difference of diffusible solute between two sections;
D is the diffusion coefficient; T is the diffusion time; S is the area of the interface over
which diffusion occurs. In the soil-root system, if the competition between roots is
negligible, then the element supply by diffusion to a little length of root is obtained
according to (11):
dQd = 2 (Co - C r ). b. d. (D/ 7T.)0-5 [(Li - L)/K]0-5 2 K R 0 . dL

(12)

where C 0 is the initial concentration in the soil solution without root impact; C r is the
concentration in solution at the root surface; b is the average soil buffer power, d is the
soil bulk density; D is the diffusion coefficient; L is the root length at time T; Li is the
total root length at time Ti (Tj > T); K is the rate of root growth; R 0 is the average root
radius and (Li - L)/K is the time in which diffusion occurs. The total quantity supplied by
diffusion is:

Qd =

J

dQ = (8/3)(Co-Cr).b.d.(JCDTi)0-5 RoLi
0
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(13)

The uptake by a little length of root is obtained by assuming that uptake follows
Michaelis-Menton kinetics (2):
dA = W

( Q - C min )(K m +C r - QWHCLi - L)/ K ].2JC R0.dL

(14)

where I ma x is the maximum influx of root uptake at high concentrations; Km is the
concentration in solution where influx is one-half of lmax > C m i n is the concentration in
solution below which net influx ceases. The other variables are as defined previously.
The total uptake is:

fL'
A =

dA = I m a x (C r - CminX K m + C r - Cmin)"1 7t Ro- M T i

J

(15)

0

At the root surface, we get the following balance:
A = Q d +Qmf
or:

(16)

Imax(Cr - Cmin)( Km + Cr - Cmin)"1 71 RQ. L I T I
= (8/3) (C 0 -Cr) .b.d. (71 DTi)0-5 Ro Li + C 0 U B .... (17)

Solving this equation gives the average concentration in solution at the root surface, C r .
However, for trace elements and low mobile major elements such as phosphorus, the
concentration in solution at the root surface rapidly decreases and results in an important
concentration depletion. Cr obtained is negligible in comparison with Co :
Co-C r = C 0

(18)

We get:
A = (8/3)Co.b.d.(7CDTi)0-5 R o ^ + CoU18 ... (19)
The kinetic constants are consequently omitted. Mullins et al. (5) showed that the
predicted uptake was generally insensitive to these constants for trace elements.
Using equation (19) to predict the uptake requires 4 soil parameters ( Co, b, B and
D). C 0 , b and B were obtained with the desorption-dissolution model described
previously, D was determined with the method developed by Schofield and Graham-
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Bryce (11, 12) using 109Cd labeling. The plant parameters Ro, Li and U were measured
experimentally according to the methods described in other papers (2, 5).
Pot experiments were conducted for two years by growing English ryegrass
(Lolium perenne L., var. Maprima ). Two soil samples from Lorrain region in France
(alluvial brown sandy soil, Psamment; alleviated brown loamy soil, typic hapludalf) were
treated with Cd nitrate and Cd-containing sewage sludge from Paris-Acheres treatment
plant (13) and fertilized with different nitrogen sources (14). Soil samples were prepared
according to each treatment of pot experiments and incubated for 30 days in green-house.
The soil and plant parameters used in the model (Equation 19) were determined (Tables 1
and 2). The pot experiments and the parameter measurements were made at the soil
moisture content of 80% of soil water retention capacity. The Cd uptakes were then
calculated for each sample and compared with the observed uptake.
Results
Effects of soil properties such as pH, organic matter, clay and Cd content on Cd
desorption-dissolution are shown in Table 1. High pH, organic matter and clay content
generally decreased Cd concentration in solution (Ci, C0) and desorbable Cd content (Q)
but increased soil buffer power (low a and high b). Soil Cd content resulted in an inverse
effect on these parameters. A significant correlation was observed between Ci, Q and Cd
content in ryegrass shoots (r = 0.901, n =24 for Ci; r = 0.935, n = 24 for Q).
The calculated Cd uptake with the model (Equation 19) was significantly
correlated with the observed total Cd uptake by ryegrass in the first pot experiment (Fig.
2, A). The calculations also showed a good agreement between predicted uptake and
observed uptake for untreated and sewage sludge-treated soil samples ( initial Cd
concentration in solution Co < 15 Hg.1"1) (Fig. 2, B).
Results obtained with the second pot experiment were rather similar. The
predicted Cd uptake (Y, in (ig/pot) was related to the observed uptake (X, in ^g/pot) for
all soils by:
Y = 2.27 X - 26.38 (r = 0.868, n = 48)
and that for untreated and sludge-treated soils by:
Y = 1.45 X - 6.56

(r = 0.936, n = 30)
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Table 1. Main Characteristics and model parameters of soil samples used in pot
experiments
Soil properties
Soil OM* Clay

1
2
3
4
5
6
7
8

12
12
19
19
18
18
25
25

80
80
80
80
105
105
105
105

Desorption constant

pH

Cd

5.8
5.8
6.7
6.6
6.0
6.0
7.0
7.0

0.4
3.4
1.6
4.6
0.4
6.4
1.6
4.6

Ci

a

Q

First Pot experiment
0.92
7.9
0.88
24.9
215
0.88
1.24
4.49
0.62
40.2
1.55
2.70

0.72
0.71
0.69
0.88
0.42
0.33

14.3
52.5

7.5
347
38.7
86.7

Model parameter
C0

b

D

3.0
125
4.0

2.8
1.7
3.6
3.8
4.7
1.8

30
50
4
6
20
30
2
3

14.0

1.6
153
2.8
4.3

13.8
20.1

Second pot experiment
1
2
3
4
5
6
7
8
9
10
11
12
13
14
15
16

12
12
12
19
26
19
26
18
25
32
25
32
18
18
18
18

80
80
80
80
80
80
80
105
105
105
105
105
105
105
105
105

6.0
6.1
6.1
7.0
7.0
6.9
7.1
6.4
7.1
7.3
7.2
7.1
5.5
6.1
6.8
6.3

0.4
3.4
6.4
1.6
2.8
4.6
8.8
0.4
1.6
2.8
4.6
8.8
6.4
6.4
6.4
6.4

0.90
24.8
34.4
1.39
2.65
5.81
5.88
0.52
1.40
3.03
5.41
12.1
41.5
17.9
8.95
15.4

0.74
0.73
0.62
0.67
0.54
0.50
0.43
0.67
0.22
0.41
0.62
0.77
0.79
0.63
0.46
0.65

10.0

3.0

279
489

79.9
93.6

18.0
63.0

4.1
8.7

114
140
6.0

13.0
11.8

64.9
78.1
78.0

126
413
250
196
207

3.4
3.5
5.2
4.4
7.2
8.8
11.9

1.0
1.8
4.9

5.7

11.4
31.4

6.8
4.1
3.9
6.6

107
38.2
15.6
33.5

11.9
15.8

12.6

6.2

30
50
60
4
4
6
6
20
2
2
3
3
50
30
20
30

OM : organic matter content, in g.kg-1; Clay : < 0.002 mm clay content, in g.kg"1;
Cd: total Cd content, in mg.kg 1 ; C\: Cd concentration in solution where solution: soil=l,
in Hg.1"1; a: a constant relating to soil buffer power, Q : available (desorbable) Cd
content, in Hg.kg-1 soil; C0: initial Cd concentration in the soil solution, in (ig.1"1;
b : average buffer power; D: Cd diffusion coefficient, in 10-9 cm2.s_1.
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Table 2. Plant parameters of ryegrass grown in pots
Growth
time
106s

1st cut
2nd cut
3rd cut
4th cut

1st cut
2nd cut
3rd cut

2.6
5.2
7.8
10.4

2.6
5.2
7.8

Water uptake

Average
root
radius

Total root length

cm

----- 10 3 cm - —

0.01
0.01
0.01
0.01

First pot experiment
18.8
20.7
31.3
34.4
35.4
39.0
37.5
41.2

300
700
1100
1300

350
775
1200
1400

0.01
0.01
0.01

Second pot experiment
20.2
18.8
31.2
30.6
41.7
42.8

415
820
1205

400
820
1300

Sand

Loam

Sand

Loam
cm 3 —

Discussion
Bioavailability of soil heavy metals has been assessed by chemical extractions
(13, 15, 16) and some empirical mathematical relationships were obtained between
uptake by plants and extractable pool (17). However, these relationships are not
applicable to other soil and/or plant types. The mechanistic mathematical models such as
Barber-Cushman model can take into account variations in soil supply capacity and plant
uptake characteristics. This model was used to predict Cd and Zn uptake by corn
seedlings under growth chamber conditions (5). The desorption-dissolution model
described in this paper may simplify measurements of some soil parameters used in
mechanistic models and offer another useful means for assessing soil element
bioavailability. The proposed uptake model is relatively simple and reasonably verifiable
for Cd with pot experiments under normal conditions.
Nye and Tinker (18) have proposed a theoretical expression that relates diffusion
coefficient (D) to the diffusion coefficient of the same element in water (Pi), volumetric
moisture content (Mv), impedance factor (f) and buffer power (b):
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D - DiMyffo

(20)

Adding the equations 19 and 20, we obtain :
A - (8/3) C 0 .b0-5.d. (ic DiMvfTi)0.5 LiRo+ C 0 U»

(21)

It indicates that the concentration in the soil solution (C0) is the soil parameter having the
greatest impact on heavy metal uptake by plants. Predicted uptake is almost linearly
correlated to the magnitude of C0. Secondly, predicted uptake is affected by soil buffer
power (b0-5) and diffusion coefficient (D0-5). The combined parameter , Cob0-5, is the
most reasonable index for expressing the soil supply capacity, because C 0 U B is highly
correlated with C 0 b°- 5 , and the other parameters used in equation 21 are relatively
constant for a soil type or related to plant type and growth conditions. On the other hand,
the root surface area (LJRQ) is the plant parameter having the most important effect on
plant uptake; other main factors are the growth time (Ti) and the water uptake (U). These
indications are rather similar to those obtained by sensitivity analysis of Barber-Cushman
model for Cd and Zn (5). It also reveals that the plant and the environment factors
increasing root/shoot ratio, water uptake and growth time also increase the risks of the
heavy metal accumulation in plants (13).
The proposed model over predicted Cd uptake for soils highly contaminated by
soluble Cd. It may have resulted from ignoring the regulation of plant roots by "feedback"
effect as K (19) and the root mucilage protection (20) when soil supply of heavy metals to
plant roots is excessive. The competition between roots rr. y also reduce the uptake when
plant growth time is long. However, this influence was rather moderate, as the predicted
uptakes with a modified proposed model which estimated the competition between roots
were not significantly different.
Summary and Conclusions
The objectives of the paper were to build a relatively simple model for predicting
the transfer of heavy metals in soil-solution-plant system and to verify the model for
cadmium with pot experiments. The desorption-dissolution was quantified by a model
relating the concentration of an element in solution and solution to soil ratio. This model
was used to estimate the element concentration in the soil solution and the soil buffer
power. The uptake model gave the quantitative relationship between the uptake by plants
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and element concentration in solution, soil average buffer power, diffusion coefficient,
total root length, average root radius and water uptake by plants. A reasonable agreement
was observed between the calculated uptake of Cd with this model and the observed
uptake of Cd by ryegrass (Lolium perenne L, var. Maprima) grown in pots.
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THE ROLE OF BIOGEOCHEMICAL DATA IN ASSESSING THE
ECOLOGICAL AND HEALTH EFFECTS OF TRACE ELEMENTS
A. C. Chang and A. L. Page. Department of Soil and Environmental
Sciences, University of California, Riverside, California 92521-0424, U.S.A
Introduction
Soils are developed from geological material which has undergone thousands or even
millions years of weathering processes. All soils are composed of mineral fragments,
organic matter, biota, water, and air. But five interplaying factors - parent material,
climate, organisms, topography, and time - are important to soil formation and determine
properties of soils. As an integral part of the terrestrial environment, the soil is an open
system and has interfaces with the atmosphere, hydrosphere, biosphere, and lithosphere.
The nature of soil is constantly evolving in response to inputs of matter from natural and
anthropogenic sources. Substances entering the soil may be mineralized and assimilated
through the chemical-biochemical cycling processes in soils, and the chemical, physical,
and biological conditions of the soil may be maintained at a steady state. However, an
element will accumulate in the soil if its input is greater than the rate of its biochemical
cycling.
Elemental compositions of biota are similar in many respect to the geochemical
nature of the its habitat reflecting in general a process of elemental transfer from the
terrestrial to the biotic environment (1,2). Food, clothing, and many products essential to
sustain human life come directly or indirectly from plants which are supported by soils.
Through food grown on soils, human obtains energy and essential elements. Also through
food grown on soils, human may be exposed to harmful substances that are absorbed by
plants. Both the presence of potentially toxic substances and the absence of essential
elements in the soil could be the cause. Since the ancient time, the trace element
depositions in soils have been causes of many human disorders (3). For example, millions
inhabiting the iodine deficient soils in eastern Africa are susceptible to goiter (4, 5); the
cause of both Kashan and Kaschin-Beck diseases is exposure to food grown on Sedeficient soils in China (6,7).
Elements of environmental and toxicological importance are numerous and the
toxic potential of these elements may be classified in terms of their chemical and
biological reactivities into categories of Class A, Class B, and Borderline Class (Table 1).
Ions belong to Class B are expected to be more toxic than the ions in the Borderline
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category which, in turn, are more toxic than the ions in Class A (8, 9). Metal ion induced
toxicity usually is the result of chemical and/or biochemical reactions that block the
essential functional groups of biomolecules, displace essential metal ions in
biomolecules, and modify the active configuration of biomolecules (10). The ions in the
Class B and, to a lesser extent the ions in borderline group, are more likely to take part in
reactions resulting in biotoxicities, because of their greater inclination to form
cation/ligands complexes.
Table 1. Elements of Environmental and Toxicological Importance
Category
Class A

Ion
Li+, Na+, K+, Cs+, Ca2+, Ba2+, Sr2+, Mg,2+ Be2+,
3+
L a 2+ i Y 3+ Qd3+, Lu , Sc3+, and A|3+

Class B

Ag+, Au+, TI+ Cu+, Hg2+, Pd2+, Bi2+, T|2+, and Pb 2 +.

Borderline

Mn2+, V2+, Ti2+, Zn2+, Cr2+, Ni2+, Fe2+, Co2+, Cd 2 +,
Cu 2 +, Sn2+, Fe3+, Ga 3 +, As 3 +, Sn3+, Pb4+, | n 4+, and Sb 4 +

Derived from Nieboer and Richardson (10)

Problems of the deteriorating environmental quality, which was brought about
when ancient nomadic tribes first settled into villages and started utilizing fire, cultivating
land, and producing wastes, has becoming increasely acute because of the exponential
population growth and global industrialization. Millions of chemicals are being used
worldwide as manufacturing stock and consumer products (11). During the course of
manufacturing, industrial processing, and product consumption, these chemicals may be
released deliberately or inadvertently into the environment. In the United States alone,
more than 10 billion kilograms of toxic chemicals are released into the environment each
year (12). Most of those released onto land are the result of waste disposal. Judging from
compositions of wastes, many elements of environmental toxicological importance (Table
1) are routinely released into the environment. Around the world, the physical, chemical
and biological integrity of soils have never been so stressed by anthropogenic inputs of
pollutants in recorded history of the mankind. Environmental contamination of air, water,
and soil has become a potential threat to the safety of food. The food chain transfer is by
far the most significant route of human exposure to trace elements (13, 14, 15).
Therefore, trace elements deposition in soils and biogeochemical interactions between

599

those present in soils and the vegetative cover are important factors in human exposure to
toxic elements in the environment.
Environmental Exposure Assessment
In the soil, toxic pollutants are subject to various chemical and biochemical degradation
mechanisms and may be transported by several media (16). To assess the environmental
exposure to trace elements, one must account for their fate and transport in the
environment. Because it is difficult to obtain comprehensive environmental measurement
data for exposure analysis, model simulations are an acceptable and normal part of the
exposure assessment process (17). Models, however, are not always able to describe the
interactive and time-dependent behavior of a pollutant in the environment in its entirety.
Two approaches may be used to evaluate and predict pollutant distribution and
transport in the ecosystem (18, 19). Some models divide the environmental exposure
route, through which pollutants undergo transformation and reach human subjects, into
broad and general compartments and assume concentration of pollutants between the
environmental compartments along an exposure route are in a steady state equilibrium
(equilibrium models). Mathematically, the partition of a chemical between two adjoining
environmental compartments is described by a linear transfer coefficient:

Ca ~*ab x ^ b

U1

where Ca and Cb are pollutant concentrations in compartments a and b, respectively and
fab is the pollutant transfer coefficient. The mathematical relationship defined by
Equation 1 is empirical because parameters describing processes and mechanisms of all
the reactions are aggregated into one transfer coefficient which must be determined on a
case by case basis. The other type of models are designed to account for spatial and
temporal dependent behavior of a pollutant in the environment (dynamic models):

^ Ü l = Z H i j C j ( t ) + Di(t)
i=1

[2]

n,

where Ci(t) is the concentration in spatial compartment i at time t; Cj(t) is the
concentration in spatial compartment j at time t; |ijj is the rate constant for transfer from
spatial compartment j to i, if i * j ; mj is pollutant degradation rate constant in
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compartment i; Dj is the pollutant influx into compartment i; and n is the number of
spatial compartments (19). In principle, the spatial and temporal changes of a pollutant
with respect to all of the degradation process may be represented. Consequently, dynamic
models are structured to approximate the kinetics in a real system and are applicable to all
situations (e.g. acute, intermittent, and continuous exposures). They are, however,
impractical to use, because spatial-, temporal-, and concentration- dependent model rate
parameters are numerous and difficult, if not impossible, to define.
As pollutant exposure assessment in its most comprehensive manner, the U.S.
Environmental Protection Agency (20) developed and employed 14 pollutant transport
pathways to track the pollutants released from land disposal of sewage sludge (Table 2).
The pathways identified in this document described almost all the possible environmental
transport routes for pollutants released through land application of wastes with receptor of
pollutants ranging from child and adult humans, livestock animals, and plants to soil biota
and predators of soil biota. Mathematical models based on linear transfer between
compartments were constructed to describe the transfer of pollutants through each
pathway.

Table 2. Hypothetical Pollutant Transport Routes for Land Application of Sewage
Sludge Considered by U.S. Environmental Protection Agency (20)
Pathway
1
2
3
4
5
6
7
8
9
10
11
12
13
14

Pollutant Exposure Route
Sludge-Soil-Plant-Human
Sludge-Soil-Plant-Home Gardener
Sludge-Soil-Child (ingesting soil)
Sludge-Soil-Plant-Animal-Human
Sludge-Soil-Animal-Human
Sludge-Soil-Plant-Animal
Sludge-Soil-Animal
Sludge-Soil-Plant
Sludge-Soil-Soil Biota
Sludge-Soil-Soil Biota-Predator of Soil Biota
Sludge-Soil-Airborne Particulate-Human
Sludge-Soil-Contaminated Surface Water-Fish-Human
Sludge-Soil-Air-Human
Sludge-Soil-Ground Water-Human
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Figure 1. Flow Diagram Describing the Transfer of Pollutants from Soil to Plants

Typical dynamic models describing the pollutant transport from soil to plants may
be depicted by the schematic diagrams in Figure 1. Each link in the diagrams must be
represented by a mathematical expression of Equation 2 and must have the rate constant
precisely defined. To track a pollutant according to the mechanistic processes of chemical
and biochemical transformations from soil through roots and various plant parts to the site
of toxicity in human body requires that rate constants in all of the equations are properly
defined and then the equations are solved simultaneously. Realistically, this type of
models has only a limited utility because of the difficulties in defining model parameters
and in validating model predictions (19). McCarty and MacKay (21) reviewed models for
ecotoxicological risk assessment and they are convinced that "there is now a well-derived
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capability of calculating concentrations, or body residues, in organisms from (pollutant)
loading data." The "critical body residue" method they advocated takes the form of an
multi-media equilibrium model in which pollutant inputs from various sources are
integrated. Although examples they presented were all for aquatic systems, the principles
should be applicable to other parts of the ecosystem including the soils, if data are
available.
Linear Partition Coefficient for Trace Elements
For trace element exposures via the human food chain, the transfer from soil to plant is a
key step. In theory, the plant uptake of trace elements from soil is a function of the
activity of free ion at the surface of randomly dispersed root system of a plant (22, 23)
and can be expressed in a mathematical form. Modeling plant uptake of trace elements
from the soil, however, is a complicated problem. As the trace element concentrations at
the root surface are depleted due to absorption, they must be replenished by trace
elements carried in the mass flow and diffusing through the soil matrix. These processes
are affected by the conditions of soil and plant. It has been proposed that plant uptake of
trace elements may be described by the following equation:

^TcaA/oLyt

u = Cu xb x 1-e

,1 1 + ^ V o
D,9F

,n- f '
1.65rc

[3]

where
Initial soil solution concentration of trace element (mol cm"3)
b:

Ai:

9:
Di:
U:

Buffer power of soil (e.g. change in total concentration of trace element in
labile form (mol cm"3 soil) per unit change of concentration of trace
element in dissovled form (mol cm"3 soil solution)
Fractional area of soil solution (cm2 water cm"2 soil)
volumetric water content (cm3 water cm"3 soil)
Diffusion coefficient in soil solution (cm2 sec-1)
uptake of trace element per unit volume of soil in time t (mol cm"3 soil)
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a:

root absorbing power (e.g. uptake flux density (mol cm - 2 root sec -1 per
unit concentration in soil solution mol (cm -3 ))

t:

time (sec)

Hi:

half-distance between roots (cm)

r0:

root radius (cm)

Lv:

root (cm root cm - 3 soil)

f:

conductivity factor (cm 2 soil cm - 2 water)

7t:

3.1416

Many of the parameters included in the above equation, however, can not be realistically
determined and the model's ability to predict plant uptake of pollutants from soil has not
yet been verified by experimental data (24). Perwak et al. (25) have reviewed methods for
assessing environmental pathways of food contamination. They concluded that very little
experimental based quantitative information is available to evaluate pollutant transfer
from soil to plants.
Because of the inherent difficulties to consider all of the mechanistic processes
and incorporate the dynamic reaction kinetics in simulating the plant uptake of pollutants
from soils , the equilibrium approach is customarily employed to track the transfer of
pollutants along the exposure pathways of the human food chain (20, 13). Data from the
literature indicated that soil-borne trace elements do not bioaccumulate in the plant tissue
and the soil to plant transfer coefficients are invariably less than unity. It is however
problematic to obtain representative soil to plant transfer coefficients (fab in Equation 1).
Chang et al. (26) reviewed approximately 300 references and concluded that the plant
tissue concentrations of Cr, Cu, Ni, and Zn can not be related to respective amounts of Cr,
Cu, Ni, and Zn in the soil, even if the soil pH and soil texture are considered. In
determining the soil to plant pollutant transfer coefficients, U.S. Environmental
Protection Agency (20) consulted data in over 2000 references in the published literature
and discovered serious gap in availability of data, especially for elements such as Se, Mo,
and Hg. After examining the data statistically, McKone and Ryan (13) concluded that
much of the uncertainties in calculating human exposure to toxic chemicals via the food
chain is attributable to the uncertainty in "biotransfer coefficients". The outcomes
computed by the mean or median values were lower than those obtained by a Monte
Carlo simulation process by a factor of 2.
McKone and Ryan (13) described the fruit and vegetable and grain contamination
by pollutants in the soil as

604

Fsi = ( ^ x f i X K s p ) x C f d
where F s j

[4]

= pathway exposure factor from soil to crop (vegetable, fruit, grain,

lj

root/tuber) (kg/day)
= human intake of food (kg/day fresh mass) (fruit, vegetable, grain,

fi

root/tuber)
= fraction of target population's fruit and vegetables (grain and

KSp

root/tuber foods) that comes from the contaminated source
= plant/soil transfer coefficient (mg/kg DW of pollutant in plant

Cfd

tissue per mg/kg DW of pollutant in soil), and
= is the fresh weight to dry weight conversion factor. Cfd = 0.0,
0.05, 0.2 and 0.05 for grain, vegetable, root/tuber and fruit
foodstuffs, respectively.

The daily average ingestion exposure E (mg/day), may then be determined by
E = (LFi)xCs

[5]

where Cs = pollutant concentration in soil (mg/kg).
Similar mathematical relationships may be developed to estimate exposures from
ingestion of meat and dairy products. Soil concentrations and transfer coefficients of
selected trace elements derived from data compiled by Kabata-Pendias and Pendias (27)
and Fergusson (28) are presented in Table 3. These data reflect the trace element levels of
uncontaminated soil from various regions around the world.
Table 3. Concentrations of trace elements in soils and plant tissue (data derived
from Kabata-Pendias and Pendias (27) and Fergusson (28)).
Element

As
Cd
Pb
Hg
Se

Soil(mgkg-I)
AverRange
age
0.1
40
6
0.01
2
0.35
<1
300
19
0.01
0.5
0.06
0.01
1.2
0.4

Grain
0.004
0.036
0.002
0.085
0.002
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Transfer
Vegetable
0.037
0.223
0.0016
0.009
0.015

Coefficient
Root/
Tuber
0.004
0.008
2E-5
0.002
0.042

Fruit
0.003
0.09
14E-5
0.009
0.021

Analysis of Diets
The food consumption pattern, which must be used along with the transfer coefficients to
determine the pollutant exposure levels, vary considerably from region to region (29, 14).
There are significant difference in terms of the total amounts consumed as well as types
of food consumed. Even if the total dietary intake of the regions can be normalized, there
are still significant differences in regional preference of food groups whose Kgp are not
always known. Food and Agriculture Organization (FAO) recommends that the average
food consumption data in FAO Food Balance Sheets (global diet) be used to estimate
human exposure to pollutants via food consumption. The food consumption described in
the global diet does not resemble any specific diet. But it is a generic aggregation of diets
from various regions. In the global diet, grain/cereal, vegetables, root/tuber, and fruit
account for 76% of the total daily food consumption. The potential for pollutants to be
transfer to humans through other food groups (dairy and animal products,
oil/fat/shortening, sugar/honey, etc.) is small (14, 13).
Table 4. Regional food consumption patterns and global diet+
Food Group
Cereals
Roots/Tubers
Pulses
Sugar/Honey
Nuts/Oil seeds
Vegetable Oil/Fat
Stimulants
Spices
Vegetables
Fish/Seafood
Eggs
Fruit
Milk and Products
Meat/Offals
Animal Oil/Fat
Other
Total

Middle
Eastern
432
62
21
95
4.3
38
8.0
2.3
193
13
14
220
132
72
0.5
4.3
1311

Far
Eastern
452
108
27
50
18
15
1.5
2.0
168
32
13
94
33
47
1.5
1062

African
320
321
18
43
15
24
0.5
1.6
74
32
3.6
85
42
32
0.3
0.5
1012

• all expressed in grams person-1 day 1
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Latin
Amer.
254
159
21
104
19
26
5.3
0.3
124
40
12
288
168
78
5.0
7.0
1311

European
226
242
9.3
105
12
48
14
0.3
298
46
38
213
338
221
10
2.0
1822

Global
Diet
405
288
23
58
18
38
8.1
1.4
194
39
38
235
55
111
5.3
3.2
1520

Sample Calculation on Human Exposure to Trace Elements
Based on the data in Tables 3 and 4 and assuming exposure to trace elements resulting
primarily from consumption of grain, vegetable, root/tuber, and fruit, equations 4 and 5
may be used to estimate the potential human exposure to trace elements (Table 5). Based
on this estimation, it appears that, if the soil is not contaminated, human exposure to trace
elements through the food consumption is significantly below the provisional tolerable
intake published by the Joint FAO/WHO Expert Committee on Food Additives (30) and
is not substantially affected by the diets. In fact, the computations suggest that uptake of
Se by the food groups selected is not sufficient to satisfy human nutritional requirements
for Se reported to be about 25 mg day"'- Although the estimates, in general, are all
within the range of exposures calculated by other means, the accuracy of these estimates
are not known. The exposure may be 50 to 400 times greater, if the maximum
concentrations in Table 4 are used in the calculation. For example, daily dietary intake of
As, Cd, Pb, Hg, and Se by adults have been reported to be 10-130, 10-120, 5-1700, = 30,
and <10-5000 ^g day"1 (28, 31).
Table 5. Estimated human exposure to selected trace elements via food intake.
Element (u.g day"1)
Cd
Pb
Hg
6
17
2
6
17
2
4
12
1
4
11
1
4
10
1
6
16
2

Diet
Middle Eastern
Far Eastern
African
Latin American
European
Global

As
12
12
9
7
9
12

Se
0.7
0.8
1
0.8
1
1

Conclusions
We have demonstrated the relationship between soil and human health with mathematical
expressions that link the trace elements in the soil to concentrations in plants, and
methodologies of calculating human exposure. Available data, however, can provide only
a rough approximation of global human exposure to trace elements. A thoroughly
investigation on the food chain transfer of trace elements lies on the availability of
accurate soil to plant transfer coefficients. The discipline of biogeochemistry, which
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provides an interface between the study of inorganic process and organic process in the
terrestrial environment, can contribute significantly to the accomplishment of this goal.
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IMPACT OF MINERAL-ORGANIC ASSOCIATION ON
AGRICULTURAL ECOSYSTEM HEALTH
K. Haider, and P. M. Huang . BFA-Landwirtschaft, Braunschweig,
Germany, and Department of Soil Science, University of Saskatchewan,
Saskatoon, SK, Canada S7N OWO
Introduction.
The close association of the soil organic matter with mineral colloids has a considerable
impact on soil processes. It stabilizes soil organic matter against rapid decay and is
important for many other beneficial properties of soils (1). Many soil properties such as
buffering capacity, water holding and metal binding capacity, sorption and stabilization of
organic compounds, including xenobiotics, stability of soil aggregates and pore size
distribution are determined decisively by the formation of complexes between soil
organic matter and the mineral matrix. The exchange sites in these complexes bind both
macro- and micro-nutrients and prevent them from being lost by erosion or leaching.
Thus, they are retained in the soil for their slow release and function as a reservoir.
Organo-mineral complexes with their large surface areas, as well as their
aggregates also support living organisms which range from microorganisms to insects,
earthworms, and small mammals. The large and divers population of microorganisms, in
particular, plays a vital role in decomposing organic matter, in synthesizing complex
humic materials and in chemically changing the nature of inorganic components in the
soil.
Organo-mineral Complexes and Soil Fertility
Fifty to hundred percent of the organic matter in soils is intimately associated in organomineral complexes and particularly with the clay fraction (2). Using ultrasonic dispersion
and size fractionation techniques, Anderson et al. (3) found that 96% of the organic C and
93% of the organic N were associated with mineral soil particles ranging from sand to
fine clays. Expressed on the whole soil base, only 3 to 4 % of the organic matter was
associated with the sand, substantially greater amounts with the coarse and fine silt, and
the greatest amounts with the coarse clay. Organic N and the carbohydrate fraction
followed a similar trend to the organic C, but the C/N ratios decreased by a factor of two
with decrease in particle size. This indicated that the material combined with the fine
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clay fraction was most rich in N and therefore, provided a source of nitrogen in the
cycling of this nutrient (4).
Humic materials as well as other natural organic materials like carbohydrates,
proteins, fats, and simpler substances released from dead microorganisms, plants, roots,
and detritus, are subject to adsorption and binding processes and therefore, become
stabilized against rapid microbial decay (5). The authors (5) classified organic matter
fractions according to their half-lives which ranged from less than 1 year to almost 2,000
years. They considered that the fraction with a half life of almost 50 years was physically
adsorbed to the clay, whereas the fraction with the longest half-life was probably
chemically bound to components of the soil.
Stabilization of humus complexes. The 14C-dating technique provides evidence that
many modern soils contain a larger pool of very stable and old organic carbon with a
turnover time of up to several thousand years and a much younger and smaller pool not
older than several decades (6). The organic matter content of a soil is profoundly
influenced by the cropping system imposed on it. Of particular concern is the loss of
labile organic matter, which is more susceptible to management and temperature effects
than the bulk organic matter (7). This "active" fraction plays a prominent role in soil
carbon and nutrient dynamics and various methods have been proposed to characterize
this fraction (6, 8) According to densitometric techniques (9), a relatively light fraction
comprises largely organic residues at various stages of decomposition and has a high
concentration in organic C and N relative to that of the whole soil. Much of the material
is related to plant residues, and also contains appreciable amounts of microbial and
microfaunal debris including the microbial biomass.
Data by Janzen et al. (10) show that across a wide range of cropping systems of
chernozemic soils in Saskatchewan, this light fraction ranged from 1 to 12% of the soil N
and 2 to 12% of the soil organic C. It was strongly correlated with soil respiration rates,
suggesting that it is readily susceptible to microbial and enzymatic activity. In grassland
soils, Schlesinger (11) estimated that 98% of the CO2 released from soil originates from
decomposition of this young and easily decomposable fraction, whereas only 2% are
released from decomposition of the stabilized bulk humus (Fig. 1). By absolute amounts,
however, this bulk humus contributes to 95% of the soil carbon and only 5% are present
in this "active" fraction.
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Fig. 1. Decomposition of litter and humic compounds in a grassland soil. Carbon fluxes
i n k g C m ^ y 1 (11).
Aggregation. In soils primary particles combine into aggregates of varying sizes.
Tisdall and Oades (12) suggested an hierarchy of aggregates in soils in that microaggregates with sizes of 10 to 250 (am are combined into macro-aggregates of >250 ^im.
They also suggested that micro-aggregates are combined into macro-aggregates by
transient, easily decomposable microbial- or plant-derived polysaccharides, by fungal
hyphae or fine roots, and by the participation of lipids. The binding agents of particles
into micro-aggregates are more stable and include persistent organic materials, crystalline
oxides and highly disordered aluminosilicates.
Soil aggregation is, furthermore, an important factor in controlling microbial
activity, organic matter turnover and nutrient flow in soils. Elliott (13) demonstrated that
the organic matter associated with macro-aggregates is more labile and less highly
processed than that associated with micro-aggregates.
Based on results of mineralization studies, both C and N mineralization in
cultivated and native sod soils were always greater in macro- than in micro-aggregates
and increased further in crushed macro-aggregates.
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Impacts of soil management. The effect of cultivation usually results in lower organic
matter levels and involve changes in the association of soil organic matter with clays and
in soil structure (4, 14). Observations by Cambardella and Elliott (15) indicated a
depletion of organic matter in the less humified fractions of the cultivated soils with a
subsequent relative increase in the mineral-associated pool. Cultivation also causes a
decrease in macro- and an increase in micro-aggregates. This may provide a short-term
increase in soil fertility through the release of nutrients from the more labile organic
matter which bind micro- into macro-aggregates. A prolonged exploitative cultivation
will however, result in a decrease in aggregate stability and is generally accompanied by a
decrease in the easily decomposable soil organic matter and microbial biomass pools (16,
17).
Availability of nitrogen. N-mineralization generally is accompanied by Cmineralization, but both do not follow the same turnover rates. Molina et al. (18)
developed a model for the dynamics of organic N and divided it into two pools which
decompose independently from each other. Also Cabrera (19) concluded that it requires
two N-pools to model the N-flush caused by drying and rewetting of soils. The initial
rapid flush followed a first order-kinetics and was followed by a slower mineralization
with zero order kinetics from a more stable pool. Drying and rewetting, therefore,
increased the mineralization rate of the more stable N-pool that normally mineralized
slowly (Fig. 2).
This increased N-flush can be partly explained by an increased availability of
organic substrates desorbed through drying and rewetting from soil surfaces, and results
in an enlargement of this easily decomposable N-pool, which is replenished from a more
stable N-pool as a result of the drying and rewetting effect.
Probably most of the organic nitrogen in soil exists in the form of distinct
chemical entities of biological origin such as proteins, peptides, amino acids, amino
sugars, nucleic acids, and related materials. This was recently shown by Almendros et al.
(20) and Knicker (21) using the solid state 15N-NMR technique for analysis of the newly
formed N-components in composted 15N-enriched straw or of straw amended during
composting with 15N-enriched (NRO2SO4.
During the whole composting time of nearly 2 years, the spectra are always
dominated to more than 80% by the intense resonances in the chemical shift range of
peptide nitrogen in proteins. Weaker signals are in the range of the terminal amino
groups of amino acids and amino sugars, and of NH2-groups from arginine, glutamine
and asparagine. Other signals from pyroles, indols, pyrimidines and purines, located at
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the low field of the broad peptide signal, might be covered by this signal. However,
signals related to pyridines, phenazines, nitriles or imines which are supposed to be linked
into the humic matrix, did not appear even after 2 years of continued composting.
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Fig. 2. Net N mineralized in dried and rewetted samples and in undried samples of a
conventionally tilled sandy loam. N m j n = cumulative N mineralized; Ni = pool of
mineralizable N made available after a drying and rewetting event; ki = rate constant of
mineralization of Ny, ko = rate constant of mineralization of the more stable N pool (19).

As proposed by Schnitzer (22) most of the hydrolyzable soil nitrogen is only
loosely held or adsorbed to humic substances by low-energy bonds such as hydrogen
bonds and van der Waals forces. Whether or not the smaller (nonhydrolyzable) ponion is
stabilized as an integral part in the humic substances or—as indicated by the CPMASNMR spectra (20, 21)—only an artifact of the hydrolysis procedure, is still an open
question.
Availability of metal ions and phosphorus. The chemistry of complexation of metal
ions with soil solution organics and its significance in plant nutrition and in transport
processes in soils have been recently described (23, 24). Two main kinds of organic
compounds that form stable complexes with trace metals are (i) simple aliphatic acids,
amino acids, hydroxamate siderophores and polyphenols, and (ii) a" series of acidic,
yellow to black-colored polyelectrolytes referred mainly to as fulvic acids. The former
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are synthesized by microorganisms or occur as root exudates in the rhizosphere, where
they enhance the uptake of micronutrients by plants. The ability to form water soluble
soil organic matter-metal complexes and water-insoluble metal-organic complexes is one
of the most important characteristics of fulvic and humic acids and is directly related to
their high content of COOH and phenolic OH groups. By these means, they also
substantially dissolve relative insoluble inorganic minerals and, thus, promote mineral
weathering.
These components and mechanisms also improve the availability and uptake of
phosphorus by microorganisms and plants. A considerable portion of P in soils is linked
either in inorganic or organic form to surfaces of solid soil minerals. Oxides of iron and
aluminum play an important role in the fixation of P and withdraw this nutrient element
from its availability to plants and microorganisms. Exudation of organic acids, phenols
or hydroxamates is a vehicle to solubilize P either from solid surfaces or dissolving Pcontaining minerals (25). Furthermore, phenolic compounds formed during plant residue
composting, or water soluble humic compounds (24) can be of importance in releasing
sorbed P from solid mineral particles by solubilization or complexation with heavy metal
ions.
Organic acids and humic components also can play a similar role in desorption of
P as well as in inhibiting sorption of P onto metal oxides or clay minerals. It has been
observed that humic or fulvic acids as well as low-molecular-weight aliphatic or aromatic
acids may block sites on inorganic soil materials and thus reduce P- adsorption (26).
Violante and Huang (27) and others have studied the adsorption of P on Al precipitates
formed in the presence of organic ligands like citric, tartaric, malic, aspartic, or tannic
acids. They found that the amounts, the nature, and the size of organic ligands, as well as
the surface properties of Al-organic ligands complexes strongly influenced P adsorption.
A large number of sites on Al oxides seemed to be common to both P or oxalate as it was
observed by Violante et al. (26). The efficiency of organic ligands to suppress P
adsorption was expressed by Deb and Datta (28) as:
Efficiency % = (1 Pnosp hate sorbed i n thepresenoe of ligands
phosphate sorbed when applied alone

x

1Q()

By using this formula, Klees (29) investigated the inhibiting effect of different organic
ligands on P adsorption by goethite (a-FeOOH), where the P adsorption was measured
after previous interaction of this mineral with the organic ligands (conditions: 500 mg
goethite was suspended in 50 ml acetate buffer pH 5.5, shaken for 24 h with a distinct
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amount of the ligand solution and then P was added. After further 24 h the residual P in
solution was determined and compared with the amount adsorbed by goethite without the
organic ligand). As shown in Table 1, a 0.2 mM solution of most of the investigated
ligands already strongly inhibited P adsorption. Adsorbed ligands blocked effectively the
adsorption of P and P was not able to displace the adsorbed ligands from the surface.
Humic substances also can modify P adsorption in soils by various mechanisms:
They can be bound to Fe/Al surfaces, or block P binding sites and, thereby, reducing P
adsorption. On the other hand, they also can inhibit the crystallization of Fe- or Aloxides (30). These controversial results concerning the role of humic substances in Padsorption in soils can be explained by different types of interactions between humic
compounds and the mineral matrix.
Table 1. Inhibition of the P-adsorption by preceding adsorption of different organic
ligands on the surface of goethite (cc-FeOOH) (29).
Efficiency in %
Organic Comp.

Oxalic acid
Citric acid
Catechol
Pyrogallol
Gallic acid

<

Concentration
2mM

10 mM

2.1
9.6
4.2
45.4
42.8

3.2
16.4
9.4
58.3
54.6

>

15 mM

20 mM

3.6
19.1
11.6
60.1
57.5

3.9
21.3
13.6
63.1
58.8

Abiotic catalysis and formation of humic substances. A variety of organic
components, such as phenolic substances, carbohydrates, and nitrogenous substances, can
participate as starting materials. Soil minerals have the ability to catalyze the
polymerization of phenolic compounds, the polycondensation of phenolic compounds
and amino acids and the subsequent formation of humic substances (31, 32). Oxides,
hydroxides, oxyhydroxides, short-range ordered minerals, clay-size layer silicates,
primary minerals, and temperate and tropical soils have been shown to promote the
formation of humic substances through abiotic catalysis.
One of the well-identified precursors for the formation of humic substances,
hydroquinone, can be transformed at near-neutral pH to humic macromolecules and
deposited in the interlayer of nontronite [Fe(III)-bearing smectite] saturated with Ca (33).
Therefore, besides Al interlayering of 2:1 expansible layer silicates (34), the formation of
humic substance interlayers through polymerization of phenol monomers and associated
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reactions in soil environments warrants in-depth research. Furthermore, the nature and
surface reactivity of organo-mineral complexes formed merit close attention.
Soil minerals also catalyze chemical breakdown of natural organics. Shindo and
Huang (35) reported that the Mn oxide, birnessite, greatly accelerates the abiotic
formation of NH3-N in the hydroquinone-glycine system in the pH range common in soil.
Therefore, their data indicate that Mn oxide has a role similar to that of phenol oxidase
enzymes (36), which act as electron acceptors in promoting the deamination of amino
acids in diphenol-amino acid systems.
Wang and Huang (37) reported that birnessite (8-MnC>2) promotes the abiotic
deamination and decarboxylation of glycine, especially in the presence of pyrogallol. In
an N2 atmosphere, the CO2 release in the birnessite-glycine-pyrogallol systems is
drastically reduced, indicating that the degree of aeration and the drainage condition
should affect the ability of Mn oxide to decarboxylate amino acids and polyphenols.
Most of the released NH3 in the systems can be attributed to deamination of glycine upon
its reaction with pyrogallol-derived free radicals produced as the result of catalysis by
birnessite. An appreciable amount of NH3 released can also be directly derived from the
deamination of glycine in the presence of birnessite. Kaolinite, nontronite, and natural
soil clays also can catalyze the deamination and decarboxylation of glycine (38).
Therefore, soil inorganic components play a vital role in N transformations in soils.
Lee and Huang (39) reported that the abiotic release of CO2 in the birnessitepolyphenol systems increases as the light intensity increases from 0 to 500 (lE nr 2 s_1.
By contrast, the absorbances of the supernatants in the birnessite-polyphenol systems
decrease as the light intensity increases. This is attributed to photofragmentation of the
polyphenols and the nature of their degradation products. These findings indicate that the
pathway of C turnover through the abiotic degradation of polyphenols in the photic zones
of soils, where sunlight abound, may differ from those in the subsurface and submerged
layers of soils where sunlight does not penetrate.
Recently, Wang and Lin (40) showed that the structural differences among amino
acids influence their mineralization by birnessite. Besides the decarboxylation and
deamination, birnessite contributes to mineralization of structural S of amino acids.
Nitrogen mineralization of certain amino acids (L-serine, L-phenylalanine, L-proline,
DL-methionine, L-cysteine) as enhanced by birnessite is retarded by pyrogallol (Table 2).
This is, in part, attributed to the fact that the deamination of amino acids compete with
the oxidative transformations of pyrogallol for reducing the birnessite. Furthermore, the
formation of N-containing polycondensate from the polycondensation of amino acids and
pyrogallol contributes to the retardation of mineralization of structural N of these amino
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acids. In contrast, S mineralization of S-containing amino acids is not retarded by
pyrogallol.
Therefore, the abiotic catalytic role of soil minerals in C turnover and N and S
transformations and the impacts on soil fertility deserve in-depth investigations for years
to come.
Impacts of Organo-mineral Association on Microbes and their Biochemical
Activities
A study of the microbial ecology of soils must consider the spatial and temporal
interrelations of soil particles with organisms. The physical barriers erected by inorganic
particles, either individually or as components in aggregates, as well as various microbemicrobe, microbe-plant and microbe-animal interactions create unique localities. Stotzky
and Burns (41) emphasize that physical and chemical properties of clay and humic
components impart important influences on the microbes in their vicinity and that this
influence is the result of principally four characteristics:
1. their high surface to volume ratios;
2. their cation exchange capacity;
3. their capability to retain water;
4. their ionic properties.
As a consequence, microorganisms, viruses, substrates, enzymes, products, inorganic ions
and water tend to be concentrated and therefore, also interact at the soil colloid/liquid
interface. The influences of solid surfaces on microbial activities have been surveyed in
several reviews (41, 42). Our contribution will, therefore, describe the role of surfaces and in particular of aggregates - for the localization of microbes, the formation of
microsites and their impacts on ongoing physiological processes in soil.
Local distribution of microbes. In soil microorganisms are the biological link between
the physico-chemical processes of synthesis and degradation. Because of their metabolic
activities they are directly involved in the development of soil structure and in particular
of aggregate formation. The production of polysaccharide-like substances by
microorganisms and their importance in connecting particles into aggregate was first
reported by Martin (43) and Swaby (44).
The sorptive forces acting in the aggregation of soil particles can also be active in
binding organisms onto solid surfaces. The large specific surfaces of soil colloids like
clays or humic components have substantially more reactive spots on their surfaces than
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silt or sand particles. Again these can also be polysaccharides which fix the cells onto
inert surfaces (45). These are summarized under the term "glycocalyx" which are
threadlike polymers from sugar molecules. Similar polymers may be also active in the
formation of aggregates (46). By ruthenium red staining, the authors (46) showed the

Table 2. Mineralization of amino acid N to NH3 and NH4+ in birnessite-amino acidpyrogallol systems at the end of the 90-h reaction period (40).

Pyrogallol

NH3 + NH4+t
(|xmol)

Reaction condition
Birnessite

Amino acid

Pt
P
A
A

L-serine
L-serine
L-serine
L-serine

P
Al
P
A

65±2§
140±4
ND#
ND

P
P
A
A

L-phenylalanine
L-phenylalanine
L-phenylalanine
L-phenylalanine

P
A
P
A

50+2
145±5
ND
ND

P
P
A
A

L-proline
L-proline
L-proline
L-proline

P
A
P
A

ND
66±6
ND
ND

P
P
A
A

DL-methionine
DL-methionine
DL-methionine
DL-methionine

P
A
P
A

30+2
83±2
ND
ND

P
P
A
A

L-cysteine
L-cysteine
L-cysteine
L-cysteine

P
A
P
A

90±2
226+8
ND
ND

The sum of the amounts of NH3 and NR»"1" produced in the systems; the amounts of
NH3 produced in the systems were not detectable except for 5±0 ^mol of NH3
produced in the birnessite-L-cysteine system.
P = in the presence.
The average deviation from the mean.
A = in the absence.
Not detectable.
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polysaccharide like glycocalyx as a binding agent between organisms and soil humus
particles in aggregates. Beside polysaccharides, hydrophobic compounds derived from
lignin, phenolic substances or lipids of microbial or plant origin are discussed in the
stabilization of aggregates (47,48, 49).
In this context, it is not astonishing that according to Hattori (50) only 10 to 20%
of the total bacterial population of a soil can be isolated from the soil solution, whereas
more than 80% are fixed onto solid surfaces. Relatively small numbers of bacteria can be
found in the clay fraction, whereas aggregates from 20 to 25 ^.m have the greatest
bacterial density (51). Most organisms exist on the outside of aggregates and in the small
pore spaces in between them. Aggregates from 250 to 2000 |im contain most of the total
biomass consisting of bacteria and fungi, which keep the particles in aggregates not only
mechanically together (Fig. 3), but also chemically by secretion of polysaccharides (46,
52). This spatial fixation of microbes not only regulates the access of microbes to certain
nutrients, but it also protects microbes from rapid decrease of their biomass. This
adhesion of microbes also contributes to the fixation of potential pathogens or of
genetically engineered organisms and inhibits their transport into ground or surface
waters. The degree of adsorption, however, depends upon the chemical properties of the
soil and soil solution, namely, nature and contents of clay and organic matter, mass flow
of water, solution pH and the type and concentration of electrolytes (54).

Clay - organic
matter complex
Open pore

Bacteria

Quartz

Pore opening

Fungal hyphae
Organic mattersesqul oxides

Fig. 3. Model of a soil aggregate (53).
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Protection of microbes from rapid decrease of their biomass. Clays and aggregates,
by creating protective pore space, protect bacterial cells from predation by soil animals,
mainly by protozoa. Pores as small as a very few urn in diameter and filled with water
are generally suitable for bacteria. Fungi invade somewhat larger pores. Pore size limits
the access of the fauna and provides refuges for bacteria in the case of micropores;
macropores also protect the microfauna from larger predatory organisms. Cultivation of
soils will assist in bringing bacterial and faunal population together and decrease bacterial
numbers, but also increase plant available nutrients (55).
Physiological effects of aerobic and anaerobic microsites. Aggregation can cause
many microenvironments rapidly changing with time and space in water contents,
aeration, pH or other parameters. There have been numerous observations of anaerobic
processes occurring in nonflooded soils where oxygen contents in larger pore space
approach 20%. The slow move of oxygen in water filled pore systems can lead to
anaerobis in the inner portion of moist aggregates (56) and thereby modify biological or
chemical transformations of chemicals such as nitrate, sulfate, metal derivatives or of
organic compounds including xenobiotics (57).
The anaerobic microsites within aggregates are also the reason for the often
observed coincidence of apparently conflicting processes such as nitrification and
denitrification to occur at the same time. They are also responsible for the wide spread
spatial variability of denitrification events in field soils (58).
Oxygen or redox microelectrodes (sensing tip, 2 ^m) have been inserted into
aggregates. Direct measurements of 02-concentrations in soil aggregates in relation to
denitrification rates by Sexstone et al. (59) or Zausig et al. (60) have corroborated the
concept for the occurrence of 'hot spots' for enhanced denitrification in soils. The
measurements by using an oxygen microelectrode (59) showed that aggregates from
cultivated or prairie soils contain expanded anaerobic centers.
The size of aggregates, and even their anaerobic radius is not always decisive for
the observed denitrification rates. Some aggregates with anaerobic centers exhibited no
or only little denitrification. Since besides nitrate, denitrification needs easily available
carbon sources, their concentrations also limit denitrification rates.
The aerobic and anaerobic microsites in soils also influence the degradation rates
of several xenobiotics mainly pesticides (57, 61). Generally, appropriate levels of organic
nutrients together with aerobic conditions which favor microbial growth and activity
increase the rate of pesticide degradation. An extended review by Grbic-Galic (57)
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recently emphasized an enhanced degradation of aromatic, heterocyclic and alicyclic
compounds, including their halogenated derivatives, under anaerobic conditions. This is
in particular true for several pesticides with halogen or nitro groups, which can serve as
exogenous electron acceptors for microorganisms under anaerobic conditions.
Aromatic nitro groups as in parathion or several dinitro-aniline herbicides are
reduced in aerobic nutrient rich soils, especially when they are wet. Parathion was found
to be more resistant in dry and least in soils with high water contents (62). It can be
expected that the redox potentials in water saturated aggregates are low enough to
promote this reduction. After reduction of the nitro groups into amino groups substantial
portions of the residues from parathion or other nitro groups containing pesticides are
bound into the soil humus. This formation of bound residues is also promoted under wet
soil conditions (63) and it can be expected that the anaerobic microsites of aggregates are
particularly active in such reduction processes and promote the formation of bound
residues from pesticides by this manner.
Retention, Transformation, and Transport of Toxic Substances
Organic xenobiotics can reach the soil through human activities intentionally or
unintentionally in the form of plant protection agents. There are a great number of lowmolecular-weight organic compounds, produced in industry or used in households. Here
they are either degraded by microbes or remain in soil as such or as metabolites.
Numerous compounds remaining in soil cannot be easily extracted anymore by organic
solvents and are retained by soil colloids by various types of interactions including van
der Waal's forces, hydrogen bonds, formation of charge transfer complexes and covalent
bonding (64). Also hydrophobic sorption of nonpolar residues or trapping of molecules
in a molecular sieve formed by humic materials has been suggested (65). Adsorption of
xenobiotics to soils is due to its attraction by solid surfaces, and soil colloids are mainly
responsible for the adsorption phenomenon because of their small particle size and large
surface area. The organic matter is generally more active in adsorption but clay minerals
and clay/humus complexes also play an important role.
Sorptive interaction with xenobiotics. Retention is one of the key processes affecting
the fate of organic chemicals in the soil-water environment. It is the ability of the soil to
hold a pesticide or other organic molecules and to prevent them from moving within or
outside the soil matrix. Consequently, it is a primary factor in decreasing the direct
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toxicity of chemicals, their interaction with other organisms and/or the pollution of
ground and surface waters.
Application of many 14C-labeled xenobiotics to soil showed that after an extended
time of incubation up to 90% of the applied radioactivity still remained as non extractable
residues in soil, and were strongly sorbed or even "bound" to its inorganic or organic
matrix (32). Several spontaneous or enzyme catalyzed coupling reactions have been
proposed to occur between phenols or aromatic amines and humic compounds (66, 67).
The , 4 C radio-labeling experiments generally do not provide structural
informations about the kind of retention mechanisms between xenobiotics and humic
compounds. Several recent approaches tried to elucidate these mechanisms by using
compounds labeled with stable isotopes suitable for subsequent analysis by spectroscopic
methods, mainly by the nuclear magnetic resonance spectroscopy. Methods to use 13 Cor 15N-enriched organic compounds and to elucidate their further metabolic fate in
organisms or during microbial degradation are not yet widely used. The idea behind is
the fact that the isotopically enriched atoms in a molecule show up in the form of
essentially increased NMR-signals compared to those with only natural abundance.
Among its advantages, this technique is non-destructive and permits analysis of the whole
sample.
Recently Thorn et al. (68) applied 15N-labeled aniline to humic substances to gain
a better understanding of the reaction mechanisms involved. l^N NMR studies of the
binding of aniline to soil and aquatic humic substances were performed both in the
absence and presence of peroxidase or tyrosinase (phenolase). 15 N NMR spectra
indicated that the 15N-labeled aniline is incorporated into the humic substances in the
form of anilinohydroquinone, anilinoquinone, and anilide; its majority is in the form of
heterocyclic nitrogen. Binding, therefore, may occur through the nucleophilic addition of
the amine to the carbonyl functionalities of the humic substances or through the
enzymatically catalyzed free radical coupling of the amine to substituents in humic
substances.
Similar approaches were applied to study the binding mechanism of 2,4dichlorophenol, labeled by 13 C at different positions of the aromatic ring, to humic
compounds both in the presence or absence of horseradish peroxidase (69). This
compound did not undergo spontaneous reactions with humic compounds; only in the
presence of the enzyme, the 13 C NMR spectrum contained many new signals that
indicated a C-C binding as well as C-0 binding via ether and ester linkages between the
dichlorophenol and the humic acid in solution.
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des are applied or remain in soil at very low concentrations. Recently,
made by using various labeling techniques in combination with l^C NMR
the retention mechanism of the fungicide anilazine in soil (70). If R e .ne, the active ingredient of the fungicide DyreneR, was applied to soil, after
lly 20% or less of the applied radioactivity were extracted with organic
I).

Even iring prolonged incubation only a small portion of the applied radioactivity
was evolveo as 14CÜ2, and this was observed for the carbons of both the triazine and the
aniline moieues
By using ^C-enriched anilazine, the interactions between anilazine residues and
humic components were investigated by 13C NMR-spectroscopy. The results indicate
that binding of annazine metabolites with humic compounds occurred as dialkoxyderivative by exchange of the two chlorine atoms with functional hydroxy groups in the
form of ethers and possibly of esters.
Covaleni bonding as observed for the above mentioned compounds may not
generally occui with any applied xenobiotics that show sorptive interactions in soils. A
better understanding of the mechanisms involved in such interactions are of importance
for understanding to what extent retention mechanisms can lead to detoxification of
otherwise toxic compounds. In view of the fact that soils are sometimes highly
contaminated with organic xenobiotics from various origins, this knowledge is indeed
essential. There is evidence that, with longer residence time in soil, bound residues
become more and more resistant to degradation and extraction. It can be theorized that
during this process of "aging" a redistribution of chemicals from weaker to stronger
absorption sites occurs. Furthermore, humic components with absorbed residues may be
progressively combined with the clay minerals of a soil (71).
Organo-mineral complexes and toxic metals. The ecological activity of toxic heavy
metals in soils is closely related to their binding and complexation onto soil components.
The amount of heavy metals, available to plant uptake, therefore, cannot be simply
deduced from their absolute amount in a soil but depends essentially upon the soil pH, its
contents of clay, Fe-, Al- and/or Mn-oxides, its humus content, and its redox potential.
The mobility of heavy metals increases significantly below a limiting pH-value
(72): Cd pH < 6.5; Zn pH < 5 - 5.5; Cu pH < 4.5 - 5; Pb pH < 5; Mn pH < 5.5 - 6. Even
below these pH-values, the binding energy of heavy metals is strongly correlated with the
contents of clay and/or humus. The latter component or its complexes with clay adsorb
heavy metals in the sequence Cu > Cd > Zn > Pb. The same sequence but in a reverse
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order is valid for the release of the heavy metals during disintegration of humus.
Depending upon the biotic activity, therefore, humus acts both as a sink or a source for
heavy metals (73).

Structural Formula of Anilazine
EXTRACTION SCHEME OF 14C-ANILA2NE INCUBATED SOIL

Soil 8 weeks 50 ppm Anilazine 100%

Exhaustive extraction with organic solvents 20 %

'denotes position of the radiolabel

Molecular Weight: 275.5

Fig. 4. Structure of anilazine, the active ingredient of the fungicide Dyrene® and its
metabolic behavior in soil (70).

Clays as well as Fe-, Al- or Mn-sesqioxides have a considerable capacity to bind toxic
heavy metals. In several countries, therefore, besides the absolute metal contents legal
limits for the toxic metal contents in soils also consider the contents of soil organic
matter, clays or sesquioxides.
Summary and Conclusions
Besides the recalcitrant structure of most of the specific soil organic matter constituents,
their intimate association in organo-mineral complexes is responsible for their
stabilization. Inorganic soil constituents such as clays or sesquioxides can also adsorb
fresh organic substances and, therefore, reduce their decomposition rates. Extreme
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examples are volcanic ash-derived allophanic soils rich in amorphous or poorly
crystalline aluminium silicates which sometimes contain 30% or more humus.
This high absorptive capacity of humic compounds as well as inorganic soil
constituents like clays or silt for low-molecular-weight compounds is also the reason for
the well known buffering capacity of soils upon toxic influences e.g., by phenols or
polycyclic aromatic compounds (74, 75) and, in particular, pesticides or toxic heavy
metals (76). Indigenous soil microbial populations sometimes have difficulties in
degrading and transforming exogenously applied organic compounds. However, in many
soil systems, microbial or physicochemical reactions with humus or with mineral
particles reduce the concentrations of those organics and deactivate their toxicity (32).
This also prevents their leaching or surface erosion.
Cultivation usually results in lower organic matter levels and causes changes in
the association of soil organic matter with clays and in soil structure. It was observed that
this decrease is caused by an accelerated decomposition of the younger and more active
soil organic matter pool (8). Similar to cultivation, a global mean temperature rise,
caused by an increase in the emission of "greenhouse" gases, affects mainly the younger
and not completely stabilized fractions of soil organic matter, but less the complexed old
organic pool. Jenkinson and colleagues (77) estimated the additional degradative effects
on humus if the global annual mean temperature rises during the next 60 years by 3°C.
According to their estimates about 100 Gt C (1 Gt = 109 t) should be additionally evolved
as CC»2 from soil organic matter (1600 Gt C). This increases the present CO2concentration in the atmosphere by 14 %, whereas the combustion of fossil fuels (5.4 Gt
C y"1) should add during this 60 years period 330 Gt C to the atmosphere. Furthermore,
the relative contribution of the emission of CO2 to 'he atmosphere through abiotic
catalytic processes of minerals in soils and sediments and the resulting abiotic
decarboxylation of amino acids and ring cleavage of polyphenols (37, 38, 39) merits
attention.
An increase in temperature enhances mainly the decomposition of a relatively
small soil organic fraction which readily forms and decomposes. This fraction including
the microbial biomass, however, is most decisive for the flow of carbon and other
nutrients (Fig. 2) as well as for the formation and stabilization of aggregates. Due to the
protection of the larger humus pool by complexation with soil minerals, global warming
within certain limits will, therefore, not result in a radical "run away" mineralization of
soil organic matter.
Sorptive interactions also influence the location of microbes in soil by connecting
them to solid surfaces. 80 to 90% are located on solid surfaces and particularly on the
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surfaces of aggregates. This spatial fixation of microbes not only regulates the access of
microbes to certain nutrients, but it also protects microbes from rapid decrease of their
biomass. This adhesion of microbes also contributes to the fixation of toxic organisms
and inhibits strongly their transport into ground or surface waters.
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Clay minerals and humic substances are important components of the soil environment and
affect environmental health both directly, as the result of their ability to sorb toxic chemicals
(1 - 4), and indirectly, as the result of their influence on the activity, ecology, and
population dynamics of microorganisms (5). Soil colloids adsorb and bind xenobiotic
chemicals, heavy metals, and other pollutants (6, 7) and, consequently, affect their mobility
availability to microbes, plants, and animals. The adsorption of pollutants reduces the rate
at which they leach into groundwater, and binding reduces the amount of toxic chemicals
available to the biota and, therefore, their toxic effects (8 - 10).
Clay minerals and humic substances are part of the immediate environment of
microorganisms in soil, and thereby, they affect the biochemical activities of
microorganisms (10 - 13), which, in turn, influences the fate and persistence of some toxic
chemicals (14). Colloids affect microbial events in soil directly, as the result of surface
interactions between the colloids and microbial cells, and indirectly by affecting the
physicochemical characteristics of the microhabitats wherein the microorganisms function
and by adsorbing or binding nutrients and energy sources, as well a toxic substances. As a
result of binding, the toxicity of pollutants to microorganisms is reduced, but the pollutants
may also become recalcitrant to microbial attack (15 -17).
Clay minerals often enhance the metabolism and growth of microorganisms, which,
in turn, influences the biochemical activity of the soil microbiota (18, 19). In as much as
many industrial and xenobiotic chemicals are structurally similar to naturally occuring
constituents of humus, these synthetic substances can be incorporated into soil organic
matter during humification (20). Consequently, this incorporation, in which soil colloids
are of great importance because of their influence on microbial events and possible catalytic
activities, can be considered a detoxification process (8).
In addition to the increasing pollution of soils with organic chemicals, there has also
been an increase in the deposition of heavy metals, mostly from anthropogenic sources.
Clay minerals, as well as humic materials , present in soil can reduce the toxicity of heavy
metals to the indigenous microbiota (21, 22, 23). The effect of clay minerals on the toxicity
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of heavy metals appears to be primarily a function of the cation exchange capacity of the
clays, as the heavy metals in their cationic speciation form are exchanged for nontoxic
charge-compensating cations in the clays, thereby reducing the concentration of toxic
metals in the soil solution (18, 21, 22). However, the retention of heavy metals by clays is
only temporary, as they can be exchanged by other cations in the soil solution, and
therefore, clays do not constitute an irreversible sink for these toxicants. Nevertheless, the
temporary retention of heavy metals by clay minerals and humic materials may be important
in reducing the acute loading of ground waters with toxic levels of heavy metals.
Clay minerals and humic materials are important to the survival, growth, and
metabolism of microorganisms in soil (19), both indigenous and introduced (e.g.,
genetically modified microorganisms), especially under adverse conditions, such as the
presence of organic pollutants and heavy metals. The investigation of these phenomena in
soil in situ is complicated and difficult, and therefore, basic effects and reactions are studied
primarily in the laboratory. However, may laboratory findings can be extrapolated to the
soil in situ. Nevertheless, more studies, especially with newer techniques, such as those of
molecular biology, are needed to clarify more definitely the effects of inorganic and organic
soil colloids on microbial events in soil and on the quality and health of the environment.
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Introduction
A critical concern in environmental health is the potential impact of toxic chemicals present in the
soil environment. Assessment of the potential risk of these chemicals is generally based on the
inherent toxicity of the chemical and the likelihood of exposure of the human environment to the
chemical. The extent of human exposure to a specific chemical is not only dependent upon the total
amount of the chemical present, but also upon its bioreactivity with the environment at a given
time. Availability and reactivity of a chemical are affected by many factors. Soil can exert a
significant influence on both the availability and the reactivity of the chemical, and they can change
with time and condition of the soil environment. Any evaluation of the impact of a chemical on
environmental health must consider the availability or bioreactivity of the chemical in the soil.
There is an abundance of literature on the characterization of the fate and behavior of
naturally-occurring chemicals, such as products of plant residue decomposition, as well as
synthetic organic chemicals, such as pesticides, in the soil environment. Most of these
characterizations are based on quantitative determination of specific chemicals in soil extracts.
However, these characterization methods only measure the total amount of the chemicals
present in the, soil, and cannot differentiate whether a certain percentage or fraction of the chemicals
could be potentially more bioavailable or reactive than other fractions, because of the different
mechanisms involved in the binding of these chemicals to the soil matrix.
To understand and be able to predict the fate of a chemical in the soil, appropriate analytical
methods will be needed for estimation of the bioreactive fraction of the chemical in the soil.
Unfortunately, few of the current methods are designed to characterize the bioreactivity of any
chemical, even the most commonly occurring ones. Thus a major challenge to research on
problems related to environmental health will be to develop methodology for characterization of the
bioreactivity of a chemical in the soil environment. In view of the inability of current methods to
differentiate the bioreactivity of chemicals, the purpose of this paper is to suggest potential
approaches which could help toward the development of suitable methods for determining the
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bioreactive fraction of specific chemicals in the soil, with specific attention to the influence of soil
on the bioreactivity of organic chemicals.
Conceptual Considerations
The organic chemicals present in the soil environment have different reactivities. Some participate
actively in the transformation processes ana can be decomposed either by biotic or abiotic means.
Others are more resistant to change. The degradable chemicals can form degradable or resistant
metabolites or decomposition products. The end product of oxidative degradation of the organic
carbon is carbon dioxide. The dominant force in the degradation of organic chemicals in the soil is
the microbial population, although the possibility of chemical or photochemical reactions should
not be ignored.
The bioreactivity of an organic chemical in the soil environment is determined by the
stability of its structure and by its interaction with soil. Certain chemical structures are resistant to
transformation and degradation. Such chemicals may or may not react readily with soil, depending
on the processes and factors involved in the soil environment. Major processes affecting the fate
and behavior of chemicals in the soil include: retention, transformation, and transport. These
processes are also affected by the nature and concentration of the chemicals present, the properties
and conditions of the soil, climatic conditions, and the presence of plants and microbial population
in the soil. Depending on soil properties and conditions, a chemical can form a variety of bonds
with the soil particle surface and be retained (adsorbed) reversibly or irreversibly. What is not
retained by the soil can be transported through the soil medium by mass flow or diffusion
processes. Both soil retention and transport can alter the availability and bioreactivity of a chemical.
Since retention is an equilibration process, a certain fraction of the chemical may be retained, while
the remaining fraction is in solution. As a result, different fractions of a chemical may have
different bioreactivities. Thus, any evaluation of the bioreactivity of a chemical in soil must take
into consideration the interaction between the chemical and the specific soil involved.
Because the reactivity of a chemical can change not only in different soils, but also when
the condition of a soil changes, the task of characterizing the environmental fate and behavior of the
numerous potentially harmful organic chemicals affecting human health becomes monumental, if
not impossible. Although it is a desirable goal to develop reliable methods for determining the
bioreactive fraction of a chemical and its bioreactivity in the soil, this goal is seldom reached. The
research literature is filled with reports on transformation of organic chemicals in the soil
environment, especially from the perspective of the fate of one chemical under a given set of
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environmental conditions. These reports often do not consider all the factors and variables which
could affect the degradation process. One glaring neglect in this research approach has been the
lack of consideration of the influence of the presence of other chemicals in the system on the fate
and behavior of the chemical under study.
An alternative approach to characterize the bioreactivity of a chemical is to consider the
various fractions of the chemical present in different pools containing other chemicals of similar
reactivities. Conceptually, soil organic carbon (SOC) can be divided into pools of different
reactivities (Fig. 1). The bioreactive SOC pool is actively transformed by soil microorganisms,
whereas the stable SOC is transformed very slowly. The existence of active and passive soil
organic pools has long been recognized in nitrogen cycle studies (1). Since carbon is the driving
force of all biochemical cycling processes, including the nitrogen cycle, it would be possible to
depict SOC in similar pools. The existence of such pools can be verified by studies on the
metabolic fate of ^C-labeled organic chemicals. For instance, Kassim et al. (2) have shown that
plant residue decomposition products could be present in the soil microbial biomass in different
proportion, depending on their bioavailability to the microorganisms. This study has provided the
basis for the proposed approach for estimating the bioreactive fraction of a chemical by measuring
the amount of that chemical present in the total bioreactive SOC pool. From a methodology
development point of view, this approach should be far simpler, since only one set of methods
would be needed for all chemicals rather than a special method for every chemical under study.
Experimentally, definition and estimation of the size of the bioreactive SOC pools can be
obtained by using the modeling or the chemical fractionation approaches. Model simulation of the
dynamics of transformation of organic chemical pools can separate those actively participating in
the carbon turnovers from those peripherally involved in such processes. For example Molina et al.
(3) depicted the separation in the NCSOIL model. The pool which contains the SOC of relatively
short half-lives can be equated to the bioreactive fractions. The size of this pool can serve as a
useful guide to selecting appropriate fractionation and extraction techniques for separation of the
bioreactive SOC fractions from the stable fractions (see Fig. 1).
Modeling Considerations
Although a number of components of SOC, such as the soil microbial biomass and many plant and
animal residue decomposition products, are known to be bioreactive, a major obstacle to the
development of analytical methods for estimating the bioreactive SOC pool is the lack of
knowledge of the size of this pool. Recent advances in modeling the mechanisms and processes of
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carbon and nitrogen cycling and transformations in the soil environment have shown that model
simulations are now elaborate enough to estimate the size of specific organic carbon and nitrogen
pools in the organic matter transformation and cycling processes (4, 5). Cheng and Molina (6)
have suggested that it should now be possible to develop experimental and analytical methods to
identify discrete soil carbon and nitrogen pools which would match the pools identified through the
modeling approach.
The process model NCSOIL has been under development for more than 10 years. It is now
refined sufficiently to be useful for estimating the size of the carbon pools and the dynamics of
their transformations (3, 4, 5, 7, 8, 9, 10, 11, 12, 13). The structure of carbon flow in the
NCSOIL model (Fig. 2) is based on the following assumption: the carbon in organic chemicals and
residues or the substrate is stabilized into two distinct organic pools, the more reactive Pool II with
a half-life of 115 days and the more stable Pool III with a half-life of 190 years. The
decomposition of organic substrate, Pool II, and Pool III is microbially mediated. The primary
decomposers utilize organic chemicals and residues as energy sources. They are cannibalized by
other microbes, which are in turn attacked by other microbes, forming a process from which
microbial successions emerge. As carbon flows through the microbial successions, a fraction of
the organic carbon goes in the bioreactive Pool II. Further stabilization also occurs with the
channelling of a fraction of the decomposition products from Pool II to the more stable Pool III.
Thus, Fig. 2-A depicts the dynamics of carbon flow through the major transformation processes in
the soil environment.
The mathematical description of carbon flow represented by Fig. 2-A, however, calls for
the determination of too many initial conditions and dynamic parameters (14). The mathematical
system would become indeterminate; parameter values and initial pool levels obtained by
calibration of the model against experimental data would become arbitrary. There was, therefore, a
need to simplify the model described by Fig. 2-A. First, it was assumed that the microbes which
participate in the degradation of other microbes have the same dynamic characteristics. The three
microbial successions could be lumped into three pools, each with a carbon flow feedback (Fig. 2B). If the same assumption was made concerning the three self-feeding microbial pools, their
activities could further be approximated into that of one pool, which is now represented by Pool I
of NCSOIL,(Fig. 2-C). These simplifications render the model mathematically manageable.
However, the new structure has lost the identification of the primary decomposers; they are now
hidden in Pool I which is dominated by the dynamics of the more abundant cannibalistic microbes.
These microbes have a rapid turnover and the dynamics of Pool I can be simulated by the
decomposition of two fractions with half-lives of 2 and 17 days. Pool I is the dominant element in
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the regulation of ^C and ^ C flows. The primary decomposers of the organic substrate can be
separated from Pool I by the model, if necessary, and be identified as Pool 0 when their kinetics as
well as the CO2 directly evolved from the substrate need to be simulated.
The validity of the NCSOIL model in simulating carbon transformation dynamics has been
verified experimentally. In a recent study, the activities of the soil microbial biomass were
monitored in soils which were incubated under laboratory conditions for 2 years. Analysis of these
data with the model NCSOIL has shown that Pool I could be the carbon assimilated into the soil
biomass as measured by the fumigation technique (4). The experiment involved the incubation of
14 C
-glucose or cellulose with ISjsj inorganic N in 3 different soils. The kinetics of changes in total
and l^C-labeled CO2 and biomass as well as inorganic N were measured (Fig. 3). After only a
few days of incubation, glucose, cellulose and tracer N were assimilated, and the microbial
biomass increased suddenly. This initial pulse of activity was followed by a gradual decrease in
biomass and mineralization. The close fit between simulated and experimental data substantiates a
one-to-one equivalence between Pool I of NCSOIL and the soil microbial biomass. By extension,
it gives credence to the actual existence of organic fractions with the properties of Pool II and III of
NCSOIL. Although confirmation of these kinetics by the identification of the equivalent chemical
fractions remains to be accomplished, it is evident that the NCSOIL model can reasonably define
the size as well as the dynamics of these pools and provide a basis for developing fractionation and
analysis methods to estimate the bioreactive SOC pool. In particular, the simulated kinetics of
tracer
14 C
in these pools (Fig. 4) could be used as a reference to identify specific SOC pools as
experimental entities, and as a guide for identifying the SOC fractions having a similar ^C
content.
Experimental Considerations
While modeling approaches can reasonably define the size and dynamics of the bioreactive SOC
pool, experimental methods are needed to isolate and measure this SOC pool and to validate the
models. At present there is no known methodology for determination of the bioreactive SOC,
although there is a large body of literature on characterization and quantification of total SOC and
its partitioning into various fractions with different chemical properties. The applicability of
various SOC characterization and fractionation methods for identifying the bioreactive SOC pool
was reviewed in detail by Cheng and Molina (6). Lessons may be learned from approaches used to
characterize SOC pools for various purposes as well as from methods developed for isolation and
measuring individual chemicals in the soil.
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Bioreactive soil organic carbon extraction and characterization. The most commonly
used method for SOC determination is the rapid dichromate oxidation method (15) which has a
carbon recovery efficiency ranging from 45 to 85% depending upon the methodological
modifications used. This method estimates the SOC fraction that is readily oxidizable chemically,
which may or may not be related to its bioreactivity. Moreover, since SOC is oxidized to CO2 in
the process of analysis, this method is not useful in identifying the composition of the readily
oxidizable fraction. Methodological considerations given to soil organic matter extraction and
fractionation have in general emphasized the need to solubilize as much of the SOC present as
possible. The reason that NaOH has been the most commonly used extractant for SOC is its
efficiency in removing SOC from soils - usually in the range of 50-70% of the total SOC (16).
Sodium pyrophosphate, also commonly used, has anextraction efficiency of around 35%. The
SOC so extracted and subsequently fractionated bear no relationship to the bioreactivity of the SOC
in the extract or fraction.
A number of other analytical methods are also available to isolate and identify specific
organic chemicals or components of the soil. Whether these components constitute all, part, or
none of the bioreactive SOC has not been specifically evaluated. For instance, there have been
numerous methods developed to measure the soil microbial biomass (17, 18, 19). The proximate
analysis procedure for plant component analysis has been used for isolation of structurally-related
components in SOC (16). Using a sequence of organic solvents and dilute acids to remove fats,
waxes, resins, and water-soluble polysaccharides, then hydrolysis with increasing acid strengths
to remove cellulose and hemicelluloses and proteins, approximately 20% of SOC can be removed
from the soil. Acid hydrolysis of soil in 6M HCl under reflux can solubilize approximately 50% of
the organic nitrogen in soils; most of which could be associated with the bioreactive organic
nitrogen fractions in the soil (20). It is likely that a similar fraction of SOC would be solubilized in
the process. Physical separation methods have been used to isolate different particle-size organic
matter fractions that are different in bioreactivity and degradability (21, 22). All of these
approaches appear to identify certain fractions of bioreactive SOC. Whether any of the methods
could estimate the entire bioreactive SOC pool needs further study.
The supercritical fluid extraction (SFE) technique is a relatively new tool which is gaining
increasing use in extraction of organic chemicals including SOC from soils. Solvents under
supercritical conditions have better mass transfer characteristics than those under ambient
conditions, as they are more diffusible and less viscous (23). The SFE technique appears to have
the potential of being a useful tool for defining the bioreactive SOC pool. For instance, Hawthorne
et al. (24) have developed a derivatization/SFE method for quantitative extraction of microbial
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phospholipid fatty acids. Soil phospholipid contents can be an indicator of soil microbial diversity
(25). SF-CO2 has been found to be a mild and specific extractant for the removal of long chain
aliphatic materials (e.g., C15 to C41 n-alkanes, C14 to C40 fatty acids, C26 dioic acids, C30 nketones) from soils, extracting 0.6-0.7% of soil organic matter (26). SF-pentane was found to
remove 3.6 to 6.6% of the soil organic matter, primarily long chain aliphatic compounds (e.g.,
C13 to C32 n-alkanes, C7 to C29 fatty acids, C15 to C25 alkanoic diacids, C30 n-ketones) from
soils (27). If the polarity of the supercritical gas is increased, the proportion of aromatics in the
extract is increased (28). Although not at supercritical pressure or temperature, water at a pressure
of 17.2 Mpa and temperatures of 200 and 250°C could extract more soil organic-N than SOC, and
in both cases more than 0.1 M Na4?207 could extract. The extract was enriched in n-alcohols and
diols at 150°C, carbohydrates and N-components at 200°C, and fatty acids at 250°C (29). By
changing the properties of the supercritical fluid, it is potentially possible to separate the bioreactive
SOC from the stable SOC. Most of the previous studies have used primarily nonpolar supercritical
fluids or nonpolar fluids modified with a small amount of polar organic solvent (e.g., SF-CO2
modified with 5% methanol). The potential of polar supercritical fluids such as
chlorodifluoromethane for extracting SOC has not been explored.
Organic chemical extraction and fractionation. In addition to approaches to extract SOC,
there are numerous methods designed to extract specific organic chemicals added to soil. The
methods could also offer insights to the extraction of the readily extractable, the extractable, and the
slowly extractable organic-^C fractions (Fig. 1). A large number of solvents have been used for
the extraction of a variety of chemicals from the soil (30). These include water, salt solutions (e.g.
2 M KC1); acids (e.g. HC1) or bases (e.g. KOH); complexing agents such as sodium
pyrophosphate, oxalate, citrate, EDTA, and DTPA; oxidants or reductants; and numerous organic
solvents ranging from the highly polar and water miscible methanol to the totally non-polar hexane.
Among the commonly used organic solvents are also ethanol, propanol, acetone, acetonitrile,
dichloromethane, ethyl acetate, to name a few. When several types of binding mechanisms are
involved in the retention of a pesticide by soil, extraction by a mixture of solvents may be
advantageous. To remove readily extractable and degradable organic chemicals, such as herbicides,
from soil, Smith (31) found that polar solvents based on aqueous methanol and aqueous
acetonitrile were good extractants from field soils that had a variety of herbicides applied 6 to 17
months previously. For many herbicides, recovery could at times be improved with the addition of
small amounts of acid or base to the aqueous organic solvent. This increased amount extracted
could be the result of removal of the extractable organic chemical fraction. Very few studies have
tried to separate the slowly extractable organic chemicals from the other extractable fractions.
Katase (32-34) postulated three different forms of phenolic acids exist in peat and forest soils
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based on fractionation by solvent extraction. Refluxing with ethyl acetate removed phenolic acids
in both the free form and phenolic acid bound to other soil organic chemicals. The phenolic acids
could be separated from the other chemicals using NaOH. Refluxing the ethyl acetate-extracted
soil with NaOH then removed the slowly extractable phenolic acids bound to the soil matrix.
The SFE technique is also gaining increasing use in extraction of specific trace organics
from soils and sediments for environmental analysis. Because the supercritical fluid solvent
strength can be adjusted by varying the temperature and pressure used for extraction, and the
versatility of the solvents can be enhanced by addition of modifiers, SFE may be a technique that
can provide selectivity in the extraction of organic-^C chemicals from soil, elucidate binding
mechanisms, as well as fractionate organic- 14c into different pools (see Fig. 1). Use of different
modifiers with SF can provide extraction selectivity. McNally and Wheeler (35) reported SFCC>2/10% methanol extracted more diuron from soil than SF-CC>2/10% acetonitrile, whereas SFCC>2/10% ethanol extracted more linuron than SF-CC>2/10% methanol. Oostdyk et al. (36)
postulated that the retention mechanism of 3,3'dichlorobenzidine and benzidine on soil involved
silanol groups on the soil with retention increasing with increasing base strength of the chemical.
Modifying SF-CO2 and SF-N2O with a more basic amine, 1,6-hexanediamine, increased
extractability of the two chemicals. The 1,6-hexanediamine was postulated to occupy active
sorption sites resulting in less retention of the analyte. Similarly, it was postulated that the small
permanent dipole of N2O made SF-N2O more effective that SF-CO2 at displacing 2,3,7,8tetrachlorodibenzo-p-dioxin (TCDD) from sorptive sites, resulting in greater extractability of
TCDD by SF-N 2 0 (37).
Koskinen et al. (38) showed that exhaustive aqueous methanol extraction was more
effective than SFE in removing l^C-atrazine residues from "aged" soils. The exhaustive aqueous
methanol extraction also extracted a significant amount of hydroxylated polar metabolites of
atrazine, whereas little or no hydroxylated polar metabolites were extracted by SFE using either
SF-CC>2/5% methanol or SF-CO2 as solvents. The more polar the solvent system, the more 14catrazine residues were extracted. For instance, SF-C02/5% methanol extracted more 14c than SFCO2. Aqueous methanol was more polar than SF-CC>2/5% methanol or SF-CO2 and extracted
more
14c -residues. They also showed in the same study that the longer the atrazine-treated soil
was "aged", the less 14c-atrazine residues were extracted. Atrazine extraction efficiency using
SF-CO2 and SF-CC<2/5% methanol decreased as samples "aged" in the field. Based on the amount
of atrazine present in the soil determined using exhaustive aqueous methanol extraction as 100%,
SF-CO2 extracted 48 and 31 % of the atrazine after 35 and 138 days in the field, respectively.
Extraction efficiency using SF-CC>2/5% methanol was 66 and 50% for samples "aged" 35 and 138
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days, respectively. The less than complete recovery of atrazine residues using the SFE technique
could be seen as an indication that different binding mechanisms were involved in the retention of
atrazine as well as its metabolites or that the organic- ^C is distributed in different fractions (Fig.
1).
There have been many attempts to differentiate the extractable organic-^C fraction from
the slowly extractable or the nonextractable organic- l^C fraction using various methodologies
(Fig. 1). However, it is difficult to evaluate these methodologies due to problems such as those
arising from an inappropriate selection of the methodology to characterize the extractable organiek e fraction. For instance, Khan and Hamilton (39) used a high-temperature distillation (HTD)
technique to determine and identify l^C-prometryn residues in soil that were nonextractable with
organic solvent. Because a significant portion of the bound residue was identified as prometryn,
they concluded that HTD could measure an available (slowly extractable) organic-^C fraction.
Khan and Behki (40) reported that Pseudomonas species could release and degrade bound atrazine
residues that were not extractable with organic solvents. They determined that there was
significant amounts of bound atrazine using HTD. In both studies the extractable was defined as
that amount of triazine herbicide that could be extracted by exhaustive methanol extraction. The
amount of slowly available was defined as HTD extractable and the nonextractable was the
remainder. However, Cheng (30) has shown that exhaustive methanol extraction of l^C-atrazine
from aged soils averaged 34% from 4 soils whereas, methanol + 0.05 M CaCl2 extracted an
average 58% for the same soils. Therefore, it is possible that the studies by Khan and Hamilton
(39) and Khan and Behki (40) had underestimated the extractable organic- l^C fraction and
overestimated the slowly extractable organic-^C fraction.
Proposed Approaches
Studies have been conducted to assess the nature and magnitude of the SOC which could be
isolated and/or identified by using a variety of analytical methods; e.g., the fumigation method for
soil microbial biomass assessment, a modification of the acid hydrolysis method for identification
of bioreactive soil organic nitrogen, physical separation of particulate organic matter for estimation
of readily degradable SOC fractions, and the supercritical fluid extraction method for separation of
the microbial biomass and the extractable fractions of SOC. Preliminary results have shown
sufficient promises to warrant further exploration of the validity of these approaches as well as the
usefulness of these approaches for estimating the bioreactive portions of specific chemicals. This
can be further tested by a study on characterizing the biodegradability of the pesticidal organic
chemicals: atrazine [6-chloro-N-ethyl-Ar-(l-methylethyl)-l,3,5-triazine-2,4-diamine] and alachlor
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[2-chloro-JV-(2,6-diethylphenyl)-iV-(methoxymethyl)acetamide]. An incubation study can be
established in which l^C-labeled atrazine and alachlor are degrading for varying periods of time.
Samples are sacrificed periodically for determination of the size of the bioreactive SOC pool and
the quantity of atrazine and alachlor contained in various SOC pools. The amount of bioreactive
atrazine and alachlor can be correlated with the rate of their degradation to determine the
degradation dynamics of atrazine and alachlor. The amounts of atrazine, alachlor, and their
metabolites found in the bioreactive SOC pool can be further compared with the atrazine and
alachlor residues extracted by established methods for these chemicals.
Summary and Conclusions
Concern for the impact of toxic organic chemicals on environmental health demands reliable
methods to characterize the fate and behavior of these chemicals in the soil environment. The extent
of human exposure to a chemical is not only dependent upon the total amount of the chemical
present, but also upon its bioreactivity with the environment at a given time. Soil can exert a
significant influence on the availability and bioreactivity of a chemical. Depending on the processes
and factors involved in each chemical-soil interaction, the amount of a chemical available or
bioreactive may be different. Most of the current methods for determining these organic chemicals
are designed to estimate the total amount of the chemical present. Few of the methods are designed
to characterize the bioreactivity of the chemical in a specific soil environment. The task of
developing reliable methods to characterize the bioreactivity of each of the potentially toxic organic
chemical present in the soil environment is, however, a monumental one. An alternative approach
is proposed for estimating the bioreactive fraction of a chemical present It is based on the concept
that organic chemicals are distributed in bioreactive and stable soil organic carbon pools. The
fraction of a chemical in the more stable soil organic carbon pool is not likely to be reactive,
whereas the fraction of that chemical in the bioreactive soil organic pool may be bioreactive, if it is
metabolized with time, or stable, if it is structurally recalcitrant to degradation. Similarly, the
intermediate metabolites of a chemical may be degraded further or may be stabilized becoming a
part of the stable soil organic carbon pool. If the bioreactive soil organic carbon pool can be
isolated from the soil, the bioreactive fraction of any chemical could be estimated more readily.
Such a pool can now be defined by using the NCSOIL model. Our challenge is to develop reliable
methods to estimate the bioreactive soil organic carbon pool, as defined by the model.
Experimental approaches leading to fractionation, isolation, and analysis of the bioreactive soil
organic carbon pool in a soil are reviewed to assess their applicability.
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ORGANIC FERTILIZERS MAY INCREASE SOME PLANT
VITAMINS
A. Mozafar. Division of Agronomy, Institute of Plant Sciences, Swiss
Federal Institute of Technology (ETH), ETH Zentrum, CH-8092 Zurich,
Switzerland.
Introduction
Organically grown fruits and vegetables are gaining increasing popularity, partly because of
the public perception that they may be of higher quality than those grown by "conventional"
methods. Organically grown plants, besides low or no exposure to protection chemicals,
are usually fertilized solely with organic fertilizers (various animal wastes, composts, etc.)
rather than with "chemical" fertilizers. It is thus of interest to know whether use of these
organic substance as such would affect some measurable quality factor in plants such as
their vitamin content (1).
A review of the literature showed that the effect of organic fertilizers on plant
vitamins has been noted a long time ago. McCarrison and Viswanath, in 1926, noted that
vitamin-deficient pigeons raised on wheat and millet seeds obtained from plots fertilized
with manure grew much better than those fed seeds from plots fertilized with chemical
fertilizers. This observation led to the conclusion that seeds from organically grown plots
must have contained higher concentrations of B vitamins (2). In 1930, Rowlands and
Wilkinson (3) reported that vitamin-deficient rats who were fed grass seeds grown with pig
manure gained weight at twice the rate as rats fed seeds grown with "artificial" fertilizers,
an observation that suggested that seeds from manure-fertilized plots must have contained
more B vitamins. In 1950, Antoniani and Monzini (4) noted that irrigation of fodder plants
with uncleared sewage water, as compared with cleared water, increased the vitamin Bi
content of plant tops by approximately sixfold (1368 versus 235 |ig/100 g, respectively)
(Figure 1).
Wilberg (5) reported that organically grown spinach contained more than twice the
vitamin Bi of spinach grown by conventional methods (400 versus 180 Hg/100 g DW).
Leclerc and co-workers (6) noted that carrots purchased from organic farms in France
tended to have higher concentrations of vitamin Bi and niacin; the differences were,
however, not statistically significant. On the other hand, Singh and Dhar (7) reported that
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Figure 1. Vitamin B, content of forage plants irrigated with uncleared or
cleared sewage water during the course of a year (4).
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Figure 2. Vitamin B, (14) and B12 (11) concentrations in the first unifoliate leaves
of 14-d-old soybean seedlings whose roots were placed in nutrient solutions with
different vitamin concentrations. Uptake period was 24 h. Vitamin B, was
measured 7 days later and B12 immediately after the 24 hours of uptake period.
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green gram and wheat grown with cow dung or cane-bagasse contained significantly more
vitamin Bj than the control plants.
Is the higher content of vitamins in the plant grown with organic fertilizers due to a
higher synthesis of vitamins by plants or to the increased absorption of "soil vitamins" by
the roots? Early investigators, without any direct experimental evidence, suspected that
some of the vitamins found in the plants may be of soil origin, i.e., they are absorbed by
the plant roots (8-10). Recent reports indicate that under water culture conditions plant
roots are able to absorb vitamins Bi, B12, and C and transport them to other plant parts
(11-14) (Figure 2). The purpose of this study was thus to investigate the effect of organic
fertilizer such as cow dung, which is very rich on vitamin Bj2 o n the content of this
vitamin in plant leaves.
Material and Methods
Uptake of vitamin Bj2 fr°m soil amended with pure Bj2 or with cow dung was studied
using spinach as test plant. The treatments were 0 and 10 mg of vitamin Bj2 or 10 g of
dry cow dung per kg room-dried soil. Mixing of soil with vitamin or cow dung was
achieved by placing the amount of soil required for each treatment plus the appropriate
amount of vitamin (mixed with ca. 30 g of 1-mm quartz sand per kg of soil) or cow dung
into a small (180-L) cement mixer and mixing (1400 rotation/min) for 12 hours. Cow
dung (manure not mixed with any extra straw) was collected fresh from the dairy farm of
Strickhof Vocational Agricultural School in the vicinity of the laboratories. Dung was first
air-dried (25-35 C for 3-4 d), broken into small pieces and finally sieved through a 5-mm
sieve. Control soils were mixed with equal amounts of quartz sand. The soil used was a
parabrown loam (pH = 6.5) from the fields of Eschikon Experiment Station, Switzerland.
Plants were seeded in pots containing ca. 2.5 kg soil.
Spinach (Spinacia oleracea L. cv. Monnopa) was planted at a density of four
plants/pot by direct seeding and leaves were harvested 62 days after sowing. Plants were
grown in the greenhouse (16/8 h day/night photoperiod with photon flux density of 550
[i.E.m'2. s"l from Phillips high-pressure sodium lamps SON/T and temperatures of
22-24/18-19 C, respectively). Plants were watered twice a week with a 1/5-strength
Hoagland solution throughout the growth period. No additional fertilization of the soil was
made. Experiments were replicated five times.
Effect of long-term addition of organic wastes on the vitamin Bj2 content of soil
was investigated by measuring the concentration of this vitamin in the soil samples taken
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from long-term fertilizer plots at Tanikon Experiment Station in Switzerland, where for the
seven previous years the effects of organic and inorganic fertilizers on crop yield have been
investigated (15).
The concentration of vitamin B12 in the leaves was measured by the RID (Radioisotope Dilution, also called protein binding) method as described previously (11). Plant
parts selected for vitamin determination were first thoroughly washed with freshly distilled
water to remove the presence of any surface soil, then immediately frozen with liquid
nitrogen and stored at - 40 C until analyzed. Soil concentration of vitamin B \ 2 w a s
measured by adding one gram of soil (air-dried and sieved through a 1-mm sieve) to 50 mL
of acetate buffer containing KCN (0.4 M, pH = 4.6, and containing 3 mmol/L of KCN)
and mixed for 10 minutes at room temperature. Samples were autoclaved for 30 minutes
and after cooling, the total volume was brought to 50 mL with buffer solution. The pH of
the filtrate was adjusted to 6.8 with NaOH and the filtrates were stored in dark plastic
bottles at 4-6 C till analysis. Aliquots of this extract, after appropriate dilution, were used
for vitamin determination by RID method as noted above.
Results
By using the RID method (which is a very sensitive method for detecting vitamin B \ j
activity), a considerable amount of vitamin B12 was detected in the leaves of spinach
grown in soil without any immediate organic amendment (control plants) (Table 1).
Addition of pure vitamin Bj2 or cow dung to the soil significantly increased the content of
vitamin Bj2 in the leaves by 34 times (235 versus 6.9 ng/g DW) or 2.5 times (17.8 versus
6.9 ng/g DW), respectively. Long-term amendment of soil with organic fertilizers was
noted to approximately double its vitamin B12 content as compared with soil treated with
inorganic fertilizers. A crop rotation in which maize occupies a large share was noted to
decreased the vitamin Bi 2 content in soil when compared with other rotations (Table 2).
Discussion
The results of analysis by RID showed that plants grown in soil contain considerable
amounts of vitamin B \2- Addition of cow dung to soil was noted to significantly increase
the concentration of this vitamin in the plant leaves. These data are in contrast to the views
that plant do not contain vitamin B12 at all and that the vitamin B12 activity found in plants
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Table 1. Vitamin B12 concentration in the leaves of spinach grown in soils amended with
cow dung (10 g/kg dry soil) or pure vitamin B12 (1 mg/kg dry soil). Control plants were
grown under similar conditions but without any amendment.
Treatment

Vitamin B j 2 (Hg/kg DW)
6.9a1
17.8b
235.0c

Control
Cow dung
Pure vitamin Bj2
1

Values with different letters are significant at the 0.05 level.

Table 2. Vitamin Bj2 content of soils in some experimental plots in Switzerland after
seven years of different fertilizer and rotation treatments.
Fertilizer

Rotation1

Mineral
Mineral

Conventional
Maize (intensive)

Organic + Mineral
Organic + Mineral

Conventional
Maize (intensive)

1

2

Bj2 (Hg/kgdry soil)
9b 2
5a
14c
10b

Conventional: summer wheat, potato, summer barley, forage, forage, winter wheat.
Maize (intensive): summer wheat, faba beans, maize, maize, maize, winter wheat.
Values with different letters are significant at the 0.05 level.

(10) seems to be due to contamination of plants with soil bacteria (16, 17). Considering
the reports that plant roots and leaves can absorb even the relatively large vitamin molecules
and transport them to other plant parts (11) and the belief that plants cannot synthesize this
vitamin (18-20), it seems that the observed increase in the concentration of vitamin B12 in
spinach leaves fertilized with cow dung is mostly (if not fully) due to the uptake of this
vitamin by the roots from the soil and not due to superficial contamination or an increased
synthesis of this vitamin within the plant.
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Plant leaves can also absorb different vitamins (11-14) and transport them to other
plant parts (Figure 2). Thus, in cases where plants are irrigated with waste water
containing vitamins (such as uncleared sewer water), the leaves come invariably in contact
with the vitamin-containing water and thus part of the increase in the vitamin content of the
aboveground plant parts observed by Antoniani and Monzoni (4) (Figure 1), apart from the
superficial contamination, might have been mainly due to a direct uptake of vitamins by the
leaves.
Soils usually contain several vitamins originating from different sources: a) soil
microbial activities (21-24), b) organic wastes of plant or animal origin (25-27) and c) root
exudates (28-30). Soil is also inhabited by microorganisms which need some vitamins for
their survival (23, 24, 31-33). Soil concentration of vitamin Bj2 is very close to that of
beef and thus soils can be regarded as one of the richest natural sources of vitamin Bj2
(Table 3)! Even 1:1 or 1:2 aqueous soil extracts may have as much as 2 to 8 (o.g L" * of this
vitamin which is as high as that in cow's milk (10, 20)!
Microorganisms are also the primary source of vitamin B \j for higher animals. In
fact, bacterial synthesis of this vitamin in the gastrointestinal tract of animals, and its
subsequent uptake by the intestinal membranes, accounts for a large portion of this vitamin
found in animal tissues (25). A relatively large portion of the vitamin Bi 2 produced in the
gastrointestinal tract is, however, excreted through feces or urine. In sheep, for example,
95% of the vitamin B12 produced in the gastric tract is not absorbed and is excreted by the
feces (37), which in most cases lands on soil. Therefore, organic substances such as
manure and sludge contain considerable amounts of vitamins which may be several orders
of magnitude higher than that in most soils (Table 3). In cow dung, for example, the
concentration of vitamin B12 is 10 to 100 times and that of thiamin and riboflavine several
times higher than that in soil (Table 3). Activated sludge is so high in vitamin B12 that it
comes very close to one of the richest known sources of this vitamin, i.e. liver (Table 3).
With such a high vitamin content, it is conceivable that fertilization of soils with organic
wastes or spreading of sewage sludge on agricultural land could have temporary or longterm effects on the content of some vitamins and especially that of vitamin B12 in soil
(Table 3). It is furthermore conceivable that this change in soil vitamins could have shortor long-term influences on the activity of those soil microorganisms which require this or
other vitamins for their survival, a situation which in turn affects soil fertility.
Microbial decomposition of bacteria can take place during composting of plant
material (27) and under soil conditions (26). In soil, for example, more than 50% of the
riboflavin added disappeared during a three-day period (26). Although information as to
the fate of other vitamins in soil is very rare, vitamin Bi 2 appears to be extremely resistant
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Table 3. Concentration (ug/kg) of vitamins B12 (or biologically active corrinoids), B j
(thiamin) and B2 (riboflavine) in soil, organic wastes and some other materials.1
Source
Soil2
Soil3
Soil4
Soil3
Soil2
Soil3
Soil3
Soil3

Bl2
0.2
2
10
15
53
98

Thiamin

Riboflavin

19

9800

45
50

980

Soil extract5
Soil extract5
Soil extract5
Sewage sludge
Banglore3,6
Banglore2-7
Zurich2.7
Unknown2
Philadelphia2.7
Peoria^.'

Reference
34
35
20
36
37
38
22
39
24
20
10

165
754
1590
7000
9300

8000
20500

9800
21600
47000

Sewage Water5

40
41
42
20
43
44

0.2

Cow dung2
Cow dung3
Cow dung2
Sheep feces2

140
1000
1860

45
40
37
46

Milk4
Milk (dry)2
Beef4
Liver (cow)2

6
40
27
2140

20
17
17
37

1
2
3
4
5
6
7

130

In cases where a range of concentration was cited by the authors, the maximum value
was used in this table. Some of the values are rounded off.
Dry weight basis.
It is not clear whether the data are on fresh or dry weight basis.
Fresh weight basis.
ng/liter.
Raw sludge.
Activated sludge.
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to microbial degradation (47). Thus, long-term addition of animal manure to the soil could
conceivably raise the concentration of vitamin B12 in the soil. Measurements from this
study showed that soil from fields fertilized for seven years with a mixture of organic
(farmyard manure) and inorganic fertilizer contained more vitamin Bi 2 than soil from fields
fertilized only with inorganic fertilizers), which further supports the view that vitamin B12
is relatively stable under soil conditions.
Ability of plant roots to absorb vitamin B\ (14) and the increased content of this
vitamin in plants grown with organic wastes (4-7) are of especial interest since this vitamin
is considered to be a growth factor for the plant roots (see 12,45). It is thus reasonable to
speculate that the effect of organic substances containing this vitamin on plant growth,
besides supplying the plants with mineral nutrients and improving the soil's physical
conditions, may also be partly due to an increased concentration of this vitamin in the plant
roots. This aspect of the effect of organic fertilizers on plants needs to be investigated.
Finally, since plants cannot synthesize vitamin B12 and are normally fully devoid
of (or have very low concentrations of) this vitamin, the finding that plants grown with
organic fertilizer may have higher concentration of B12 suggests that consumption of
organically grown plants may inadvertently increase the intake of this vitamin by
consumers. This may be beneficial especially with respect to vitamin B12 intake by people
living by choice or by necessity on strict vegetarian diets who are known to be in danger of
vitamin Bj2 deficiency (16, 48). A more detailed account of differences between the
organic and conventional method of farming on the concentration of other plant vitamins is
presented elsewhere (1).
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Introduction
Modern agricultural practices have resulted in increased production of food and feed grain
and in an increase in domestic animal husbandry. The large increase in the use of
agricultural chemicals has made agriculture an important non-point source of soil and
groundwater contamination. Examples of the common agricultural sources include land
application of N-containing fertilizers, pesticides, animal manures, sewage sludges, and
municipal wastewaters.
Enrichment of groundwater by NOy is one of the largest sources of non-point
pollution in the U.S. The U.S. Geological Survey data on wells nationwide revealed areas
of groundwaters that exceed the Environmental Protection Agency (EPA) limit for NO3"
(45 mg L 1 ) in almost every state (1). The study suggests that some important contributing
factors to elevated levels of NO3" are the use of fertilizers, irrigational practices, animal
manures, sewage sludges, and municipal wastewater application.
In 1985, 23 states discovered groundwater contamination from 17 different
pesticides (2). The EPA believes that with increased groundwater monitoring, more cases
of contamination involving additional agricultural chemicals will be discovered. Heavy
metals, particularly those considered hazardous to human health (e.g., Cd, Cr, Pb, As, and
Hg), can contaminate soil and groundwater through land application of sewage sludges,
municipal wastewaters, animal manures, and metal-containing pesticides. Other less
common metal-contributing sources include land application of phosphate fertilizers and
soil amendments, such as lime and gypsum (3,4).
Interactions between the contaminants and soil constituents are greatly influenced
by the biophysicochemical characteristics of both soil constituents and the contaminants.
Understanding these interactions would enable us to determine the fate and transport of
contaminants in soil/groundwater systems. Also, this would be useful in identifying
effective techniques to restore the contaminated soils and groundwaters.
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Only the most common sources of contaminants (e.g., NO3", heavy metals, and
organic toxicants) will be discussed in this report. These sources include inorganic
fertilizers, animal manures, sewage sludges, and municipal wastewaters, in addition to
pesticides, the major source of organic toxicants. This chapter provides an overview of the
interactions between contaminants and soil components and how they may influence the
fate and transport of contaminants in soils and groundwaters. Also, technologies for
remediation of contaminated soils will be discussed.
Contaminant-Soil Interactions
Contaminant-soil interactions is a general term that is difficult to fully describe because it
includes the physical, chemical, and biological processes between contaminants and soil
constituents. These processes (e.g., sorption, ion exchange, precipitation, organic
complexation, and biological transformation) generally do not occur as individual processes
to the mutual exclusion of the other processes. Each process often occurs simultaneously
with other processes. Depending upon the local environment, one process may be more
dominant than the others. It is important to understand the predominant processes because
they provide us with an insight into the various reactions which control the accumulation,
transport, and fate of contaminants in the soil/groundwater system.
For each set of contaminants (e.g., N, metals, organic pesticides), the predominant
process(es) which control the accumulation, transport, and fate of contaminants in
soil/groundwater system will be reviewed.
Nitrogen - Nitrogen in fertilizers, sewage sludges, municipal wastewaters, and animal
manures is present as inorganic ammonium and nitrate or in organic forms such as urea,
amines, amides, and protein. Their reactions with soil and their mobility and impact on
groundwater are dependent not only on the soil properties but also on the predominant
chemical species present.
Ammonium applied to fine-textured soils may be fixed by clay minerals. Certain
types of clay minerals, particularly the shrinking and swelling type, have the ability to trap
ammonium ions within the crystal lattice. This fixed ammonium is not readily exchangeable
by other cations in soil solutions, nor is it accessible to nitrifying bacteria. Like other
cations, ammonium ions can be attracted to the negatively-charged clay and organic colloids
in soils. Unlike the fixed form, exchangeable ammonium can be readily exchanged by other
ions in the soil solution. Except in very sandy soils, the cation exchange capacity of soils
may be sufficient to retain all ammonium from a single wastewater or ammonium fertilizer
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application near the surface of the soil. Cumulative buildup of exchangeable ammonium is
unlikely to occur, since it is readily oxidized to nitrate by nitrifying bacteria under arable
conditions, rendering it mobile through mass flow and diffusion.
Mineralization is an important reaction in soil that converts organic N to the
ammonium form. This reaction involves a wide range of bacteria of the genus
Nitrosomonas and its relatives. The sequel to mineralization is nitrification, where
Nitrobacter bacteria and related species oxidize ammonia to nitrite, then nitrate. In soils
where municipal wastewater or ammonium fertilizers are applied regularly, nitrification is
normally rapid, where rates range from 5 to 80 kg N ha-1 day 1 (5).
Another important transformation reaction of N in soils is denitrification. Under
reducing conditions, facultative anaerobic bacteria can reduce nitrate first to nitrite, then to
nitrous oxide, and finally to N gas. The denitrification is dependent on the reducing
conditions and the availability of organic matter as an energy source. Broadbent and
Reisenauer (5) reported that, theoretically, 1.3 units of decomposable carbon are required
for each unit of nitrate-N denitrified. The quantity of N lost through denitrification may
vary from none to more than 90% of that applied, depending on soil properties and aeration
status of the soil. In general, coarse-textured, well aerated soils of low organic matter
content have a low potential for denitrification loss. A high potential for denitrification is
usually associated with fine-textured, poorly-aerated soils with high organic matter content
(6).
Heavy Metals - Heavy metals, in general, may intoxicate humans, animals, and aquatic
life. Heavy metals that have received considerable attention with regard to accumulation in
soils and contamination of groundwaters include Pb, Cd, Cu, Zn, Ni, Cr, Hg, Se, and As
(3). Several types of reactions are involved between metals and organic and inorganic soil
constituents including: a) surface reactions, e.g., ion exchange, adsorption, and
complexation; b) precipitation/dissolution reactions; and c) biological reactions, e.g.,
mineralization and immobilization. The two most important soil parameters that control
these reactions are the pH and the redox potential.
Role of pH and Redox - Soil pH is the most consistently identified parameter in the
literature as controlling metal solubility and attenuation. With the exception of Mo and Se,
all elements are more soluble at low pH due to hydrolysis of hydroxide species and the
dissolution of carbonate and phosphate minerals (7). Low pH also weakens the sorption of
metals to specific adsorption sites on mineral surfaces and lowers the exchange capacity of
organic matter. Solid-phase equilibria of the metals in soil may provide evidence for the
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effect of pH on metals solubility (8). Schnitzer and Skinner showed the effect of pH on
organo-metallic interactions in soil (9, 10).
Numerous chemical and biological processes in soil involve oxidation and reduction
reactions, which entail the transfer of electrons from one ion or molecule to another.
Oxidation is the loss or donation of electrons, while reduction is the gain or acceptance of
electrons. The change in oxidation state generates species that may be dramatically different
from the reactants in their solubility, toxicity, reactivity, and mobility. Changes in the
oxidation states of metals can cause the dissolution of solid minerals or the precipitation of
new mineral phases (8,11). These phase alterations affect the reaction processes in soil and
the mobility of metals in groundwater. An understanding of redox reactions is important for
evaluating the transport, fate, and hazard potential of many natural and anthropogenic
substances (12).
Inorganic products of redox reactions may create additional water quality problems
at a contaminated site. For example, reductive dissolution of natural or anthropogenic Fe
and Mn oxides may degrade groundwater quality. Abiotic oxidation/reduction reactions
may also occur between metals and organic contaminants added to soils by agricultural
chemicals. Hydroxylated compounds, such as cresols (methyl phenol, a major constituent
of creosote insecticide), can reduce Cr(VI) to Cr(III) under an acidic environment (12).
Also, Cr(VI) can be rapidly reduced to Cr(III) by Fe(II) present in solution or on the
surfaces of biotite and magnetite (13,14). Many elements may exist in soil in more than one
oxidation state, e.g., Cr, Cu, Hg, Fe, Mn, Se, As, and Mo. The mobilities of the various
oxidation states of these metals may differ by orders of magnitude. For example, Se may
exist in four oxidation states: selenate--Se(VI), selenite--Se(IV), elemental seleniumSe(O), and selenide—Se(II). Selenate is very mobile under an oxidizing environment,
whereas both Se(0) and Se(II) are immobile in a reducing environment (15). Under mildly
reducing conditions, selenite ions are strongly sorbed by solid surfaces in soil.
Solid Phase Equilibrium - The concentration of heavy metals in soil may be influenced by
the solubility of minerals in the solid phase. This concept is built on the assumption that
thermodynamic equilibrium has been attained between the activity of metal ions in solution
and solid phase in soil. This concept has been used to calculate thermodynamic solubilities
of many elements in soil.8 Unfortunately, only a few solubility relationships have been
verified under experimental conditions. This may be attributed to the formation of organometallic complexes and metals present in amorphous and mixed solids in soil. Lindsay
(16) pointed out that although the exact reaction products of Zn, Cd, Cu, and Ni that
precipitate in soils were not known, they likely involved substitution in crystalline minerals
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and amorphous precipitates ,as well as forming possible discrete silicate compounds. It is
believed that under the relatively low concentrations of metals added to soils from
wastewaters and other agrochemicals, sorption and not precipitation is the dominant
reaction between metals and soil components.
Sorption of Metals by Minerals - Sorption of metals on surfaces of colloidal oxides of Fe,
Al, Mn; carbonates of Ca and Mg; and aluminum silicate minerals is one of the most
important reactions that controls the solubility and mobility of metals in soil. Surfaces of
oxide minerals contain ions which are not fully coordinated and, hence, the surfaces are
electronically charged. In the soil solution, the net charge that develops through amphoteric
dissociation on the hydroxylated surfaces is pH dependent and can provide either anion or
cation adsorption properties. Under acidic environment, the oxides can adsorb anions such
as selenite, arsenate and chromate, while cations such as Cd2+, Cu2+, Pb 2+ , and Zn 2+ are
mainly adsorbed in alkaline conditions.
Studies of metal sorption onto soils and geological materials have indicated that Fe
and Mn hydrous oxides along with organic matter are the predominant adsorbents because
of their charged, reactive hydroxyl groups and their high specific surface area (17, 18).
Davis and Leckie (19) reported that chromate and bichromate anions are adsorbed by the
surfaces, especially those of hydrous Fe and Al oxides. Oxide minerals are considered the
most important adsorbents for Se in soils and sediments. The hydrous oxides of Fe, Al,
and Mn minerals were found to be effective in sorbing Se, especially in weakly acidic
solutions at low ionic strength (19). Zinc, like other transition metal ions, is strongly
adsorbed by the surfaces of hydrous oxides, expecially by Fe and Mn oxides (20). On Fe
oxides, adsorption increases markedly with increasing pH, from near zero sorption at
weakly acidic pH values to essentially complete removal from water at pH values greater
than 7.5 (20). Adsorption on Mn oxides is less pH-dependent, but it is stronger at low pH,
with significant sorption occurring at pH 4.0.
Complexation of metal ions by ligands can drastically alter adsorption by the oxide
surfaces. Metal ion adsorption is often decreased by complex formation in solution because
the complex formed has little reactivity with the mineral surface. For example, metal-EDTA
complexes and metal-fulvate complexes are not adsorbed by the surfaces of silica and
alumino-silicate minerals (17). Oxides with high points of zero charge (e.g., Al oxides),
however, do adsorb metal-EDTA or metal-fulvate complexes in acidic solutions, resulting
in the reverse pattern of increasing metal adsorption at low pH and decreasing metal
adsorption at high pH (17).
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The presence of inorganic anions in waste leachate will most likely interfere with
metal adsorption by the soil because of the formation of soluble complexes. For example,
chloride and sulfate ions may form complexes with heavy metals and interfere with their
adsorption by the soil (21). Doner (22) showed that the transport of Ni, Cu, and Cd in a
leaching experiment was 1 to 4 times greater in the presence of chloride than in the presence
of chlorate because the latter does not form complexes with these metals.
The surface of calcite develops charge in response to the surface excess of the
potential determining ions, Ca2+ and CO32" (23). The point of zero charge (pzc) of calcite
has been reported to occur at pCa = 4.4, with the surface exhibiting positive charge at Ca
concentrations above this value and negative charge at Ca concentrations below this value.
Calcite, therefore, carries predominantly positive charge below pH 9.0 in saturated CaC03
solutions in contact with atmospheric CO2 (24). Recent studies indicated that Ca2+and
CO32" are the dominant surface species in calcite (23). A wide range of metals, e.g., Cd,
Co, Cu, Ni, and Zn, have been reported to be sorbed onto calcite, and their sorption
increased with increasing pH (24). The initial sorption of metals on calcite appear to occur
by exchange with surface-associated Ca. Over time, conversion of metals sorbed on the
calcite surface to less labile forms has been observed. Zachara et al. (24) suggested either
metal-carbonate precipitation or formation of metal solid solutions with calcite as a cause of
this conversion.
Sorption of Metals by Organic Matter - Organic matter is generally an amorphous organic
residue in soils. When present in sufficient amounts, it can exert beneficial effects on the
biophysico-chemical properties of soils because of its high CEC, high specific surfaces,
and large amounts of exchangeable sites. The fulvic and humic acids are the most reactive
fraction of organic matter in soils due to their acidic functional groups. The reaction of
these materials with metals in the soil is strongly pH dependent. Metal ions can be bound
to organic matter by cation exchange and by chelation. The stability of a chelated metal is
dependent upon pH, other metals present, and ionic strength (25).
Organic matter is a major factor in metal sorption in soils. It was observed that 98%
of Cu was complexed by organic matter in soil (26). Schnitzer (27) showed that the
stability constants for fulvic acid-metal complexes increase with pH. Wastes containing
heavy metals may be safely land applied in the presence of high organic matter contents in
soil due to chelation and immobilization of the metals by carboxylic acids, phenols, enols,
and oxygen-containing functional groups. Analysis of waste amended soils has shown that
metals, such as Cd and Cu, are bound by the fulvic acid with retention increasing as pH
and organic matter increased (28).
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Biological Reactions - Although heavy metals are not readily available to microorganisms
as they commonly occur in nature, microbes do have a direct influence on various
components of solution equilibria. Acid formation during incomplete metabolism of
carbohydrates, for example, particularly under anaerobic conditions, results in increased
solubilization (29). Mobilization of metals, e.g., Cu, Pb, Ni, Co, Zn, Mn, and Fe, have
increased in simulated soil in the presence of aerobically decomposing plant residues (30).
Also, the liberation of free Zn, Cd, Pb, or Cu ions from oxides or sulfides has frequently
been attributed to microbial activities (29).
The mineralization of organic ligands in organo-metallic complexes (e.g.. those of
Cu, Pb, Ni) can also considerably increase heavy metal availability. A significant positive
correlation between the amount of soluble organic substances produced in the course of
organic matter decomposition and soluble Pb contents in forest soils has been observed
(31).
Microorganisms possess the capacity for metal accumulation and immobilization.
In soils with weak sorption capacity, microorganisms take part in the immobilization of
metals by various accumulation mechanisms (32). Within the cell, bacteria may convert
metal ions into innocuous forms by precipitation or binding. Horitsu et al. (33) showed that
P. oleovorans can precipitate Hg ions within the cell. Bacteria can also synthesize metalbinding proteins that could act as detoxicants. Both P. putida and E. coli produce low
molecular weight proteins that bind Cd (34). Bacteria are also capable of producing large
quantities of extracellular polymers which are of a polysaccharide nature with anionic
properties, and are capable of significant metal cation binding (35). These polymers are
strongly implicated in the removal of soluble metal ions by activated sludge biomass.
Polysaccharides produced by the common sewage treatment organisms have significant
metal binding properties. About 0.3 g Cu and 1.0 g Cd can be sorbed per gram dry weight
of polymer (35). Sulfate-reducing bacteria form sulfide deposits which can immobilize
large quantities of metals, such as Cd, Pb, Hg, and Ag (36).
As with bacteria, fungi can excrete extracellular substances, e.g., citric and oxalic
acids, that can remove metals from solution (37). Also, fungi can release siderophores that
bind Fe and other metals, such as Ga and Ni. Filamentous fungi and yeast can accumulate
up to 15 mg Cd g"1 dry weight (38). A wide range of higher fungi are able to concentrate
metals in the tissues of their fruiting bodies. For example, species of Agaricus can
bioaccumulate Cd and Hg from soils and composts containing background levels of these
elements, and ?Amanita muscaria can bioconcentrate Cd, Se, and V from background soils
(39).
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Pesticides. The nature of the functional groups in the organic molecule, and its shape,
size, configuration, polarity, and water solubility are important factors in the adsorption of
organic chemicals by soil constituents. The chemical properties of the functional groups
will influence the surface acidity of the soil particles. This is particularly significant since
surface acidity is very important in the adsorption of ionizable organic molecules by clays.
A major factor in the adsorption by clays of amines, s-triazines, amides, and urea is when
protonation takes place on the carbonyl group (40).
In addition to adsorption of triazines on minerals via protonation, Weber reported
that this group of pesticides interacts with exchangeable metal cations through coordination
(41). Transition metal ions, in particular, are capable of forming these complexes. For
example, 3-aminotrizole (herbicide) formed stable coordination complexes with clays
possessing Cu(II) or Ni(II) on the cation exchange sites (42).
Many organic molecules (amine, alcohol, and carbonyl group) are positively
charged by protonation and are adsorbed on clays depending on the CEC of the clay
minerals. The adsorption of organic cations on clays is dependent on the molecular weight
of the organic molecules. Large organic cations are adsorbed more strongly than inorganic
cations by clays because organic cations have higher molecular weights (43). Thus, the
nature of the functional groups influences the characteristics of the organic contaminants
and their ability to bind with the soil constituents.
The hydroxyl group is present in two broad classes of compounds, alcohols and
phenols. The hydroxyl of alcohol can displace water molecules in the primary hydration
shell of cations adsorbed on clay. The other mechanism for adsorption of the hydroxyl
group is through hydrogen bonding and cation-dipole interactions. The carboxyl group of
the ketone is adsorbed on clay minerals, with acetone and nitrobenzene reported to form
double layer complexes with clay (44). The adsorption mechanism for ketones is hydrogen
bonding between the hydroxyl group on the adsorbent clay and the carboxyl group of the
ketone, or via a water bridge. The carboxyl group of the organic acids, such as benzoic and
acetic, interacts either directly with the interlayer cation or by forming a hydrogen bond
with the water molecules coordinated to the exchangeable cation on the clay complex. In
addition to coordination and hydrogen bonding, organic acids can be adsorbed through the
formation of salts with the exchangeable cations (43).
Aliphatic amines are stronger bases than ammonia, while aromatic amines are much
weaker than aliphatic amines. Amines can protonate in soil and can replace inorganic
cations from the clay complex by ion exchange. Ethylenediamine (EDA) is adsorbed on
montmorillonite by hydrogen bonding coordination, and aniline is adsorbed on clay by
cation-water bridges. The phenolic group can combine with other components, such as
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pesticides and hydrocarbons, to form new compounds, such as cinnamic and gallic acids.
The major types of phenolic compounds found in soil include pesticides, such as 2,4,-D,
creosols, nitrophenols, and pentachlorophenol (45).
The sulfoxide group is one of the more polar organic functional groups, and it
forms complexes through either the sulfur or oxygen atom. Sulfoxide groups readily form
complexes with transition metals. The sulfoxide group could form a direct complex with an
exchangeable cation and/or a water bridge hydrogen bond between the sulfoxide oxygen
and the exchangeable cation on clay surfaces (43).
Hydrocarbon interactions with soil are different from those with reactive functional
groups. Adsorption of nonionic organic compounds by clayey soils is governed by the CH
activity of the molecule which arises from electrostatic activation of the methylene groups
by neighboring electron-withdrawing structures, such as C=0 and C=N (40). Molecules
which possess many C=0 or C=N groups adjacent to methylene groups would be more
polar, and hence more strongly adsorbed than those compounds which possess fewer such
groups.
The nonpolarity of hydrocarbon molecules permits only a weak interaction with the
clay surfaces (van der Waals), with consequent lower levels of adsorption of the various
hydrocarbons. For example, naphthalene, anthracene, and acenaphthene, which have no
electron-withdrawing units such as C=0 and C=N, were found to be weakly adsorbed by
clay surfaces in soil (46). Adsorption of hydrocarbons may occur on the hydrophobic
surfaces of the organic matter in the soil, where nonpolar molecules are preferentially
adsorbed over water. Hydrophobic active sites of soil humic substances include aliphatic
side chains and lignin-derived moieties with high carbon content and a small number of
polar groups (47).
Halogenated Aromatic hydrocarbons, such as pentachlorophenol (PCP),
polychlorinated biphenyls (PCBs), and various chlorobenzenes, are active ingredients of
many pesticides. These groups of compounds are generally characterized by very low
solubilities in water and relatively little adsorption on minerals surfaces. Organic matter in
soils is a very effective adsorbent for halogenated aromatic compounds (48). Also, the
insecticide dichlorodiphenyl trichloroethane (DDT), which has very low water solubility,
was found to adsorb mainly on soil organic matter while the mineral fractions in soil
adsorbed very little of the compound (49). It is unlikely that aqueous concentrations of
PCP, PCBs, or DDT would exceed few parts per billion in groundwaters. It is possible,
however, for these compounds to exist as discrete colloidal particles, or to be sorbed on
organic fine particulates and thus be carried by moving water.
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Migration of Contaminants into Groundwater
Nitrogen - Nitrate applied on land is subject to leaching if not intercepted by plant roots,
immobilized by microorganisms, or denitrified. Leached NO3" may be transported to
surface waters by tile drains or by seepage on sloping terrains. Otherwise, it will move
through the vadoze zone into the groundwater.
The magnitude of leaching losses is dependent on the quantity of water applied,
evapotranspiration, the nature of vegetation, and the soil characteristics of the vadoze zone
(5). The total quantity of N leached is much more significant in terms of pollution hazard
than is the NO3" concentration, although most attention is usually given to the 45 mg L"1
public health standard for drinking water.
A small volume of leached water with high NO3" concentration is of less concern
than a large volume of leachate with lower NÜ3- content, since the latter represents a much
greater mass transport. Nitrate concentrations of drainage waters from commercial farms in
California were not well correlated with N application rates or soil characteristics of the
vadoze zone (50). The amounts of N in the drainage waters, however, were found to be
well correlated with total water discharges and total N applied.
Soil characteristics of the vadoze zone were found to be of major importance in
influencing the amount of NO3" moving past the surface soil. Significant correlations were
found between soil NO3" concentrations and clay contents of the surface soil (51). Soils
that have high water permeability tend to be relatively low in organic matter and do not
readily develop the reducing conditions that promote denitrification. Under these
conditions, high leaching of NO3" is probable, particularly where N applied exceeds plant
uptake. On the other hand, fine-textured soils with high organic matter content are much
more likely to develop the reducing condition that favors N loss through denitrification.
Consequently, NO3" contamination of groundwater is likely to develop when soil in the
vadoze zone is coarse-textured (5). In a sewage sludge watershed study where coarsetextured soil was predominant, elevated NO3" contents of groundwater to 200 and 60 mg L1
under corn and reed canary grass areas, respectively, were obtained when annual
applications approached 800 kg N ha-1 (52).
Heavy Metals - Several processes interact to influence the movement of metal ions from
soil into groundwater. These include complexation reactions, redox-related processes, and
reactions that result in the removal of metal ions from water, e.g., adsorption and
precipitation.
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The formation of an aqueous metal complex can have a significant effect on the
tendency of a metal ion to adsorb on colloidal solid surfaces (17, 53). When complexed
with a strongly binding ligand, a metal may be transported at an average velocity that is
orders of magnitude faster than would be expected in the absence of ligands. For example,
field studies have shown that metals may be mobile in groundwater when complexed with
organic ligands (54). Under conditions of heavy application of sewage sludge and low soil
pH, there have been reports of metal migration to depths up to several meters. Increased
levels of Cr, Cu, and Zn to a depth of 2 m beneath a sludge drying bed that had been used
for more than 20 years were detected (55). Migrations of Cd, Cu, Ni, and Zn to a depth of
61 cm below a 3-year old sludge lagoon have been observed (56). Metals have moved to
depths up to 45 cm with heavy applications of sludge (135 to 168 tonnes ha"1) to
agricultural land (57, 58). At an application rate of 300 tonnes ha-1, Cu and Zn were
significantly increased to a depth of 150 cm in a silt loam soil (59). Heavy metals had
leached from composted sewage sludge at a pH range of 2.5 to 7.0 (60). Zinc and Cd
leached significantly faster as the pH was lowered, with both elements showing the greatest
solubility at the pH range of 5.5 to 6.0.
The question of metal leaching has been addressed in a number of forest land
studies. In one study, sludge was applied to a depth of 25 cm at four different sites, and the
vertical migration of heavy metals (Cd, Cu, Ni, Pb, and Zn) was followed for a period of 2
years. This study clearly demonstrated that there was only minimal migration of metals into
the underlying soil despite the prevailing acidic conditions (61). There is some concern of
possible groundwater contamination due to frequent applications of metal-containing
pesticides. At Pb application rates up to 3,200 kg ha -1 (as lead acetate), downward
movement of Pb in midwestem soil to a depth not greater than 90 cm occurred (62). When
a Hanford soil was leached with 10 mg L"1 of Cd, Cu, or Ni, the soil attenuated the
equivalent of 506, 558, and 1,480 kg ha -1 of Cd, Cu, and Ni, respectively, before a
breakthrough, i.e., leaching, took place at the 30 cm depth (22).
Pesticides - An organic chemical may move downward and contaminate groundwater
when the soil is saturated with water for a long period of time (e.g., wastewater
application, heavy rainfall, or irrigation). The movement of an organic chemical in soil is
governed by three processes - desorption of organic compound from solid to liquid phase,
mass flow of water, and diffusion through water. Solubility of the organic compound has
also been considered an important factor in controlling the movement of pesticides in soils.
The distribution patterns for solute movement through soil by water have been fully
discussed (63). The amounts of water required to move concentration peaks to selected
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depths are directly related to the organic matter/water ratios of the organic chemicals being
leached.
The soil thin-layer chromatographic (soil TLC) technique has proved useful in
studies of relative immobility of organic chemicals. This technique was used to evaluate
fungicide and herbicide leaching and diffusion characteristics (64). The relative mobility in
soil TLC of compounds evaluated was quite similar to that reported by other more
cumbersome methods, such as soil column and lysimeter. The inherent persistence of each
organic compound in soil is important in evaluating whether any mobile compound might
contaminate the groundwater. The half-life of many organic compounds in soil is
sufficiently short to make it highly unlikely that the compound would ever reach the
groundwater under ordinary field leaching conditions (65).
One of the major concerns in the land application of municipal wastewater is the
contamination of the groundwater by toxic organic compounds. Several compounds have
been found in groundwaters at four land application sites (66). Some of these compounds
are diethylphthalate, dibutylphthalate, toluene, chlorobenzene, and trichloroethylene, which
are classified as priority pollutants under the Federal Water Pollution Control Act (Table 1).
Lindane was the only pesticide whose levels were significantly elevated over the
background concentrations in the groundwaters at the four land application sites (67).
The toxic organic compounds identified by Hutchins et al. (66) can be grouped into
phthalate esters, aromatic compounds, and tetrachloroethylene. Some of the phthalate
esters, such as dimethyl-, diethyl-, and dibutyl-phthalate, are used as carriers for
pesticides. The aromatic compounds found in groundwaters include naphthalene, toluene,
and dichlorobenzene. All these aromatic compounds are used in pesticide manufacturing
and considered toxic to aquatic life, and potentially toxic also to mammals. Many of the
organic compounds detected in groundwaters associated with land application (i.e., sewage
sludge and municipal wastewaters) sites are hazardous at relatively high concentrations.
Most of the compounds, however,are present only at trace levels in groundwaters and may
be a problem only if they are carcinogenic. The compounds that have been implicated as
potential carcinogens are diethyl- and dimethyl-phthalate, dichlorobenzene, tetrachloroethylene, and lindane.
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Table 1. Priority pollutants in influents from publicly-owned treatment works.
Priority pollutant

Acrylonitrile
Trichlorofluoro-methane
1, 1-Dichloroethylene
1,1-Dichlroethane
trans-1,2-Dichloroethylene
Chloroform
1,2-Dichlroethane
1,1,1-Trichloroethane
Bromodichloromethane
Trichloroethylene
Benzene
Dibromochloromethane
1, 1,2, 2, -Tetrachloroethane
1,1, 2,2, -Tetrachloroethylene
Toluene
Chlorobenzene
Ethylbenzene
Phenol
2,4-Dimethylphenol
p-Chloro-m-cresol
Pentachlorophenol
Dichlorobenzene
Naphthalene
Diethylphthalate
Di-n-butylphthalate
Butylbenzylphthalate
Bis (2-ethylhexyl/di-noctylphthalate
Heptachlor

Frequency
of detection

Concentration
Mean
Range
—
— HgL-1

6
6
17
6
28
100
11
78
11
67
67
22
6
83
78
6
67
33
11
6
22
56
44
50
67
44

0-4.5
0-0.3
0 - 18.6
3.6 - 7.1
0-0.4
0.3 - 95.9
0-0.7
0 - 164.9
0-7.0
0 - 1.0
-—
1.1 - 239.4
1.6 - 60.2
0-0.2
0 - 48.7
0 - 18.8
0-9.9
—

2.4
0.1
4.8
4.9
0.2
28.9
0.2
50.5
2.7
0.2
-—
77.9
25.8
0
16.3
7.3
2.5
—

0 - 19.2
0 - 92.7
0 - 32.9
3.6- 11.6
4.2 - 15.8
0 - 77.3

5.7
33.1
11.6
6.8
9.3
22.2

22
6

0-4.5
—

2.2
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Environmental Restoration
Restoration of Soil - If a soil becomes heavily contaminated with heavy metals or
organic toxicants as a result of agricultural practices, in situ treatment would be the most
effective for restoration. Treatment options include, microbial degradation, chemical
neutralization or immobilization, and others. Certain chemical contaminants in soil, such as
heavy metals, may be neutralized, immobilized, or rendered less harmful by specific
additives that react chemically with the hazardous constituents. In the case of organic
contaminants, such as pesticides, microorganisms can be used to degrade the organic
compounds. In general, each contaminant (or in some cases, classes of contaminants, such
as heavy metals) in soil would require different chemical agents to render it non-hazardous.
Moreover, a particular chemical added to cope with one hazardous constituent may cause
counter-productive reactions with other constituents. Thus, the addition of an oxidizing
agent intended to detoxify a specific organic compound may also change the oxidation state
of a metallic ion rendering the metal more toxic or more mobile.
Nitrogen - In general, there are three basic options for the control of N contamination in the
environment: 1) Reduce pollution at the source, e.g., removal of N in municipal
wastewater and sludge; 2) Use best management practices (BMPs) in cropland to minimize
N03- leaching and to maximize the cleansing effects of natural processes; and 3) Collect
and treat the contaminated groundwater to prevent the pollutant from being discharged into
the environment.
Significant advances have been made in the development of techniques to remove
organic N, ammonia, and NO3" from wastewaters. Nitrogen in raw domestic wastewaters
is principally in the form of organic N, both soluble and particulate, and ammonia. The
soluble organic'N is mainly in the form of urea and amino acids. Conventional processes
for sewage treatment were developed to remove suspended solids and oxygen demanding
organic matter, rather than nitrogenous compounds. Primary sedimentation acts to remove
a portion of the particulate organic matter while biological treatment removes more
particulate organic N and transforms some to ammonium and other inorganic forms (68).
Total N removal for a conventional facility will generally be less than 30 percent.
Advanced treatment processes are designed to remove contaminants other than N in
wastewater. They often, however, remove some N, primarily in suspended organic form.
These advanced processes include tertiary filtration, carbon adsorption, electrodialysis,
reverse osmosis, chemical coagulation, and land disposal. Removal by these processes is
often restricted to particulate form and overall removal efficiency is rarely high. At present,
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nitrification-denitrification, breakpoint chlorination, selective ion exchange, and air
stripping are considered technically and economically the most viable removal processes for
N.
Biological nitrification does not increase the removal of N from the wastewater over
that achieved by conventional biological treatment. The principal effect of the nitrification
treatment process is to transform ammonium-N to NO3". The nitrified effluent can then be
denitrified biologically. Nitrification is also used without subsequent biological
denitrification when treatment requirements call for oxidation of ammonium-N. The
oxidation of ammonium can be as high as 98 percent. The overall transformation to NO3"
depends on the extent to which organic-N is transformed to ammonium-N in the secondary
stage. The overall removal efficiency of nitrification-denitrification process can range from
70 to 95 percent.
Breakpoint chlorination is accomplished by the addition of chlorine to the
wastewater in an amount sufficient to oxidize ammonium-N to N gas for volatilization. An
advantage of this method is that ammonium-N can be reduced to near zero in the effluent.
Selective ion exchange for the removal of ammonium ions from wastewater can be
accomplished by passing the water through a column of zeolite which has a high selectivity
for ammonium ions. Ammonium removal of 90-97 percent can be expected. Ammonia
removal from wastewater can be done by reducing the partial pressure of the ammonia in
the air adjacent to the water. This physical desorption process is an air stripping technique.
In order to strip ammonia from wastewater, the pH of the wastewater is raised to 10 to 11
by the addition of lime. During warm weather, the air stripping process could remove 90
percent of ammonia in the wastewater (69).
Best Management Practices (BMP) - The BMPs in cropland include the following :
1) Management practices that decrease soil erosion and surface runoff will also reduce the
amount of N lost from croplands via these routes; 2) Crop rotation patterns, where different
crops are planted on a field in succesive years, can minimize the amount of N fertilizer
required; 3) Nitrogen fertilizer is used only at the most efficient dose-response levels to
minimize leaching of excess NO3-; 4) Nitrogen is supplied in a form that becomes available
for crop uptake slowly over the growing season, e.g., sulfur-coated ure; 5) More effective
use of animal manures could reduce the demand for inorganic fertilizers; 6) Supply N as it
is needed, i.e., to match applications closely to the N uptake curve throughout the growing
season; 7) Incorporation of large amounts of organic carbon into soils can minimize
leaching of residual NO3- from fertilizer applications by immobilization of inorganic N in
the biomass of soil microflora; and 8) Urease and nitrification inhibitors can retard the rate
of hydrolysis of urea and/or the rate of nitrification of ammonia.
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Retention of N in urea or ammonium form reduces losses by leaching of NO3"
(70,71). In addition to the BMPs discussed above, some basic shifts in patterns of
agricultural production can be envisioned that would reduce nitrate-related environmental
problems. These changes include the development of more efficient varieties of crops, the
development of capabilities for N fixation in corn and other non-fixing crops by genetic
engineering, the improvement in efficiency of fixation by legumes, and the improvement in
rotation patterns. Also, the return to mixed livestock-field crop farming practices, in which
manures are used at least partially to replace chemical fertilizers, should be considered (72).
Heavy Metals - A remedial option to mitigate the leaching potential of heavy metals from
soil into groundwater is in situ immobilization. In situ immobilization can be implemented
by introducing treatment chemicals into the contaminated soil by various means. If soluble
chemicals are used, e.g., ferrous sulfate, they can be applied by saturating the soil with the
chemical in solution. The solution application may be carried out at a high rate by surface
flooding the site or more gradually by spraying and allowing the solution to drain freely
into the soil.
Insoluble chemicals, e.g., resins, clay minerals, and lime, can be introduced into
the soil by spreading, filling, forced injection, suspension transport, or by placing it in a
low permeability encapsulation barrier (73). Spreading may suffice as a means of treating
metals if the soil has a high moisture content and the metals are present at the soil surface.
Also, spreading is most applicable to soils with high organic matter content. Tillage is the
most common method of introducing treatment chemicals into the contaminated soil.
Routine tilling can mix dry chemical additives into the soil to a depth of 30 to 60 cm.
Special deep tilling equipment is available which can reach as deep as 1.5 m into the soil.
Viable remedial techniques for metal-contaminated soils are presented in Table 2. They
could be effective in mitigating plant uptake of metals and radionuclides, such as ,37 Cs and
^Sr. The most likely process(es) involved in any of the techniques are indicated, as well
potential uncertainties and limitations. Of the various techniques, liming agricultural soils to
minimize plant uptake of heavy metals, such as Cd, Zn, Cu, etc., is apparently the most
widely practiced.
In situ immobilization of heavy metals in contaminated soils can be accomplished
by adding natural or synthetic chemical additives to the soil. These additives must have
certain desirable properties to successfully immobilize heavy metals. Treatment additives
fall into two classes of chemicals - strongly adsorbing and weakly adsorbing. By their
nature, once strongly-adsorbing insoluble chemical additives are added and distributed in
the soil, they would not migrate down the soil profile to the groundwater. The heavy
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Table 2. Viable remedial techniques for metal-contaminanted soils.
Technology

Chemical:
Add limestone

Add clay/o.m.

Target
Contaminants

Processes
involved

Metals,
sorption

Precipitation,
lettuce,

Metals,
radionuclides

Ion exchange,
sorption,
complexation
Precipitation

Uncertainties

Oxyanions,
Short term
spinach, tubers
Type of
material

radionuclides

Metals other
than Pb;
insufficient data

Limited
number of
metals
Limited
number of
metals
Too
specific

Phosphate

Metals
(Apatite)

Zoelites

Metals,
radionuclides

Fixation

Insufficient data

K-fertilizer

137 Cs

Ion exchange,
specific

Soil type,
native fertility

Uptake
Uptake,
bioconcentration

Cultivars,
other factors
Adaptability,
biomass

Conservation

Trees, grass

antagonism
Biological:
Crop excluders
Plant (hyper)
accumulators
Plant cover

Metals,
radionuclides
Metals,
radionuclides
Metals,
radionuclides

Mechanical/Physical
Clean soil
Metals,
radionuclides
Deep tillage
Metals,
radionuclides

Constraints

Short term

Seasonal
Low biomass
animal
poison
Slow
establishment

Barrier
Redistribution,
dilution
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Diffusion,
deep-root crops
Redistribution

Expensive,
groundwater
Soil type,
ground water

metals must be adsorbed, complexed and/or chelated on the additive and must not
hydrolyze nor be desorbed under exposure to varying conditions in the soil, such as a low
pH or a varying redox which tends to solubilize the metals. The chemical additives must be
resistant to chemical and microbial degradation in the soil environment so that metals are
not released from the additives over long periods of time. Finally, the chemical additives
themselves must not leach any deleterious organic or inorganic constituent that could
contaminate the groundwater.
For weakly adsorbing chemical additives to be effective in immobilizing heavy
metals, they must either cause the metals to precipitate or complex and/or chelate metals and
then attach themselves to the soil structure. In either case, the metals would not migrate
down through the soil. Complexation and/or chelation of the metals to the weakly
adsorbing additive is not sufficient since there is the distinct possibility the complexed metal
could migrate to the groundwater. In any event, after the metals are precipitated, they must
not be resolubilized under varying soil conditions, such as over a range of pH and redox.
Finally, as with the strongly adsorbed additives, the weakly adsorbed additives must be
resistant to chemical and microbial degradation in the soil and must not emit any hazardous
constituents to the groundwater.
Today, many chemical additives are used to reduce heavy metal concentrations in
wastewaters. Additives that have been used in the treatment of metal-containing
wastewaters and have the potential to be used as immobilizing agents in contaminated soils
have been presented (74).
Pesticides - Bioremediation has been highly touted as an inexpensive and effective
technology for the restoration of sites contaminated with pesticides. Most of the major
classes of pesticides are known to be subject to some form of biological transformation,
and in some cases, complete mineralization.
The white-rot fungus, Phanerochaete chrysosporium, was one of the first
organisms shown to degrade lignin through the action of a potent lignin peroxidase enzyme
(75). This enzyme converts hydrogen peroxide into a hydroxyl radical which can attack
lignin, breaking it into smaller components resulting in eventual decomposition of the lignin
material. It has been shown that lignin-peroxidase producing cultures can degrade a number
of pesticides or pesticide-like compounds, including DDT, methoxychlor, lindane,
chlordane, dieldrin, 2,4,5, -T, and PCP (76). In addition to white-rot fungus, there are
other lignin-degrading actinomycetes which may produce lignin peroxidase that attacks
pesticides (77).
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A large number of microorganisms which produce specific pesticide-degrading
enzymes have been characterized. Microbial degradation of organophosphates, Nmethylcarbamates, triazines, substituted ureas, carbamothioates, phenylcarbamates,
chloroacetanilides, glyphosate, and phenoxyacetates have been reported (76). Of particular
interest are the broad spectrum hydrolases, such as parathion hydrolase and Nmethylcarbamate hydrolase, which degrade a number of compounds within the pesticide
class. Parathion hydrolase can degrade coumaphos, methyl parathion, and a number of
other related compounds (78). N-methylcarbamate hydrolases can degrade aldicarb,
carbofuran, and carbaryl and related compounds.
There have been several examples of the use of microorganisms in the treatment of
pesticide wastes and for the remediation of contaminated soils. These treatment methods
range from the use of indigenous microorganisms to the use of pure cultures of pesticidedegrading organisms. Stimulating the degradation of pesticides in soils heavily
contaminated with a large number of compounds by the addition of nutrient amendments
can be achieved (79). Limited degradation of some of the contaminants in spite of
stimulation, however, could occur.
Studies investigating the use of pure cultures of microorganisms have shown that
this practice may be useful in the degradation of pesticides under certain conditions. PCP
could be removed from contaminated soils by innoculation with PCP-degrading bacteria
(35). Also, a parathion hydrolase-producing Flavobacterium for the degradation of
coumaphos in cattle dip wastes could be employed.
Chemical transformations have been shown to change the inherent biodegradability
of some xenobiotics. Aqueous photolysis of 2,4-dichlorophenol and 2,3,5-trichlorophenol
in the presence of hydrogen peroxide greatly enhanced biodegradation (80). The
pretreatment of certain organophosphates with sodium borate accelerated biodegradation
(81). Also, the ozonation of a number of pesticides has been shown to significantly
enhance the rate of mineralization.
Many scientists believe that in situ bioremediation technologies can play an
important role in the restoration of contaminated sites. Satisfactory results from these
approaches may be influenced by the following: 1) The great number of pesticides used and
their wide range of chemical properties and classes; 2) Contaminated sites usually contain
mixtures of many pesticides; 3) High concentrations of some pesticides may be directly
toxic to microorganisms; and 4) Some of the chemicals' intermediates produced during
degradation may act as inhibitors of microorganisms.
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Summary and Conclusions
This chapter provides an overview of the various processes and mechanisms relative to the
interactions of contaminants with soil constituents and how they can play a role in
remediating contaminanted soil. Their most common sources include N-containing
fertilizers, pesticides, animal manures, sewage sludges, and municipal wastewaters.
Nitrogen, heavy metals, and organics associated with pesticides are presumably the most
common contaminants introduced into the environment by agricultural practices. Their fate
in soil largely depends on their chemical species as well as the various physical, biological,
and chemical properties of the soil. Both N and the organics are relatively more subject to
biological processes in terms of their transformation and degradation. When the level of
these contaminants in the soil are such that the quality of the food crops and the underlying
groundwater are being compromised, then remedial actions are necessary. Such
remediation could include in-situ technologies, including bioremediation as well as
agronomic-type approaches. It was concluded, however, that the best strategy in reducing
soil contamination is to reduce pollution at the source and to use best management
practices, such as adopting the most appropriate land use for a given type of soil
contamination.
Acknowledgements
This research was developed under the auspices of contract DE-AC09-76SR00-819
between the U. S. Department of Energy and the University of Georgia.
Literature Cited
1. National Academy of Sciences. 1978. Nitrates: an environmental assessment. Natl.
Acad. Sci., Washington, D.C.
2. Patrick, R., E. Ford, and J. Quarles. 1987. Groundwater contamination in the United
States. Univ. of Penn. Press, Philadelphia, PA.
3. Adriano, D.C. 1986. Trace elements in the terrestrial environment. Springer-Verlag,
New York, N.Y. 533 pp.
4. Adriano, D.C. (ed.) 1992. Biogeochemistry of trace metals. Lewis Publ., Boca Raton,
FL. 513 pp.
5. Broadbent, F. E., and H. M. Reisenauer.1985. Fate of wastewater constituents in soil
and groundwater: Nitrogen and phosphorus, p. 12.1-12.16. In : Pettygrove and

686

Asano (ed.) Irrigation with reclaimed municipal wastewater: A guidance manual.
Lewis Publ., Chelsea, MI.
6. Lund, L. J., and J. K. Wachtel. 1979. Denitifrication potential of soils, p. 689-718.
In : P. F. Pratt (ed.) Nitrate in effluents from irrigated lands, U.S.-NSF Proj. ENV7610283, Univ. California.
7. Ellis, B. G., and B. D. Kenzek. 1972. Adsorption reactions of micronutrients in soils.
p. 59-78. In : Mortvedt et al. (ed.) Micronutrients in agriculture. Soil Sci. Soc. Am.,
Madison, WI.
8. Lindsay, W. L. 1979. Chemical equilibria in soils. Wiley-Interscience, N.Y.
9. Schnitzer, M., and S. I. Skinner. 1966. Organo-metallic interactions in soils: 5. Stability
constants of Cu2+, Fe 2+ , and Zn2+ fulvic acid complexes. Soil Sci. 102:361-365.
10. Schnitzer, M., and S.I. Skinner.1967. Organo-metallic interactions in soils: 7. stability
constants of Pb 2 + , Ni 2+ , Mn 2+ , Co 2+ , and Mg 2+ fulvic acid complexes. Soil Sci.
103:247-252.
11. Elrashidi, M. A., D. C. Adriano, and W. L. Lindsay. 1989. Solubility, speciation, and
transformation of selenium in soils, p. 51-63. In : Selenium in agriculture and the
environment. Soil Sci. Soc. Am., Madison, WI.
12. Fish, W. 1993. Sub-surface redox chemistry, p. 73-101. In : Allen et al. (ed.) Metals
in groundwater. Lewis Publ., Chelsea, MI.
13. Eary, L. E, and D. Rai. 1988. Kinetics of chromate removal from aqueous wastes by
reduction with ferrous iron. Environ. Sci. Technol. 22:972-977.
14. Eary, L. E., and D. Rai. 1989. Kinetics of chromate reduction by ferrous ions derived
from hematite and biotite at 25°C. Amer. J. Sci. 289:180-213.
15. Elrashidi, M. A. and D. C. Adriano. 1987. Effect of redox potential and pH on
chemical speciations of inorganic selenium in soils and aquatic systems. Proceed Int.
Conf. Heavy Metals in the Environment, New Orleans, LA.
16. Lindsay, W. L.1973. Inorganic reactions of sewage wastes with soils, p. 91-97. In :
Recycling municipal sludges and effluents on land. Natl. Assoc. State Univ. and Land
Grant Colleges, Washington, D.C.
17. Davis, J. A. 1984. Complexation of trace metals by adsorbed natural organic matter.
Geochem. Cosmochim. Acta 48:679-691.
18. Zachara, J. M., C. C. Ainsworth, C. E. Cowan, and C. T. Resch. 1989. Adsorption
of chromate by subsurface soil horizons. Soil Sci. Soc. Am. J. 53:418-428.
19. Davis, J. A., and J. O. Leckie. 1980. Surface ionization and complexation at the
oxide/water interface. 3. Adsorption of anions. J. Colloid Interface Sci. 74:32-43.

687

20. Benjamin, M. M , and J. O. Leckie. 1981. Multiple-site adsorption of Cd, Cu, Zn, and
Pb on amorphous iron oxide. J.Colloid Interface Sci. 79:209-221.
21. Benjamin, M. M., and J. O. Leckie. 1982. Effects of complexation by Cl, SO4, S2O4
on adsorption behavior of Cd on oxide surfaces. Environ. Sci. Technol. 16:152-170.
22. Doner, H. E. 1978. Chloride as a factor in mobilities of Ni(II), Cu(II), and Cd(II) in
soil. Soil Sci. Am. J. 42:882-885.
23. Thompson, D. W., and P. G. Pownall. 1989. Surface electric properties of calcite.
J.Colloid Interface Sci. 131:74-82.
24. Zachara, J. M., C. E. Cowan, and C. T. Resch. 1993. Metal cation/anion adsorption
on calcium carbonate, p. 37-71. In : Allen et al. (ed.) Metals in groundwater. Lewis
Publ., Chelsea, MI.
25. Keeney, D. R., and R. E. Wildung. 1977. Chemical properties of soils, p. 74-97. In
: F. Elliott and F. J. Stevenson (ed.) Soils for management of organic wastes and
wastewaters. Soil Sci. Soc. Am., Madison, WI.
26. Hodgeson, J. F., W. L. Lindsay, and J. F. Trierweiler. 1966. Micronutrient cation
complexing in soil solution : II. Complexing of zinc and copper in displaced solution
from calcareous soils. Soil Sci. Soc. Am. Proc. 30:723-726.
27. Schnitzer, M. 1969. Reaction between fulvic acid, a soil humic compound and
inorganic soil constituents. Soil Sci. Soc. Am. J. 33:75-81.
28. Hornick, S. B. 1983. Animal Wastes, p. 276-281. In ; J. F. Parr et al. (ed.) Land
treatment of hazardous wastes. Noyes Data Corp., Park Ridge, N.J.
29. Domsch, K. H. 1989. Microbiological aspects of heavy metal and toxic chemical
behavior in porous media, p. 107-121. In : Bar-Yosef et al. (ed.) Inorganic
contaminants in the vadose zone. Springer-Verlag, N.Y.
30. Bloomfield, K., W. I. Kelso, and M. Piotrowska. 1971. The mobilization of trace
elements by aerobically decomposing plant material under simulated soil conditions.
Chem. Ind. 59-61.
31. Tyler, G. 1976. Heavy metal pollution, phosphatase activity, and minera-lization of
organic phosphorus in forest soils. Soil Biol. Biochem. 8:327-332.
32. Zamani, B., B. D. Knezek, and F. B. Dazzo. 1984. Biological immobilization of zinc
and manganese in soil. J. Environ. Qual. 13: 269-273.
33. Horitsu, H., M. Takagi, and M. Tomoyeda. 1978. Isolation of a mercuric chloride
tolerant bacterium and uptake of mercury by bacterium. Eur. J. Appl. Microbiol.
Biotechnol. 5:279-290.
34. Mitra, R. S. 1984. Protein synthesis in escherichia coli during recovery from exposure
to low levels of Cd2+. Appl. Environ. Microbiol. 47:1012-1016.

688

35. Norber, A. B., and H. Persson. 1984. Accumulation of heavy metal ions by Zooglea
ramigera. Biotechnol. Bioeng. 26:239-246.
36. Norris, P. R., and D. P. Kelly. 1978. Toxic metals leaching systems, p. 83-102. In :
L. E. Murr et al. (eds.) Metallurgical applications of bacterial leaching and related
microbial phenomena. Academic Press, New York, N.Y.
37. Neilands, J. B. 1981. Microbial iron compounds. Ann. Rev. Biochem. 50:715-731.
38. Trevors, J. T, G. W. Stratton, and G. M. Gadd. 1986. Cadmium transport,
resistance, and toxicity in bacteria, algae, and fungi. Can. J. Microbiol. 32:447-464.
39. Byrne, A. R., V. Ravnik, and L. Kosta. 1976. Trace element concentrations in higher
fungi. Sci. Total Environ. 6:65-78.
40. Yong, R. N., A. Mohamed, and B. P. Warkentin. 1992. Wastes and contaminants, p.
48-88. In : R. N. Yong et al. (eds.) Principles of contaminant transport in soils.
Elsevier, Amsterdam.
41. Weber, J. B. 1970. Mechanisms of adsorption of s-triazines by clay colloids and
factors affecting plant availability. Residue Rev. 132:93-130.
42. Russell, J. D., M. I. Cruz, and J. L. White. 1968. The adsorption of 3-amino-triazole
by montmorillonite. J. Agric. Food Chem. 16:21-24.
43. Morrill, L., B. Mahilum, and A. Mohiuddin. 1982. Organic compounds in soils:
Sorption, degradation, and persistence. Ann Arbor Sci. Publ., Ann Arbor, MI.
44. Geissman, T. 1977. Principles of organic chemistry. Freeman and Company, San
Francisco, California.
45. Overcash, M. R. and D. V. Crawford. 1979. Design of land treatment systems for
industrial wastes - theory and practice. Ann Arbor Sci. Publ., Ann Arbor, MI. 684 pp.
46. Meyers, P. A., and J. G. Quinn. 1973. Association of hydrocarbons and mineral
particles in saline solution. Nature 244:23-24.
47. Senesi, N., and Y. Chen. 1989. Interactions of toxic organic chemicals with humic
substances, p. 37-90. In : Gerstl et al. (eds.) Toxic organic chemicals in porous
media. Springer Verlag, New York, N.Y.
48. Filinow, A. B., L. W. Jacobs, and M. M. Mortland. 1976. Fate of polybrominated
biphenyls (PBB's) in soils: Retention of hexabromobiphenyl in four Michigan soils. J.
Agric. Food Chem. 24:1201-1204.
49. Shin, Y. O. 1970. Adsorption of DDT by soils and biological materials. Ph.D. Thesis,
Michigan State Univ., E. Lansing, MI.
50. Letey, J., J. W. Blain, and D. Devitt. 1979. Nitrate in effluent from specific tile
drained fields, p. 247-296. In : P.F. Pratt (ed.) Nitrate in effluents from irrigated lands.
US-NSF, Proj. ENV76-10283, Univ. California.

689

51. Lund, L. J., D. C. Adriano, and P. F. Pratt. 1974. Nitrate concentration in deep soil
cores as related to soil profile characteristics. J. Environ. Qual. 3:78-82.
52. Duncomb, D. R., W. E. Larson, and C. E. Clapp. 1982. Effect of liquid wastewater
sludge application on crop yield and water quality. J. Water Pollut. Control Fed.
54:1185-1193.
53. Bowers, A. R., and C. P. Huang. 1986. Adsorption characteristics of metal EDTA
complexes onto hydrous oxides. J. Colloid Interface Sci. 110:575-590.
54. "Killey, R. W., J. O. McHugh, and D. R. Champ. 1984. Subsurface Cobalt-60
migration from low level waste disposal site. Environ. Sci. Technol. 18:148-157.
55. Lund, L. J., A. L. Page, and C. O. Nelson. 1976. Movement of heavy metals below
sewage disposal ponds. J. Environ. Qual. 5:330-334.
56. Kirkham, M. B. 1975. Trace elements in corn grown on long-term sludge disposal
site. Environ. Sci. Technol. 9:765-768.
57. Hinesly, T. D., R. L. Jones, and E. L. Ziegler. 1972. Effects on corn by application of
heated anaerobically digested sludge. Compost Sci. 13 : 26-30.
58. Boswell, F.C. 1975. Municipal sewage sludge and selected applications to soil: Effect
on soil and fescue. J. Environ. Qual. 4:267-272.
59. Darmody, R. G., J. E. Foss, and M. Mcintosh. 1983. Municipal sewage sludge
amended soils: Some spatiotemporal treatment effects. J. Environ. Qual. 12:231-236.
60. Tackett, S. L., E. R. Winters, and M. J. Puz. 1986. Leaching of heavy metals from
composted sewage sludge as a function of pH. Can. J. Soil Sci. 66:763-765.
61. Zasoski, R. J. 1983. Fate of heavy metals contained in municipal sludge following
forest application, p. 67-75. In : C. L. Henry and D. W. Cole (eds.) Use of
dewatered sludge as an amendment for forest growth.
62. Stevenson, T. J., and L. J. Welch. 1979. Migration of applied lead in a field soil.
Environ. Sci. Technol. 13:1255-1259.
63. Thomas, G. W. 1963. Kinetics of chloride desorption from soils. J. Agr. Food
Chem. 11:201-203.
64. Helling, C. S., D. G. Dennison, and D. D. Kaufman. 1974. Fungicide movement in
soils. Phytopathology 64:1091 -1100.
65. Kaufman, D. D. 1983. Fate of toxic organic compounds in land-applied wastes, p.
77-151. In : Parr et al. (eds.) Land treatment of hazardous wastes. Noyes Data Corp.,
Park Ridge, N.J.
66. Hutchins, S. R., Tomson, M. B., and C. H. Ward. 1983. Trace organic contamination
of groundwater from a rapid infiltration site: A laboratory field coordination study.
Environ. Toxicol. Chem. 2:195-216.

690

67. Leach, L. E., C. G. Enfield, and C. C. Harien. 1980. Summary of long-term
infiltration system studies. U.S'. EPA, EPA-600/2-80-165., Ada, OK.
68. Parkin, G. F., and P. L McCarty. 1973. The nature, ecological significance, and
removal of soluble organic nitrogen in treated agricultural wastewaters. Stanford
University, Bu. Reclam., USDI-14-06-200-6090-A, Stanford Univ., Palo Alto, CA.
69. U.S. EPA. 1970. Nitrogen removal from wastewaters. EPA Advanced Waste
Treatment Research Lab., ORD-17010, Oct., 1970.
70. Mullison, W. R., and M. G. Norris. 1976. A review of the toxicological, residual, and.
environmental effects of nitrapyrin and its metabolite 6-chloropicolinic acid. Down to
Earth 32:22-27.
71. Briggs, G. G. 1975. The behavior of the nitrification inhibitor (N-serve) in broadcast
and incorporated application to soil. J. Sci. Food Agric. 26:1083-1092.
72. Commoner, B. 1977. Cost-risk-benefit analysis of nitrogen fertilization: A case
history. Ambio 6:157-161.
73. Assche, C.V., and P. Uyttebroeck. 1980. Heavy metals in soils and their
neutralization, p. 279-291. In : Agricultural wastes. Applied Sci. PubL, Ltd,
England.
74. Czupyrna, G., R. D. Levy, and A. I. MacLean. 1989. Treatment chemical additives.
In situ immobilization of heavy metal contaminated soils. Noyes Data Corp., Park
Ridge, N.J. p.39-53.
75. Kirk, T. K., E. Schultz, and W. J. Conners. 1978. Influence of culture parameters in
lignin metabolism by phanerocacte chrysosporium. Arch. Microbiol. 117:227-285.
76. Karns, J. S. 1992. Biotechnology in bioremediation of pesticide-contaminated sites,
p. 148-156. In : J. B. Bourke et al. (eds.) Pesticide wate management. Am. Chem.
Soc, Washington, D.C.
77. Speedie, M. K., B. ML Pogell, and M. J. MacDonald. 1,988. The Actinomycetes
20:315-335.
78. Brown, K. A. 1980. Phosphotriesterases of flavobacterium sp. Soil Biol. Biochem.
12:105-112.
79. Winterlin, W., J. N. Seiber, and A. Craigmill. 1989. Degradation of pesticide waste
taken from a highly contaminanted soil evaporation pit in California (USA). Arch.
Environ. Contam. Toxicol. 18:734-747.
80. Miller, R. M., G. M. Singer, and J. D. Rosen. 1988. Sequential degradation of
chlorophenols by photolytic and microbial treatment. Environ. Sci. Technol. 22:12151219.

691

81. Qian, C. F., P. F. Sanders, and J. N. Seiber. 1985. Accelerated degradation of
organophosphorus pesticides with sodium perborate. Bull. Environ. Contamin. Toxic.
35:682-688.

692

Esta publication consta de 3 000 ejemplares y se terminó de
imprimir en el mes de abril de 1994 en los talleres gréficos del
Instituto Nacional de Estadistica, Geografia e Informatica
Av. Héroe de Nacozari Nüm. 2301 Sur, Acceso 11, P.B.
Fracc. Jardines del Parque, CP 20270
Aguascalientes, Ags.
México

INSTITUTO NRCIONRl D€ SSTRDISTICR. GEOGRRFIR € INFORMRTICR

MEXICO

